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Summary

The ubiquitous pollution of freshwater systems with particularly small plastics, i.e.
microplastics (< 5 mm Moore 2008), became increasingly evident within the last years
(e.g. Eriksen et al. 2013, Faure et al. 2015, Free et al. 2014). Microplastics have been shown
to be able to adversely affect aquatic organisms by themselves (physical effects, e.g. Wright
et al. 2013b as overview) but are also discussed to act as vector for chemical pollutants,
which are associated with microplastics such as additives or contaminants sorbed to the
microplastic material (chemical effects, e.g. Teuten et al. 2009). The potential risk that
microplastics may pose to freshwater organisms is still difficult to estimate due to
uncertainties of environmental exposure and because the majority of studies in the past
focused on marine organisms. The aim of this thesis is to systematically analyse how
microplastics potentially adversely affect freshwater organisms by themselves and in
combination with chemical pollutants. The presented results were obtained from an
experimental laboratory approach, which was based on established ecotoxicological
methods. Juvenile water fleas (Daphnia magna), as representative for limnic zooplankton,
and tadpoles of the African clawed frog (Xenopus laevis), as representative for
amphibians, were first exposed to pristine microplastics alone, before combining them
with selected chemical pollutants in the next step. High concentrations of both,
microplastics and chemical pollutants, were used for exposures in order to get a better
mechanistic understanding of potential adverse impacts and to identify critical
concentrations of microplastics for freshwater organisms.

Physical effects of the mere microplastic material itself were induced by the smallest
analysed microplastic type in D. magna. Exposure of water fleas to a high concentration
range (25-400 mg L") of polyethylene (PE) particles with 1-4 pm in diameter (1 um PE
particles) with a regular round shape for 72 and 96 hours and rapid ingestion led to
immobilisation. Immobilisation rates increased with dose and time resulting in an ECs
of 57.43 mg L' after 96 hours (95% confidence intervals in mg L, lower: 32.76, upper:
100.69). In contrast, PE particles with 90-106 pm in diameter (100 um PE) in the same
concentration range as 1 pm PE did not induce adverse impacts in daphnids after
exposure for up to 96 hours. Exposure to polyamide (PA) particles with 15-20 um mean
diameter and an irregular fragmented shape for 48 hours did not induce immobilisation
in daphnids at high concentrations (25-250 mg L*). In tadpoles, a relatively low and high
concentration (1 and 100 mg L) of the same type of PA particles did neither adversely
affect general development nor elevate stress hormone levels significantly after one and
three weeks of exposure.

In daphnids, the presence of PA particles (200 mg L) reduced immobilisation induced
by a range of concentrations of bisphenol A (BPA, 2.5-40 mg L'). Sorption of BPA to PA
particles, prior to exposure until sorption equilibrium was reached, led to a decrease of
aqueous BPA. During exposure, microplastics loaded with BPA were ingested by
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daphnids but microplastics did not contribute substantially to the overall uptake of BPA.
The removal of BPA from the most bioavailable fraction, i.e. water, was most crucial for
immobilisation rates. In tadpoles, estrogenic effects of the endocrine disruptor
ethinylestradiol (EE2) on sexual development and on mRNA expression of different
biomarkers from the brain, gonad and liver were not statistically significant altered by the
presence of two concentrations of PA particles (1 and 100 mg L) after three weeks of
exposure. A trend for elevated mRNA expression of vitellogenin in the presence of PA
particles, however, indicated potential enhanced exposure to EE2, especially in males and
for the high concentration of microplastics (100 mg L'). The trend for elevated
vitellogenin mRNA levels point towards a potential vector effect of PA particles i.e.
facilitated uptake of EE2 from loaded PA particles. This potential vector effect could be
attributed to the high sensitivity of tadpoles to detect also small differences of exposure to
estrogenic substances. Physiological conditions within the tadpoles such as longer gut
residence times of ingested particles and different gut regimes compared to e.g. daphnids
have to be considered as well.

This thesis provides evidence that small-sized microplastics in the range of a few
micrometres at high concentrations in the unit range of mg L' are most likely to pose a
risk for freshwater organismes, in this case freshwater zooplankton. Removal of a chemical
contaminant from the aqueous phase can lead to reduced effect rates of a chemical
contaminant in organisms in an equilibrated system when water is the most important
uptake pathway, as shown in daphnids. The vector effect of microplastics may most likely
play a role for contaminants which affect organisms at very low concentrations such as
endocrine disruptors, as indicated by a trend for enhanced exposure to EE2 in the
presence of microplastics in tadpoles. Both, physical and chemical effects of microplastics
in this study were observed only at high concentrations which are presumably above
present environmental concentrations. Breakdown of bigger plastic items and ongoing
emission of microplastics, though, can be expected to increase the abundance of
microplastics in rivers and lakes. The results presented in this study can be compared to
recent and future environmental exposure scenarios and can help to estimate the effects

of microplastics on freshwater organisms.
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Zusammenfassung

Die allgegenwirtige Verschmutzung von Binnengewdssern mit besonders kleinen
Plastikteilchen, Mikroplastik (< 5 mm, Moore 2008), wurde in den vergangenen Jahren
immer deutlicher (z.B. Eriksen et al. 2013, Faure et al. 2015, Free et al. 2014). Es wurde
gezeigt, dass Mikroplastik dazu in der Lage ist, adverse Effekte in aquatischen
Organismen auszulosen (physikalische Effekte, z.B. Wright et al. 2013b als Ubersicht).
Auflerdem wird die Rolle von Mikroplastik als Vektor fiir chemische Schadstoffe, wie
zum Beispiel Additive und Schadstoffe die an Mikroplastik binden, diskutiert (chemische
Effekte, z.B. Teuten et al. 2009). Das potentielle Risiko, das Mikroplastik fiir
StfSwasserorgansimen darstellt, ist allerdings immer noch schwer abzuschitzen, da
Unsicherheiten beziiglich der Umweltexposition bestehen und die meisten Studien in der
Vergangenheit marine Organismen im Fokus hatten. Ziel dieser Dissertation ist es,
systematisch zu analysieren, inwiefern Mikroplastik an sich und in Kombination mit
chemischen Schadstoffen Siilwasserorganismen beeinflusst. Die dargestellten Ergebnisse
wurden experimentell im Labor basierend auf etablierten 6kotoxikologischen Methoden
gewonnen. Jungtiere des Groflen Wasserflohs (Daphnia magna) als Vertreter fiir
limnisches Zooplankton und Kaulquappen des Afrikanischen Krallenfroschs (Xenopus
laevis) als Vertreter fiir Amphibien wurden zuerst mit reinem Mikroplastik und dann mit
Mikroplastik in Kombination mit ausgewihlten chemischen Schadstoffen exponiert. Fiir
die Exposition wurden jeweils hohe Mikroplastik- und Schadstoftkonzentrationen
gewahlt, um ein besseres mechanistisches Verstindnis der potentiellen adversen Effekte
von Mikroplastik zu gewinnen und um fiir Stflwasserorganismen kritische
Mikroplastikkonzentrationen zu ermitteln.

Physikalische Effekte des reinen Mikroplastikmaterials an sich wurden durch den
kleinsten verwendeten Mikroplastiktyp bei D. magna induziert. Die Exposition der
Wasserflohe mit hohen Konzentrationen (25-400 mg L) kugelférmiger Polyethylen
(PE)-Partikel mit einem Durchmesser von 1-4 um (1 um PE-Partikel) fiir 72 und 96
Stunden fiihrte zur schnellen Aufnahme der Partikel in den Verdauungstrakt und zur
Immobilisierung der Tiere. Die Immobilisierungsrate stieg mit der Dosis und der
Expositionsdauer und resultierte in einem ECs, von 57.43 mg L' nach 96 Stunden (95 %
Konfidenzintervalle in mg L, unteres: 32.76, oberes: 100.69). PE-Partikel mit einem
Durchmesser von 90-106 pm (100 pm PE) im gleichen Konzentrationsbereich wie 1 um
PE-Partikel induzierten nach bis zu 96 Stunden dagegen keine adversen Effekte in D.
magna. Die Exposition der Wasserflohe mit hohen Konzentrationen (25-250 mg L)
unregelmiflig geformter Polyamid (PA)-Partikel mit durchschnittlich 15-20 pm im
Durchmesser fiir bis zu 48 Stunden induzierte ebenfalls keine adversen Effekte. Die
Exposition der Kaulquappen mit einer eher niedrigen und einer hohen Konzentration (1
und 100 mg L") derselben Sorte an PA-Partikeln fiir eine und drei Wochen beeinflusste
weder die allgemeine Entwicklung der Tiere noch die Plasmaspiegel der Stresshormone.
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Immobilisierungsraten, welche von unterschiedlichen Bisphenol A-Konzentrationen
(BPA, 2.5-40 mg L") in Wasserflohen induziert wurden, waren in Kombination mit einer
hohen Konzentration von PA-Partikeln (200 mg L) reduziert. Die Sorption von BPA an
PA-Partikel bis zum Erreichen des Sorptionsgleichgewichts vor Beginn der Exposition
fithrte zu einer Reduzierung von in Wasser gelostem BPA. Mit BPA beladene PA-Partikel
wurden wihrend der Exposition zwar von den Wasserflohen aufgenommen, die
Aufnahme von BPA iiber die PA-Partikel war dabei aber nicht maflgeblich. Die
Reduzierung von BPA in der bioverfiigbarsten Fraktion, ndamlich Wasser, war
entscheidend fiir die Immobilisierungsraten. Ostrogene Effekte des endokrinen
Disruptors Ethinylestradiol (EE2) auf die Geschlechtsentwicklung und die mRNA-
Expression verschiedener Biomarker aus den Gehirnen, Gonaden und Lebern der
Kaulquappen waren nach einer dreiwdchigen Exposition mit zwei Konzentrationen an
PA-Partikeln (1 und 100 mg L") nicht in statistisch signifikantem Mafl messbar. Ein
Trend fiir erh6hte mRNA-Expression des sensitivsten Biomarkers Vitellogenin deutet
jedoch auf eine erhohte Exposition mit EE2 hin, wenn die Kaulquappen mit EE2 in
Kombination mit PA-Partikeln exponiert wurden. Dieser Trend war vor allem fir
Miénnchen und bei einer hohen Konzentration an PA-Partikeln (100 mg L') zu
beobachten und deutet auf einen potentiellen Vektoreffekt, also auf die erleichterte
Aufnahme von EE2 durch beladene PA-Partikel, hin. Die hohe Sensibilitit der
Kaulquappen selbst auf kleinste Unterschiedene in der Exposition zu Ostrogenartig
wirkenden Substanzen anzusprechen, konnte fiir diesen potentiellen Vektoreffekt eine
Rolle spielen. Ebenfalls zu beriicksichtigen sind physiologische Charakteristika der
Kaulquappen mit lingerer Verweildauer aufgenommener Partikel im Darm und
unterschiedlichen Darmregimes im Vergleich zu - beispielsweise — Wasserflohen.

Die Ergebnisse dieser Dissertation zeigen auf, dass kleine Mikroplastikteilchen im Bereich
von wenigen um bei hohen Konzentrationen im Bereich von mehreren mg L' am ehesten
ein Risiko fiir Siilwasserorganismen, hier Zooplankton, darstellen. Wie bei Wasserflohen
gezeigt, kann die Reduktion der Konzentration eines chemischen Schadstoffs im Wasser
bei einem System im Sorptionsgleichgewicht und mit Wasser als wichtigsten
Aufnahmepfad zu reduzierten Effektraten fithren. Der Trend fiir erhohte Exposition der
Kaulquappen mit EE2 durch Mikroplastik deutet darauf hin, dass der Vektoreffekt von
Mikroplastik voraussichtlich eher eine Rolle fiir Schadstoffe spielt, die Organismen
bereits bei sehr niedrigen Konzentrationen beeintrichtigen, zum Beispiel endokrine
Disruptoren. In der vorliegenden Studie wurden sowohl physikalische als auch chemische
Effekte von Mikroplastik ausschlieSlich bei sehr hohen Mikroplastikkonzentrationen
beobachtet, welche vermutlich iiber momentanen Konzentrationen in Binnengewdssern
liegen. Es kann allerdings erwartet werden, dass die Fragmentierung grofierer
Kunststoftteile und die fortwahrende Emission von Mikroplastik zu einem Anstieg von
Mikroplastikkonzentrationen in Flissen und Seen fithren. Die Erkenntnisse der
vorliegenden Dissertation konnen mit derzeitigen und zukiinftigen Expositionsszenarios
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in der Umwelt verglichen werden und konnen so dazu beitragen, die Effekte von
Mikroplastik auf Stiflwasserorganismen besser abzuschitzen.
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1 General introduction

Plastic pollution is one of the most perceived environmental issues in the 21 century.
The presence of plastics in all environmental compartments has been shown by various
scientific studies but its full extent is still under investigation (e.g. Eriksen et al. 2014,
Faure et al. 2015, Jambeck et al. 2015). It is also not fully clarified yet how plastic pollution
influences the environment, from a broad perspective of ecosystems to organism-based
levels. The effects of other environmental issues, such as climate change, chemical
pollution and land-use change, are not fully clarified yet as well, but overall there is no
doubt, that anthropogenic actions have lasting impacts on the environment (Meybeck
2004, Sala 2000, Steffen et al. 2011).

What is perceived as natural has been already altered by human civilisations in most areas
in the world, e.g. by land-use and deforestation (Turner et al. 1995). These often obvious
changes are accompanied by changes which are sometimes more difficult to perceive, e.g.
environmental pollution (Singer 1970). Anthropogenic impacts on the environment are
diverse and so can be the consequences from its interventions. The impacts of humanity
on the environment are so severe, that a new geological era, the Anthropocene (Crutzen
2002), was proposed to follow the Holocene. The presence of plastics is discussed as one
indicator for the Anthropocene, because of its longevity and ubiquitous presence in
various compartments such as terrestrial, marine and freshwater sediments, even in
remote regions (e.g. Barnes et al. 2009, Zalasiewicz et al. 2016). During the era of the
Holocene, humanity developed under relatively stable conditions (Petit et al. 1999). Over
thousands of years, various biotic and abiotic interactions have led to the development of
a complex system with interdependencies and interrelationships, the “web of life” (Capra
1997). Humanity developed within this diverse environment as a result of evolution as
driving force of the biosphere and it needs natural resources and relatively stable
conditions to survive and thrive. The concept of “planetary boundaries” was proposed to
define factors that are crucial for sustaining the Earth system and thresholds for each of
them (Rockstrom et al. 2009a, Rockstrom et al. 2009b). Exceeding these thresholds is
hypothesized to weaken fundamental environmental systems, resulting in instability of
the relatively narrow range of favourable conditions established in the Holocene. This
concept received a lot of attention not only in the scientific community, but also in the
public, while being critically discussed at the same time, e.g. the quantifiability of the
proposed factors (Montoya et al. 2018). Pollution, e.g. with endocrine disruptors and
plastics, was included as one factor in the first published proposal of the concept but could
not be quantified and was included in the factor “novel entities” in a later version (Steffen
et al. 2015). This factor includes entirely new substances and altered forms of substances
or life forms with the potential to influence geophysical and biological processes.
Persistence and widespread distribution of novel entities are considered to be crucial for
potential effects on the Earth system and both apply to microplastics as pollutants. The



inclusion of plastics in the concepts of both, the Anthropocene and Planetary boundaries
illustrates the need to get a more detailed understanding about plastic pollution in the
environment in order to identify potential effects on ecosystems down to organisms.

1.1 Concerns about freshwater ecosystems

Freshwater is one of the most important resources for life, which is why concerns such as
water scarcity and safety of drinking water are highly relevant for the well-being of
humans. Apart from these direct dependencies, humans also rely on the functioning of
ecosystems e.g. for fundamental ecosystem services such as the production of food (Daily
1997). In freshwater systems, pollution was identified as crucial stressor and is assumed
to be one reason for the more rapid worldwide decline of freshwater biodiversity
compared to terrestrial systems (e.g. Dudgeon et al. 2006, Sala 2000). Amphibians, which
spent at least a part of their lifetime in freshwater during early development, are
threatened worldwide, but not all processes behind their rapid decline are identified yet
(Stuart et al. 2004). The presence of hormonal active synthetic compounds, i.e. endocrine
disruptors, is assumed to be one reason for decreasing amphibian populations (Carey and
Bryant 1995). The presence of synthetic particulate matter, such as nanoparticles and
plastics in freshwaters, along with pollution with chemicals, has been increasingly
recognized as potential new threat to freshwater organisms within the last years (Eerkes-
Medrano et al. 2015, Howard 2010).

1.2 Ambivalence of plastic material

1.2.1 Plastic as versatile material

The discovery and further development of polymer material in the beginning of the early
20™ century represents a significant step for industrial and technological progress leading
to numerous societal benefits e.g. in the health sector (Andrady and Neal 2009). Natural-
occurring polymers such as cellulose or silk have been used long before their molecular
structures have been identified. The German chemist Herrmann Staudinger was one of
the first scientists to elucidate chemical characteristics of polymers. He postulated that
polymers are long chains of molecules (i.e. macromolecules, Staudinger 1920) and won
the Nobel prize in chemistry for his accomplishments in polymer science in 1953. His
macromolecular hypothesis was confirmed some years later leading to the discovery of
polymers such as nylon, known as polyamide (PA, Sperling 2005). Spinned PA was one
of the first produced synthetic fibres. The repeating units of PA are linked with amide
bonds as in the natural-occurring polymer silk. The group of polyethylene (PE) is an
example for the high diversity of polymers. PE was found to have a simple structure with
the alkane ethylene as monomer, several thousands of carbon atoms without side chains
and strong covalent bond connections. Its characteristics are highly variable, e.g.



crystallinity, density and molecular weight, and result in different properties for its
diverse applications (Andrady 2017).

Based on their molecular structure, synthetic polymers can be classified into
thermoplastics, elastomers and thermosets (Young and Lovell 2011). Thermoplastics (e.g.
PE) have a linear or branched molecular structure and turn liquid when treated with heat,
which is why they can be easily moulded. Elastomers are rubbery and can be stretched
due to their crosslinked molecular structure (e.g. polyisobutylene, PIB). Thermosets have
a highly crosslinked structure leading to high rigidity of the material (e.g. polyurethane,
PUR). The term “plastic” originally represents only one subgroup of synthetic polymers
by chemical definition, i.e. thermoplastics, but is broadly used to refer to synthetic
polymers in general. Thus, plastic is used as the latter in this thesis.

A total of 335 million tonnes of plastics have been produced in 2016 with an increasing
future trend (Plastics Europe 2017). By far, most of the produced plastics which are
processed by plastic converters are used for packaging (about 40% in mass), followed by
building and construction (about 20%) as well as automotive industry (about 10%). The
group of PE is amongst the most demanded polymer types (around 14.5 million tonnes
in 2016). Followed by PE, the demands for polypropylene (PP, about 9.5 million tonnes)
and poly vinyl chloride (PVC, around 5 million tonnes per) are the highest compared to
other plastic types in Europe in 2016. PE is used e.g. for packaging of food and cosmetics,
production of pipes, toys and reusable bags. Some applications for PP are packaging,
automotive parts, microwave-safe containers and bank notes. PVC is applied for the
production of floor and wall coverings, inflatable pools, window frames and many others.
Other important resin types for plastic converters in Europe are PU, PA, polyethylene
terephthalates (PET), polystyrenes (PS) and polycarbonates (PC). The possibility to
specifically design polymers depending on their application makes them so versatile and
the preferred choice of material for many products including technological and medicinal
items. Their numerous applications and ubiquitous presence in everyday-life, however,
make their release into the environment more likely.

1.2.2 Plastic as environmental pollutant

Pollution of the environment with plastics increased since the start of mass production of
plastics in the 1950’s and has been described with main focus on the oceans within the
last decades, e.g. at shores and beaches worldwide (Barnes et al. 2009, Browne et al. 2011,
Carpenter et al. 1972). High abundance of floating plastics in ocean gyres was first
quantified by Moore et al. (2001) for the North Pacific Central Gyre with a mean mass of
5114 g km™ and a mean abundance of 334,271 plastic pieces per km? Other ocean gyres
have been identified as hotspots for marine plastic pollution to date (e.g. Law et al. 2010).
Furthermore, numerous studies have been published within the last years illustrating the
widespread pollution of the ocean with plastic debris (e.g. Auta et al. 2017 as overview).
The growing number of reports about plastic pollution corresponds to the increasing



amount of plastics which have been produced and also released into the environment
(Geyer et al. 2017). Based on estimations on a global scale, a total of 7800 Mt of plastics
have been produced until 2015, more than half of which within the last thirteen years. If
the trend of increasing use of plastics continues, more and more plastics will be produced
in the future. A total of 6300 Mt of plastic waste was ever generated out of which 60%
ended up in landfills or were released into the environment. One of the biggest causes of
the rapid generation of plastic waste is the short lifetime of many plastic items of about
one year or even single use of disposable items like packaging. A small minority of only
9% of the total mass of plastic waste entered the recycling cycle. Efforts to recycle plastics
are noteworthy since the 1980’s, but downgrading of the quality of recycled plastics, so-
called “downcycling”, makes recycling still challenging on a broader scale (McDonough
and Braungart 2010). Recycling is discussed only as part-time solution to the generation
of plastic waste, because it only delays final disposal and does not fully avoid plastic waste
in the future (Geyer et al. 2016). Plastic production broadly relies on limited fossil
resources which is often overlooked by customers. Being relatively cheap to produce and
used for various items with a relatively short lifetime, polymer material is often not
perceived as resource itself which can hamper recycling efforts. Finally, the longevity of
plastics is one of the main reasons for the widespread presence of plastics in the
environment in addition to the continuous generation of new plastic waste and its release
into the environmental. Plastics are designed to be durable which makes them relatively
persistent also as pollutants.

1.3 Microplastics as newly emerging pollutants

1.3.1 Definitions of microplastics

First attention for pollution with small plastics in particular, besides plastic pollution in
general, was reported from Carpenter and Smith (1972) at the Sargasso Sea in the North
Atlantic Ocean. The rising awareness of the presence of a broad scale of sizes of plastic
waste led to first definitions of size classes, i.e. macro- (> 20 mm in diameter), meso- (2-
20 mm) and microplastics (< 2 mm, Ryan et al. 2009). The term “microplastics” is used
for a high variety of different materials with various characteristics. From the term itself,
both the small size and the plastic material can be derived. The size spectrum of
microplastics is very broad with a factor of 10°-10* between the upper and the lower limit.
The upper size limit of microplastics varies depending on the definition with 1 mm
(Browne et al. 2008), 2 mm (Ryan et al. 2009) or 5 mm (Arthur et al. 2009, Moore 2008).
More recently, the GESAMP (2016) decided to adopt 5 mm as commonly defined upper
limit. Thus, 5 mm is considered as upper size limit in this thesis as well. The lower size
limit goes down to the micrometre scale with a threshold of 1 um defined in an earlier
report of the GESAMP (2015) or 0.1 pm according to other sources (e.g. Duis and Coors
2016). The lower size limit is not consistently defined also because the size spectrum of



nanoplastics has not been clearly classified yet. Either 1 um or 0.1 pm have been suggested
as upper size limits for nanoplastics (e.g. Gigault et al. 2018, Koelmans et al. 2015). Both,
the upper and the lower size limits of microplastics relate to at least one dimension, e.g. a
fibre as thin as 10 pm in diameter but with 10 cm length also falls into the category of
microplastics. Besides a large size range, the variety of polymer types is as diverse as their
intended applications, which again illustrates the diversity of the group of microplastic
material.

1.3.2 Sources of microplastics

Different sources for microplastics in the environment have been identified. Release of
plastics, especially small pellets in the range of a few mm, from a plastic production site
was reported in the river Danube (Lechner and Ramler 2015). Pellets are used as raw
material for further processing such as forming of plastic products. They are relatively
easy to perceive with the naked eye and were found at shores and beaches worldwide, as
well as in rivers and lakes (e.g. Carpenter et al. 1972, Mato et al. 2001, Moore et al. 2011,
Zbyszewski and Corcoran 2011). Plastic items which are produced in the size spectrum
of microplastics such as these pellets or polymer beads are called primary microplastics.
They often consist of polystyrene (PS) or PE (Cole et al. 2011). Other primary
microplastics are produced e.g. for industrial air blasting (Gregory 1996), as abrasives in
cosmetics (Zitko and Hanlon 1991) or as plastic resin powders (Mato et al. 2001). In some
areas, such as the state of California, plastic beads have been banned after the rising
awareness of microplastic pollution and related concerns in the public. Some
international companies like L’Oreal decided to proactively waive the use of polymer
beads or powders in their wash-off products and use natural equivalents instead to meet
customer concerns. In contrast to primary microplastics, secondary microplastics form
as the result of fragmentation of bigger plastic items that are released into the
environment (Cole et al. 2011). Plastics that have already been in the environment for a
long time can become brittle e.g. due to exposure to UV radiation (Ter Halle et al. 2016).
Floating microplastics are in particular prone to UV radiation. This aging of plastic
material can weaken its stability, making it easier for mechanical forces such as waves to
break it down into smaller pieces (Corcoran et al. 2009). Fragments of polymer material
with a glassy, solid structure can be expected to be sharp-edged, while other polymer
materials like foams such as expanded polystyrene disintegrate into relatively smooth-
edged particles. Sources for disintegrating plastic items are numerous, ranging from
manufactural to societal release, e.g. plastic waste from landfills (Horton et al. 2017). Some
types of microplastics are directly emitted into freshwaters, e.g. fibres from synthetic
fabrics that are released with every washing process, or microplastics from cosmetics.
These can end up in relatively high quantities in wastewater. A relatively high proportion
of these microplastics is removed by already existing cleaning processes in wastewater
treatment plants (e.g. around 98%, Murphy et al. 2016). In spite of high removal rates, the
large volumes of processed wastewater still result in significant amounts of microplastics



in final effluents which are discharged into freshwaters (Browne et al. 2011, Carr et al.
2016). Finally, sewage sludge contains microplastics retained during sewage treatment.
Deposition and application of sewage sludge as agricultural fertilizer is still applied in
some countries and leads to microplastic contamination of soils (Browne et al. 2011, de
Souza Machado et al. 2018). Via erosion and runoff, contaminated soils can act as
terrestrial source for microplastics for freshwaters.

1.3.3 Characteristics of microplastics and their fate in the environment

The characteristics of plastic materials do not only determine their intended applications
but also influence the behaviour of microplastics in the environment. Physical properties
of the polymer material such as density, for example, are crucial for the buoyancy of the
material in water. Density can range between 0.8 and 1.4 kg L for consumer products.
Polymer material with a density lower than water (1 kg L for freshwater) has a positive
buoyancy and tends to accumulate on the water surface (Ryan et al. 2009), while polymer
material with a higher density than water tends to sink and is more likely to accumulate
in sediments (Wright et al. 2013b). In addition to physical properties, plastics also have
variable chemical characteristics. For manufacturing of polymers different chemicals are
used as starting material for polymerisation (e.g. bisphenol A) or as additives for adjusting
properties of the polymer depending on its intended application (e.g. colourants,
plasticizers, UV stabilizers). These chemicals can desorb from the polymer matrix and
leach into the environment, e.g. during aging. At the same time, some polymer types tend
to sorb chemicals, especially hydrophobic organic chemicals, from their environment.
Microplastics are particularly prone to both, leaching and sorption, due to their high
surface mass ratios.

The characteristics and behaviour of microplastics can also be influenced by
environmental factors. The longer the microplastics such as fragments are exposed to e.g.
mechanical forces, the more they can round and lose their edgy shape or break down into
even smaller pieces. Thus, microplastics initially categorized as primary microplastics can
break down and become secondary microplastics. Weathering of microplastics can not
only lead to fragmentation, but also to a change of colour. Polymer types such as PVC
tend to become yellowish because of oxidation during aging (Andrady 2017). Biotic
factors can also influence the behaviour of microplastics. Colonization of microplastics
by biofilms, for example, can increase the overall weight of the particles. Hence, initially
floating microplastics may sink and accumulate either in the water column or the
sediment (Zettler et al. 2013). Vice versa, remobilisation of settled microplastics in
sediments can occur due to turbulences or currents (Lattin et al. 2004).



1.3.4 Abundance of microplastics in freshwater systems

Similar to marine microplastic debris (e.g. Browne et al., 2011), population density and
land use correlate with high abundance of microplastics in freshwaters (Eerkes-Medrano
et al. 2015, Eriksen et al. 2013, Faure et al. 2015, Yonkos et al. 2014) but also in remote
regions with the lack of proper wastewater treatment (Free et al. 2014). Irregular shaped
plastic fragments and very small microplastics of only a few micrometres seem to make a
big proportion of the overall amount of microplastics in surface waters and beach
sediments (Faure et al. 2015, Free et al. 2014, Imhof et al. 2016). Some polymer types are
more abundant than others in the environment. In beach sediments of Lake Garda in
Italy, PE and PA were found to be the most abundant polymer types for microplastics
between 1 and 500 um, while bigger sized microplastics (between 500 pm and 5 mm)
consisted mainly of PS. In surface waters of Swiss rivers and lakes about 60% of

microplastics consisted of PE.

Quantifying microplastics is still challenging, leading to an incomplete picture of
microplastic pollution in freshwaters. By now, mainly surface waters, beach and shoreline
sediments have been analysed, while other compartments, e.g. the free water zone, are
understudied. Sampling and detection techniques applied in previous studies
automatically exclude some microplastic types or identify natural materials as
microplastics (Hidalgo-Ruz et al. 2012, Song et al. 2015). Nets with mesh sizes around 300
pm are widely used to collect microplastics from surface waters and in principle exclude
smaller microplastics. This is even more relevant when considering that these small
microplastics are expected to be most abundant in freshwaters (Imhof et al. 2016). Further
improved sampling methods and techniques for analysis of microplastics are currently
developed and discussed in the scientific community (Diimichen et al. 2017, e.g. Imhof et
al. 2012, Loder and Gerdts 2015, Song et al. 2015). Advanced detection and identification
techniques, e.g. FTIR and Raman spectroscopy, are still expensive and time-consuming
and are discussed to not be reliable for e.g. natural fibres (Comnea-Stancu et al. 2017).
Finally, individual studies are difficult to compare because of differing units. Results are
reported as numerical or mass concentrations per area or volume and cannot always be
interconverted due to different sampling techniques. Both, mass and numerical
concentrations of microplastics seem to be in a similar range in rivers and lakes. Mass
concentrations are rarely reported and are expressed in different units with 10 - 10 mg
m”~ for rivers and 10~ - 10" mg m™ in lakes (Faure et al. 2015, Yonkos et al. 2014). Highest
pollution with microplastics was reported from Asian rivers with up to 10° mg m? in
Yangtze river (Lebreton et al. 2017, Zhao et al. 2014). Reported numerical concentrations
of microplastics in rivers and lakes both go up to 10' pieces m~ for surface water (Faure
et al. 2015, McCormick et al. 2016, Yonkos et al. 2014). Microplastic loads in beach
sediments are in the range of 10* pieces per kg for rivers and lakes (Fischer et al. 2016,
Vaughan et al. 2017). River sediments from the Rhein and Main were shown to include
high abundance of microplastics mass fractions of up to 10° pieces kg (Klein et al. 2015).



Highly polluted marine sediments e.g. from the Venetian lagoon, were reported to include
similar high masses of microplastics (Vianello et al. 2013). In rivers, concentrations and
composition of the microplastic material can be influenced by hydrological
characteristics, i.e. with increasing variety of polymer types after confluences and higher
concentrations downstream driven by transport from tributaries to mainstreams (Klein
etal. 2015). In addition to experimental studies, model-based studies can help get a better
understanding of environmental abundance and distribution of microplastics by
including mechanistic processes e.g. about the fate of microplastics in the environment.
In a model-based study the size of microplastics was shown to be crucial for aggregation
with other material and retention of microplastics in river sediments (Besseling et al.
2017a). According to the calculations, microplastics in the size range of 1-50 um are likely
to be transported from rivers to oceans, while bigger or smaller microplastics are likely to
be retained in rivers. In lakes, wind and surface circulation are discussed as important
factors for microplastic distribution (Fischer et al. 2016, Free et al. 2014, Imhof et al.
2013).

1.4 Microplastics as potential threat for organisms

Adverse impacts of plastics were first studied for bigger sized plastics such as
mesoplastics. Sea birds were one of the first organisms shown to be affected by plastic
pollution (e.g. Ryan 1987). In birds with a high loading of plastics in their intestines
uptake of food can be impeded by blockage of the intestines by plastic items (Parslow and
Jefferies 1972, Ryan 1989). Organisms in the ocean were reported to also get disentangled
in larger plastics, e.g. in abandoned fishing gears or nets, leading to injuries or even death
(Laist 1987, 1997). These effects which are based on the plastic material itself and on
mechanical forces are categorized as physical effects (Wright et al. 2013b, Zarfl et al.
2011). Sea birds which ingested high amounts of plastics were found to have elevated
tissue concentrations of chemical pollutants such as polychlorinated biphenyls (PCBs,
Ryan et al. 1988). This led to the conclusion that plastics may act as carrier for chemicals
to aquatic organisms. Effects by chemicals associated to the plastic material, either
chemicals from the surrounding accumulating in the microplastic material or additives
being part of the material itself, are categorized as chemical effects (Yamashita et al. 2011,
Zarfl et al. 2011). Based on the observations on harmful effects of larger plastic material
on organisms, the question arose whether these effects can also be induced by
microplastic material. Being a subcategory of plastic in general, microplastics share
characteristics with larger plastics, e.g. specific characteristics of the polymer material.
However, the small size of microplastics can be expected to influence their physical and
chemical behaviour as shortly mentioned before. Small particle size, for example, may
alter chemical characteristics of microplastics due to their larger surface-volume ratio
leading to enhanced leaching of additives and sorption of chemicals to microplastic
particles (Teuten et al. 2007).



Ultimately, the potential risk of microplastics for aquatic organisms in the environment
highly depends on the exposure scenario. First, the organisms need to be in contact with
microplastics. Organisms which collect food from the water surface (e.g. fish) can be
expected to be prone to floating microplastics, while benthic organisms (e.g.
macroinvertebrates) are mostly exposed to microplastics accumulating in sediments.
Microplastics which are distributed in the water column are available for pelagic
organisms (e.g. fish), especially for filtering organisms such as zooplankton. The
abundance of microplastics including numeric and mass concentrations are crucial for
their risk assessment as well. The more microplastics are present in the environment, the
higher the potential risk for organisms to be influenced by their presence.
Ecotoxicological approaches are based on this assumption of dose-dependency; however,
this principle has been challenged in some studies (e.g. de Souza Machado et al. 2017).
Ecotoxicological methods aim to determine potential adverse impacts of mainly chemical
pollutants on different organisms which are representatives of important functional
groups in ecosystems. In these studies, accurately defined endpoints, which are
characteristic for the tested organisms and known to impair them, are qualified and
quantified. Acute effects impair individuals that come in contact with the substance
within a relatively short time and often with severe consequences, e.g. death (e.g.
Jorgensen 2010). Chronic effects are not as immediate but manifest in a later life-stage or
even in upcoming generations. Model organisms with well-known characteristics such as
physiology or life-history traits are often used in ecotoxicological studies. Controlled
exposure of model organisms to pollutants facilitates the analysis and interpretation of
obtained empirical data and the comparison of the results between different studies.
Experiments are often performed in a laboratory environment under well-defined and
stable conditions to be able to adjust or alter the exposure scenario independently from
environmental factors. Apart from studying effects of chemical pollutants on organisms,
systematic ecotoxicological analysis in the laboratory can be a valuable approach to study
effects of microplastics in order to develop a first baseline on the potential impacts of
microplastic material itself. So far, potential effects of microplastics have been analysed in
laboratory studies on representatives of some key taxa such as zooplankton and fish (e.g.
Desforges et al. 2015, Lu et al. 2016).

1.4.1 Uptake of microplastics

Physical effects of microplastics via entanglement and damage of external structures,
which are similar to physical impacts of bigger-sized plastics, were observed for
microplastic fibres in daphnids (Ziajahromi et al. 2017). Concerns about the potential
threats of microplastics, however, mostly focus on the uptake of microplastics from the
surrounding, e.g. via ingestion or gill breathing, as a precondition of possible adverse
impacts. Early reports from the marine and freshwater environment revealed that
organisms such as fur seals (Arctocephalus spp.) and wild gudgeons (Gobio gobio) ingest
microplastics (Eriksson and Burton 2003, Sanchez et al. 2014). Different feeding



experiments under laboratory conditions showed uptake of microplastics by invertebrates
including mussels, worms and zooplankton (e.g. Browne et al. 2008, Lee et al. 2013) as
well as vertebrates such as fish (e.g. Mazurais et al. 2015, Rochman et al. 2013). Thus, both
benthic and pelagic organisms were shown to be able to ingest microplastics under
laboratory conditions. Trophic transfer of microplastics via the food chain was
hypothesized because of the presence of microplastics in faeces of animals of a higher
trophic level, i.e. fur seals (Eriksson and Burton 2003). The transfer of microplastics via
the diet was later observed in laboratory studies, e.g. for crabs feeding on mussels (Farrell
and Nelson 2013) and fish feeding on Artemia nauplii (Batel et al. 2016), both of which
were pre-contaminated with microplastics they previously ingested. In fish, ingested
microplastics were observed to accumulate in the gut (Lu et al. 2016) and also retained in
the mucus of intestines (Batel et al. 2016). At the same time, fish exposed to microplastics
were shown to be able to egest microplastics relatively fast after ingestion (Batel et al. 2016,
Jovanovi¢ et al. 2018).

1.4.2 Physical effects of microplastics

Different effects of microplastic exposure in general and ingestion in particular have been
reported in the literature for invertebrates and vertebrates. In lugworms, the presence of
microplastics led to reduced food uptake followed by weight loss (Besseling et al. 2013).
However, microplastics did not accumulate within the organisms leading to the
conclusion that microplastics did not obstruct the digestive tract. The authors suggested
that lugworms needed to process a higher amount of sediment to get the same amount of
food in sediments with microplastics, compared to clean sediments. The additional
volume of microplastics diluted the food in the sediments leading to an overall lower food
uptake. In marine copepods, microplastics were shown to be egested as well, but some
microplastics were retained in intestines for up to seven days after exposure (Cole et al.
2013). Ingestion rates of copepods decreased in the presence of microplastics, which was
hypothesized to be based on a change in the feeding strategy to avoid ingestion of
microplastics (Cole et al. 2015). More drastic effects, i.e. reduced survival and fecundity
and even negative impacts on following generations, were induced after microplastic
ingestion in copepods in another study (Lee et al. 2013). In amphipods, higher mortality
after the exposure and ingestion of microplastics was accompanied by chronic effects, i.e.
hampered growth and reproduction (Au et al. 2015). In microalgae, growth was decreased
after exposure to microplastics as well (Sjollema et al. 2016). Stress, indicated by glycogen
depletion and oxidative stress, as well as inflammation processes in the liver were induced
after microplastic uptake in different fish species (Lu et al. 2016, Rochman et al. 2013).
Not only uptake into the digestive tract but also contact of microplastics with gills can
induce adverse effects in gill-breathing organisms. Histopathological changes in gills of
catfish were observed after exposure to microplastics, although no microplastics were
detected in gill tissue (Karami et al. 2016). In intestines of fish, histopathological damage
was indicated by cracked villi and split enterocytes as well as thickened intestinal
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epithelium after microplastic exposure (Lei et al. 2018, Romano et al. 2018). Translocation
of microplastics in the range of a few micrometres from the intestines to other parts of
the organism was hypothesized as potential additional risk of microplastics and first
shown for marine mussels with translocation into haemolymph (Browne et al. 2008) and
later for zebra fish with translocation into liver tissue (Lu et al. 2016). Overall, smaller
microplastics (e.g. in the lower um-range) were found to induce more drastic effects, than
larger microplastics (e.g. in the mm-range).

1.4.3 Chemical effects of microplastics

Ingestion is not only hypothesized to enhance physical effects of microplastic particles,
but also chemical effects by associated pollutants that could leach from the polymer
material itself or which are sorbed to it (e.g. Teuten et al. 2007, Teuten et al. 2009). Dietary
exposure in laboratory setups to microplastics loaded with organic pollutants confirmed
that microplastics can act as carrier for chemical pollutants (Browne et al. 2013, Chua et
al. 2014, Rochman et al. 2013). Fish (Japanese medaka), for example, were fed with PE
microplastics loaded with organic chemical pollutants including polycyclic aromatic
hydrocarbons (PAHs), poly-brominated diphenyls (PBDEs) and PCBs that are also
present in the environment. The chemical pollutants were found to accumulate in fish
after ingestion of loaded microplastics. In some studies, plastics have been considered as
a substantial source for especially hydrophobic organic compounds to organisms because
of their high affinity to sorb to polymer material (Browne et al. 2013, Teuten et al. 2007).
The crucial question is, however, if microplastics substantially facilitate the transfer of
organic contaminants in environmental scenarios. Internal factors within organisms,
such as temperature and pH, especially in the intestinal system, were proposed to enhance
desorption of organic pollutants from ingested microplastics (Bakir et al. 2014). However,
the role of ingested microplastics as source for organic pollutants was calculated to be
negligible when internal factors in the gut were considered in addition to environmental
relevant concentrations of the chemical pollutants (Bakir et al. 2016). Other model-based
studies also hypothesized that plastics constitute no crucial source of organic pollutants
compared to other uptake pathways (Gouin et al. 2011, Koelmans et al. 2014). Re-
evaluation of available empirical data with new calculations in another modelling study
provided a more holistic and consistent framework (Koelmans et al. 2016). The authors
concluded that natural carriers for organic pollutants, e.g. prey and water, play a much
bigger role for bioavailability of organic pollutants than microplastics for most
environmental scenarios in the ocean. In some scenarios, microplastics were
hypothesized to even reduce effects of chemical pollutants, namely when sorption to
microplastics with a relatively low loading of organic pollutants i.e. lower than expected
from the equilibrium partition coefficient or pristine microplastics, leads to reduced
concentrations in organisms. According to calculations, most microplastics in the marine
environment can be expected to be in an equilibrium state. This aspect, however, was
rarely considered in studies investigating the potential vector effect of microplastics,
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especially for freshwater. This is why there was a call for empirical data to tests this
hypothesis, i.e. that microplastics are negligible uptake pathway for chemical pollutants if
other uptake pathways are considered, especially in an equilibrated system.

1.5 Objectives and structure of this thesis

The objective of this thesis is to assess how microplastics affect freshwater organisms.
More specifically, this thesis provides new insights about potential adverse effects of the
microplastic material itself and the influence of microplastics on the effect patterns of
chemical pollutants. It aims to fill the following knowledge gaps for freshwater organisms:
(i) whether the microplastic material itself induces adverse physical impacts in a dose-
dependent manner, (ii) whether microplastics can reduce the effects of chemical
pollutants, (iii) to provide first empirical data on potential physical and chemical effects
of microplastics on amphibians, including their potential role as vector for chemical
pollutants, i.e. an endocrine disruptor.

A laboratory approach was chosen to investigate these key questions systematically under
controlled and stable conditions. Effects of microplastics alone and in combination with
chemical pollutants were analysed using established ecotoxicological methods. Two
established freshwater model species, i.e. Daphnia magna as representative for limnic
zooplankton and Xenopus laevis as representative for amphibians, were confronted with
microplastics and chemical pollutants in a series of experiments. Limnic zooplankton was
chosen as model functional group because of its crucial role in lake ecosystems, e.g. in the
limnic food web where zooplankton consumes primary producers and represents an
important prey for organisms on a higher trophic level itself (e.g. for fish). As previous
studies mainly focused on marine species this thesis aims to assess whether the presence
of microplastics adversely affects zooplankton as important functional group also in
freshwaters. There is a paucity of studies which examined if microplastics can adversely
affect amphibians, which is why there is a need to analyse this important group especially
in the light of worldwide declining amphibian populations. X. laevis is an established
model for endocrine disruption in vertebrates. These reasons make X. laevis a highly
suitable candidate to study potential effects of microplastics on freshwater vertebrates in
this thesis in order to set a first basis for further investigations.

Two different microplastic types in different concentrations were used for exposure of D.
magna and X. laevis. These comprised different specific characteristics (i.e. size, polymer
material, shape), which addressed the high diversity of microplastics detected in
freshwater environments. Moreover, they represent the most abundant polymer types
and size classes for microplastics. The microplastic material chosen for exposure is in the
lower size-range of microplastics, i.e. micrometre-sized. The microplastic concentrations
used for exposure of the animals were relatively high in favour of high sensitivity of
potential effects, both, physical and chemical. High concentrations and the use of small
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microplastics also reflect the trend for expected increasing concentrations of small
microplastics in the future. The exposure of X. laevis and D. magna to the same type of
microplastic in one case allowed comparing the responses to microplastics on an
organism-level.

Chapter two aims to fill in the research gap described in (i), namely to examine whether
the mere microplastic material itself induces adverse impacts in limnic zooplankton and
whether these effects are dose-dependent. In this study, D. magna was exposed to PE
beads of two sizes (1 and 100 pm in diameter) in a series of concentrations (12.5-400 mg
L) in order to examine acute effects resulting from short-term exposure to microplastics
and their potential dose-dependency. Uniformly shaped PE beads were presented to new-
born daphnids for up to 96 hours following an established ecotoxicological method
aligned to OECD standards. This short-term exposure aimed to qualify and quantify
acute effects with immobilisation as criterion for an adverse impact. Using a broad set of
microplastic concentrations allowed for calculating an effective concentration for pristine
microplastics without any additives for the first time. This threshold concentration can
be used for risk-assessment of microplastics in the environment in the future, when more
representative data on exact concentrations of microplastics in freshwater systems are
available.

Chapter three describes the second study on D. magna, which aimed to investigate
physical effects of another type of microplastics (i.e. PA particles) to address the first
knowledge gap (i) and if the presence of microplastics modulates acute effects of a
chemical pollutant, i.e. bisphenol A (BPA), as described in the second knowledge gap (ii).
Neonates of D. magna were exposed to a range of PA particle concentrations (25-250 mg
L), to a broad range of BPA concentrations (5-15 mg L) and the same range of BPA
concentrations in combination with one concentration of PA particles (200 mg L'). The
specific effects of BPA, namely the dose-dependency of immobilisation of daphnids,
could be compared between the treatments with and without microplastics to give a clear
indication for a potential influence of the PA fragments on the effects of BPA. The
interpretation of immobilisation data was facilitated by the additional calculation of the
mass distribution of BPA in the test system. Sorption equilibrium and different uptake
pathways for chemical pollutants, which were rarely considered in earlier empirical
studies, were included in this approach. Freshwater systems are sinks for BPA and its
effects on daphnids are well described, which makes it a suitable candidate for this
approach. The same OECD aligned approach as in chapter two was used in this chapter.

In chapter four the findings of an empirical study, which aims at assessing physical and
chemical effects of microplastics on amphibians are described. This chapter addresses all
previously identified research gaps (i, ii, iii). Tadpoles of X. laevis were exposed to a low
(I mgL?) and a high (100 mg L") concentration of PA fragments for a short- (seven days)
and long-time (21 days) in order to assess short-term and long-term exposure effects.
Tadpoles were exposed to microplastics alone and to microplastics in combination with
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the chemical pollutant 17-beta-ethinylestradiol (EE2, at 10® M) during a sensitive life-
stage of early development. EE2 was selected as model chemical pollutant because of its
high relevance as endocrine disruptor for amphibians in the environment. The rate of
effects induced by given concentrations for EE2 is known and thus the effect of
microplastics on these specific effects could be assessed. The exposure with only
microplastics allowed for analysing if physical effects can be induced by the microplastic
material itself and if these effects are dose-dependent for amphibians (i, iii). The general
development and stress hormone levels of tadpoles were determined in order to quantify
potential adverse impacts of the microplastic material itself. Sexual development and the
mRNA expression of a number of biomarkers were assessed to quantify potential

In chapter five, the key findings that were presented in the previous chapters are discussed
in an overall context and set into a broader perspective. The contribution of the presented
results to risk assessment of microplastics is outlined in this section of the thesis together
with the knowledge gaps which need to be addressed in further studies for the risk

assessment of microplastics.
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2 Effects of pristine microplastics on limnic
zooplankton
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2.1 Introduction

The European Environment Agency (EEA) identified “Increasing Environmental
Pollution” as one of the eleven global megatrends on European resource systems. Among
our ecosystems, freshwaters are facing a five times greater decline of biodiversity than
terrestrial ecosystems (e.g. Ricciardi and Rasmussen 1999). Main stressors are not only
habitat degradation and overexploitation, but also water pollution (e.g. Dudgeon et al.
2006, Sala 2000). A better understanding of these stressors and their interactions is crucial
to develop effective management strategies in a system-oriented approach to save
freshwater as an important resource for humans and functioning of ecosystems.
Therefore, past and ongoing research addresses the distribution, accumulation and effects
of chemicals and their degradation products (e.g. El-Shahawi et al. 2010, Staples et al.
1998) .

Recent studies underline water pollution by synthetic particulate materials, which often
cannot be identified by standard monitoring and risk assessment procedures (Eerkes-
Medrano et al. 2015, Howard 2010). This includes nanomaterials like titanium dioxide
(TiO,) but also microplastics, synthetic polymer particles smaller than 1 mm (Browne et
al. 2008) or 5 mm depending on the definition (Moore 2008). These microplastic particles
can be of different size, polymer type and shape (beads, fragments, fibres) and can be
found both, in marine (Barnes et al. 2009, Browne et al. 2011, Carpenter and Smith 1972)
and freshwater systems (Eriksen et al. 2013, Moore et al. 2005). The shape of microplastics
in the environment is often linked to the emission source. Small polymer beads, especially
polyethylene (PE) and polystyrene (PS), are produced in the um-range (primary
microplastics, Cole et al. 2011) as contents in personal care and cosmetic products (Zitko
and Hanlon 1991), as plastic resin powders (Mato et al. 2001) or pellets for industrial air
blasting (Gregory 1996). Together with fibres washed out from synthetic fabrics they are
directly emitted into freshwaters via wastewater treatment plants (Browne et al. 2011) .
Mechanical abrasion or UV-radiation of bigger synthetic polymer products that have
been emitted into the environment also lead to smaller plastic fragments (secondary
microplastics, Cole et al. 2011). In addition, plastic production sites located close to river
systems may accidently release pristine plastic material into freshwaters (Lechner and
Ramler 2015, Mato et al. 2001). Since plastic products are produced to be long-lasting it
is not surprising that plastic debris including microplastics can be transported by air and
water and are thus detected in the environment ubiquitously, even in remote regions (do
Sul et al. 2009, Free et al. 2014). So far, research has mainly focussed on microplastics in
marine systems where it was detected on the ocean surface (Colton et al. 1974, Eriksen et
al. 2014), in estuaries (Sadri and Thompson 2014), along shorelines (Browne et al. 2010),
and even in deep-sea sediments (van Cauwenberghe et al. 2013, Woodall et al. 2014).

Only recently, microplastics have also been reported in lakes and rivers in Europe (Faure
et al. 2015, Imhof et al. 2013, Klein et al. 2015, Lechner et al. 2014), North America
(Castafieda et al. 2014, Eriksen et al. 2013, Zbyszewski and Corcoran 2011, Zbyszewski et
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al. 2014), South America (Rech et al. 2015), Africa (Biginagwa et al. 2016) and Asia (Free
etal. 2014, Zhang et al. 2015). The observed abundances can reach up to several hundreds
of thousands of microplastic items per km? in the surface water in size classes < 5 mm.
High abundance of microplastics in river sediments was shown in two German rivers
(Klein et al. 2015). In this study, mass fractions of microplastics with up to 1 g kg were
similar to sediments from marine systems e.g. from the Venetian lagoon (Vianello et al.
2013). It was shown that, similar to marine microplastic debris (e.g. Browne et al. 2011),
high abundance of microplastics in freshwater can be observed in correlation with
population density and land use, e.g. industrial areas (Eerkes-Medrano et al. 2015, Eriksen
et al. 2013, Yonkos et al. 2014).

In addition, the fate of microplastics within the environment and especially in the
freshwater environment is hardly understood. Depending on environmental conditions,
they may be prone to degradation (e.g. by UV light, Andrady 2011) or, depending on their
density, to sedimentation (Cole et al. 2011). The densities of plastics used for consumer
products range from 0.85 to more than 1.4 kg L!. Having lower densities than water, most
polymer types like polypropylene (PP) and polyethylene (PE) thus tend to float on the
water surface (Ryan et al. 2009), while plastic types having higher densities than water,
like polystyrene (PS) or polyethylene terephthalate (PET), might end up in benthic
environments (Wright et al. 2013b). Biofilms that colonise microplastics may also
increase particle density and thus induce sedimentation of the particles (Zettler et al.
2013). Turbulence could finally remobilize deposited microplastics (Lattin et al. 2004).

Impacts of microplastics have mainly been studied in marine organisms, both in
laboratory as well as in field experiments. Ingestion of microplastics from the marine
environment has been observed for animals of different trophic levels like zooplankton
(Desforges et al. 2015), fish (Lusher et al. 2013), corals (Hall et al. 2015), fur seals (Eriksson
and Burton 2003) or whales (Besseling et al. 2015, Lusher et al. 2015). Presence of
microplastics in organisms on a higher food chain level like in fur seals indicates
microplastic uptake also through trophic transfer in the environment (Eriksson and
Burton 2003). Studies under laboratory conditions confirmed ingestion of microplastics
by organisms from different marine habitats, i.e. benthic organisms like mussels (Browne
et al. 2008, Farrell and Nelson 2013) and amphipods (Wright et al. 2013a), for pelagic
species like zooplankton (Lee et al. 2013, Setli et al. 2014) and fish (Mazurais et al. 2015)
as well as for an isopod species representing sub- and eulitoral isopods (Hémer et al.
2014). Trophic transfer of microplastics under laboratory conditions was shown from
mussels to crabs (Farrell and Nelson, 2013) as well as from zooplankton to mysid shrimps
(Setald et al. 2014).

Ingestion of microplastics by freshwater organisms has only recently been studied for
invertebrates and fish. Freshwater fish from French streams (Sanchez et al. 2014), the
African Great Lakes (Biginagwa et al. 2016) and the Brazos River Basin (Peters and
Bratton 2016) were shown to accumulate microplastics in their intestines. In laboratory
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experiments between 32% and 100% of the studied invertebrates ingested microplastics
(Imhof et al. 2013). Japanese medaka, which are known to live in freshwater as well as in
brackish water, were also shown to ingest PE fragments under laboratory conditions
(Rochman et al. 2013). Uptake of PE particles via the food web was observed for another
model organism for freshwater fish (Danio rerio) by uptake of Artemia nauplii which
already ingested the particles before (Batel et al. 2016).

If the presence of microplastics in general and the ingestion in particular pose a direct risk
to aquatic organisms in the environment is still under discussion. However, initial
laboratory studies on marine organisms show physical effects like increased immune
response, reduced food consumption, reduced fecundity, negative impacts on next
generations and depletion of energy reserves of the respective organisms after ingestion
of microplastics (Cole et al. 2013, Cole et al. 2015, Lee et al. 2013, von Moos et al. 2012,
Wright et al. 2013a). First implications for freshwater species indicate that medaka show
signs of stress if fed with pristine microplastics (Rochman et al. 2013).

An additional impact is hypothesized to occur via the vector function of microplastics for
chemical substances (Teuten et al. 2009). Plastics strongly accumulate organic pollutants
from the environment and sorption of organic contaminants may be higher than to
natural sediments (Teuten et al. 2007). Additionally, the desorption of organic
contaminants from synthetic polymer material is slower than for natural particles, which
may lead to long term storage of the contaminants in the plastic material. Long-term
storage in the polymer matrix may decrease concentrations of pollutants in the water
column in the presence of microplastics. On the other hand, if organisms take up polluted
microplastics, conditions within the organism e.g. in intestines, can be different to
environmental conditions (e.g. increased temperature, lower pH) and can result in an
increased release of pollutants directly within the organs (Bakir et al. 2014). In addition,
many plastic products already contain additives like colorants, plasticizers or UV-
stabilizers that desorb from the plastic matrix (Fries et al. 2013, Lithner et al. 2011).
Accumulation of microplastics along the food chain may thus implicate an additional
pollutant pressure by the simultaneous uptake of sorbed (organic) compounds. There are
indications from experiments with lugworms (Besseling et al. 2013, Browne et al. 2013),
amphipods (Chua et al. 2014) and fish (Khan et al. 2015, Rochman et al. 2013, Rochman
et al. 2014) that microplastics can facilitate the transport of pollutants to organisms both,
in marine and freshwater environments. However, at the moment it is still not clear if the
exposure of pollutants carried by microplastics is a relevant pathway to organisms in the
environment where pollutants are already present. Moreover, it is not clarified in detail
to which extent and at which concentrations effects on freshwater organisms can also be
induced by the microplastic material itself (physical effects). Before addressing questions
about chemical effects by sorbed pollutants, we need to identify systematically which
characteristics of the material itself are critical for organisms.
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In order to provide a better understanding of the impacts of microplastics on freshwater
organisms we show results of a systematic effect study aligned to OECD standards on
Daphnia magna, a well-known model species representative for limnic zooplankton,
which represents one of the lower levels of the food chain. The aim of this study was to
investigate and analyse physical effects (i.e. excluding chemical effects) of two different
size classes of pristine microplastic particles covering a broad concentration range each.
We analysed (1) if small microplastics (1 um) are ingested by limnic zooplankton, and (2)
if acute effects (i.e. immobilisation) can be observed on zooplankton when exposed to
microplastics as well as if effects differ with size of the particles (1 um and 100 um). Since
the knowledge on concentrations of microplastics in freshwaters, especially for particles
smaller than 300 um, is still very limited this approach follows the precautionary principle
and aims at identifying critical concentrations first before evaluating the risk at
environmental concentrations in retrospect. This is beneficial especially for small
microplastics such as 1 um particles, which are very difficult to analyse qualitatively and
quantitatively with currently available methods. This study thus provides a basis for
future research on microplastics impacts in limnic ecosystems, especially in combination
with food chain accumulation.

2.2 Methods

We conducted short-term exposure experiments with D. magna. By exposing the animals
to pristine microplastic material produced with defined properties for laboratory
applications we excluded chemical effects e.g. induced by additives. To avoid
contamination of the microplastic material by plastics from laboratory items, we used
glass material for handling of particles, culturing of daphnids and for exposure
experiments. All material was covered to reduce airborne contamination.

2.2.1 Characteristics and behaviour of particles in aqueous solution

Before exposing the daphnids, we first analysed the characteristics of both dry powders
and their behaviour in water. To confirm the size and the shape of the particles we
examined both particle types with a stereomicroscope and photographed them (Zoom
Stereo Microscope System SZH with ColorView III, Olympus). We also weighed 2 mg of
both particle sizes separately into glass vials, added 20 ml of Daphnia culture medium
(ADaM medium; Kliittgen et al. 1994), vigorously shook the vials with a vortex mixer,
treated the mixtures in an ultrasonic bath for 15 min and shook them again. The
components of the ADaM medium are listed in Appendix Table 1. Shaking was
performed to facilitate continuous particle distribution in the water column and
according to mixing events in the environment. Ultrasonic treatment minimized
aggregation of the particles. We also observed the behaviour of particle mixtures during
exposure experiments i.e. turbidity of tested mixtures.
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2.2.2 Exposure of D. magna

The testing procedure was based on the OECD guideline Daphnia sp. Acute
Immobilisation Test (OECD guideline 202, Organization for Economic Co-operation and
Development 2004). This guideline aims at identifying critical acute effect and threshold
concentrations of chemicals towards daphnids. According to the guideline, the fraction
of immobilised organisms is the criterion for acute adverse effects. Like suggested in
literature for testing of particulate material (e.g. Baumann et al. 2014), exposure length
was prolonged from 48 to 96 hours in all treatments. Pre-tests confirmed that neonates
from our culture younger than 24 hours survive for 96 hours in the absence of food
without showing immobilisation or abnormal behaviour like being trapped at the water
surface.

In order to identify in which concentration range observable effects of microplastics can
be induced and whether size of the particles is a determining factor, we tested both particle
size classes (1 pm and 100 pm) on D. magna with six concentrations each (12.5 mg L™, 25
mg L*, 50 mg L, 100 mg L', 200 mg L, 400 mg L'; for number of particles L at each
concentration see Table 1). Pre-tests showed immobilisation of daphnids at
concentrations between 25 and 200 mg L. To cover an even broader range we therefore
chose concentrations between 12.5 and 400 mg L™ in a geometrical series. Although these
concentrations are very high, there are first implications that concentrations of
microplastics in sediment core water might be as high as 162 mg L' (Besseling et al. 2014).

Exposure experiments were conducted with a clone of D. magna (originally isolated from
Grofler Binnensee, Lampert 1991). Neonates came from a healthy stock without signs of
stress cultured under the same conditions as used in the tests (dark cycle of 16:8 h,
temperature 20-22 °C). The animals were raised in ADaM medium, a well-defined
medium with good reproduction output (Kliittgen et al. 1994). Semi-sterile cultured algae
of Scenedesmus obliquus (SAG Gottingen) were fed to the stocks ad libitum every second
day. A concentrated algae suspension was prepared by centrifugation of harvested algae
followed by resuspension in Daphnia culture medium. According to the guideline, the
animals were not fed during exposure with microplastics.

Following the test design from the guideline, a total of 20 neonates younger than 24 hours
(second or third brood) were exposed for up to 96 hours to each tested concentration and
the control. For testing, we used 50 ml glass beakers with 40 ml test solution (Daphnia
culture medium and microplastics) with five animals per beaker leading to four replica
for each tested concentration and the control (n=4). Since stable suspensions of particles
in water could not be established without adding additional substances, we directly
weighed the needed amount of particles for each test concentration (0.5, 1, 2, 4, 8, 16 mg),
added 10 ml Daphnia culture medium, vigorously shook the mixtures followed by
treatment in an ultrasonic bath for 15 min and shook again. All mixtures were prepared
directly before the start of the experiments and filled into test beakers. Preparation vessels
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were subsequently rinsed with Daphnia culture medium three times to ensure complete
decanting of microplastic mixtures. After transferring five neonates to each test beaker by
releasing them below the water surface, the medium was carefully topped to 40 ml each.
According to the guideline, test beakers were not aerated during exposure to avoid
disturbance. Beakers were loosely covered with glass petri dishes to reduce evaporation
and airborne contamination. Each test vessel was checked for immobilised individuals
and abnormal behaviour or appearance (e.g. being trapped at the water surface,
malformation) after 24, 48, 72 and 96 hours. Animals were considered as immobilised if
they were not able to swim within 15 seconds after gentle agitation of the test beakers (see
OECD 202). The test is valid if the immobilisation of daphnids in the control is not
exceeding 10%. Presence of ingested particles was assessed qualitatively also after 24, 48,
72 and 96 hours by observing the animals in the test beakers under a microscope. In order
to avoid external disturbance of the experiments, beakers were moved carefully and
animals were not removed during this procedure. After 96 hours animals from each
treatment were removed in order to take photos under the microscope (Zoom Stereo
Microscope System SZH with ColorView III, Olympus).

Table1 ~ Mass and numerical concentrations of PE particles
Number of 1 pm (1-4 um in diameter) and 100 pm (90-106 um in diameter) PE particles in each
tested mass concentration during exposure of D. magna.

Concentration (mg L") 1 pm particles (Number L) 100 um particles (Number L")
12.5 3.9x108 - 2.5x10" 2.1x10* - 3.4x10*

25 7.8x108 - 5.0x10"° 4.3x10* - 6.8x10*

50 1.6x10° - 1.0x10" 8.5x10* - 1.3x10°

100 3.1x10° - 2.0x10" 1.7x10° - 2.7x10°

200 6.2x10° - 4.0x10" 3.4x10° - 5.4x10°

400 1.2x10' - 8.0x10" 6.8x10° - 1.1x10°

2.2.3 Calculation of ECso and statistics

ECs including 95% confidence intervals after 96 hours were calculated with the EPA
trimmed Spearman-Karber (TSK) program (Version 1.5). Immobilisation rates after 24,
48 and 72 hours were too low to calculate the corresponding ECs. In order to analyse if
the exposure with 1 pm particles was related to observed immobilisation rates, we
calculated odds ratios and their associated confidence intervals with Excel 2010. We
compared each concentration with its associated control and each concentration
individually between different exposure durations (24, 48, 72 and 96 hours).
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2.3 Results

2.3.1 Behaviour of particles in aqueous solution

Microscopic examination of both particle sizes (Appendix Figure 1 and Appendix Figure
2) confirmed their relatively uniform spherical shape and size spectrum (1-4 um for 1 um
particles, 90-106 pm for 100 um particles). Observations on the behaviour of the PE
particles in aqueous solutions showed that both dry powders, but especially 1 pum
particles, tend to attach to surfaces. Due to the density of the investigated plastic (0.96 g
cm) particles of both size classes floated close to the water surface after having added the
Daphnia culture medium to the weighed particles. After shaking and ultrasonic
treatment, size determined the particle behaviour in the aqueous solution. Particles of 1
pm remained in the water column but also floated at the water surface and attached to the
inner surface of the glass beakers at the interface between glass and water surface. This
was still observed also after stirring the mixture intensively for up to 24 hours with a stir
bar. Ultrasonic treatment minimized formation of aggregates, but could not fully prevent
it. Particles of 100 um were floating back to the water surface immediately after mixing.
The 100 um particles aggregated less than the 1 um particles and formed a thin and
relatively closed layer at the water surface in the centre of the glass vials.

During exposure experiments, 1 pm particles in the mixtures were also not equally
distributed in the water column, meaning that some particles were floating on the water
surface of the test beakers. Visible turbidity of the mixtures increased along the nominal
test concentration gradient (12.5-400 mg L™!). By the end of the test (96 hours) the increase
of turbidity along the concentration gradient was less pronounced than at the beginning
of the test, in particular for 400 mg L' mixtures which looked less turbid than 200 mg L™

mixtures.

2.3.2 Exposure of D. magna

2.3.2.1 Exposure with 1 um PE particles

Guts of the animals in the control series looked transparent greenish. Ingested particles,
in contrast, were identified by their whitish appearance under the microscope. After 24
hours of exposure to D. magna, 1 pm particles were present in the guts of the animals for
every tested particle concentration (12.5-400 mg L'). This was also observed after 48, 72
and 96 hours. Closer examination after 96 hours illustrated that exposed daphnids from
all tested concentrations had whitish transparent or bright whitish intestines. As shown
in Figure 1, the particle structure in the intestines of some individuals looked a bit lumpy,
but whitish colour of the intestines confirmed high uptake of 1 um particles in all
concentrations. Possible differences in the exact amounts of ingested particles at different
concentrations or exposure times could not be quantified by visual examination under
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the microscope. During the exposure experiments we also observed that particles could
be egested again together with faeces. Adherence to external structures of the daphnids
like the carapax or appendages were not observed at any concentration.

Figure 1  Appearance of daphnids at the end of exposure

Individuals of D. magna after 96 hours in the control (A) and exposed to 400 mg L™ of 1 pm PE

particles (B).
Within the first 48 hours, no immobilisation exceeding 10% in all treatments (1 pm
particles and control) was observed (Figure 2), which was considered a non-significant
effect according to OECD guideline 202. After 72 hours of exposure, a maximum mean
of 35% of exposed daphnids were immobile (for 200 mg L™, Figure 2). Means showed a
slight increase in immobilisation following the concentration gradient except for 400 mg
L', Immobilisation increased until the end of the complete test series (96 hours) to 25%
for the lowest concentration (12.5 mg L") and 75% for 200 mg L. For both timelines, 72
and 96 hours, means of immobilisation at concentrations of 400 mg L were smaller than
for all lower concentrations after 72 hours and equal to immobilisation for 25 mg L' after
96 hours.
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Figure 2 Immobilisation of daphnids in treatments with 1 um PE particles
Percentage of immobilised individuals of D. magna as means (n=4) after 24, 48, 72 and 96 hours
exposed to different concentrations of 1 um PE particles between 12.5-400 mg L and in the
control (co).

Excluding the results for 400 mg L because of the higher dissipation rate, ECs, after 96
hours was 57.43 mg L' (95 CI, lower: 32.76, upper: 100.69). ECs, values for 24, 48 and 72
hours could not be calculated due to low immobilisation rates which indicate no
observable effects within this timeframe. Pairwise comparison (odds ratios) of
immobilisation at different concentrations with the corresponding control showed
significant differences at 200 mg L' after 72 hours (Table 2). After 96 hours, all
concentrations between 25 and 400 mg L' differed significantly from the control. Odds
ratios of each concentration compared individually with itself after 24, 48, 72 and 96 hours
showed significant effects between 24 and 96 hours for all concentrations but the lowest
with 12.5 mg L (Table 2). Most significant differences were found for 200 mg L when

comparing immobilisation at different exposure times.
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Table 2 Statistical significances for immobilisation in 1 ym PE treatments
Percentages of means of immobilised daphnids exposed in each treatment (co: control) with
standard error (SE, n=4). Unequal letters indicate significant differences calculated by odds
ratios with normal letters for dose response (columns individually at one time) and capital letters
for time dependency (rows individually for one treatment).

Means of immobilised daphnids (%) + SE

Conc. (mgL?) 24h 48 h 72h 96 h

co 541 a 541 b 0 c 0 e

X X X X
12.5 541 a 102 b 102 od 25+ 191 ef

B B B B
25 51 a 102 b 25+1 od 35+1 f

c cD cD D
50 0 a 101 b 20+1.63 o 55+1 fg

E E E F
100 0 a 51 b 25+252 50 £2.58 fg

G G GH H
200 0 a 0 b 35+3 d 751 g

I I J K
400 0 a 0 b 10+1.15 od 35+£191 fg

L L M M

2.3.2.2 Exposure with 100 um PE particles

In contrast to experiments with 1 pm particles, 100 um particles exposed to daphnids did
not cause any immobilisation that exceeded 10% at any time or concentration. Focussing
on the organism behaviour, we could observe that some individuals swam into the particle
layer at the surface from time to time. The particles that were afterwards attached to the

carapax came off again after some swimming movements.

2.4 Discussion

2.4.1 Characterisation of particles

With a density of 0.96 g cm™ the PE particles used in our experiments belong to the group
of high density polyethylene (HDPE) which is known to be very stable, tensile as well as
corrosion and abrasion resistant. Its numerous applications (e.g. grocery sacks, pipes)
make PE in general one of the most demanded polymers in Europe (Plastics Europe
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2015), which is also reflected by its high abundance in the environment (Browne et al.
2011). Similar to the particles used in our experiments, PE particles of around 100 um in
diameter or smaller are known to be used in cosmetic products (e.g. Fendall and Sewell
2009).

Due to our results on short-term fate of pristine PE particles, not only density of the
plastic material but also particle size determined the behaviour of the particles in aqueous
solution. In contrast to the 100 um particles, which formed a thin layer on the water
surface after shaking and ultrasonic treatment, 1 pm particles remained in the water
column but also tended to form more aggregates. These results imply that even particles
of the same polymer but of different sizes are heterogeneously distributed in the water

column after mixing events in the environment.

2.4.2 Exposure of D. magna

Different behaviour of 1 and 100 um particles in the aqueous phase led to different
exposure scenarios for the test organisms because of their presence either in the water
column (1 pm) or at the water surface (100 um). With increasing concentrations an
increasing amount of 1 um particles was distributed in the water column, for 100 pm
particles the diameter of the thin particle layer at the surface increased. While daphnids
in experiments with 1 um particles were constantly exposed to the microplastics in the
water column, daphnids in experiments with 100 um particles just came into direct
contact with the particles by swimming to the water surface. Therefore, by using 100 um
particles, not only the potential impacts of particles in the water column (1 um particles),
but also of microplastics floating at the water surface was included in our study.

2.4.2.1 Ingestion of 1 um PE particles

Similar to other studies on microplastics (e.g. Imhof et al. 2013, Rosenkranz et al. 2009)
our results demonstrate that D. magna is also able to ingest 1 pm PE particles. We
conclude that the presence of the 1 um particles in the water column made them available
for a filtering organism like D. magna. Since food algae ranging from 0.7 pm (Gophen
and Geller 1984) to 70 um (Burns 1968) in size can be ingested by D. magna, the size of
the 1 pm microplastic particles was no hindering factor for ingestion. Although
photographs of daphnids indicate no distinct differences in particle loads of the intestines
between concentrations and exposure times, it cannot be fully excluded if this was due to
the two dimensional view of the intestines, which is very limited for quantitative analysis
of particle load. Egestion which we observed for 1 um particles, was also described after
microplastic ingestion by marine zooplankton like copepods (Cole et al. 2013, Setéla et al.
2014).
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2.4.2.2 Dose and time effects for 1 um PE particles

In agreement with a study on nanoparticle toxicity (Dabrunz et al. 2011), immobilisation
exceeding 10% was not observed within the recommended exposure time of 48 hours
(OECD guideline 202), but after 72 and 96 hours. The pronounced increase in toxicity if
exposure time is prolonged to 96 hours is similar to another study (Baumann et al. 2014)
and underlines the need for adaptations and different testing procedures on impacts of
particles in general and microplastics in particular.

Since daphnids in the controls did not show immobilisation after 72 and 96 hours,
immobilisation of daphnids exposed to 1 um PE particles cannot be exclusively explained
by a lack of food during experiments. It is possible, though, that daphnids in the
experiments are more vulnerable to other stressors like microplastics if food is absent for
a longer time (here 72 and 96 hours). It is known from daphnids that they can regulate
their filtering activity depending on the abundance of food (McMahon and Rigler 1965).
High abundance or in general presence of food can increase filtering activity, causing also
higher ingestion rates of pollutants. Since food was not supplied in any of the treatments
in our study, ingestion rates cannot have been altered by different amounts of food. Only
if daphnids identified the 1 um particles as potential food, higher ingestion rates could be
expected for higher concentrations. This could also explain higher immobilisation rates
with increasing concentrations. Further studies are needed to analyse in more detail how
filtering activity, amount of ingested particles, egestion of particles and overall particle
load in the intestines are linked to negative impacts of microplastic particles.

An increased number of immobilised test individuals when exposed to higher particle
concentrations (after 72 and 96 hours) indicates that the dose of the tested particles does
influence the extent of adverse impacts. This was not the case for 400 mg L' and can be
related to a decrease of equally distributed particles in the water column, as the
suspensions in the test beakers with 400 mg L looked less turbid than the suspensions in
lower concentrations. Dissipation of particles from the test medium is also described for
nanoparticles with faster dissipation for higher concentrations (Dabrunz et al. 2011) and
discussed to result from the tendency of the particles to aggregate and to attach e.g. to the
inner glass surface of the test vessels. From a biological perspective, high concentrations
of particles could potentially block the filtering apparatus of the daphnids which would
lead to a decreased ingestion of the particles. This might also be a reason for lower
immobilisation of daphnids exposed to 400 mg L' and could be analysed more specifically
in further studies.

To the best of our knowledge, this is the first study providing ECs, of PE particles (here
after 96 hours) for limnic zooplankton when chemical effects are excluded. In addition to
dose-dependency especially after 96 hours, time dependency of the observed impacts for
concentrations between 25 and 200 mg L was even more pronounced with continuously
increasing immobilisation rates and significant differences. Altogether, an ECsy of 57.43
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mg L' after 96 hours indicates that very high concentrations and a relatively long
exposure time are needed to cause negative acute effects in daphnids. In order to estimate
the resulting risk on limnic zooplankton by physical effects of microplastics in the
environment, we first need to gain more knowledge about the plastic particle distribution
and abundance in freshwaters. Although first estimations indicate concentrations of
microplastics as high as 162 mg L in sediment pore water, future studies need to show if
we can expect actual environmental concentrations for microplastics in the size range of
about 1 um equal to the tested concentrations in our study.

2.4.2.3 Mechanisms causing adverse effects of 1 um PE particles

Although leachates from HDPE are ranked as moderate toxic in general (Lithner et al.
2011), leachates of HDPE were found to cause acute toxic effects on D. magna (Lithner et
al. 2012). However, as we used particles without any additives (manufacturer
information) and did not apply any surfactants for the preparation of the test suspensions,
we exclude chemical effects “carried” by the microplastic particles.

Since we did not observe adhesion of 1 um particles to appendages like antennae or the
carapax, we also exclude inhibition of movements by adhered particles, which was the
reason for negative impacts both on marine copepods exposed to PS beads (Cole et al.
2013) and D. magna exposed to TiO, nanoparticles (Dabrunz et al. 2011). Although
particles could be egested again, we conclude that physical effects by ingestion cause
higher immobilisation rates when D. magna is exposed to small microplastic particles like
1 um PE. However, further studies are needed to unravel mechanisms causing
immobilisation induced by 1 um PE particles in detail. Mechanical forces are already
known to induce inflammatory processes in blue mussels (Mytilus edulis) after ingestion
and translocation of > 0-80 um HDPE particles to the digestive gland and the lysosomal
system (von Moos et al. 2012). This indicates that microplastic particles have the potential
to enter tissues and cells and to induce immune responses. In another study, translocation
of PS-particles from intestines to the haemolymph cavity of blue mussels showed the
potential of microplastic particles to be transported to other organs via the circulatory
system (Browne et al. 2008). In the common goby (Pomatoschistus microps) red coloured
PE particles in the range of 1-5 pm were shown to inhibit acetylcholinesterase activity for
22% in average after 96 hours of exposure (Oliveira et al. 2013). In a study with D. magna
there was evidence, that both 20 nm and 1 pm carboxylated PS particles are not only
accumulated in the intestines but also cross gut epithelial layers and can be incorporated
in storage lipid droplets already after short term exposure (Rosenkranz et al. 2009). As
these droplets are important for daphnids in the environment in times of starvation,
particles are likely to be mobilised again from lipid droplets (Goulden and Hornig 1980).

2.4.2.4 Impact of 100 pm PE particles

During exposure with 100 um particles, individuals of D. magna were observed to swim
into the particle layer, which was increasing in diameter with increasing concentrations
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of particles. Although some particles attached to the carapax afterwards, which impeded
swimming for some of the individuals, the particles detached again after some swimming
movements of the daphnids. In contrast to surface coating by PS beads (Cole et al. 2013)
or nanoparticles (Dabrunz et al. 2011), 100 um PE particles did not attach permanently
to the carapax of D. magna. Further studies need to analyse if also smaller Daphnia
species, which are in general more easily trapped by the surface tension, can detach again
from the water surface in the presence of floating microplastic particles. In the
environment, daphnids move down- and upward in the water column depending on e.g.
light and temperature (Gerritsen 1982). However, because of a very limited water depth
under laboratory conditions in general, it is not clear to what extent floating particles
potentially affect daphnids in the environment.

2.5 Conclusions

The results of our study on impacts of pristine microplastic particles on daphnids show
that (1) 1 pm PE particles can be ingested by limnic zooplankton and (2) that the ingestion
of 1 um particles results in immobilisation of daphnids at high concentrations.
Characteristics of microplastics (i.e. density and size) influence the fate of the particles in
the water column, which leads to different exposure scenarios for freshwater organisms.
When microplastic particles are distributed in the water column (1 um particles) and can
be ingested, both dose- and time-dependent effects can be observed. Since we can exclude
chemical effects by additives and pollutants attached to the microplastic particles and
adherence of particles to outer structures of the daphnids, immobilisation can be related
to physical effects by ingestion. Floating particles, which cannot be ingested (100 pm
particles) due to their size and availability to the organisms, do not cause any adverse
effects. Although 100 um floating particles can attach to the carapax of D. magna, they
can detach again and do not result in immobilisation. In view of further analysis of the
potential effects of microplastics on limnic organisms, our results underline the need of
information on particle characteristics including their behaviour in water as well as the
necessity of adapted testing procedures, e.g. prolongation of the test duration. We show
that physical effects by pristine microplastics should be taken into account in future
studies which also aim at distinguishing between the effect of the microplastic particles
and the chemical effects by the vector function of microplastics for pollutants. As
concentrations used in our study are very high, the risk of pristine PE particles seems to
be relatively low for daphnids in the environment. However, further analysis including
e.g. different plastic types, sizes and chronic exposure with lower microplastics
concentrations are needed to understand potential adverse effects of microplastics in
more detail. Also more complex exposure scenarios, including e.g. chemical burden,
availability of food and a comparison to effects of natural particulate material, need to be
taken into account to be able to estimate the environmental risk of microplastics. Since

these processes are very complex in the environment, experimental approaches in the
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laboratory are needed to isolate processes and to unravel systematically which parameters
define the potential of microplastics to induce negative effects on (limnic) organisms.
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3  Altered effects of a chemical pollutant by
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3.1 Introduction

The presence of different stressors, like pollutants and their interactions, leads to complex
scenarios in the environment. Freshwater systems are not only polluted by chemical
substances, but also by microplastics (plastic particles < 5 mm, Moore 2008).
Microplastics have been considered as potentially harmful to freshwater organisms (e.g.
Eerkes-Medrano et al. 2015 for an overview). In particular, concurrent effects of
microplastics and other pollutants are challenging to evaluate, because of diverse
causalities under environmental conditions (Koelmans et al. 2016). Therefore, it is
important to systematically identify not only effects of microplastic material itself, but
also interactions of microplastics with other pollutants, and their potential combined
effects on freshwater organisms.

In the past, rivers have been considered as a source for marine litter, including plastics
(Williams and Simmons 1997). More recent studies confirmed that rivers and lakes are
ubiquitously polluted with microplastics (Faure et al. 2015, Klein et al. 2015, Moore et al.
2011, Zbyszewski and Corcoran 2011). Besides the high variety of characteristics of
microplastics, some sizes, shapes, and polymer types are reported to be more abundant in
freshwater. Irregular shaped plastic fragments and very small microplastics, in the range
of only a few to some hundreds of micrometres, make up a big proportion of the observed
overall amount of microplastics in surface waters and beach sediments (Faure et al. 2015,
Free et al. 2014, Imhof et al. 2016). Polyamide (PA) and polyethylene (PE) are among the
most abundant polymer types found in environmental samples. Due to limits in sampling
and evaluation techniques, especially data on concentrations of microplastics in the range
of a few micrometres, and microplastics in the free water zone are still scarce, and
sometimes not directly comparable, because of different reference units. Results are often
either given as number of microplastic particles or mass of microplastics per area (e.g.,
m?) or per volume (e.g., m*). Monitoring so far has shown that mass concentrations of
microplastics in surface waters range from 10~ to 10~ mg m™ for rivers, and from 10~ to
10! mg m™ for lakes (Faure et al. 2015, Yonkos et al. 2014). Particle numbers of
microplastics in both, rivers and lakes, go up to 10 particles m™ in samples from surface
water (Faure et al. 2015, McCormick et al. 2016, Yonkos et al. 2014) Asian rivers seem to
be the most polluted, with up to 1000 microplastic particles m— and 1000 mg m™ in
Yangtze river (Lebreton et al. 2017, Zhao et al. 2014).

Until now, the majority of studies about the potential harm of organisms by microplastics
focused on marine species (e.g. Wright et al. 2013b for an overview). First results on
freshwater organisms showed that microplastics may harm these in a similar way like they
do with marine organisms, especially species of similar functional groups or with
comparable food acquisition strategies, e.g., filtering organisms (Eerkes-Medrano et al.
2015, Ziajahromi et al. 2017). By filtering surrounding water, organisms like zooplankton
or mussels are prone to water contaminants, in particular. Daphnids play an important
role in lake ecosystems at the base of the food web as effective consumers of algae and
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bacteria, and are an important prey for, e.g., fish larvae. Similarly to bigger sized plastics,
raw microplastic material can have negative impacts on freshwater organisms by itself
(physical effects), especially after ingestion (Au et al. 2015, Jemec et al. 2016, Rehse et al.
2016, Sjollema et al. 2016). However, only high concentrations of some microplastic types
induced negative effects in laboratory experiments. Effects range from acute effects, like
increased mortality in amphipods and daphnids, and immobilisation in daphnids, to
chronic effects like decreased growth in algae and lower reproduction rates in amphipods.
If small enough, microplastics can translocate within the body and enter tissues, as shown
for 1 um polystyrene (PS) particles in oil storage droplets of daphnids (Rosenkranz et al.
2009). Being some orders of magnitude smaller than microplastics, nanoplastics were
shown to have a bigger negative impact on aquatic organisms than microplastics (Ma et
al. 2016).

For the risk assessment of microplastics, not only physical effects but also interactions
with organic pollutants need to be considered (chemical effects). Hydrophobic organic
pollutants (HOC) are of special concern for freshwater ecosystems (Malaj et al. 2014).
Being lipophilic, they tend to sorb to natural organic material like sediments, and to
bioaccumulate in aquatic organisms. Some organic pollutants are associated with the
production of plastics. Various chemicals are used as starting material for polymerisation
(e.g., bisphenol A, BPA), or as additives for adjusting properties of the polymer depending
on its intended application (e.g., colourants, plasticizers, UV stabilizers). Similar to
natural organic material, microplastics tend to sorb organic pollutants from the water
column, but also leach chemicals used for manufacturing (Teuten et al. 2009). This is why
microplastics are considered as vectors for pollutants to aquatic organisms in general,
especially if microplastics are ingested (Bakir et al. 2014). Due to the high affinity of HOC
to plastics, microplastics are considered as vectors for HOC in particular (Browne et al.
2013, Teuten et al. 2007). BPA is used for the production of polymer types like
polycarbonates and epoxy resins, and was shown to sorb into microplastics in freshwater
with mean concentrations of 16.6 ng g™' (Faure et al. 2015). It is hormonally active in
freshwater vertebrates, with disruption of larval development and the thyroid system in
amphibians (Heimeier and Shi 2010, Levy et al. 2004). This is why BPA is classified as an
endocrine disruptor. In freshwater zooplankton, BPA induces moderate acute toxicity
which is indicated by an ECs after 48 hours of 10 mg L™! (Chen et al. 2002). BPA has been
shown to leach from products used in households, including products associated with
food consumption, and is considered as a potential direct threat to humans (Brotons et
al. 1995).

That microplastics can act as vector for organic pollutants and modulate effects of
pollutants was demonstrated in laboratory feeding experiments with fish (Karami et al.
2016, Rochman et al. 2013, Wardrop et al. 2016). Trophic transfer of microplastics and
sorbed pollutants was shown in zebrafish (Batel et al. 2016). While this identifies
microplastics as a potential source for pollutants in general, the relative importance of

33



microplastics as vector is not clarified. After exposure of bivalves with environmentally
relevant concentrations of microplastics spiked with polychlorinated biphenyls (PCBs),
no PCBs could be detected in the bivalves, and in fish which were feeding on the bivalves
(Rochman et al. 2017). Model-based studies indicate that the vector function of
microplastics is negligible in the environment compared to other uptake pathways and
that sorption equilibrium can be assumed for most marine microplastics on relevant
timescales (Bakir et al. 2016, Besseling et al. 2017b, Koelmans et al. 2016). This is also
supported by a modelling study showing that leaching of additives from microplastics is
not a relevant exposure pathway for lugworms (Koelmans et al. 2014). Validation by
empirical data is needed to raise credibility for this evidence. On a microorganism level,
Kleinteich et al. (2018) show that the effect of polycyclic aromatic hydrocarbons on
bacterial community composition was reduced in the presence of microplastics. Recent
studies with marine organisms indicate no or only low impact of microplastics as carrier
for pollutants (Beckingham and Ghosh 2017, Besseling et al. 2017b, Devriese et al. 2017,
Paul-Pont et al. 2016). Due to similar modes of action, this highlights the need for studies
with experimental evidence in freshwater organisms.

The underlying hypothesis of this study is that microplastic particles do not increase, but
rather reduce the effect of a pollutant that is already available in the aqueous phase.
Assuming a system in equilibrium, sorption of the contaminant to microplastics leads to
removal from the aqueous, i.e., bioavailable, fraction. To test these hypotheses freshwater
zooplankton (Daphnia magna) was exposed to BPA and PA particles as model
compounds in equilibrium batch systems. Immobilisation was analysed as criterion for
negative effects for (1) PA particles alone, (2) BPA alone, and (3) BPA in presence of PA
particles. Results of this approach aim to entangle the discussion on the potential vector
effect of microplastics for environmental pollutants in freshwater systems.

3.2 Methods

3.2.1 Microplastic material and chemicals

Polyamide particles (PA particles) were purchased as powder from Goodfellow (Nylon 6,
AM306010; Goodfellow GmbH, Bad Nauheim, Germany). The particles had an irregular
shape, a mean diameter of 15-20 pm (min. 5 um, max. 50 um) and a polymer material
density of 1.13 g cm™. Bisphenol A (BPA, = 99%, CAS number 80-05-7) was purchased
from Sigma-Aldrich (Sigma-Aldrich Chemie GmbH, Munich, Germany). Stock solutions
of BPA with 40 mg L' were prepared with freshly prepared artificial Daphnia culture
medium (ADaM medium, Kliittgen et al. 1994), and stored for a maximum of two days
at 7 °C. Glass material was used for, e.g., preparation of test solutions whenever possible.
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3.2.2 Study design

To test our hypotheses, the experimental setup for the exposure of daphnids needed to
meet several predefined conditions. For analysing the potential vector effect of
microplastics, the sorption of a quantifiable proportion of BPA to the PA particles, and
the uptake of the particles by the daphnids, in general, needed to be assured. Sorption and
desorption processes of BPA on PA particles needed to be in an equilibrium state. Finally,
the particles themselves should cause neither chemical (e.g., by leaching additives) nor
physical acute effects on daphnids, that could confound effects of the pollutant itself.

3.2.2.1 Sorption characteristics and BPA content of PA particles

To analyse sorption characteristics of BPA to PA particles and determine when sorption
equilibrium is reached, a batch experiment was performed with one concentration of BPA
(10 mg L") and PA particles (microplastics, MP; 200 mg L'). Mixtures contained BPA
together with PA particles (BPA + MP), and were compared to mixtures with only BPA
as control (BPA alone). A batch with only PA particles (MP alone) was analysed in
addition, to make sure that no BPA was leaching out of the PA particles themselves.
Bisphenol A (BPA) solutions with an initial concentration of 10 mg L™! were prepared by
dilution of the stock solution with AdaM medium. For treatments containing PA particles
(BPA + MP, MP alone), 50 mg of PA particles were weighed into 20 ml glass flasks, rinsed
three times with either BPA solution (BPA + MP) or ADaM medium (MP alone), and
mixed thoroughly. The mixtures were decanted to 500 ml glass bottles, which were then
filled up to a total volume of 250 ml with BPA solution (BPA + MP, BPA alone) or ADaM
medium (MP alone), and shaken at 200 rpm. All treatments were run in duplicates. The
concentration of BPA dissolved in water was measured regularly for up to 72 hours (after
0, 6, 24, 48, 72 hours) after removing the PA particles with a syringe filter (Whatman
Spartan HPLC cert. syringe filter, 13 mm diameter, 0.45 um pore size) via high
performance liquid chromatography (HPLC) with fluorescence detection (Dionex
Ultimate 3000 HPLC with Nova-Pak C18 column). The filtrate was diluted to reach a
nominal concentration of 2 mg L' and filled in 1.5 ml glass vials, which were then placed
into the autosampler of the HPLC. Samples were measured within 24 hours. Results were
multiplied by the corresponding dilution factor. HPLC measurement accuracy of 0.1 mg
L™ led to increasing inaccuracies of the measured values with increasing concentrations
of BPA, due to dilution. Concentrations of BPA in water were continuously lower with
PA than without (Appendix Table 2). BPA concentrations in the solution with BPA alone
ranged from 9.5-10.0 mg L°'. For BPA in combination with microplastics, the
concentration of BPA decreased with reaching equilibrium, after 48 hours at 7.5 mg L.
In batches with microplastics alone, no BPA was detected above the detection limit of 0.1
mg L. Sorption of BPA to glass surfaces and degradation of BPA were assumed to be
negligible, because of good recovery rates in batches with only BPA.
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Assuming equilibrium after 48 hours, the partition coefficient, defined as
(Schwarzenbach et al. 2016)
Cpa

Kpa,w =
w

was calculated with ¢, as equilibrium concentration of BPA adsorbed to PA particles (in
mg kg™), and ¢, as equilibrium concentration of BPA in water measured by HPLC (7.5
mg L', Appendix Table 2). ¢, was calculated from the BPA mass balance as follows:

_ Motar — Cw * Vi

ra —
M,,

C

with My, as total mass (in mg) of BPA in the system, V, as volume of water in the
beakers (in L), and M, as mass of PA particles (in kg) added to the beakers.

3.2.2.2 Pre-exposure with single substances

A clone of D. magna (originally isolated from Grofler Binnensee, Lampert 1991) from a
healthy laboratory stock was cultured according to Rehse et al. (2016). Potential uptake
and effects of pristine PA particles alone were studied by exposing daphnids not older
than 24 hours (neonates) to a broad range of concentrations of PA particles (25-250 mg
L' n=3 per concentration with five daphnids each). Glass beakers (total volume of 50 ml)
were filled with 40 ml ADaM medium spiked with either PA particles or BPA followed by
careful transfer of five new born daphnids not older than 24 hours per beaker. Beakers
were covered with glass petri dishes and daphnids exposed at culturing conditions
(temperature 20 * 2 °C, 16:8 light-dark period) for up to 48 hours. Immobilisation was
the criterion for acute negative effects. The particles were dispersed in the water column
at the beginning of the exposure, but settled at the bottom of the test beakers shortly after.
Ingestion of particles not only from the water column, but also from settled material, was
observed within the first 24 hours (Horton et al. 1979, Lampert 1987). Ingestion of
particulate matter as potential food for daphnids is size-dependent, with an optimum
range between 0.7-70 um in diameters (Burns 1968, Gophen and Geller 1984). Daphnids
are unselective filter feeders, so ingestion of PA particles with a size range between 5-50
pm in diameter could be expected. No daphnids were immobilised after 24 or 48 h of
exposure to PA particles at any concentration (25-250 mg L™'). Therefore, both physical
and chemical effects i.e., by leaching additives, can be excluded for an exposure time of
up to 48 hours, which was later also applied for exposure experiments with mixtures of
PA particles and BPA. If the exposure time was prolonged to 96 hours, only in the
treatment with the highest concentration of PA particles more than 10% of the daphnids
were immobilised after 96 hours (around 30%).

For finding the range of BPA concentrations relevant for acute toxicity, daphnids were
also exposed to a broad concentration range of BPA alone (2.5-40 mg L™!). The concentration
at which 50% of the daphnids were immobilised (effective concentration, ECsy) was
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calculated as benchmark. If the ECs value is lower for one treatment, daphnids are
assumed to be more sensitive towards the tested pollutant. The ECs, of 7.6 mg L™ after 48
hours is similar to others reported in the literature (Brennan et al. 2006), suggesting
similar or slightly higher sensitivity of our daphnid stock.

3.2.3 Exposure experiments with mixtures of BPA and PA particles

To analyse how the presence of PA particles modulates the effects of BPA, daphnids were
exposed to treatments with five different initial nominal concentrations of BPA (5, 7.5,
10, 12.5, and 15 mg L"). Each concentration of BPA was tested alone (BPA alone) and
with PA particles (BPA + MP) with a constant concentration of PA particles (200 mg L),
leading to five pairs of treatment combinations.

3.2.3.1 Procedure for exposure of D. magna

Test solutions were prepared as described for the pre-experiment on sorption
characteristics of PA particles. One control treatment contained ADaM medium only. All
test solutions were shaken in glass bottles as batches for 48 hours prior to exposure
experiments, to ensure sorption equilibrium. BPA concentrations in the water of batches
were checked after 0, 24, and 48 hours of shaking via HPLC, to validate sorption
equilibrium. Each test beaker was then filled with 40 ml of test solution. A total of 25
neonates in groups of five animals were exposed to each treatment (n=>5 per treatment)
following the Daphnia sp. Acute Immobilisation Test, for full assessment of acute toxicity
(OECD guideline 202, Organization for Economic Co-operation and Development 2004).
According to the guideline, immobilisation after 24 and 48 hours was the criterion for
negative effects. If daphnids were not able to swim within 15 s after gentle agitation of the
test vessel, individuals were considered to be immobile. Daphnids were not fed during
exposure. Temperature, pH, and oxygen were measured in an extra beaker without
daphnids, with one beaker for each treatment and processed the same way. Measurements
were all in the same range after 24 and 48 hours of exposure (22.6 °C, pH 7.5, 8.6 mg O,
L.

3.2.3.2 Concentrations of aqueous BPA and EC;s, values

Concentrations of BPA dissolved in water were measured via HPLC in the test beakers at
the beginning (0 hours) and at the end of exposure (48 hours). The mass balance of BPA
was used based on physiochemical characteristics to analyse the distribution of BPA
within the different compartments (water, PA particles, organisms) and determine the
theoretical BPA concentration in water ¢, in both experimental setups, i.e., for BPA

alone:

Co. = Meotal
¥ "V, + BCF x My,
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and for BPA in combination with microplastic particles:

Miotal
Viy + BCF % Myyg + Kpg * Mpq

Cyw =

with My, as total mass (in mg) of BPA in the system, V,, as volume of water in the
beakers (in L), the bioconcentration factor (BCF), i.e. the partition coefficient between
the organic phase (organisms) and water (in Lkg™"), K4, as partition coefficient between
PA particles and water (in L kg™'), and M,,, as mass of PA particles (in kg). BCF was
calculated according to Veith et al. (1980), leading to 225.95 L kg™'. The partition
coefficient of K4, = 1666 L kg™" was calculated from pre-experiments on sorption
characteristics.

Measured concentrations of BPA in water in the test beakers before exposure were
compared to calculated concentrations. ECso values were calculated with immobilisation
rates and measured BPA concentrations after 48 hours of exposure for BPA alone and
BPA in combination with microplastics.

3.2.4 Statistics

Treatments with BPA alone and BPA in combination with microplastics were tested for
significant differences with two-sided Fisher’s exact test with the software GraphPad
Prism (version 4.03) in pairwise comparison for nominal BPA concentrations. The EPA
trimmed Spearman-Karber (TSK) program (version 1.5; U.S. Environmental Protection
Agency, Washington, DC, USA) was used for calculating ECsy values, including 95%
upper (UC) and lower (LC) confidence intervals.

3.3 Results

3.3.1 Impacts of PA particles during co-exposure with BPA

We observed that the intestines of the daphnids appeared to be whitish after 24 hours
already in all treatments with BPA combined with microplastics, indicating ingestion of
particles. Being equally distributed within the water column at the beginning of exposure,
the particles sank to the bottom of the test beakers, forming a thin layer within the first
24 hours. Immobilisation rates of daphnids after 24 and 48 hours increased, following the
gradient of the nominal BPA concentration (Figure 3). Immobilisation after 48 hours of
exposure increased in comparison to 24 hours. Treatments with BPA in combination with
microplastics always caused reduced immobilisation compared to BPA alone. After 24
and 48 hours, some treatments differed significantly when directly comparing treatments
with the same nominal BPA concentration in the presence (BPA + MP) and absence of
particles (BPA alone).
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Figure 3
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Immobilisation for BPA alone and in combination with PA particles

Immobilisation of daphnids after (A) 24 hours and (B) 48 hours of exposure with bisphenol A
(BPA) and microplastics (MP), in different treatments with increasing nominal BPA
concentrations for BPA alone and BPA in combination with microplastics (BPA + MP; 5-15 mg
L"), and one concentration of microplastics for BPA + MP (200 mg L™'; mean + SE, n=>5).
Brackets marked with asterisks indicate significant differences (Fisher’s exact test, p < 0.05)
between treatments with BPA alone and BPA + MP.
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3.3.2 Concentrations of aqueous BPA

The concentrations of BPA in water, measured by HPLC, were lower for BPA in
combination with microplastics, compared to BPA alone, during exposure of daphnids
(Appendix Table 3). Concentrations in water were stable until the end of exposure after
48 hours, with only a small decrease of BPA, which could be due to degradation of only a
small proportion of BPA in the presence of daphnids.

Calculated BPA concentrations in water (Cy caicuiatea) are close to measured values

(Cw,measurea)> confirming accuracy of the measurements and that sorption equilibrium
was reached (Figure 4).
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Figure4  Comparison of measured and calculated aqueous BPA
Relationship between measured (means * standard deviations, n=5) and calculated
concentrations of bisphenol A (BPA) in water for treatments with BPA alone and BPA
combined with microplastics (MP) (treatment BPA + MP).

According to the calculations, sorption of BPA to microplastics led to a reduction of
nearly 25% of BPA in water, in BPA combined with microplastic treatments, compared
to BPA alone (Table 3). Taking 0.28% of BPA in daphnids from BPA alone as reference,
daphnids in BPA combined with microplastics hold 25% less.
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Table 3  Calculated distribution of BPA in the system
Mass distribution of bisphenol A (BPA) for all relevant compartments in the test system
calculated for BPA alone and BPA in combination with microplastics (MP) (treatment BPA +

MP).
Mass Distribution of BPA (%)
Compartment BPA alone BPA + MP
water 99.72 74.85
organisms 0.28 0.21
PA-particles - 24.94

3.3.3 ECso values for measured and calculated aqueous BPA

ECs, based on measured BPA concentrations in water is lower for BPA in combination
with microplastics (BPA + MP; 5.54, LC: 4.98, UC: 6.15 in mg L") than for BPA alone
(6.4, LC: 5.94, UC: 6.87 in mg L'; Figure 5). Overlap of confidence intervals indicates no
significant differences between the ECs, values.
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Figure 5  Comparison of ECso values for measured and calculated aqueous BPA
Calculated concentrations of bisphenol A (BPA) in water for BPA alone and BPA in
combination with microplastics (MP) (treatment BPA + MP) represented as coloured lines,
together with ECs; values based on measured concentrations of BPA in water and corresponding
ECs lines.
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3.4 Discussion

In contrast to studies that assign microplastics an important role as pollutant vector, this
experimental study found no evidence for this. Having the same total mass of BPA in the
system, even fewer daphnids were immobilised in the presence of PA particles than
without. This was despite that clear evidence could be provided for sorption of BPA to
the particles and ingestion of the PA particles by the daphnids.

3.4.1 Study design with predefined conditions

Recently, there was a call for more complex experimental setups with scenarios likely
encountered in the environment for the risk assessment of microplastics (Besseling et al.
2017b, Koelmans et al. 2016). Including only selected predefined parameters under well
controlled laboratory conditions in the setup of this study provided the opportunity to
focus on a more mechanistic understanding of single relevant aspects. In many previous
studies, the potential vector effect of microplastics was analysed by measuring uptake
rates of the pollutants assessed by tissue concentrations as proxy (Khan et al. 2015, Ma et
al. 2016). Other studies analysed pollutant effects, e.g., biomarker activity or
histopathological changes (Paul-Pont et al. 2016, Rochman et al. 2014). This study
focused on analysing how the acute effects of a pollutant are modified by microplastics,
rather than measuring uptake rates and tissue concentrations of the pollutant within the
daphnids. Experimental results on immobilisation in daphnids and analytical
measurements of BPA in water were complemented by calculations of the mass
distribution of BPA in the test system.

Sorption behaviour of pollutants to microplastics is crucial for their potential vector
effect. Batch experiments showed that PA particles are an intermediate strong sorbent for
BPA with fast sorption equilibration. Shaking the mixtures for 48 hours prior to testing
assured that sorption processes of BPA to PA particles were in an equilibrium state. In
most previous studies, microplastics loaded with organic pollutants were directly fed to
the test animals without reaching sorption equilibrium in the test system before exposure
(Devriese et al. 2017, Rochman et al. 2013). Even if microplastic pollutant mixtures have
been pre-equilibrated prior to exposure to ensure sorption of the pollutant to
microplastics in some studies, dilution of the mixtures led to a non-equilibrium state at
the beginning of exposure (Khan et al. 2015, Rochman et al. 2013, Wardrop et al. 2016).
While this non-equilibrium state is also a relevant environmental scenario with
contaminated microplastics emitted into the aqueous system, e.g., via point sources,
sorption equilibrium for microplastics and pollutants can be expected for microplastics
being in the environment for a longer time (Koelmans et al. 2016), and allows estimation
of the contaminant distribution within the experimental setup without additional kinetic
studies. In marine systems, the majority of microplastics are expected to be in the
environment for 2—4 years at, or close to sorption equilibrium. Rivers were shown to act
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as an emission compartment of microplastics ending up in the oceans (Lebreton et al.
2017). Being close to emission sources (e.g. wastewater treatment plants), microplastics
in freshwater systems might be more abundant than in the oceans. Shorter residence
times of microplastics in freshwater systems could lead to a smaller proportion of
microplastics at, or close to sorption equilibrium. Time to reach equilibrium depends on
properties of the microplastic material, the pollutant, and characteristics of the water
(Koelmans et al. 2016). Sorption capacity is influenced by the properties of the
microplastic material itself (e.g. size, polymer type, shape) and of the pollutants (e.g.,
physicochemical characteristics, hydrophobicity, Teuten et al. 2009). Fast sorption is
expected for pollutants like hydrophobic organic pollutants (HOC) and for small
microplastics (Endo et al. 2013, Koelmans et al. 2016). Sorption equilibrium within 48
hours for BPA to PA particles is relatively fast. The equilibrium partition coefficient
indicates similar sorption characteristics, like sorption of phenanthrene to
polyvinylchloride in seawater with equilibrium sorption within 24 hours (Teuten et al.
2007). Log Kpaw of 3.22 corresponds to a log K. of BPA of 3.4 measured in an earlier
study (Staples et al. 1998), indicating that hydrophilicity of BPA is a good estimate for
sorption capacity of BPA to PA particles. The partition coefficient (10° L kg™') is within
the range of HOC sorption to microplastics in seawater (10>-107 L kg™') as indicated by
Lee et al. (2014). Competitive sorption by other pollutants and leaching of additives
influence sorption behaviour as well, but were not analysed in this study (Bakir et al.
2012).

3.4.2 Exposure experiments with mixtures of BPA and PA particles

Besides sorption behaviour, also organism dependent factors need to be considered for
the potential vector effect of microplastics, i.e., uptake of microplastics, as well as
conditions and processes within the organism. Two possible uptake pathways for BPA
were included in the experiments: direct uptake by BPA dissolved in water, and vector-
based uptake by ingestion of PA particles loaded with BPA. Microplastics tested in most
studies were the only uptake pathway for the pollutants (Rochman et al. 2013). Other
media, e.g., water, prey and detritus, which were shown to also hold a fraction of the
pollutants, have not been included (Koelmans et al. 2016). Since daphnids are organisms
living in the water column, an important uptake pathway of nutrients, but also pollutants,
is water. This is why water was selected as an additional uptake pathway for BPA in the
simplified exposure scenario of this study. Non-suspended microplastics (e.g., aggregated
at the water surface or settled) were discussed to reduce interactions of test organisms,
leading to reduced effects of microplastic associated pollutants (Khan et al. 2015). In this
study, grazing by daphnids on settled PA particles from the bottom of the test beakers was
observed. We consider high ingestion rates of microplastics by the daphnids, because
intestines were observed to be filled up with PA particles within the first 24 hours until
the end of the test. Grazing with high uptake rates ensured availability of PA particles,
which could then potentially act as vector for BPA. Daphnids were also able to egest PA

43



particles. Quantification of exact ingestion and egestion rates was beyond the focus of this
study, but would allow getting a deeper understanding of the processes within the
daphnids. The scope of furthermore refined studies could be to analyse, e.g., if the time
span of the microplastic particles within the daphnids is related to sorption and

desorption kinetics.

Immobilisation of daphnids was analysed as an experimental endpoint to directly
determine the influence of microplastics on pollutant toxicity. The pairwise comparison
of immobilisation rates with the same nominal concentration of BPA directly compares
scenarios with the same overall mass of BPA without taking the distribution of BPA into
account. The increase of immobilisation rates in a dose-dependent manner for nominal
concentrations follows the known acute toxicity pattern for BPA. The same dose-
dependent pattern for BPA, in combination with microplastics but with overall lower
immobilisation rates, shows that the presence of PA particles reduced immobilisation in
daphnids.

Water seems to be the most bioavailable fraction, as hypothesized. Analytical
measurements showed that decreased immobilisation for BPA in combination with
microplastics was associated with lower BPA concentrations in water compared to BPA
alone. Sorption of BPA to PA particles led to lower actual concentrations of BPA in water,
already during preparation of test solutions. Sorption of PCB to microplastics (PE, 10-
180 um) with dilution of PCB in water was shown to compensate possible vector effects,
contributing to bioaccumulation of PCB in lugworms (Besseling et al. 2017b). That
sorption of phenanthrene to microplastics (unplasticized polyvinyl chloride, 200-250
um) can lead to reduced effect rates of the compound was shown by biomarker activity in
zebra fish larvae (Sleight et al. 2017). Vector-based uptake by ingestion was excluded,
because larvae did not develop mouthparts yet. Larvae interacted with microplastics only
by dermal contact. Even though PA particles loaded with a fraction of the pollutant were
ingested by the daphnids, this vector-based uptake of the pollutant does not seem to
compensate reduced uptake from water. The overall effect of the pollutant seems to
depend mainly on the amount of dissolved pollutant in water, if sorption equilibrium is
assumed.

While comparing the same nominal concentrations of BPA clearly showed a reduction of
immobilisation in the presence of PA particles, it cannot be excluded that a fraction of
BPA causing immobilisation was associated to PA particles. How much the single
fractions (water, microplastics) contributed to the overall effect of BPA can be addressed
by comparing ECs, values. ECs, values were calculated with immobilisation rates and
actual concentrations of BPA measured by HPLC in water. If only BPA dissolved in water
is determining the rate of immobilisation, ECs, values of BPA alone, and BPA in
combination with microplastics, can be expected to be in the same range. A lower ECs,
for BPA in combination with microplastics would indicate higher sensitivity of daphnids
to BPA if PA particles are present. Although the ECs for BPA in combination with
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microplastics is lower than for BPA alone, the overlapping confidence intervals indicate
no significant difference. Thus, we consider the contribution of PA particles as a source
for BPA to the overall immobilisation rate to be negligibly small.

Tissue concentrations of pollutants were measured in most studies to analyse the
potential vector effect of microplastics. While we did not measure internal conditions,
including tissue concentrations, calculations based on physiochemistry give an indication
for the overall uptake of BPA. Calculations on the mass distribution of BPA indicate that
not only less BPA is partitioning into water, but also, less BPA is distributed into the
daphnids. Lower calculated body burden with BPA corresponds to observed lower
immobilisation rates. In adult zebra fish tissue, concentrations of silver (Ag) were
reduced, if Ag could sorb to microplastics during 96 hours incubation prior to exposure
(Khan et al. 2015). In another study, whole body concentrations of phenanthrene in
daphnids were not different between treatments with microplastics or phenanthrene
alone (Ma et al. 2016). Only nanoplastics enhanced phenanthrene uptake in this study,
which stresses the bigger vector potential of plastics below micro scale.

Different factors have been discussed to influence desorption of pollutants within
organisms between ingestion and egestion of microplastics, i.e., pre-exposure with
pollutants, biological conditions, and processes. The concentration gradient in this study
was not influenced by pre-experimental BPA burden in daphnids, because the daphnids
have not been exposed to BPA before exposure. When organisms have already
accumulated pollutants in their body, remobilization of the pollutant from microplastics
can be expected to be lower because of smaller concentration gradients. Ingestion of
relatively clean microplastics is discussed to reduce pollutant burden in organisms, if
partition coefficients are higher for the plastic material (Koelmans et al. 2013). Three week
exposure of lobsters with microplastics loaded with PCBs and incorporated in food had
no effect on PCB concentrations in tail tissue (Devriese et al. 2017). The lobsters had been
pre-exposed to PCBs prior to experiments in the environment, which resulted in a smaller
concentration gradient compared to clean organisms. After a depuration phase of one
week with ingestion of clean microplastics, PCB concentrations were the same, indicating
no cleaning effect of microplastics.

Based on experimental evidence, physiological conditions in the gut, like gut surfactants,
pH, and temperature, were discussed to enhance remobilization of absorbed pollutants
on microplastics (Bakir et al. 2014). Faster desorption rates were found only for warm-
blooded organisms. Model-based studies on marine organisms hypothesize that
desorption of organic pollutants from microplastics is negligible, even if physiological
factors are included (Bakir et al. 2016). Interactions between organismal tissue and
ingested microplastics loaded with pollutants also depend on gut passage time. Higher
remobilization rates of pollutants from microplastics can be expected for longer gut
passage times. Gut passage time in daphnids for food particles is relatively short, with
egestion within minutes (Murtaugh 1985). Thus, remobilization from loaded
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microplastics which pass through the digestive system might be limited. Smaller
microplastics which are able to pass tissue or even cell barriers, might be of more
importance for acting as vectors, while bigger microplastics can be egested more easily
(Ma et al. 2016). In addition to microplastics in the intestinal tract of daphnids,
translocation of PA particles within the body, like observed for 1 um microplastics
(Rosenkranz et al. 2009), cannot be excluded.

Besides tissue concentration, also the location of a pollutant within the body and
depuration was shown to be influenced by microplastics. A bigger proportion of Ag was
found to be located in the intestines in the presence of microplastics in zebra fish,
although overall Ag concentration was lower compared to exposure without
microplastics (Khan et al. 2015). Gut content was not separated from organismal tissue
for analysis. This is why the higher proportion could be due to microplastics still carrying
Ag, rather than higher concentrations of Ag in organismal tissue.

Similar to the results of this study, the role of microplastics as vector seemed small as soon
as other uptake pathways than microplastics were included in recent studies. In a
sediment-living marine worm, PCB uptake from microplastics was lower than from
sediment (Beckingham and Ghosh 2017). Gut solubilisation potential was relatively low
compared to natural material, i.e., wood and biochar, indicating the limited role of
microplastics in pollutant transfer. In marine mussels, a mixture of fluoranthene (Flu),
microplastics (PS, mix of 2 and 6 um), and food algae did not change the concentration
of Flu in digestive glands after seven days, compared to Flu and algae without
microplastics (Paul-Pont et al. 2016). By incubating Flu with microplastics and food algae
prior to exposure, different uptake pathways were included in this study (water,
microplastics, algae). A fraction of Flu which was held by algae was transferred to
microplastics during incubation, due to the higher partition coefficient. During a seven
day period without any exposure, depuration was lower if mussels had been receiving
mixtures, including microplastics, beforehand. Negative effects on detoxification and
impairment of the filter activity were discussed as reasons. Also, remaining microplastics
loaded with Flu could not be excluded. While concentrations of a pollutant within the
organism indicate uptake associated to microplastics, it is necessary to also analyse
specific effects of the pollutant on the organism. Even if pollutants desorb from
microplastics, a negative effect only manifests if the pollutant reaches the target tissue.
Tissue concentrations of a pollutant, especially the whole body burden, do not necessarily
reflect the extent of a net pollutant effect. Studies including effects of pollutants, e.g.,
toxicity, can help to identify the actual influence of microplastics on organisms.
Interestingly, toxic effects of Flu on mussels were enhanced for treatments including
microplastics, although concentrations of Flu in tissue were not different (Paul-Pont et
al. 2016). More histopathological damage and higher activity of antioxidant markers were
found.
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Besides studies showing low evidence for microplastics as carriers for pollutants, there are
also reports about enhanced pollutant body burden and negative effects after ingestion of
loaded microplastic (Karami et al. 2016, Rochman et al. 2013, Wardrop et al. 2016).
Different conclusions have been made about the role of microplastics as vector, because
of different outcomes of experimental studies. Experimental approaches in these studies
differed a lot, but re-evaluation including equilibrium sorption showed that most studies
indicate no, or only low relevance for microplastics as pollutant vector (Koelmans et al.
2016). In a recent study, model and experimental approaches were combined to analyse
the vector effect of microplastics (PE) for PCB on marine lugworms (Besseling et al.
2017b). Uptake fluxes from all exposure pathways were quantified to comply with
environmental relevant exposure conditions. Experimental and model approaches both
go along with the general results of our study, that the role of microplastics as vector for
organic pollutants is small.

3.5 Conclusions

The exposure scenario in this study addressed selected requirements for an
environmentally relevant exposure, i.e., sorption equilibrium and water, as an additional
uptake pathway in addition to microplastics. All BPA concentrations used in this
experiment greatly exceed concentrations of BPA detected in rivers and lakes, e.g., with a
maximum of 16 ng L' in WWTP effluent (Kuch and Ballschmiter 2001). The
concentration of the PA particles is also above expected values in freshwater
environments (Faure et al. 2015, Imhof et al. 2016). Nevertheless, high concentrations of
BPA and PA particles, exposure of clean daphnids, and high uptake rates of PA particles,
created a scenario in favour of high sensitivity to detect the potential vector effect of PA
particles in general. Supporting model-based studies, a vector effect as shown in other
experimental studies only plays a minor role when experiments are carried out under
more environmentally relevant conditions, and under the assumption of sorption
equilibrium (e.g. Koelmans et al. 2016). These findings help to systematically identify how
freshwater organisms are harmed by pollution of chemicals and microplastics, and
support a more mechanism-based risk assessment. Further experimental studies could
analyse, e.g., how higher sorption capacity of microplastics and other additional uptake
pathways might influence a potential vector effect of microplastics, and if other organisms
respond in a similar way. Natural particulate matter seems to make a big proportion of
particles in aquatic systems. Thus, analysing their potential vector function in comparison
to microplastics could help to set the role of microplastics as pollutant vectors into
perspective.
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4.1 Introduction

Aquatic and terrestrial ecosystems are ubiquitously polluted with plastics in general and
microplastics (< 5 mm, Moore 2008) in particular (e.g. Auta et al. 2017, Horton et al. 2017
as an overview). Improved methodological approaches in the last years led to a more
detailed picture of microplastic pollution, although exact quantities are still challenging
to analyse in environmental matrices, especially for small microplastics in the range of
only a few micrometres and below (Imhof et al. 2016, Vandermeersch et al. 2015). Rivers
were identified as one important emission source of plastic waste into the ocean with 1.15-
2.41 million tonnes per year on a global scale (Lebreton et al. 2017). This highlights the
need to get a better understanding of microplastic pollution and its effects on wildlife in
freshwater systems besides marine systems.

Concerns about potential effects of microplastics in the environment have been addressed
in numerous studies with focus on mainly marine but also freshwater species (e.g.
Anbumani and Kakkar 2018). Studies on the effects of microplastics on terrestrial species
are still scarce (de Souza Machado et al. 2018, e.g. Huerta Lwanga et al. 2016). Some
organisms spend only parts of their lifetime in water or move between terrestrial and
aquatic systems. Amphibians spend the time of their early development obligatory in
water, before some of them extend their mobility towards terrestrial areas. During their
early development, amphibians are particularly sensitive to stressors like chemical
pollutants (e.g. Kloas et al. 2009). Exposure to chemical pollutants such as endocrine
disruptors during this critical time was shown to harm amphibians in the environment
(e.g. Hayes et al. 2002). Endocrine disruptors are hormonal active substances, which can
be of natural and anthropogenic origin (e.g. Kloas 2002). Humic substances, for instance,
are released from plant material by degradation and have been shown to act estrogenic in
frogs (Lutz et al. 2005a). Pharmaceuticals with endocrine effects are released via
wastewater effluents and can alter physiological processes within aquatic organisms
already at very low concentrations (e.g. Jones et al. 2001). Some chemicals associated to
the production of plastics, e.g. additives, can be expected to have hormonal effects in
wildlife as well (Teuten et al. 2009).

In frogs, endocrine disruptors with estrogenic effects lead to feminisation with genotypic
males having phenotypic female sex characteristics, i.e. characteristics of ovaries or mixed
gonads with sections characteristic for ovaries and testes, also at environmental relevant
concentrations (Bogi et al. 2002, Hu et al. 2008, Pettersson and Berg 2007). These mixed
or sex reversed ovaries were shown to be persistent in adults resulting in altered sex ratios
in populations (Pettersson et al. 2006). The oral contraceptive 17-beta-ethinylestradiol
(EE2) can be detected in surface waters, especially close to wastewater discharge sites and
acts estrogenic (e.g. Belfroid et al. 1999, Ternes et al. 1999). Amphibians share similar
hormonal systems with other vertebrates including humans (Kloas et al. 2009). The
natural estrogen 17-beta-estradiol (E2) is the same in all vertebrates, which is the reason
why results of (anti)estrogenic effects of endocrine disrupting substances can be
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transferred from lower to higher vertebrates and vice versa. The African clawed frog
(Xenopus laevis), an anuran species, is an established model organism for endocrine
disruption in vertebrates including reproduction in vitro and in vivo (Bogi et al. 2002,
Kloas et al. 1999, Kloas 2002, Lutz et al. 2005b). High plasticity during early development,
when metamorphosis and sexual differentiation take place, characterises X. laevis as
sensitive model organism (Kloas et al. 2009). The gonads of X. laevis are bipotential. Their
differentiation into ovaries or testes is regulated by genotypic sex determination and the
action of endogenous steroids. The hypothalamic-pituitary-gonadal (HPG) axis is the
endocrine system in anurans responsible for sexual differentiation in larvae and
reproduction maintenance in adults (Kloas and Lutz 2010). The HPG axis can be
regulated physiologically by steroid hormones, which influence the secretion of
gonadotropins via feedback mechanisms. This is why pollutants mimicking steroid
hormones, i.e. endocrine disruptors, have the potential to alter processes on the HPG axis.
Endocrine disruptors are assumed to contribute to the worldwide decline of amphibian
populations (Carey and Bryant 1995). Some underlying processes for this decline, such as
loss and overutilization of habitats and pollutants, have been identified, but the processes
being responsible for nearly 50% of all declining amphibian species are not clear yet
(Stuart et al. 2004). It needs to be clarified, if microplastics contribute as additional
stressor to the rapidly declining populations in the environment.

In principle, microplastics can have adverse effects by the pristine microplastic material
itself (physical effects) and by chemicals associated to microplastics (chemical effects).
Chemical effects can either be based on chemicals leaching from the microplastic
material, ie. additives, or on chemicals in their surroundings interacting with
microplastics, i.e. sorption and desorption of these chemicals (Teuten et al. 2009).
Organisms which misinterpret microplastics as food ingest microplastics (e.g. fish, Lusher
et al. 2013), others take up microplastics from the water column unspecifically (e.g.
daphnids, Rehse et al. 2016). Filter feeders like tadpoles are prone to microplastics in the
water column likewise. The uptake of microplastic particles in the range of a few
micrometres (1 and 10 um) was observed in X. laevis tadpoles within one hour (Hu et al.
2016). The particles were present in gills and intestines of the tadpoles and were egested
again. Potential adverse effects of the microplastic material were not analysed in this
study. In another study, body growth and swimming activity of X. laevis larvae in an early
life stage were not affected by the exposure to microplastics in an laboratory setup in petri
dishes without feeding (de Felice et al. 2018). Uptake of pristine microplastic material at
high concentrations has been shown to induce stress and cause inflammation in aquatic
vertebrates like fish (Lu et al. 2016, Rochman et al. 2013). In principle, microplastics can
act as vector for sorbed chemicals to organisms, especially if they are ingested (e.g.
Rochman et al. 2013). However, as soon as additional uptake pathways for the chemical
pollutants are included, microplastics seem to play only a minor role for pollutant uptake
compared to e.g. water (e.g. Koelmans et al. 2016, Rehse et al. 2018). An influence of
microplastics on the effects of chemical pollutants can be expected most likely within
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environmental scenarios with high concentrations of microplastics and chemicals. Effects
of microplastics described in the literature are heterogeneous not only for physical, but
also for chemical ones, such as an influence of microplastics on pollutants. Microplastics
were shown to enhance effects of chemical pollutants, however, also decreased or
unchanged responses to chemical pollutants in the presence of microplastics were
described (e.g. Karami et al. 2016, Oliveira et al. 2013). Microplastics seem to have a
selective influence on the toxicity of chemical pollutants. The mixture of phenanthrene
and microplastics only affected some biomarkers in catfish in the study by Karami et al.
(2016). Even within one experiment, some endpoints can show increased biomarker
responses, while others indicate decreased effects, when chemical pollutants are presented
together with microplastics compared to chemical pollutants alone (Oliveira et al. 2013).
Mortality induced by pyrene was shown to be delayed for several hours if presented
together with PE particles. At the same time, the mixture of pyrene and microplastics
decreased NADP*-dependent isocitrate dehydrogenase activity, which is likely to have
adverse impacts on energy production.

The aim of this study was to get a better mechanistic understanding of potential effects of
microplastics on amphibians. Both, effects of the mere microplastic material itself and the
influence of microplastic on the effects of an environmental pollutant, i.e. endocrine
disruptor, were studied in tadpoles of X. laevis. The exposure scenario was designed in
order to analyse in principle, whether microplastics can harm amphibians in their early
development. High concentrations of both, microplastics and the chemical pollutant,
were chosen to achieve basic knowledge about potential effects, rather than representing
a scenario likely encountered in the environment. The systematically laboratory approach
was based on established criteria to identify adverse effects including general and more
specific endpoints. The general development, stress hormones and histological analysis
of the heads including gills and intestines of tadpoles were chosen as endpoints for
physical effects of the microplastic material itself. Sexual development and the mRNA
expression of biomarkers in the brain, liver and gonads were analysed in order to identify
an influence of microplastics on specific effects of an endocrine disruptor. Polyamide
(PA) particles in the pm-range and in the shape of fragments and EE2 were chosen as
model compounds because of their environmental relevance. Irregular shaped
microplastics, i.e. fragments, and small microplastics in the um-range were found to be
one of the most abundant microplastic types in the freshwater systems (Faure et al. 2015,
Free et al. 2014, Imhof et al. 2016). PA is one of the most detected polymer types in the
environment, e.g. in beach sediments of lakes. Tadpoles were exposed to a low and a high
concentration of PA particles alone and in combination with one concentration of EE2
(more details are given in the method section). This is the first study about physical and
chemical effects of microplastics on amphibians from an early larval stage until
completion of sexual differentiation, but some general hypothesis can be proposed. First,
if PA particles induce adverse impacts on tadpoles, the high concentration of PA particles
is expected to cause more pronounced effects, i.e. altered general development, stress
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hormone levels and histological changes, than the low concentration. Second, specific
effects of EE2, i.e. sexual development and biomarker expression, are expected to be
modified rather by the high concentration of PA particles, than the low concentration.
Modulation of the effects of EE2 can most likely be expected for the most sensitive
biomarkers, i.e. sexual differentiation and expression of vitellogenin mRNA. The results
of this study serve as first basis to identify potential impacts of microplastics on
amphibians and help to estimate the potential risk microplastics may pose to amphibians
in the environment. Results on effects of the microplastic material itself, which have been
addressed only rarely in amphibians in earlier studies (de Felice et al. 2018), were obtained
after short- and long-term exposure. In the light of declining amphibian populations in
the environment it is crucial to not only analyse the effects of new emerging contaminants
such as microplastics themselves, but also to obtain an understanding of mixed effects of
these contaminants with already known stressors such as endocrine disruptors. To the
best of our knowledge this study addressed for the first time how effects of a chemical
pollutant, i.e. endocrine disruptor, can be modulated by microplastics in amphibians.
Finally, the obtained results are also relevant in a broader context, i.e. for vertebrates in
general, due of the high similarity of their endocrine systems.

4.2 Methods

4.2.1 Animals

The animals were derived from a healthy laboratory stock of the Leibniz-Institute of
Freshwater Ecology and Inland Fisheries (IGB), Berlin, Germany. Human chorionic
gonadotropin (Sigma, Deisenhofen, Germany) was injected to adult frogs to induce
spawning (Kloas et al. 1999). Larvae were grown in aerated tanks with deionized water
containing 0.25 g L' commercial sea salt (“Tropic Marin Meersalz”, Tagis, Dreieich,
Germany) as holding water with a photoperiod of 12 hours light and 12 hours dark. As
soon as the larvae reached the free-swimming stage they were fed ad libitum three times
a day with commercial food (Sera Micron, Heinsberg, Germany).

4.2.2 Model microplastic material and endocrine disruptor

PA powder was chosen as model microplastic material and purchased from Goodfellow
(Goodfellow GmbH, Bad Nauheim, Germany). The particles had a mean diameter of 15-
20 um with an overall range of a minimum of five to a maximum of 50 pm and an irregular
shape. The density of the PA material is 1.13 g cm™ (Nylon 6, AM306010). EE2 (= 98%,
CAS number 57-63-6) was purchased from Sigma Aldrich (Sigma-Aldrich Chemie
GmbH, Munich).
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4.2.3 Experimental setup

Individuals of X. laevis were exposed semi-static to PA particles (microplastics, MP) and
EE2 for seven days (short-term) and 21 days (long-term). A total of 420 tadpoles were
separated and randomly distributed into 14 aquaria (10 L total water volume) with 30
animals per aquarium seven days prior to exposure to acclimatize to experimental
conditions. The aquaria were aerated with a constant airflow through glass pipettes under
the same conditions as described before (holding water, photoperiod). Water temperature
(22 £ 0.5 °C) was regulated by setting the aquaria up in channels filled with water heated
with a heating rod. Exposure experiments started as soon as the tadpoles reached
developmental stage 51 according to Nieuwkoop and Faber (1958), at which the hind
limbs of the tadpoles have a regular conical shape with some melanophores.

Tadpoles were exposed to seven different treatments with two aquaria per treatment
(n=30 per aquarium, n=60 per treatment). Microplastic specific effects were studied by
exposing the tadpoles to two different concentrations of PA particles alone (1 mg L' and
100 mg L) and in combination with one concentration of EE2 (10® M £ 2.96 ug L'). PA
particles were presented alone to analyse the effects of the microplastic material itself,
while the combination of the PA particles was presented to analyse the influence of
microplastics on the specific effects of EE2. The seven treatments consisted of (1) the low
concentration of PA particles (MP low) and (2) the high concentration of PA particles
(MP high), (3) one concentration of EE2 (10® M) alone as pollutant control (EE2), (4)
EE2 combined with the low concentration of PA particles (MP low, EE2) and (5) EE2
combined with the high concentration of PA particles (MP high, EE2), (6) PA particles
loaded with EE2 prior to exposure in an EE2 solution with the same concentration of EE2
as for EE2 alone (MP loaded) and (7) a solvent control treatment (control). All procedures
were reviewed and approved by the German State Office of Health and Social Affairs
(LaGeSo, Berlin Germany; Reg 0013/016).

4.2.4 Preparation of treatment specific conditions

PA particles were weighed into glass flasks (10 mg for MP low and 1 g for MP high) and
mixed with an equivalent of the holding water from the associated aquaria that were
intended for the treatments with microplastics (MP low; MP high; MP low, EE2; MP high,
EE2), thoroughly mixed, sonicated for one minute and added to the aquaria. Flasks were
rinsed three times with holding water to assure full transfer of particles. A stock solution
with EE2 (296 mg L) was prepared with dimethyl sulfoxide (DMSO) to ensure that the
stock solution remained stable. 100 pl of the stock solution were pipetted into the aquaria
for treatments that included EE2 (EE2; MP low, EE2; MP high, EE2). For treatments that
included both, EE2 and PA particles (MP low, EE2; MP high, EE2), EE2 was added after
adding the PA particles. For the treatment with pre-loaded PA particles (MP loaded), 10
mg of PA particles were added to glass bottles (0.5 L total volume) together with 200 ml
of holding water and 2 pl of EE2 stock solution resulting in the same initial aqueous
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concentration of EE2 during pre-loading of particles (10* M or 2.96 ug L) as directly
applied for the other treatments including EE2 (EE2; MP low, EE2; MP high, EE2). After
24 hours of shaking at 250 rpm, mixtures stood still for two hours to allow the particles
to settle down at the bottom of the bottles. Subsequently, the EE2 solution was decanted
carefully to an overall volume of 10 ml remaining solution including the loaded PA
particles. The decanted part was fully transferred to the aquaria and rinsed three times
with holding water to assure full transfer. The control treatment contained only holding
water and 100 pl DMSO, which resulted in the corresponding concentration of DMSO in
treatments with EE2 (10 pl L).

Aeration of aquaria led to a fast equal distribution of PA particles, EE2 and the solvent in
the water column. Three times a week the water was changed entirely in all aquaria, which
were then cleaned carefully and refilled according to the different treatments. Animals
were fed three times a day ad libitum with Sera Micron. After seven days of exposure, ten
out of thirty individuals were separated from each aquarium (n=10 per aquarium, n=20
per treatment). Twenty tadpoles remained for long-term exposure per aquarium (n=20
per aquarium, n=40 per treatment) for sampling after 21 days.

4.2.5 Water parameters

The temperature, pH and oxygen content in each aquarium were measured before every
water change with a probe (HQ40D Digital Multimeter Kit, Hach Lange GmbH,
Diisseldorf, Germany). Nitrate, nitrite and ammonium contents in each aquarium were
checked twice, in the first (day 4) and the third week of exposure (day 18) with LCK
Cuvette Tests (Hach Lange GmbH, Diisseldorf, Germany).

4.2.6 Measured EE2 concentrations

Concentrations of EE2 in water were checked exemplarily twice during exposure, in the
first (day 4) and in the third week of exposure (day 18). Water was sampled from all
treatments including EE2 (EE2; MP low, EE2; MP high, EE2; MP loaded) directly (0
hour), 3 hours, 6 hours and 18 hours after changing the water. 500 ml of water per
aquarium were filled into glass beakers. During a resting phase of one hour, the PA
particles settled at the bottom of the beakers. About 400 ml of the water were carefully
decanted into glass bottles (2 L total volume) without the PA particles and stored at -20
°C until further processing. The water was filtered, before EE2 was extracted from 350 ml
of water by solid-phase extraction (Thermo Scientific Dionex AutoTrace 280, Thermo
Fisher Scientific, Berlin, Germany) equipped with silica-based cartridges (Dionex SolEx
0.5 g C18 silica-based SPE cartridges, Thermo Fisher Scientific, Berlin, Germany). EE2
concentrations were measured with a Q-TOF LC/MS system (Agilent 6550 I funnel Q-
TOF LC/MS ESI negative, Agilent, Waldbronn, Germany) equipped with a Zorbax
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Eclipse separation column (Zorbax Eclipse XDB-C18 3.0x100mmx 1.8 micron, Agilent,
Waldbronn, Germany).

4.2.7 Partition coefficient and mass balance of EE2

The partition coefficient for sorption of EE2 to PA particles was calculated based on
results of a study on the removal of EE2 from water by sorption to different polyamides
including polyamide 6 (PA6) particles in a similar size range (20 um in diameter, Han et
al. 2012).

Assuming equilibrium, the partition coefficient defined as (Schwarzenbach et al. 2016):

K - Cpa
paw
CW

was calculated with values from Han et al. (2012) including c,, as equilibrium
concentration of EE2 sorbed to PA particles (in mg kg'), and ¢, as equilibrium
concentration of EE2 in water after 24 hours measured by Han et al. (230 ug L"). ¢pq Was
calculated from the EE2 mass balance as follows:

_ Miotar — Cw * Vi

pa —
Mpq

c

with m¢,¢q; as total mass (in mg) of EE2 in the system, V,, as volume of water (in L), and
M,,, as mass of PA6 particles (in kg).

The partition coefficient based on Han et al. (2012) was used for the following
calculations. Apart from the partition coefficient, all other values were taken from the
present study. The concentration of EE2 in water after 24 hours in the batches in the
present study for the treatment with loaded PA particles (PA loaded) prior to exposure of
tadpoles was calculated with

C = mtotal/Vw
v 1+ Kpa,w * pa/Vw

The mass of EE2 sorbed to PA particles (10 mg) in each batch was calculated with
Myq = Miotal — My

The theoretical concentrations of EE2 in water for all batches with EE2 (EE2; MP low,
EE2; MP high, EE2), except for the loaded PA particles (MP loaded) at day seven and 18
of exposure were calculated based on the mass balance of EE2. For EE2 alone the
concentration in water was calculated as follows

C. = Meotal
¥ "V, + BCF x My,
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and for the treatments with the low and the high concentration of PA particles (PA low,
EE2; PA high, EE2)

c Meotal
Y Vi + BCF * My g + Kpauw * Mpg

with myyeq; as total mass (in mg) of EE2 in the system, V,, as volume of water in the
aquaria (in L), the bioconcentration factor (BCF), i.e. the partition coefficient between the
organic phase (tadpoles) and water (in L kg™), K4, as partition coefficient between PA
particles and water (in L kg™) as calculated above (3043 L kg), and M,,, as mass of PA
particles (in kg; 1 mg L for PA low and 100 mg L for PA high). The BCF of EE2 for
tadpoles was calculated according to Veith et al. (1980) based on K, ,, (4677; Yamamoto
and Liljestrand 2004) leading to 362.4 L kg™'. M4 as mass of the tadpoles measured
during sampling after seven and 21 days (means per treatment).

4.2.8 Survival and general fitness

In general, all tadpoles were visually checked daily for dead animals or any abnormal
behaviour, e.g. swimming movements and food consumption. Handling during water
changes allowed checking all single individuals in particular.

4.2.9 Sampling and analysed endpoints

Various general and specific endpoints were analysed in order to identify effects of
microplastics alone and their influence on the effects of EE2 on tadpoles of X. laevis. The
general development of all individuals was assessed by analysing growth indicated by
morphological parameters and developmental stage (Nieuwkoop and Faber 1958) after
seven and 21 days. Histological sections of the head of two individuals per aquarium (n=4
per treatment) including the intestines after seven days and of four individuals (n=8 per
treatment) after 21 days including only the intestines were prepared. This method aimed
at analysing if particles might induce morphological changes and damages in the tissues
and organs that were in direct contact with PA particles (e.g. gills and the intestinal
epithelium). The amount of the stress hormones corticosterone and aldosterone was
assessed for four individuals per aquarium (n=8 per treatment) after seven and 21 days
according to Zikova et al. (2013). EE2 specific endpoints after 21 days were included to
analyse how the presence of the PA particles influenced specific effects of EE2 as
endocrine disruptor. Sexual differentiation was assessed by gross-morphology and
histology for all individuals. Genotypic sex of all individuals was determined by DNA
analysis of tail tissues. Gene expression of hypophyseal gonadotropins, i.e. luteinizing
hormone (LHbeta, LH), follicle stimulating hormone (FSHbeta, FSH), aromatase (Aro),
gonadal enzymes for steroidogenesis, i.e. steroidogenic acute regulatory protein (StAR),
cytochrome P450 (P450scc, P450), steroid 5-alpha reductase type 1 (Srd5al; S1), steroid
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5-alpha reductase type 2 (Srd5a2; S2) and hepatic vitellogenin (Vit) expression was
analysed in eight individuals per aquarium (n=16 per treatment).

4.2.10 General development

During sampling after seven and 21 days all individuals were weighed. Total body length,
snout-vent length after 21 days and in addition hind limb length after seven days were
measured under a binocular. Nieuwkoop and Faber (1958) defined 66 Cclearly
differentiated developmental stages (NF) for X. laevis beginning with the fertilized egg
until complete metamorphosis (NF 66). The scheme allows quantifying the general
development. Sexual differentiation of gonads can be assessed from NF 56 on, when testes
and ovaries can be already morphologically distinguished. The developmental stage of
each individual after seven and 21 days was assessed according to schemes of Nieuwkoop
and Faber.

4.2.11 Histology of heads and guts

Whole heads including the gills together with the guts of tadpoles after seven days and
only guts of tadpoles after 21 days were put in formalin (Carl Roth GmbH + Co. KG,
Karlsruhe, Germany) for fixation of the tissues immediately after removal from the
tadpoles and stored until further processing. The samples were dehydrated with an
automatic tissue processor (Shandon ExcelsiorTM ES, Thermo Fisher Scientific, Berlin,
Germany) by rinsing the samples first in a graded series of ethanol (ethanol > 99.8%,
denatured, Carl Roth GmbH + Co. KG, Karlsruhe, Germany) once each with 75%, 90%,
twice with 95% and twice with 99% ethanol at room temperature for 60 minutes each.
Samples were embedded in Technovit 7100 according to the manufacturer’s instructions
(Kulzer GmbH, Wehrheim, Germany). Technovit 7100 is a resin based on 2-hydroxyethyl
methacrylate. It was used, because its solid, hard structure was expected to retain
microplastic particles, which could potentially be present in the samples, better than
paraffin during slicing. All reagents and material used for Technovit embedding are listed
in Appendix Table 4.

In the first step, the samples were pre-infiltrated in a mixture of liquid Technovit 7100
with 96% absolute ethanol (1:1; Carl Roth GmbH + Co. KG, Karlsruhe, Germany) for two
hours. For infiltration, 1 g of hardener I was mixed with 100 ml base liquid for ten
minutes. All samples rested in the mixture overnight to allow infiltration into the tissues.
After infiltration, heads and guts were placed separately in the moulds of the histoforms.
For polymerisation, 1 ml hardener II was mixed with 15 ml of the base liquid and,
depending on the size of the sample, 1-3 ml of the mixture were added to each histoform
mould. Polymerisation with hardening of the substance took place within minutes
(maximum of ten minutes). Histoblocs were attached to each specimen with Technovit
3040 in the last step. For this, Technovit 3040 powder was mixed quickly with the base
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liquid (2:1) with a glass rod. After placing a histobloc on each mould, the mix was carefully
poured at the back of each histobloc. The mixture hardened within ten minutes and
histoblocs could carefully be removed from the moulds together with the specimens
embedded in the polymer. Heads and guts were sliced in 5 pm thin sections with a
Supercut 2065 microtome (Superfrost, Carl Roth GmbH + Co. KG, Karlsruhe, Germany)
and placed on glass slides. The sections were stained with pre-mixtures of blueing acid
ethanol containing hydrochloric acid (1% HCI, Carl Roth GmbH + Co. KG, Karlsruhe,
Germany) and ethanol (70%, Carl Roth GmbH + Co. KG, Karlsruhe, Germany) as well as
with hematoxylin (hematoxylin solution according to Harris, ready to use; Carl Roth
GmbH + Co. KG, Karlsruhe, Germany) and eosin (concentrate for microscopy, Merck,
Darmstadt, Germany; all pre-mixtures listed in Appendix Table 5). In addition, ethanol
(Ethanol > 99.8%, denatured, Carl Roth GmbH + Co. KG, Karlsruhe, Germany) and xylol
(98%, for histology, Carl Roth GmbH + Co. KG, Karlsruhe, Germany) were used. All
single steps for staining are listed in Table 4. Sections were examined under an Axiovert
200 microscope (Zeiss, Berlin, Germany) equipped with a Show View II digital camera
(Olympus, Hamburg, Germany).

Table4  Staining procedure of head and gut sections

Single steps applied for head and gut sections with all reagents and incubation times.

Reagent Incubation time
hematoxylin 25 min

running tap water 5 min

blueing acid ethanol dipping 3 times
distilled water dipping 5 times
0.1% eosin solution 15 min

96% EtOH dipping 5 times
100% EtOH dipping 5 times
xylol dipping 2 times

4.2.12 Stress hormone levels

Corticosteroids influence osmotic and metabolic changes and the action of thyroid
hormones during larval development of amphibians (Hanke and Leist 1971, Kaltenbach
1958). Aldosterone and corticosterone can be used as an indicator for stress in
amphibians and were already measured with the same method, i.e. ELISA kits, in another
study in whole tissues of tadpoles (Zikova et al. 2013). Stress hormones were determined
with enzyme immunoassays for the quantitative determination of corticosterone and
aldosterone (Corticosterone ELISA kit and Aldosterone ELISA kit, IBL International
GmbH, Hamburg, Germany), which is based on competitive binding on solid phase
enzyme-linked immunosorbent assays (ELISA). For the extraction of the steroids whole
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animals were homogenized in glass vials with 1 ml distilled water. Six ml of diethyl ether
were added to each vial, which was shaken for one hour on a horizontal shaker. The vials
rested in a deep freezer at -80 °C for 30 minutes to separate the water phase from the
organic phase holding the steroids. In the next step, the liquid organic phase was carefully
decanted into new glass vials, while the frozen water phase rested at the bottom of the
vials. The extraction procedure was repeated two more times with the water phase. The
vials with the extracts were placed on a heating panel with 30 °C to evaporate the organic
solvent. The vials were stored at -20 °C until analysis of the steroids. Steroids were
resolved in 1 ml ethanol (5%) and processed according to the manufacturer’s instructions
of the immunoassay kits (all reagents in Appendix Table 6 and Appendix Table 7). All
steps were done at room temperature.

For corticosterone, 20 pl of each standard, control and samples were pipetted into the
microtiter wells from the kit. 200 pl enzyme conjugate were added to each well, the plates
shaken for ten seconds and incubated for one hour. The content of the wells was quickly
shaken out and wells rinsed three times with 400 ul wash solution. 100 pl substrate
solution were added to each well, which were then incubated for 15 minutes. The
enzymatic reaction was stopped by adding 50 pl stop solution to the wells. The optical
density (OD) at 450 +/- 10 nm was measured with a microplate reader (infinite® M200,
Tecan, Crailsheim, Germany) within ten minutes. For aldosterone, 50 pl of each standard,
control and sample were added into the wells of the microtiter plate. 150 ul of enzyme
conjugate were added to each well, which were subsequently mixed for ten seconds and
incubated for 60 minutes. After shaking out the content of the wells, wells were washed
five times with 400 pl wash buffer. 200 ul of TMB substrate solution were pipetted to each
well followed by 30 minutes incubation. The reaction was stopped by adding 100 ul TMB
stop solution to each well and OD measured as before at 450 nm within ten minutes.

4.2.13 Sexual development

4.2.13.1 Gross-morphology and histology of gonads

The gonad-kidney complex of each animal after long-term exposure (21 days) was
examined gross-morphologically during preparation of the organs. Gonad-kidney
complexes of all animals (with only half of the complex for animals of which biomarkers
were analysed) were fixed in Bouin’s fluid (Carl Roth GmbH + Co. KG, Karlsruhe,
Germany), dehydrated, embedded in paraffin, sliced in thin sections and stained to
evaluate the morphological sex of the tadpoles. Dehydration was done with an automatic
tissue processor (Shandon ExcelsiorTM ES, Thermo Fisher Scientific, Berlin, Germany)
by rinsing the samples first in a graded series of ethanol (Ethanol > 99.8%, denatured, Carl
Roth GmbH + Co. KG, Karlsruhe, Germany), once with 75% and 90% Ethanol each, twice
with 95% and 99% Ethanol each at room temperature for 60 minutes each. In the second
step, samples were rinsed three times with xylene (98%, for histology; Carl Roth GmbH +
Co. KG, Karlsruhe, Germany) at room temperature for 60 minutes each. In the last step,
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the samples were treated with paraffin (Paraplast, Carl Roth GmbH + Co. KG, Karlsruhe,
Germany) at 60 °C for 80 minutes. Finally, each gonad-kidney complex was placed in
embedding moulds with melted paraffin and cooled down to solidify the paraftin. The
gonads were sliced in 5 pm thin sections with a Supercut 2065 microtome (Superfrost,
Carl Roth GmbH + Co. KG, Karlsruhe, Germany) and placed on glass slides. The slides
were incubated at 60 °C overnight to remove paraffin. Hematoxylin (hematoxylin
solution according to Harris, Carl Roth GmbH + Co. KG, Karlsruhe, Germany) and eosin
(concentrate for microscopy; Merck, Darmstadt, Germany; mixed as listed in Appendix
Table 5 for heads and guts) were used for staining. Single steps of staining are listed in
Table 5. Sections were examined under an Axiovert 200 microscope (Zeiss, Berlin,
Germany) equipped with a Show View II digital camera (Olympus, Hamburg, Germany).

Table5  Staining procedure of gonad-kidney sections
Single steps applied for staining of gonad-kidney complex sections with all reagents and
incubation times.

Reagent Incubation time
xylene (twice) 5 min
100% EtOH 2 min
96% EtOH 2 min

70% EtOH 2 min
40% EtOH 2 min
distilled water 2 min
hematoxylin 2:30 min
running tap water 10 min
eosin (0.1%) 2:30 min
distilled water short rinse
80% EtOH short rinse
100% EtOH 0:30 min
100% EtOH 2 min
xylene (twice) 5 min

4.2.13.2 Genotypic sex determination

In X. laevis heterogametic sex chromosones (ZW for females, ZZ for males) determine
the sex (Chang and Witschi 1956). DM-W is a gene associated with the sex chromosone
W and crucial for the development of the ovaries (Yoshimoto et al. 2008, Yoshimoto et
al. 2010). The gene DMRT1 (doublesex and mab-3 related transcription factor 1) is
associated to the Z chromosone and crucial for the development of the testicles in males.
DM-W and DMRTT1 are exclusively expressed during sexual differentiation. According
to the presence of sex chromosones, DM-W is only expressed in females, while DMRT1
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is expressed in both sexes. DM-W and DMRTT1 are transcription factors with nearly
identical DNA binding domains. This is why both can bind to the same DNA sequence.
In contrast to DMRT1, DM-W lacks a transactivation domain. If DM-W binds to the
DNA, the transcription is not activated. Binding of DM-W blocks the binding of DMRT1
to the same DNA sequence, which means that DM-W hinders the transcription of genes
essential for testicle development. To sum up, the suppression of the transcription of male
sex specific genes leads to the development of ovaries. To analyse the genetic sex of
tadpoles, DMRT1 and DM-W were analysed as in Tamschick et al. (2016). First, DNA
from the tail tip was extracted. Sex specific DNA fragments in the samples were then
amplified in a polymerase chain reaction (PCR), separated via gel electrophoresis and
evaluated according to their fluorescence pattern.

4.2.13.3 Extraction of DNA from tail tissue

The peqGOLD Tissue DNA Mini Kit (PEQLAB Biotechnologie GmbH, Erlangen,
Germany; all components listed in Appendix Table 8) was used for the DNA extraction
from the tail tissue. This method combines the selective and reversible binding properties
of a silica-based matrix with the micro centrifugation technique. All reagents used are
from the kit and all steps were done at room temperature according to the manufacturer’s
instructions. In a first step, DNA was homogenized and lysed. Columns were loaded with
the lysate where DNA bound to the silica membrane. In two washing steps, proteins and
other contaminations were removed. Finally, the DNA was eluted in PCR water and
stored until further use.

Lysis of DNA was done by mixing 400 pul DNA lysis buffer T, 20 ul proteinase K and 15
il RNase A (20 mg ml™) and vortexing for 10 sec. The samples were incubated at 50 °C
for three hours with continuously shaking on a thermo shaker and centrifuged for five
minutes at 15.000 rpm at room temperature to pellet unsolvable debris. The supernatant
was carefully transferred into a 1.5 ml vial and mixed with 200 pl DNA binding buffer
and 400 ul DNA lysis buffer T. The PerfectBind DNA columns were loaded with the
mixture including precipitates with 2 ml collection tube attached to the column and
centrifuged at 10.000 rpm for two minutes. The column discharge was discarded.
Columns were washed by pipetting 650 pl of the DNA wash buffer (buffer concentrate
plus 1.5 volume absolute ethanol) followed by centrifugation of the columns at 10.000 x
g for 1 minute. Again, the discharge was discarded and washing repeated once again. After
attaching a 2 ml collection tube, the columns were centrifuged at 12.00 rpm for four
minutes to dry. 100 ul PCR water were pipetted on each column, columns incubated for
three minutes and centrifuged at 10.00 rpm for one minute to elute the extracted DNA.
This step was repeated once.

4.2.13.4 PCR of sex specific DNA sequences

To identify sex specific DNA fragments (DMRT1 and DM-W) the extracted DNA was
diluted to 10 ng pl'. 2 ul diluted DNA of each sample was mixed with 22.4 pl of the
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reaction mixture shown in Appendix Table 9 and 0.2 pl of each primer (25 pM stock;
Table 9). PCR was performed with specific primers for DMRT1 and DM-W (Table 6)
taken from Tamschick et al. (2016) and under the conditions shown in Table 7.

Table 6  Primers for sexing
Primer sequences for sex specific DNA fragments used for PCR including forward and reverse
sequences, NCBI accession numbers and product sizes.

Gene forward (F) and reverse (R) primer (5°>3’) NCBI accession Product size (bp)
DM-W F: CCACACCCAGCTCATGTAAAG AB365520 260
R: GGGCAGAGTCACATATACTG

DMRT1  F: AACAGGAGCCCAATTCTGAG AB259777 206
R: AACTGCTTGACCTCTAATGC

Table7  PCR program for sexing
PCR conditions for amplification of sex specific DNA fragments including cycle number,
temperature and time for each step.

Cycles Temperature (°C) Time Process

1 95 4 min initial denaturation,

polymerase activation

40 95 1 min incubation,
40 60 1 min annealing of sex specific primers
40 72 1 min elongation
1 72 10 min incubation

4.2.13.5 Gel electrophoresis of PCR products

The PCR products were separated subsequently by gel electrophoresis in an agarose gel
including ethidium bromide. The agarose gel was prepared with 1.35 g agarose (Agarose
GTQ for DNA/RNA electrophoresis, Roth, Karlsruhe, Germany) in 80 1*TAE buffer
heated up for three minutes at 600 W in a microwave (Appendix Table 10; all reagents
from Carl Roth GmbH + Co. KG, Karlsruhe, Germany). Subsequently the gel was chilled
for ten minutes down to 50 °C before adding 9 ul ethidium bromide. The gel solidified in
a special mould (Agagel, Biometra, Gottingen, Germany), which was then placed in an
electrophorese chamber (Biometra, Gottingen, Germany).

3 ul amplified DNA of each sample were pipetted together with 1 ul bromophenol blue
into gel pockets. A standard with a specific molecular weight (DNA standard, 100-1000
bp length, Sigma, Deisenhofen, Germany) was analysed in parallel to simplify the
identification of the size of the PCR products. Separation of the products occurred at 70
mV during 45 minutes. The evaluation of the gels was done with the gel documentation
system Gel Doc XR (Bio-Rad, Munich, Germany). In principle, fluorescence of ethidium
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bromide bound between base pairs makes the DNA fragments visible. Female tadpoles
show two bands for both genes at 206 pb for DMRT1 and 260 bp for DM-W, while male
tadpoles only show a band at 206 bp for DMRT1.

4.2.14 Genexpression of biomarkers

The HPG axis is organized as a cascade of different mechanisms including different
organs for synthesis and as target for related products like hormones (Kloas and Lutz
2010, schematic of the HPG axis included in this publication). The central nervous system
(CNS), especially the hypothalamus and the pituitary, the gonads and the liver are organs
related to the HPG axis (Kloas and Lutz 2010, Norris and Carr 2013). Endogenous and
exogenous stimuli trigger specialized cells in the hypothalamus, which orchestrates the
synthesis and secretion of gonadotropin releasing hormones (GnRHs, Zohar et al. 2010).
Excreted GnRHs from the hypothalamus are transported via portal veins to the pituitary
and stimulate the synthesis and release of gonadotropins, i.e. luteinizing hormone (LH)
and follicle stimulating hormone (FSH), in the pituitary. LH and FSH are released into
the blood circulation and, in turn, stimulate the release of gonadal sex steroids, i.e.
androgens and estrogens. The step-wise biosynthesis of sex steroids is done with the help
of specialized enzymes, which can be found mainly in the gonads, but also in the CNS.
Cholesterol is the starting molecule for all steroids (Urbatzka et al. 2007a). The
steroidogenic acute regulatory protein (StAR) and the side chain cleavage enzyme (P450)
are important factors for steroidogenesis. In the first step, StAR mediates the transport of
cholesterol from the outer into the inner mitochondrial membrane. P450, which is located
at the inner mitochondrial membrane, converts cholesterol into pregnenolone
subsequently (Arukwe 2008). Testosterone (T) is synthesized from progesterone in the
next step and can be either processed into 17 beta-estradiol (E2) by the enzyme aromatase
(Aro, Urbatzka et al. 2007a) or into dihydrotestosterone (DHT) by the enzyme steroid-5-
alpha-reductase (srd5al and srd5a2). In X. laevis, E2 is the most potent estrogen and DHT
the most potent androgen (Bogi et al. 2002, Kloas 2002). DHT and E2 influence the
differentiation of the gonads into testes or ovaries, i.e. sexual differentiation, as well as
spermatogenesis and oogenesis, i.e. maintenance of sexual functions. DHT and E2 have
opposite effects, while DHT acts masculinizing, E2 acts feminizing. However, DHT and
E2 can be found in both sexes. Aromatase activity, which is crucial for the synthesis of E2,
is much lower in testes than in ovaries. In females, high activity of aromatase in the ovaries
leads to about 20-fold higher E2 levels, compared to males. Relatively high DHT levels are
present in females as well, but finally the ratio of DHT and E2 is crucial for their specific
effects on sexual differentiation. For the transport of sex steroids to target organs, i.e.
gonads, liver and the CNS, via the blood, sex steroids bind to specific sex steroid-binding
proteins. When located in the target tissue, androgens and estrogens bind to cytosolic
receptors, which mediate their biological actions. After binding of the sex steroids to
cytosolic receptors, the sex steroid-receptor-complex translocates into the mitochondrial
nucleus, where it binds to specific gene regions and initiates sex steroid-dependent gene
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expression. Finally, synthesized androgens and estrogens cause a negative feedback for
the production of the gonadotropins LH and FSH, which leads to a downregulation of the
step-wise cascade of steroidogenesis (Urbatzka et al. 2006). The liver is one of the most
important target organs for E2, besides the gonads and the CNS (Nimrod and Benson
1996). In egg-laying vertebrates, the synthesis of vitellogenin in the liver is induced by E2
(Perlman et al. 1984). Vitellogenin, the yolk promoting protein, is an established
biomarker for exposure with estrogens (Kloas et al. 1999, Palmer and Palmer 1995). Sex
steroids also reach peripheral target tissues via blood circulation and are crucial for
important physiological functions, e.g. functions of the immune system (Grossman 1985).
The activity of steroidogenic enzymes can provide information about the effects of
exogenous substances, i.e. endocrine disruptors, on reproductive biology including sexual
differentiation. The mRNA expression of the steroidogenic enzymes StAR, P450, Aro,
srd5al and srd5a2 can act as biomarkers for endocrine disruption of reproductive biology
in vertebrates. Gene expression of biomarkers analysed by real-time PCR is a highly
sensitive method to detect endocrine disruption such as estrogenic activity of EE2 and
other pollutants (Kloas et al. 1999). Information about expressed target genes, especially
semi-quantitative results, is a powerful tool to monitor response of organisms already on
a molecular level, even though mRNA expression does not necessarily reflect the
responses on the protein level.

For analysis of mRNA expression, as measure for transcription of the genes, eight
randomized chosen animals were sacrificed with Tricaine methanesulfonate (MS-222). A
part of the brain containing the pituitary and diencephalon, the gonad-kidney complex
and the liver were dissected, immediately frozen in liquid nitrogen and stored at -80 °C
until further processing. Gene expression via mRNA of the luteinizing hormone (LHbeta)
and the follicle stimulating hormone (FSHbeta) from the pituitary and cytochrome P450
(P450scc), aromatase (Aro), steroidogenic acute regulatory protein (StAR), steroid 5-
alpha reductase type 1 (Srd5al; S1) and the steroid 5-alpha reductase type 2 (Srd5a2; S2)
from the gonad-kidney complex and vitellogenin from the liver were analysed to
characterize sexual differentiation and specific effects of EE2. In order to determine
mRNA expression, mRNA needed to be first reversely transcribed into robust
complementary DNA (cDNA). The reverse transcriptase (RT), a RNA dependent DNA
polymerase, acted as catalyst for reverse transcription. The cDNA synthesis occurred only
based on RNA by using a poly-dT-primer in a reverse transcription polymerase chain
reaction (RT-PCR). After transcription of mRNA in cDNA, the cDNA was amplified
using real-time PCR. In addition to producing millions of copies of a sequence as in PCRs
in general, real-time PCRs also quantify the amount of DNA copies, which can be used to
predict the activity of the target gene.

4.2.14.1 Extraction of RNA from pituitaries, gonads and livers

Total mRNA from the brains including the pituitary was extracted with the RNeasy-Plus-
Micro-Kit (Qiagen, Hilden, Germany; all components are listed in Appendix Table 11),
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which includes the removal of DNA, according to the protocol of the manufacturer. To
sum up, the tissue was lysed and homogenized in a buffer, which inactivated RNases. The
lysate was added to a spin column (gDNA Eliminator spin column) in which DNA was
removed. In the next step, ethanol was added to enhance binding of RNA before adding
the lysate to another spin column (RNeasy MinElute spin column). Next, the RNA was
washed with washing buffer and ethanol and eluted in RNase-free water.

In detail, the tissue was lysed and homogenized by adding 350 pl RLT buffer followed by
two times homogenisation in a Tissue Lyser (Qiagen, Retsch, Hilden, Germany) at 18 rpm
for two minutes. The samples were centrifuged for three minutes at 12.000 rpm at room
temperature (Biofuge Fresco, Heraeus, Hanau, Germany). The supernatant was added to
a gDNA eliminator column, which was centrifuged at 10.000 rpm for 15 seconds. 350 ul
70% ethanol were mixed with the supernatant in a new vial and 700 pl of the suspension
added into an RNeasy MiniElute column, which ass centrifuged for 15 seconds at 10.000
rpm. The column was washed with wash buffer in three steps, twice with RW1 buffer (first
with 700 pl, second with 500 ul) and once with 500 pl RPE buffer, each with centrifuging
the column at 10.000 rpm for 15 seconds after adding the buffer. In a final washing step,
the columns were washed with 500 ul 80% ethanol and centrifuged at 10.000 rpm for two
minutes. After discarding the eluate, the columns were centrifuged with open caps for five
minutes at 12.000 rpm to remove all ethanol. RNA was eluted in 14 ul Rnase free water
with incubation for one minute, followed by centrifugation for one minute at 12.000 rpm.
The eluate was added to the column again, followed by one minute incubation and
centrifugation for one minute at 12.000 rpm.

Total RNA from gonads was extracted using the ReliaPrep™ RNA Tissue Miniprep System
(Promega, Mannheim, Germany; all components are listed in Appendix Table 12). The
extraction procedure was performed according to the manufacturer’s instructions and
includes DNase treatment to reduce DNA contamination. In principle, tissue was
homogenized in lysis buffer and RNA precipitated by adding isopropanol. Specific
washing buffers (RNA Wash Solution) were used to wash RNA retained at the silica
membrane of spin column. DNase digestion was included in the stepwise protocol. RNA
was re-dissolved in RNase-free water. Single steps of the extraction are described in the
next paragraph.

In detail, samples were homogenized in a Tissue Lyser (Qiagen Retsch, Hilden, Germany)
after adding 250 pl LBA buffer mixed with 1-Thioglycerol. The homogenates were cleared
by centrifugation for three minutes at 14.000 x g and transferred to clean vials. 85 pl
isopropanol were added and samples vortexed for five seconds. Each lysate was
transferred to a mini column in a collection tube and centrifuged at 12.000-14.000 x g for
30 seconds. The discharge in the collection tube was discarded. DNase I treatment was
prepared by gently mixing 24 pl yellow core buffer, 3 ul MnCl, and 3 pl DNase I per
sample. 30 pl of this mix was applied to every mini column and incubated for 15 minutes
at 20-25 °C. 200 pl column wash solution mixed with ethanol were added in the next step,
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followed by centrifugation at 12.000-14.000 x g for 15 seconds. Columns were washed
twice with RNA wash solution, first with 500 ul followed by centrifugation at 12.000-
14.000 x g for 30 seconds, second with 300 ul and centrifugation at full speed for two
minutes. Subsequently the mini columns were placed into an elution tube and 15 pl
nuclease free water added to each column. Finally, the columns were centrifuged at
12.000-14.000 x g for one minute to release the RNA extracts into the elution tubes.

Total RNA from the livers was extracted with TRIzol (Thermo Fisher Scientific, Berlin,
Germany) according to the manufacturer's instructions. In principle, this procedure
included the following steps. The samples were homogenized in TRIzol. By adding
chloroform to the aqueous phase containing the RNA, the RNA was separated from the
organic phase containing DNA and proteins. The RNA was precipitated in the aqueous
phase with isopropanol and washed before being re-suspended in RNase-free water.
Details are given in the next paragraph.

First, the livers were homogenized in 700 pl TRIzol with a TissueLyser for 1:30 minutes
at 18 rpm (Qiagen Retsch, Hilden, Germany) and centrifuged at 12.000 g for ten minutes
at 4 °C. 650 pl of the supernatant were mixed with 150 pl of fresh TRIzol in a new vial.
160 pl chloroform (Roth, Karlsruhe, Germany) were added and the vials vortexed for 15
seconds followed by ten minutes incubation at room temperature and centrifugation at
12.000 g for 15 minutes at 4 °C. During this step, the aqueous phase containing the RNA
was separated from the organic phase containing DNA and proteins. 300 pl of the aqueous
phase with the RNA were mixed with 300 ul isopropanol (Roth, Karlsruhe, Germany) to
precipitate the RNA in the aqueous phase. The samples were incubated first for ten
minutes at room temperature, second for one hour at -20 °C and third for ten minutes at
room temperature. The incubated samples were centrifuged at 12.000 g for twelve
minutes at 4 °C, the supernatant discarded, the pellet with the RNA washed by adding
300 pl ice cold 70% ethanol and centrifuging at 12.00 g for six minutes at 4 °C. Again, the
supernatant was discarded, while the RNA in the pellet was dried in a vacuum centrifuge
for three minutes and finally re-suspended in 40 ul RNAse free water (Thermo Fisher
Scientific, Berlin, Germany). Possible contamination with genomic DNA was removed
from RNA samples from livers with DNase I (Amplification Grade, Invitrogen, Thermo
Fisher Scientific, Berlin, Germany; reagent listed in Appendix Table 13) at room
temperature. A working solution with 1 ul reaction buffer and 1 ul DNase was added to 1
g total RNA in a 10 pl reaction. DNase I was immediately inactivated by adding 1 ul
EDTA solution to the mixture, followed by incubation at 65 °C for ten minutes.

RNA extracts from the liver were diluted to 125 ng pl”, to 4 ng ul* from the brain and to
0.125 ng pl! from gonads with RNase-free water and stored at -80°C until further
processing.
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4.2.14.2 RNA concentrations and RIN value

RNA concentrations were determined in replicates by measuring UV absorbance at 230
nm, 260 nm and 280 nm using a Nano-Drop ND-100 spectrophotometer (Thermo Fisher
Scientific, Berlin, Germany). The RNA integrity number (RIN) was assessed for a part of
the samples with the Bioanalyzer 2100 (Agilent, Waldbronn, Germany) according to the
manufacturer's protocol to determine RNA quality. The RIN value is calculated by the
Bioanalyzer based on the proportion of ribosomal 18S and 28S rRNA. RIN values between
five and eight are considered as good, values higher than eight as high quality. RIN values
of all samples from all sampled tissues indicate good to high quality of RNA (7.6-9.1 for
RNA from brain, 8.5-9.7 for RNA from liver, 8.3-9.7 for RNA from gonads).

4.2.14.3 cDNA synthesis by reverse transcription

Preparation of samples and cDNA synthesis was done on ice. cDNA was synthesized by
reverse transcription with a thermal cycler (Biometra, Gottingen, Germany) with
different protocols for samples from pituitaries, gonads and livers. Reagents used for the
protocols are summed up in Appendix Table 14. After cDNA synthesis, all samples were
stored at -20 °C until further processing. In addition to samples from the tadpole
experiments, control RT-PCR samples without reverse transcriptase were included in the
cDNA synthesis.

Two pre-mixtures were prepared for cDNA synthesis of pituitary RNA from tadpoles
(Appendix Table 15). In the first step, 1.5 pl of Premix I were added to 12.5 ul RNA from
the brain (4 ng pl"). Mixtures were incubated in the thermocycler for five minutes at 65
°C for primer annealing and subsequently cooled down slowly at room temperature for
ten minutes. In the second step, 6 pl of Premix II were added and incubated for 60 minutes
at 42 °C in the thermocycler. To inactivate the transcriptase (RT) the samples were heated
up for 15 minutes at 70 °C.

9 uL RNA solution from gonads (0.125 ng ul ') were incubated with 1 pL oligo(dT) primer
(1:10) for two minutes at 65°C and samples cooled down on ice. In the next step, 4.5 puL
PCR water, 2 pL. MMLV- reaction buffer, 2 ul DTT, 1 uL dNTPs and 0.5 pL MMLV - RT
were added for cDNA synthesis. The mixture was incubated for 60 minutes at 37 °C,
before being heated up for five minutes to 85 °C to end the reaction.

For primer annealing 8 pL. RNA solution from the livers (0.125 ng ul") were incubated
with 1 uL PCR water and 1 pL oligo(dT)primer at 65°C for 2 minutes and samples chilled
on ice afterwards. In a second reaction, cDNA synthesis was performed by adding a
reaction mix with 4.5 pl RNase/DNase free water, 2 uL MMLV - reaction buffer, 2 uL DTT,
1 puL dNTPs and 1 pL MMLV- RT. The resulting mixture was incubated at 37°C for 60
min, before the reaction was terminated by heating for 5 minutes to 85°C and
immediately cooled down to 10°C.
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4.2.14.4 Real-time polymerase chain reaction for biomarkers

The cDNA sequences specific for the analysed biomarker genes were amplified with real-
time polymerase chain reaction (PCR). The PCR conditions, e.g. the temperature for
annealing of gene specific primers, were optimized for all PCRs in different pre-
experiments to maximize cDNA vyields. The efficiency of all used primers was analysed
with a dilution series of the cDNA with six different dilution steps. Efficiency was between
98-113% for all primers. All preparation steps were performed on ice. Amplification was
done in a Mx3005P qPCR cycler (Stratagene, Agilent, Waldbronn, Germany). All
biomarker specific primers used for PCR were taken from previous publications (Kloas
et al. 1999, Urbatzka et al. 2009) and are listed in Table 8. All reagents, pre-mixtures and
the thermal programs for PCRs of pituitary, gonad and liver samples are listed in
Appendix Table 16 to Appendix Table 19 as well as Table 9. cDNA from the different
organs was diluted in different proportions with RNase-free water (1:5 for pituitaries and
gonads, 1:15 for livers). 2 pl of each diluted cDNA sample were pipetted into 96 well plates
(Agilent), before adding 18 ul of PCR premix according to the specific gene. All samples
were amplified by PCR in duplicates. For the control samples, which were included earlier
in cDNA synthesis without adding reverse transcriptase, no amplification should take
place later during real-time PCR. Samples in which reverse transcriptase was replaced by
PCR water were analysed in addition to confirm the absence of genomic contamination.
Specificity of target gene cDNA amplification was checked by adding controls, in which
the cDNA was replaced with PCR water. A calibrator sample containing pooled cDNA
was run in triplicate and PCR efficiency of the target and the normalizing gene assay
corrected to determine relative quantities of target transcripts. The efficiency for the
target gene assays ranged between 86% and 100%. The expression of the housekeeping
gene elongation factor 1a (EF-1a) was analysed in parallel as reference to normalize target
gene expression according to Pfaffl (2001).
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Table 8  Primers for all analysed biomarkers

Primer sequences of the elongation factor 1- a and all analysed biomarkers including forward

and reverse sequences, NCBI accession numbers and product sizes.

Gene Forward (F) and reverse (R) primer (5°—3’) NCBI accession  Product
size (bp)

Elongation factor 1-a F: ACCGCACAGGTTATCATC M25504 286

chain (EF-1a) R: CAACAATGGCAGCATCTC

Aromatase (Aro) F:CGGTTCCATATCGTTACTTCC AB031278 140

R:GCATCTTCCTCTCAATGTCTG

P450 side chain F: CAGTGTTGGCCAGGATTTTGT XM_002934562 97

Eif:;’g;ge enzyme R: GCGGAAGAGCTCATTGGTCAG

steroid 5-a reductase, F: CTGAACCTCTTGGCTATG NM_001098696 201

type 1 (Srd>al, SI) ¢, GATGCCTAACTCGGATTG

steroid 5-a reductase, F: CTTATCCTGCTGCTTATG NM_001017113 203

type2 (Srd5a282) R AGTCCTTTGGAAATAGTG

steroidogenic acute F: AACCCAAATGTCAAGGAAGTCAAG AF220437 113

gi‘;ﬁ;"“’ protein B ACAAAATCCCGGGCCCCTACAATA

Follicle stimulating ~ F: TGCTCGTTCTGTGTTGGAAGATG AB175888 171

hormone (FSH) R: CCTGTTTGATGAGTGGATGCTTTG

Luteinizing hormone ~ F: CACTGACGCTTCTGGGGTTCTAC AF360397 101

beta (LH) R: GATTGGGCAGTCGTCTTTCTCT

Vitellogenin (Vit) F: CGGCTATATCAAACTTTTTGGC Y00354

R: GTTTTCTTGTTGAAATGGAGGC

Table9  PCR program for gonad, pituitary and liver samples

Conditions for amplification of cDNA from gonad, pituitary and liver samples in real-time PCR

including cycle number, temperature and time for each step.

Cycles  Temperature (°C)

Time (gonad, pituitary) Time (liver)

Process

1 95
40 95
40 62
40 72

7.40 min

17 sec
25 sec

25 sec

3 min

10 sec
25 sec

25 sec

initial denaturation,
polymerase activation

denaturation cDNA strands

primer annealing

elongation

70



4.2.15 Statistics

All data were checked for normal distribution by Shapiro-Wilk test, except for
developmental stages according to the nature of these data. Depending on the output,
ANOVAs or Kruskal-Wallis tests with corresponding post-hoc tests were run with each
aquarium as single unit to pre-check, if aquaria of one treatment (two aquaria per
treatment) differed significantly from each other. None of the tests revealed significant
differences between the two aquaria of one treatment, which is why further analysis was
done with each treatment as one unit. Treatment specific differences within one sampling
were checked by ANOVAs or Kruskal-Wallis test with corresponding post-hoc tests.
Morphological data and stress hormone levels were analysed for all animals per
treatment, mRNA gene expression of biomarkers was analysed for male and females
separately.

4.3 Results

4.3.1 Water parameters

Temperature, pH and dissolved oxygen content were stable throughout the exposure
within a narrow range with means and standard deviations of 21.7 + 0.3 °C, pH of 6.9 +
0.2 and 6.4 £+ 0.9 mg of dissolved oxygen. Total nitrogen of nitrate, nitrite and ammonium
are expressed as NO;-N, NO,-N and NH;-N respectively (Table 10). NOs-N, NO,-N and
NH.,-N levels were all higher in the last week of exposure, compared to the first week. No-
observed-adverse-effect levels (NOAEC) of nitrate- and ammonium-nitrogen for X.
laevis after chronic exposure were shown to be in the range of 10> mg L (Schuytema and
Nebeker 1999), which is why nitrate- and ammonium-nitrogen measured in the present
study can be considered to be harmless for the tadpoles. Median lethal concentrations
(LCso) of nitrite for larvae of five amphibian species were shown to range between 0.6 and
1.8 mg L' NO»-N, which is above measured values in the present study (Marco et al.
1999). The good general performance and fitness of the tadpoles supports the assumption
that no of the measured nitrogen compounds influenced the tadpoles adversely.

Table 10  Nitrate, nitrite and ammonium contents in holding water
Nitrate-nitrogen (NOs-N), nitrite-nitrogen (NO,-N) and ammonium-nitrogen (NH,-N)
content during exposure of tadpoles after four and 18 days as means and standard deviations

(SD) inmg L.
NO;-N (mg L") NO;-N (mg L") NH,4-N (mg L")
Exposure time Mean SD Mean SD Mean SD
day 4 0.18 0.02 0.02 0.00 0.98 0.06
day 18 0.30 0.08 0.05 0.01 1.53 0.51
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4.3.2 Measured EE2 concentrations

Analytical measurements showed exemplarily, that EE2 concentrations in water in the
first week of exposure (4 days) were similar and stable (between 0 and 18 hours) for the
treatment with EE2 alone and in combination with the low concentration of PA particles
(EE2; MP low, EE2; Figure 6). In contrast, the concentration of EE2 in the treatment with
EE2 combined with the high concentration of PA particles (MP high, EE2) decreased
about 40% after 18 hours compared to 0 hour. Only trace amounts of EE2 were detected
in the water from the treatment with loaded PA particles (MP loaded), both in the first
and third week of exposure (after 18 days). In the third week of exposure EE2
concentrations in all other treatments declined more quickly and already between the first
three hours until 18 hours after water change. EE2 combined with the high PA particle
concentration led to a lower concentration from the beginning on (0 hours).
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Figure 6  Measured aqueous EE2
Measured concentrations of EE2 in water in the (a) first and (b) third week of exposure after 0,
3, 6 and 18 hours respectively for the treatment with EE2 in combination with the high
concentration of PA particles (MP high, EE2), EE2 in combination with the low concentration
of PA particles (MP low, EE2), only EE2 (EE2) and PA particles loaded with EE2 (MP loaded).

4.3.3 Partition coefficient and mass distribution of EE2

The calculated partition coefficient for sorption of EE2 to PA particles as the basis for all
further calculations was 3043 L kg''. For the treatment with the pre-loaded PA particles
(MP loaded) the mass of EE2 sorbed to the PA particles (10 mg per aquarium) after
incubation in 10® M EE2 solution for 24 hours was 0.0782 ug (corresponding to 7.82 mg
EE2 kg* PA particles). Due to the 10 ml EE2 solution added to the aquaria in addition to
the loaded PA particles, a total of 0.1039 ug of EE2 were added to 10 L water in each of
the aquaria belonging to the treatment with loaded PA particles (for PA loaded). This
results in a nominal concentration of 0.010 pg L' for the treatment with loaded PA
particles, if all EE2 would be solved in the water compared to a nominal EE2
concentration of 2.96 pg L in all other treatments including EE2 (EE2; MP low, EE2; MP
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high, EE2). The nominal concentration of EE2 or the total mass of EE2 in the system for
the treatment with loaded particles (MP loaded) is lowered by a factor of approximately
300 compared to all other treatments including EE2 (EE2; MP low, EE2; MP high, EE2).

The calculated concentrations of EE2 relate to the concentrations after seven and 21 days,
because the mass of the tadpoles after seven and 21 days were used for the calculations
(Table 11). EE2 concentrations in water within seven and 21 days of exposure are very
similar for the treatment with only EE2 (EE2) and combined with the low concentration
of PA particles (MP low, EE2). In the treatment with EE2 combined with the high
concentration of PA particles (MP high, EE2), about 17% less EE2 is solved in water,
compared to EE2 alone (EE2) or in combination with the low concentration of PA
particles (MP low, EE2) after seven days. Only trace amounts of EE2 in water were
calculated for the treatment with loaded PA particles (MP loaded), due to the lower total
mass of EE2 added, both after seven and 21 days. After 21 days, EE2 concentrations in all
treatments except for the loaded particles are around 1 ug L. Calculated concentrations
of EE2 in water are similar but overall lower than measured concentrations (first week of
exposure: factor 1.5 for EE2 and MP low, EE2; second week of exposure: factor 2 for EE2
and factor 1.5 for MP low, EE2).

Table 11  Calculated aqueous EE2
Calculated concentrations of EE2 after seven and 21 days of exposure for the treatments with
EE2 alone (EE2), the low concentration of PA particles with EE2 (MP low, EE2), the high
concentration of PA particles with EE2 (MP high, EE2) and PA particles loaded with EE2 (MP

loaded).
¢y calculated (ug L)
Treatment 7 days 21 days
EE2 1.788 1.042
MP low, EE2 1.785 1.041
MP high, EE2 1.510 0.941
MP loaded 0.006 0.004

4.3.4 Survival and general fitness

In total nine out of 420 individuals died within the three weeks of exposure, which
represents a very low mortality rate. Four individuals died in the treatment with loaded
PA particles (MP loaded), two individuals in the treatment with only EE2 (EE2) and in
the treatment with EE2 in combination with the high concentration of PA particles (MP
high, EE2), respectively, and one individual in the treatment with only the high
concentration of PA particles (MP high). No abnormal behaviour of the tadpoles was
observed in any treatment for the whole time of exposure.
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4.3.5 General development

4.3.5.1 Morphological parameters

All morphological parameters of tadpoles measured after seven days (body weight, total
length, snout-vent length and the hind limb length) did not differ between the treatments
(Table 12). Overall means for all treatments were 0.603 +/- 0.153 g body weight, 53.0 +/-
4.7 mm total length, 20.3 +/- mm snout-vent length and 3.4 +/- 0.6 limb length.

Table 12 Morphological parameters of tadpoles after seven days
Body weight (g), total length, snout-vent length and limb length (all in mm) in tadpoles after
seven days exposure in different treatments with two concentrations of microplastics and one
concentration of EE2 alone (MP low; MP high; EE2) and in combination with each other (MP
low, EE2; MP high, EE2; MP loaded) and one solvent control (control) as means +/- standard
deviations (SD).

Body weight (g) Total length (mm) leslrllgtul:-(‘;nmt) Limb length (mm)
Treatment Mean SD Mean SD Mean SD Mean SD
Control 0.610 0.186 53.1 53 20.4 2.2 3.6 0.7
MP low 0.669 0.153 554 4.8 21.0 19 3.6 0.6
MP high 0.668 0.170 53.7 5.1 20.9 1.7 3.6 0.6
EE2 0.563 0.140 52.0 4.2 20.0 1.7 3.4 0.5
MP low, EE2 0.574 0.094 52.5 3.8 20.1 1.4 3.2 0.4
MP high, EE2 0.566 0.116 519 4.2 19.8 1.6 3.2 0.4
MP loaded 0.575 0.142 52.6 4.8 19.7 1.7 34 0.7

After 21 days, body weight and total length were slightly higher for treatments including
EE2 (EE2; MP low, EE2; MP high, EE2; MP loaded; Table 13), but not significantly
different from all other treatments and the control. Only snout-vent length of two
treatments including EE2 were significantly increased compared to the control (EE2; MP
high, EE2; Figure 7). At the same time, the snout-vent length for the high concentration
of PA particles combined with EE2 (MP high, EE2) was significantly lower than the high
concentration of particles alone (MP high). Means of all treatments were 1.694 +/- 0.480
g body weight, 68.7 +/- 13.3 mm total length and 24.0 +/- 1.8 mm snout-vent length.
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Table 13 Morphological parameters of tadpoles after 21 days
Body weight (g), total length, snout-vent length and limb length (all in mm) in tadpoles after 21
days exposure in different treatments with two concentrations of microplastics and one
concentration of EE2 alone (MP low; MP high; EE2) and in combination with each other (MP
low, EE2; MP high, EE2; MP loaded) and one solvent control (control) as means +/- standard
deviations (SD).

Body weight (g) Total length (mm) Snout-vent length (mm)
Treatment Mean SD Mean SD Mean SD
Control 1.556 0.556 64.4 15.6 22.9 2.0
MP low 1.577 0.576 63.2 16.8 23.0 2.3
MP high 1.490 0.516 63.1 18.4 22.9 2.1
EE2 1.771 0.354 74.1 4.4 24.3 1.3
MP low, EE2 1.844 0.307 73.8 4.2 24.2 1.3
MP high, EE2 1.805 0.334 73.6 5.8 24.4 1.3
MP loaded 1.825 0.535 68.4 12.9 24.0 1.8
*
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Figure 7 Snout-vent lengths after 21 days
Snout-vent lengths of tadpoles after 21 days of exposure in different treatments with two
concentrations of microplastics and one concentration of EE2 alone (MP low; MP high; EE2)
and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent
control (control) as means +/- standard deviations.
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4.3.5.2 Developmental stages

After seven days of exposure, the developmental stages of tadpoles in all treatments were
in the same narrow range between 53 and 56 (Figure 8). After 21 days, tadpoles in all
treatments were in a broad range of developmental stages between 57 and 65. Treatments
including EE2 (EE2; MP low, EE2; MP high, EE2; MP loaded) did only reach stage 63 and
64 with on overall lower trend except for the treatment with microplastics loaded with
EE2 (MP loaded).
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Figure 8  Developmental stages after seven and 21 days
Developmental stages of tadpoles after (a) seven days and (b) 21 days exposure in different
treatments with two concentrations of microplastics and one concentration of EE2 alone (MP
low; MP high; EE2) and in combination with each other (MP low, EE2; MP high, EE2; MP
loaded) and one solvent control (control) as means +/- standard deviations as boxplots with
medians (black line), 25% and 75% percentiles and the minimum and maximum values.

4.3.6 Histology of heads and guts

During dissection of organs after seven and 21 days intestines of tadpoles were noticed to
have whitish lumps within intestinal convolutions in treatments including microplastics.
Neither morphological abnormalities in the tissues nor microplastic particles could be
identified in gills after seven days exposure and intestines after seven and 21 days
exposure in the histological sections.

4.3.7 Stress hormone levels

Neither aldosterone nor corticosterone levels differed statistically significantly between
the treatments in males and females after seven and 21 days (Table 14). While overall
aldosterone levels were in a similar range after seven and 21 days (means for all treatments
of 0.29 +/- 0.19 ng g body weight after seven days and 0.18 +/- 0.13 ng g"' body weight
after 21 days), corticosterone levels were up to about four times elevated after seven days
compared to 21 days (means for all treatments of 23.51 +/- 7.16 ng g body weight after
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seven days and 6.90 +/- 3.03 ng g body weight after 21 days). Corticosterone levels after
21 days were slightly elevated for treatments with microplastics, but not statistically
significant.

Table 14  Stress hormone levels after seven and 21 days
Aldosterone and corticosterone plasma levels (in ng g body weight) after seven and 21 days of
exposure with two concentrations of microplastics and one concentration of EE2 alone (MP
low; MP high; EE2) and in combination with each other (MP low, EE2; MP high, EE2; MP
loaded) and one solvent control (control) as means +/- standard deviations (SD).

Aldosterone Corticosterone
7 days 21 days 7 days 21 days
Treatment Mean SD Mean SD Mean SD Mean SD
Control 0.29 0.25 0.15 0.12 22.96 10.00 4.71 2.41
MP low 0.26 0.17 0.21 0.20 23.50 5.81 6.44 2.15
MP high 0.26 0.19 0.19 0.12 21.80 8.32 7.84 2.79
EE2 0.26 0.08 0.15 0.07 20.64 8.49 5.97 3.37
MP low, EE2 0.37 0.09 0.22 0.18 23.96 5.05 8.83 4.01
MP high, EE2 0.34 0.35 0.21 0.11 25.99 7.46 8.15 2.97
MP loaded 0.22 0.11 0.14 0.04 25.74 4.57 6.35 1.90

4.3.8 Sexual development

In the control treatment slightly more animals were identified as females than as males
(62.5% in females; Figure 9). All individuals identified as mixed or shift sex by histological
analysis were genotypic males except for one individual in the treatment with EE2 alone
(EE2) with one genotypic female having mixed sex gonads. Individuals with
morphological abnormalities of gonads indicating mixed sex were exclusively found in
the treatments with only EE2 and the low concentration of microplastics in combination
with EE2 (EE2; MP low, EE2). Most males with a sex shift were found for the treatments
with only EE2 and EE2 in combination with both concentrations of microplastics each,
between 40% and nearly 60% in proportion to the overall number of males per treatment
(47.1% for EE2; 40.0% for MP low, EE2; 58.8% for MP high, EE2). Only one individual
for the treatments with microplastics loaded with EE2 (MP loaded) was identified as sex
shift.
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Figure 9 Sex ratios after 21 days
Sex ratios (%) in all treatments after 21 days of exposure with two concentrations of
microplastics and one concentration of EE2 alone (MP low; MP high; EE2) and in combination
with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent control (control).

4.3.9 Gene expression of biomarkers

Biomarker mRNA expression was evaluated separately for males and females to include
sex specific effects and only for individuals matching genotypic and histomorphological
sex. Individuals that were identified as mixed sex or with reversed sex were excluded from
further comparisons of treatment specific effects in biomarker expression. Gene
expression of mixed and reverse sex individuals were all in the same range as clearly
identified males and females, except for one genotypic female with mixed gonads for
vitellogenin. More details are given in the paragraph about vitellogenin.

4.3.9.1 mRNA gene expression in pituitaries

In males, LH mRNA levels were increased in treatments including EE2 (EE2; MP low,
EE2; MP high, EE2) except for microplastics loaded with EE2 (MP loaded; Figure 10).
Statistical significant differences compared to the control were found for EE2 alone and
the low concentration of microplastics combined with EE2 (EE2; MP low, EE2). The
mean LH mRNA expression in females was slightly elevated for the high concentration
of MP combined with EE2 (MP high, EE2) compared to the other treatments, but also
showed the highest standard deviation indicating high variability between individuals in
the treatments. FSH mRNA levels in both sexes did not differ significantly between any
treatment. The control treatment had highest mean levels of FSH mRNA but also high
individual variability.
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Figure 10 mRNA expression of LH and FSH after 21 days
LH and FSH mRNA expression in male and female tadpoles after 21 days of exposure with two
concentrations of microplastics and one concentration of EE2 alone (MP low; MP high; EE2)
and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent
control (control) relative to the elongation factor (EF) and the control treatment as means +/-
standard deviations, significant differences (p < 0.05) compared to the control are marked by
asterisks.

4.3.9.2 mRNA gene expression in gonads

StAR mRNA expression in both sexes was in a uniform range between treatments (Table
15). In males, levels of P450 mRNA were in a similar range for all treatments, while P450
mRNA levels in females were significantly lower for the treatment with EE2 alone (EE2)
compared to the control (Figure 11 and Appendix Table 20). mRNA expression of
aromatase was highly variable among individuals in all treatments indicated by high
standard deviations, especially in males (Table 15). Aromatase mRNA levels in males
were about 3-8 times elevated in the treatment with only EE2 and both concentration of
MP combined with EE2 (EE2; MP low, EE2; MP high, EE2), but not significantly different
among treatments. mRNA expression of S1 was in a uniform range for all treatments
(Table 15). Influence of microplastics alone on biomarker activity was measured
exclusively for S2 (Figure 12 and Appendix Table 20). More specifically, in males, both
microplastics concentrations alone (MP low; MP high) induced significant higher mRNA
levels than in the control. In females, S2 mRNA levels of microplastics alone were also
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elevated, but the difference was less pronounced than in males and not statistical
significant to the control.

Table 15 mRNA expression of StAR, aromatase and S1 after 21 days
StAR, aromatase and S mRNA expression in male and female tadpoles after 21 days of exposure
with two concentrations of microplastics and one concentration of EE2 alone (MP low; MP
high; EE2) and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and
one solvent control (control) relative to the elongation factor (EF) and the control treatment as
means +/- standard deviations (SD).

Males Females
Biomarker Treatment Mean SD Mean SD
StAR Control 1.00 0.37 1.00 0.46
MP low 1.16 0.40 0.66 0.18
MP high 0.92 0.25 0.87 0.45
EE2 1.54 0.14 0.80 0.33
MP low, EE2 0.87 0.12 0.72 0.20
MP high, EE2 0.80 0.21 0.66 0.23
MP loaded 1.20 0.41 0.95 0.30
Aromatase Control 1.00 0.79 1.00 0.61
MP low 1.11 0.86 0.70 0.35
MP high 0.95 0.47 0.92 0.45
EE2 3.38 3.32 0.86 0.39
MP low, EE2 8.34 5.19 0.98 0.36
MP high, EE2 3.76 3.78 0.70 0.46
MP loaded 0.80 0.38 1.20 0.52
S1 Control 1.00 0.46 1.00 0.31
MP low 1.42 0.46 0.96 0.43
MP high 1.14 0.30 0.82 0.37
EE2 1.20 0.16 0.61 0.16
MP low, EE2 1.23 0.54 0.76 0.14
MP high, EE2 1.07 0.18 1.05 0.34
MP loaded 1.14 0.40 0.87 0.24
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mRNA expression of P450 after 21 days

P450 mRNA expression in male and female tadpoles after 21 days of exposure with two
concentrations of microplastics and one concentration of EE2 alone (MP low; MP high; EE2)
and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent
control (control) relative to the elongation factor (EF) and the control treatment as means +/-
standard deviations, significant differences (p<0.05) compared to the control are marked by

asterisks.
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mRNA expression of S2 after 21 days

S2 mRNA expression in male and female tadpoles after 21 days of exposure with two
concentrations of microplastics and one concentration of EE2 alone (MP low; MP high; EE2)
and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent
control (control) relative to the elongation factor (EF) and the control treatment as means +/-
standard deviations, significant differences (p<0.05) compared to the control are marked by

asterisks.

mRNA gene expression in livers

In general, vitellogenin mRNA expression compared to the control groups was higher in

males than females for all treatments (Figure 13 and Appendix Table 21). Vitellogenin

mRNA levels were elevated exclusively for treatments including EE2 (EE2; MP low, EE2;
MP high, EE2) compared to all other treatments, except for microplastics loaded with EE2
(MP loaded) in both sexes. Again, high individual variabilities within the treatments

groups

were indicated by high standard deviations. In males, the combination of
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microplastics and EE2 (MP low, EE2; MP high, EE2) induced higher mRNA levels of
vitellogenin than EE2 alone (EE2), i.e. about ten times more for the low (MP low, EE2)
and about sixteen times more for the high microplastic concentration (MP high, EE2),
though these differences were not significantly different due to high standard deviations.
In females, mRNA levels were more similar for EE2 alone (EE2) and in combination with
microplastics (MP low, EE2; MP high, EE2) and all were significantly different from the
control. Both concentrations of microplastic in combination with EE2 (MP low, EE2; MP
high, EE2) differed significantly compared to both concentrations of microplastics alone
(MP low; MP high) and to microplastics loaded with EE2 (MP loaded).
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Figure 13 mRNA expression of vitellogenin after 21 days
Vitellogenin mRNA expression in male and female tadpoles after 21 days of exposure with two
concentrations of microplastics and one concentration of EE2 alone (MP low; MP high; EE2)
and in combination with each other (MP low, EE2; MP high, EE2; MP loaded) and one solvent
control (control) relative to the elongation factor (EF) and the control treatment as means +/-
standard deviations, significant differences (p<0.05) compared to the control are marked
according to the legends within the diagrams.
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In one individual from treatment EE2, which was excluded from treatments specific
comparisons because it was identified as genotypic female with a mixed sex gonad, mnRNA
expression of vitellogenin was elevated compared to the overall mean of both males and
females in this treatment (1362.7 relative mRNA expression).

4.4 Discussion

The results of this study show that the mere microplastic material itself (PA particles) did
not have adverse impacts on tadpoles, both, after short- and long-term exposure. Neither
the general development nor the stress hormone levels were significantly influenced if PA
particles were presented to the tadpoles alone. However, microplastics with and without
EE2 increased the stress hormone corticosterone moderately but due to high standard
deviations, no significance could be determined. Exposure to PA particles caused no
morphological abnormalities in intestines and gills. The presence of microplastics did not
alter specific effects of EE2 significantly, i.e. sex ratios and biomarker mRNA expression.
Elevated mRNA levels of vitellogenin levels in male tadpoles nevertheless indicated higher
exposure to EE2 in combination with the PA particles.

4.4.1 Exposure scenario

The laboratory approach of this study was chosen to get a better mechanistic
understanding of how microplastics potentially affect amphibians during larval
development. The conditions represent an extreme exposure scenario, which aimed at
identifying processes rather than reflecting a realistic environmental scenario. Both, the
two microplastic concentrations and the EE2 concentration used for the different
treatments exceed concentrations which can be expected in the environment. Mass
concentrations of microplastics in surface waters with differing units, i.e. mass per cubic
metre in rivers and mass per square metre in lakes, were reported between 10~ to 10" mg
m™ for rivers and 107 to 10" mg m? for lakes (Faure et al. 2015, Yonkos et al. 2014).
Concentrations of EE2 in surface waters were detected at concentrations in the range of
several ng L, e.g. up to 42 ng L in wastewater effluents (Belfroid et al. 1999, Ternes et al.
1999). The exposure scenario in the present study can be most likely compared to an
environmental scenario with high concentrations of both, endocrine disruptors and
microplastics, e.g. at discharge sites for wastewater effluents.

The distribution of PA particles within the water column due to aeration of the aquaria
ensured that the particles were available for direct contact with the tadpoles. While EE2
was first only dissolved in water at the beginning after renewal of exposure solutions (for
EE2; MP low, EE2; MP high EE2), it can be expected to distribute between the different
compartments of the test system such as food particles, PA particles, if present, as well as
tadpoles, until reaching sorption equilibrium. In the treatment with pre-loaded PA
particles (MP loaded), a smaller overall mass of EE2 was introduced in the aquaria

83



compared to the other treatments with EE2 (EE2; MP low, EE2; MP high, EE2) leading to
lower exposure of tadpoles with EE2. Regarding sorption processes, EE2 pre-sorbed to
PA particles can be expected to desorb from the particles towards sorption equilibrium
(for MP loaded). In the first week of exposure, lower measured EE2 levels in the treatment
including the high concentration of microplastics (MP high, EE2) compared to the other
treatments with EE2 (MP low, EE2; MP loaded; EE2) indicate fast sorption of EE2 to PA
particles. Fast sorption is in accordance with the study of Han et al. (2012), which was
used as basis for calculating the sorption capacity of PA particles (Kp.w). That this
difference seems to be less pronounced in the third week of exposure could be due to the
higher body mass of tadpoles with about three times more mean mass per individual than
in the first week. The higher body mass of tadpoles in the third week of exposure leads to
a higher proportion of the overall mass of EE2 being associated with the tadpoles if
compared to the first week. At the same time, EE2 can be expected to be more diluted in
the individuals. The increase of the overall body mass of the tadpoles leads to both, a
dilution of EE2 in water and the tadpoles. The proportion of EE2 in the tadpoles, in
addition, can be expected to be heterogeneously distributed depending on
physiochemical characteristics such as lipid content of tissues and biological processes in
target organs.

A relatively high sorption capacity of the PA material was indicated by K. (3043 L kg™).
The calculated BCF (362.4 L kg'), which was based on K., is comparable to the BCF
reported from Lai et al. (2002) of fish (332 L kg'). Calculated concentrations of EE2 in
water were in a similar range as measured values, but most of them were lower than the
measured concentrations. Only the aqueous EE2 concentration in the treatment with EE2
in combination with the high concentration of PA particles (MP high, EE2) was the same
for calculated and measured values in the first week of exposure. Different processes could
be the reason for higher measured than calculated EE2 values in the other treatments
(EE2; MP low, EE2). First, methodological uncertainties in laboratory measurements, e.g.
during extraction of EE2, could lead to either over- or underestimation of EE2 levels.
Second, calculations are based on estimations, which could lead to e.g. overestimation of
sorption of EE2 to PA particles (high K.« value) and the bioconcentration factor (BCF).
Third, all calculations are based on the assumption of sorption equilibrium in the test
system, however, different mechanisms like sedimentation of PA particles after some
hours and metabolisation of EE2 by the tadpoles may interfere with a stable state of
sorption equilibrium. Fourth, sorption of EE2 to food particles and glass surfaces as well
as metabolisation of EE2 by the tadpoles was not addressed for the calculations. However,
these mechanisms would lead to lower measured EE2 levels compared to calculated EE2
levels, which is the opposite to measured concentrations being higher. Last and
presumably most important, calculated values relate to EE2 concentrations at day seven
and 21, because measured masses of tadpoles during sampling were used for the
calculations, while measured EE2 concentrations relate to day four and 18, when water
was sampled for analytical analysis. At the time of measuring EE2 concentrations at days
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four and 18, the mass of the tadpoles can be expected to be lower than at days seven and
21. In principle, this leads to an underestimation of calculated EE2 concentrations in
water. The difference between the masses of the tadpoles is not quantifiable, but may be
one of the main reasons for higher measured EE2 concentrations in water. That the
calculated and measured EE2 levels after four and seven days are in the same range could
be based on the fact, that within the first week of exposure, the mass of the PA particles
was most crucial for the mass distribution of EE2 in the system. This is why inaccuracies
in the mass of tadpoles are presumably not as pivotal, as in the third week of exposure
leading to similar calculated and measured values.

4.4.2 Uptake pathways for PA particles and EE2

Quantification of uptake of EE2 and PA particles was beyond the focus of this study, but
some observations during exposure and dissection of tadpoles for PA particles implied
some general information. In principle, EE2 can enter the body by uptake from dissolved
EE2 in water and from EE2 sorbed to either PA particles or food particles. Dissolved EE2
can be internalized via different pathways, i.e. through the skin, by gills during filtering
water for oxygen uptake and by ingestion of particles during food acquisition. PA
particles in the range of 20-50 pm are not expected to enter the body through the skin,
but by filtering of water and ingestion. Hence, the gills and the intestines are the main
potential targets for effects of the PA particles, both, physically and chemically. However,
also attached particles on the skin could potentially interact with the tadpoles, i.e.
chemically. The transfer of persistent organic pollutants via attached microplastics at
epithelia was shown in zebrafish embryos (Batel et al. 2018).

Tadpoles have high filtering and ingestion rates, so PA particles can be expected to have
been internalized fast. On the other hand, also egestion rates are high. PA particles seemed
to be included in faeces indicated by its partly whitish appearance. Sinking faeces may
have enhanced sedimentation of PA particles in addition to sedimentation by aggregation
with e.g. food particles or by the particles themselves. Besides egestion of PA particles, PA
particles observed in intestinal convolutions during sampling and three days after the last
water change show that either PA particles remained in the intestines from uptake of
particles before sedimentation or that tadpoles still ingested remaining or remobilized
particles from the water column. The absence of PA particles in histological sections of
gills and intestines could be due to the preparation of the tissues including several washing
steps with inorganic (e.g. ethanol) and organic solvents (e.g. xylol). Staining of the
samples was done with focus on the tissues, while PA particles may need special staining
to be visible in the sections under the microscope. Fluorescently labelled microplastics
used in other studies (e.g. Batel et al. 2016) would have facilitated localisation in tissues
but were avoided in this study because of potential chemical effects of the fluorescent dye.
Relatively fast uptake and egestion of microplastics was reported in a study with X.
tropicalis tadpoles at stage 45 (Hu et al. 2016). The tadpoles had been exposed to high

85



concentrations (0.1-10° particles ml') of polystyrene particles (1 and 10 um in diameter).
Within one hour of exposure, particles were found in both, gills and intestines. After six
hours, particles were observed in faeces as well. Transfer of the tadpoles into clean water
after exposure for 48 hours led to a fast significant decrease of particles only when food
was present. Feeding of tadpoles seems to facilitate egestion of microplastics, which can
be expected in the present study as well. Fast egestion of a high quantity of ingested
microplastics is also known from laboratory studies with fish (e.g. Batel et al. 2016,
Jovanovi¢ et al. 2018). However, a small fraction of ingested microplastics were found to
get trapped in livers of fish indicating that microplastics can potentially translocate within
the body (Jovanovic et al. 2018, Lu et al. 2016) .

4.4.3 Effects of PA particles themselves

The results of the present study do not indicate adverse impacts of the PA particles
themselves on general development, as neither the low nor the high concentrations of PA
particles influenced growth and developmental stages significantly. In contrast, ingestion
of microplastics reduced feeding activity followed by weight loss and energy depletion in
lugworms (Besseling et al. 2013, Wright et al. 2013a). Overall, microplastics seem to
mostly pass intestinal tracts in fish and can be egested again (e.g. Batel et al. 2016), as
assumed for the present study as well. In spite of high ingestion of PA particles, gills and
intestines of tadpoles did not show signs of obvious physical damage in histological
sections. However, micro-injuries or inflammational processes cannot be excluded.
Adverse impacts like inflammation processes and physical damage in organs being in
direct contact with microplastics were observed in earlier studies (e.g. Karami et al. 2016,
Rochman et al. 2013, von Moos et al. 2012). In mussels, inflammation parameters were
increased after ingestion of high amounts of microplastics. Inflammation processes were
discussed as result of mechanical abrasion, especially of sharp-edged or irregular shaped
plastic fragments which were also used in the present study. In catfish, histopathological
changes in gills were observed as a result of exposure to microplastics (PE, 0.3-138 um in
diameter), although no microplastics could be detected in gill tissue. No PAHs, PCBs,
heavy metals and phthalates could be detected in the virgin microplastics, which is why
physical effects rather than chemical effects were suggested as reason for the changes in
the gills. Reduced acetylcholinesterase (AChE) activity was found in goby fish as a result
of microplastic exposure (PE, 1-5 um in diameter) with potential adverse impacts on
neurofunctions (Oliveira et al. 2013). Accumulation of lipids and inflammation in livers
of zebra fish indicated adverse impacts of microplastics themselves in another study with
PS particles (5 and 20 um, Lu et al. 2016). In a study by Lu et al. (2016) microplastics
accumulated in the gills, liver and the gut. After microplastic exposure for 14 days with
indirect uptake of microplastics from Artemia nauplii containing microplastics in another
study, a small fraction of microplastics were found to be retained within the mucus in
intestines, but did not induce physical damage in zebra fish (Batel et al. 2016).
Histopathological damages in intestines of zebra fish, i.e. cracked villi and split
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enterocytes, were induced by different polymer types including PVC, PA, PE and PP with
about 70 um in diameter after 10 days (Lei et al. 2018). After short-term exposure (96
hours) of fish with PVC fragments (0.1-1000 um) no severe damage in intestines like
lesions were observed, but the epithelium was thickened (Romano et al. 2018).
Presumably as result of the thickened epithelium, protease activity was found to be
elevated as well.

The absence of significant differences also for corticosteroid levels between all treatments
including the control after seven and 21 days indicate, that PA particles did not induce
severe stress in tadpoles neither alone nor in combination with EE2. However, due to
elevated mean values of corticosteroids microplastic exposure seemed to cause some
slight or moderate stress, which is not statistically significant though. The levels of
corticosterone and aldosterone were in similar ranges as in other studies (Kloas et al. 1997,
Zikova et al. 2013). That corticosterone levels were higher for all treatments including the
control after seven days than after 21 days is in accordance to the previous studies and
does not represent a specific effect. In a study with African catfish, lower cholesterol
plasma levels were discussed to be a result of increased corticosteroidogenesis in response
to the exposure with virgin microplastics (Karami et al. 2016) Interestingly, this effect was
only observed for a relatively low microplastic concentration (50 pg L), but not for a
higher concentration (500 pg L*). Upregulation of corticosteroidogenesis could not be
explicitly confirmed in the present study, because slightly elevated levels of corticosterone
after 21 days of exposure in treatments with microplastics were not statistically
significant. In fish, stress was indicated by glycogen depletion in the liver after
microplastic exposure (e.g. Rochman et al. 2013). Oxidative stress in fish was found in
another study after exposure with PS particles (5 and 20 pm, Lu et al. 2016).

Besides the shape, the size of microplastics seems to be crucial for their potential effects.
That even smaller plastics in the nano-scale (nanoplastics, uncoated polystyrene, 50 nm
in diameter) have potential teratogenic effects in amphibians during very early
development was shown in embryos of X. laevis (Tussellino et al. 2015). After
microinjection or contact exposure, embryos showed e.g. malformations and slower
growth and modified gene expression of different biomarkers. Mortality was not affected
by nanoplastic exposure. The particles were able to enter cells which was indicated by
their presence in gut cells, cytoplasm and the nucleus. Most importantly, only relatively
high concentrations between 10~ to 10' mg L were able to induce adverse direct effects
in most studies. The concentrations used in the present study are in the upper range and
above with 1 and 100 mg L' used for the experiments, which leads to a higher potential
to detect adverse impacts of the particles on the tadpoles. The lack of clear evidence that
microplastics have severe physical effects is in accordance with other studies, which
studied the effects of pristine microplastics on different endpoints such as growth and
biomarker gene expression in fish (e.g. Jovanovi¢ et al. 2018, Karami et al. 2017). First
results on potential effects of pristine microplastics at relatively high concentrations (10°
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-10* mg L) on X. laevis larvae during early-life stages did not indicate severe impacts on
growth and swimming activity as well (de Felice et al. 2018).

4.4.4 Influence of PA particles on specific effects of EE2

Sexual development and biomarker activities were analysed as endpoints in order to
clarify if PA particles have the potential to influence specific effects of EE2 as endocrine
disruptor. The treatment with only EE2 served as baseline for the specific effects, the
treatments with only PA particles (MP low; MP high) allowed to exclude effects of the
microplastic material itself on EE2 specific endpoints. Results on general development are
shortly discussed as background for more specific effects of EE2.

4.4.4.1 General development

Effects of EE2 alone on general development were only observed for snout-vent lengths
and development stages after 21 days. Slightly retarded development as result of exposure
to estrogens such as EE2 and E2 indicated by lower developmental stages is known from
other studies (Lutz et al. 2008, Tompsett et al. 2012), while slightly increased growth has
not been reported explicitly in other studies and seems to be rather spontaneous. Snout-
vent lengths in the treatment with only the high concentration of PA particles (MP high)
were significantly lower than in the combination with EE2 (MP high, EE2) indicating a
developmental effect of EE2 in this treatment towards higher snout-vent lengths rather
than an effect of the PA particles themselves.

4.4.4.2 Sexual development

The presence of PA particles in addition to EE2 did not change estrogenic effects of EE2
indicated by similar sex ratios and numbers of sex shifted individuals. An influence of PA
particles on effects of EE2 can most likely be interpreted for the treatment with the high
concentration of PA particles in addition to EE2 (MP high, EE2), because of the total
absence of mixed sex individuals.

The ratio of genotypic females to genotypic males was in a similar range for all treatments
and the control according to the randomized distribution of tadpoles at the beginning of
the exposure. That in the control slightly more females were found compared to all other
treatments seems to be a randomized effect due to the relatively low number of
individuals (n=60) per treatment. EE2 exposure shifted the sex ratios towards phenotypic
females, which could be expected because of its estrogenic effects. In tadpoles of X. laevis,
sex is pre-determined by the genotype, but the presence of estrogens can result in the
development of ovaries or mixed stages with characteristics of both, testes and ovaries in
genotypic males (Kloas et al. 1999, Kloas 2002, Pettersson et al. 2006, Wolf et al. 2010).
The complete sex shift of one genotypic female to a morphological male in the treatment
with only EE2 is regarded as rare spontaneous shift. That only one individual was
identified as sex reversed in the treatment with pre-sorbed PA particles (MP loaded) can
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be explained by the lower overall mass of EE2 compared to the other treatments with EE2
(EE2; MP low, EE2; MP high, EE2). PA particles alone did not influence sexual
development, i.e. did not change sex ratios in any treatment with only microplastics (MP
low; MP high), thus microplastics themselves did not act as endocrine disruptor

concerning sexual differentiation.

4.4.4.3 Biomarker activities

Expression of the selected biomarkers in the brain, gonad and liver was highly variable
within the treatments. High standard deviations were the consequence from high
individual variability in all treatments including the control. The relatively broad range
of developmental stages (NF 57-65) in the present study may partly explain the high
individual variability of mRNA expression in general. Tadpoles of different
developmental stages (NF 58 compared to NF 66) were shown to have altered sensitivity
to hormonal active substances in some cases (Urbatzka et al. 2014).

4.4.4.3.1mRNA expression in pituitaries

In females, both, LH and FSH levels were in a similar range without significant patterns
for all treatments and the control. Only in males, significant differences for LH mRNA
expression were found, while FSH mRNA levels were not significantly different. FSH in
the present study displayed a reversed pattern to LH like a negative feedback to EE2 but
the difference was not statistically significant. Elevated levels of LH mRNA in males for
two of the treatments with EE2 (EE2; MP low, EE2) indicate stimulated secretion of LH
from the pituitary. In contrast, LH mRNA expression in adult male frogs in a similar study
was found to be decreased after four weeks of exposure with EE2 at the same
concentration as in the present study (10 M) and was interpreted as a negative feedback
mechanism (Urbatzka et al. 2006). This is why elevated levels of LH in the present study
were not expected. Induction of LH, as in the present study, was reported as a response
to the exposure with finasteride (FIN), an inhibitor of 5a-reductase enzyme activity
(Urbatzka et al. 2009). Higher LH levels in males were interpreted to stimulate
steroidogenesis in the gonads. Exposure to flutamide (FLU) significantly increased LH
mRNA levels as well, if compared to the control treatment in another study (Urbatzka et
al. 2014). In the study by Urbatzka et al. (2006) adult frogs were exposed to EE2, while in
the present study juvenile frogs with developmental stages between 57 and 65 were
exposed. Hence, the question is, if the maturity of the gonads might be a reason for
different response patterns of LH levels to EE2 exposure of the present study and the study
by Urbatzka et al. (2006). The maturity of the gonads was also found to be crucial for the
response of gonadotropins to steroids in fish (Sohn et al. 2001). In general, basal levels of
LH in male X. laevis during larval development are highest at NF 56 during pro-
metamorphosis and decrease until completion of metamorphosis at NF 66 (Urbatzka et
al. 2010). The mRNA expression levels of the LH and FSH from the pituitary as well as
StAR and P450 from the gonad-kidney complex were analysed after exposure to a set of
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different hormonal active substances for tadpoles at NF 58 and NF 66 to compare
response patterns between different developmental stages (Urbatzka et al. 2014).
Interestingly, response patterns of LH and FSH in males were not distinctively different
between the two stages. FLU, for example, was elevated both at NF 58 and 66 compared
to the control. Exposure to E2 did not change mRNA expression of LH and FSH
statistically significant, which shows that exposure to an estrogen, does not necessarily
lead to a reduction of LH mRNA expression in males. LH mRNA was even slightly
increased in males at NF 58 in response to E2 exposure, which shows a similar trend as in
the present study. In contrast to males, response patterns of females to the different
hormones were slightly different between NF 58 and 66, i.e. more pronounced at NF 66
in most cases. For example, E2 exposure induced lower expression of LH and FSH in
females only at NF 66 and not in NF 58. Vice versa, steroidogenic genes (StAR, P450) in
males responded more pronounced to the different exposures at NF 58 compared to NF
66 in male tadpoles, indicating a higher sensitivity of tadpoles during pro-metamorphosis.
In summary, response patterns in males seem to be stage-dependent rather for
steroidogenic enzymes than gonadotropins. However, it cannot be fully excluded that the
maturity of the gonads did play a role for different response patterns of LH in the present
study. In conclusion, an expected negative feedback of EE2 on gonadotropins could not
be confirmed, which might be due to a relatively low sensitivity of tadpoles to react to
sexual steroids, although further studies are needed to fully clarify this.

4.4.4.3.2mRNA expression in gonads

Results of the analysis of the steroidogenic genes StAR, P450, Aro, S1 and S2 in the gonads
show only minor effects of EE2 and the PA particles alone and in combination. An
increase of LH mRNA expression in male tadpoles in response to exposure with FIN was
accompanied with upregulation of P450 and StAR in another study (Urbatzka et al. 2009).
This pattern can be explained by the stepwise organisation of steroidogeneses as described
earlier, however, it cannot be confirmed in the present study for biomarkers in the gonads,
because neither P450 nor StAR mRNA were upregulated. Downregulation of P450
mRNA in response to EE2 alone in females is rather small with less than 50%, but may be
interpreted as feedback mechanism to the estrogenic effects of EE2. Elevated levels of S2
in males for the treatments with only PA particles indicate a weak effect of the particles
themselves. Expression of S2 has been suggested as regulatory feedback after the exposure
with FIN and its inhibiting effect of 5a-reductase enzyme activity (Urbatzka et al. 2009).
Higher S2 mRNA levels in response to exposure with only the PA particles may point to
chemical effects of the particles, although the PA particle material is expected to be inert
according to the manufacturer’s information. However, S2 mRNA levels are elevated less
than factor two in the present study, which can be assumed to be rather small for
biomarker expression. Differences for S2 are assumed to be most likely random rather
than an effect of the PA particles themselves, but chemical effects of the particles cannot
be fully excluded. Altered biomarker expression after exposure to only microplastics (PE,
0.3-138 um in diameter) at a concentration (0.5 mg L") in a similar range as the low

90



concentration of microplastics used in the present study (1 mg L"), was reported from a
study on catfish (Karami et al. 2016). A biomarker for the regulation of stress (11 f-
hydroxysteroiddehydrogenasetype 2, Alderman and Vijayan 2012) was upregulated,
while a biomarker which is crucial for the serotonin system (tryptophan hydroxylase 2,
Walther and Bader 2003) was downregulated. Leaching of several main groups of
chemicals from the microplastic material could be excluded in this study. The authors
suggested physical effects or the release of monomers from the PE particles as potential
reason for altered gene expression.

4.4.4.3.3mRNA expression livers

Induction of vitellogenin mRNA by EE2 with higher sensitivity of males compared to
females is in accordance with a study by Urbatzka et al. (2007b). These sex specific
differences were discussed as a result of males not being able to deposit vitellogenin in the
testes, like females do in their ovaries. Vitellogenin induction in response to estrogens,
which was found to be accompanied with a decrease of testosterone in fish (Folmar et al.
1996), is suggested to be based on negative-feedback mechanisms on the HPG axis
(Urbatzka et al. 2007b).

The liver, which is crucial for detoxification, was shown to be amongst the most
vulnerable organs for physical and chemical effects of microplastics (e.g. Lu et al. 2016,
Rainieri et al. 2018, Rochman et al. 2013). Exposure to microplastics alone was shown to
result in oxidative stress, glycogen depletion and inflammational processes in livers of
fish. In zebrafish, gene expression of different biomarkers from the liver were most
affected, if a mixture of chemical pollutants, including e.g. PCBs, were presented in
combination with microplastics (LDPE, 120-250 pm; Rainieri et al. 2018). White
formations, which point towards histopathological changes, were exclusively found in
livers of fish exposed to the mixture of chemical pollutants and microplastics. Means of
vitellogenin mRNA levels in males show a trend for higher induction in the range of two
orders of magnitude, when EE2 is presented to the tadpoles in combination with the PA
particles compared to EE2 alone (EE2), despite the differences were not statistically
significant. The high individual variability within tadpoles and relatively low samples size
may lead to an underestimation of the differences. The trend for elevated mRNA
expression of vitellogenin mRNA in males points towards higher exposure of the tadpoles
to EE2 leading to an enhanced effect of EE2 if microplastics are present. According to
former studies, different mechanisms within the tadpoles could be the reason for higher
exposure to EE2 in the presence of microplastics. Sorption of EE2 to PA particles followed
by uptake of the loaded particles could lead to an additional uptake pathway for EE2
resulting in altered bioavailability of EE2 in tadpoles. That microplastics can act as vectors
for endocrine disruptors and other chemical pollutants in vertebrates in general was
shown in studies with e.g. fish (e.g. Rochman et al. 2013). However, as soon as different
uptake pathways such as water were considered in experimental and model based studies,
microplastics seem to only contribute a small proportion to the overall uptake of chemical
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pollutants (e.g. Besseling et al. 2017a, Koelmans et al. 2016). Uptake of chemical pollutants
sorbed to microplastics was discussed to be enhanced by internal factors within the
organism, e.g. temperature and pH in the intestines, especially in vertebrates like fish
(Bakir et al. 2014, Teuten et al. 2009). The results of a more recent study indicate, that the
role of these internal factors can be considered as rather small (Bakir et al. 2016).
However, other factors such as gut content and pre-exposure to the chemical pollutant
are vital to estimate the role of microplastics as uptake pathway for chemical pollutants as
well (Mohamed Nor and Koelmans 2019). Gut regimes in tadpoles are presumably similar
as in fish. Uptake rates of EE2 and tissue concentrations were beyond the focus of this
study, but a contribution of the PA particles for the overall uptake of EE2 needs to be
considered. As already stated, released chemicals such as additives from the PA particle
material itself cannot be fully excluded. In principle, released additives with estrogenic
effects could also lead to higher induction of mRNA expression of vitellogenin as well.

That the differences for the mixtures of EE2 with PA particles (MP low, EE2; MP high,
EE2) were not pronounced enough to be statistically significant could be based on the
exposure scenario in the third week. In the first week of exposure, the high concentration
of PA particles (MP high, EE2) resulted in different distribution of EE2 in the system
compared to the other treatments with EE2 (EE2; MP low, EE2; MP loaded) due to
sorption of EE2 to the PA particles, as indicated by analytical measurements and
calculations. At the time of sampling livers for analysing mRNA expression of vitellogenin
after 21 days, the mass of the tadpoles was most crucial for the mass distribution of EE2
in the system. The potential role of the PA particles to act as vectors for EE2 at this time
was lower compared to the beginning of exposure, e.g. in the first week. This may partly
explain, why differences for induction of vitellogenin mRNA were not statistically
significant. In studies showing upregulation of vitellogenin mRNA by estrogenic
compounds, adult frogs were exposed (Urbatzka et al. 2007b). The tadpoles in the present
study did not fully complete metamorphosis as indicated by developmental stages. Thus,
response to EE2 exposure in general and to the mixtures including PA particles in
particular may have been less pronounced compared to adults. Physical effects of the
microplastics themselves were also discussed to enhance effects of biomarkers besides
chemical effects (Karami et al. 2016). Facilitated uptake of phenanthrene by mechanical
abrasions in tissues was suggested as reason for changed biomarker responses in catfish,
although no microplastics could be detected in histological sections. In the present study,
histological sections of gills and intestines did not show any signs of obvious
histopathological changes. Nevertheless, micro lesions or inflammation processes
induced by the PA particles, also in the liver, cannot be fully excluded. However, an
influence of physical damage by the PA particles on the uptake of EE2 is rather unlikely,
because the high lipophilicity of EE2 results in fast and efficient uptake via membranes.
Overall, further studies are needed to clarify the potential of microplastics to enhance
effects of chemical pollutant in general and endocrine disruptors in particular in
amphibians. This is vital, especially because enhanced exposure to EE2 in the presence of
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microplastics does not follow assumptions on the mass distribution of EE2 in the system

in an equilibrium state.

4.5 Conclusions

This is the first study on potential physical and chemical effects of microplastics on
amphibians during their development until sexual differentiation. A broad set of
indicators was analysed in order to identify adverse effects of microplastics themselves
and their influence of effects of a chemical pollutant, i.e. the endocrine disruptor EE2. The
results of this study indicate that PA particles alone do not induce drastic adverse impacts
on tadpoles, although PA particles were ingested. Neither the low nor the high
concentration of PA particles caused higher mortality, inhibited development indicated
by growth and developmental stage or statistical significant higher levels of stress
hormones. Physical effects of microplastic fragments did not crucially impair the
tadpoles. The first hypothesis, that microplastics at high concentrations are more likely to
induce adverse effects is not confirmed, as no statistically significant effects were observed
at all. The influence of microplastics on the toxicity pattern of the endocrine disruptor
EE2 was limited. However, a trend for upregulation of vitellogenin mRNA expression in
males indicated higher exposure to EE2. The upregulation was more pronounced for the
higher concentration of PA particles together with EE2, which follows the second
hypothesis, that higher concentrations of microplastics have a higher potential to
influence specific effects of EE2. Vitellogenin is the most sensitive biomarker for
disruption of sexual development including sexual differentiation in amphibians besides
histomorphology of the gonads (Kloas et al. 2009). This is why a response of vitellogenin,
even though not statistically significant different in the present study, needs to be
considered as potential marker for enhanced endocrine effects, i.e. estrogenic effects, of
pollutants like EE2 by microplastics. The results of this study are a first basis for further
studies which aim at identifying the potential harm of microplastics for amphibians.
Further studies with bigger sample sizes are needed to clarify, if microplastics can alter
effects of chemical pollutants which can disrupt organisms already at small
concentrations such as endocrine disruptors.

93






5 General discussion

The rising recognition of plastics as environmental pollutants within the last years led to
concerns about potential impacts of plastic material on wildlife. Numerous studies within
the last two decades pointed at the ubiquitous presence of particularly small plastics, i.e.
microplastics (< 5 mm, Moore 2008), which have been considered only rarely in earlier
studies (Barnes et al. 2009, Eriksen et al. 2013, Free et al. 2014). Concerns about pollution
by microplastics are mainly based on potential risks for organisms being in direct contact
with microplastic material with consequences such as physical blockage of intestines and
trophic transfer within the food chain (e.g. Wright et al. 2013b as overview). The actual
potential risk that microplastics may pose to organisms in the environment, however, is
still challenging to estimate. One reason is the high diversity of microplastic types
including a broad range of sizes and polymer material, but also scarcity of data about
environmental exposure. Both, environmental concentrations of microplastics and their
potential to cause adverse effects are not fully clarified yet, especially in freshwater
systems. Scientific studies pointed out that microplastics can in principle induce adverse
effects in organisms by themselves (e.g. Cole et al. 2015, Lee et al. 2013). Chemical effects
of microplastics, which are based on plastic associated chemicals such as additives and
especially hydrophobic organic compounds which sorb to the microplastic material, have
been discussed extensively especially within the last years (Koelmans et al. 2016, e.g.
Teuten et al. 2007). Most studies in the past focused on marine organisms because plastics
were first identified as environmental issue in the oceans. Only within the last years,
freshwater systems are studied to a greater extent. This thesis sheds light on how
microplastics potentially affect freshwater organisms in response to the scarcity of
scientific studies. A mechanism-based laboratory approach with microplastic types being
relevant for environmental scenarios was chosen to address these knowledge gaps. More
specifically, new insights on the effects of the microplastic material itself and the influence
of microplastics on the effects of chemical pollutants are provided for a representative
functional group of lake ecosystems, i.e. limnic zooplankton, and a representative of a
specifically threatened group of vertebrates which spend the time of early development
obligatory in freshwater, i.e. amphibians.

5.1 Overall discussion of key findings

The results presented in this thesis show that microplastics can induce adverse effects in
freshwater zooplankton by themselves depending on the microplastic type. An influence
of microplastics on the effects of chemical pollutants, i.e. the vector function of
microplastics for chemical pollutants, seems to be limited as soon as other uptake
pathways of the chemical pollutant are included in addition to microplastics both, in
freshwater zooplankton and in amphibians.
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5.1.1 Effects of the microplastic material itself

One of the research questions which were aimed to be filled in this thesis, whether the
mere microplastic material itself can induce adverse physical impacts in a dose-dependent
manner, can be answered for freshwater zooplankton represented by the model species
Daphnia magna and amphibians represented by the model species Xenopus laevis. The
results of this thesis show that the microplastic material itself is able to cause acute adverse
effects in limnic zooplankton in principle. Physical effects were induced at high
concentrations in the range of 25-400 mg L by one type of microplastics, i.e. translucent
PE particles with 1-4 um in diameter (referred to as 1 um PE particles) in the shape of
beads, in D. magna (Chapter 2). Fast ingestion and egestion of the 1 um PE particles was
observed within the first 24 hours and throughout exposure. Immobilisation, as criterion
for acute adverse effects, was increasing with time and dose and was above the
immobilisation rate in the control treatment after 72 and 96 hours. The effective
concentration after 96 hours at which 50% of the daphnids were immobile (ECso) was
57.43 mg L (95% confidence interval, lower: 32.76, upper: 100.69) or in the range of 10°-
10° pieces of PE particles L. Bigger sized PE particles with 90-106 um in diameter
(referred to as 100 pm PE particles) which could not be ingested by daphnids did not
induce immobilisation at any presented concentration. Interestingly, PA particles with
15-20 um mean diameter (total range of 5-50 um, referred to as PA particles) at a high
concentration (200 mg L'; Chapter 3) did not induce immobilisation in daphnids,
although PA particles were also quickly ingested as observed for the 1 um PE particles.
Tadpoles of X. laevis were also observed to ingest PA particles indicated by white lumps
in their intestines (Chapter 4), but neither short- nor long-term exposure (seven and 21
days) to a low and high concentration of PA particles (1 and 100 mg L") induced
statistically significant adverse impacts. Only elevated levels of the stress hormone
corticosterone after 21 days of exposure to treatments with microplastic indicated a trend
for adverse impacts in tadpoles. The general development of the tadpoles was not
influenced by the presence of microplastics and no histopathological abnormalities in gills
and intestines were observed. Overall, PA particles did not induce statistically significant
adverse effects neither in daphnids (Chapter 3) nor in tadpoles (Chapter 4).

In some of the most recent studies other microplastic types were also shown to only cause
minor adverse effects in both, daphnids and tadpoles. Morphological parameters such as
body length and life history traits such as reproductive output were not or only little
affected by the exposure to a mixture of different microplastic types with a similar size (40
pm mean diameter) as PA particles in the present study (Imhof et al. 2017). In another
study, the presence of food seemed to be more crucial for mortality and reproduction
output of D. magna rather than the presence of microplastics (Aljaibachi and Callaghan
2018). In tadpoles at an earlier developmental stage (NF 36-NF 46) than in the present
study (NF 51-NF 65) neither body growth nor swimming activity were influenced by
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exposure to a similar concentration of microplastics in the range of 10'-10> mg L™ (PS, 3
um, de Felice et al. 2018).

The results presented in Chapter 2 provide evidence that high concentrations are needed
to cause direct adverse acute impacts based on physical effects in daphnids. This is in
accordance with other recent studies on freshwater organisms (e.g. Au et al. 2015,
Ogonowski et al. 2016, Sjollema et al. 2016, Ziajahromi et al. 2017). At the time of
publication of the present results (Rehse et al. 2016), the ECsy provided for 1 pm PE
particles was the first reported effective concentration for the effects of the microplastic
material itself without any additives which could potentially cause additional chemical
effects in freshwater organisms. In a study by Au et al. (2015) an effective lethal
concentration (LC) of microplastic particles for limnic amphipods was reported to be in
the range of 107 particles L after 10 days exposure. However, the microplastic type used
in this study contained fluorescent colour, which was avoided in the present study to
exclude potential chemical effects of the colour itself. In the meantime, the results of some
studies on adverse effects of microplastics themselves on water fleas also showed dose
dependent patterns (e.g. Frydkjeer et al. 2017, Ogonowski et al. 2016, Ziajahromi et al.
2017), while the effect rates in other studies (e.g. Jemec et al. 2016) did not clearly indicate
dose-dependency. Jemec et al. (2016) assumed that sedimentation of microplastics
differed between exposure concentrations leading to unequal exposure conditions and
that this may be the reason for the lack of clearly dose-dependent effect patterns in D.
magna. Exposure for 48 hours of another water flea species, i.e. Ceriodaphnia dubia, with
a similar microplastic type (white PE beads with 1-4 um in diameter) as in the present
study with a concentration range of 10'-10* mg L , in contrast, led to clearly dose-
dependent impacts on survival (Ziajahromi et al. 2017). The calculated lethal
concentration at which 50% of the daphnids did not survive (LCs) after exposure for 48
hours was 2.2 mg L* (10* microplastic beads L'), which is in a similar range of
concentration (mg L") as in the present study after 96 hours. That the LCs for C. dubia
after 48 hours is one order of magnitude below the ECs calculated in the present study
for D. magna and that a clear dose-dependent toxicity pattern was already induced after
48 hours may be based e.g. on different sensibilities of the daphnid species or on
properties of the microplastic material. More specifically, the PE beads used in the study
of Ziajahromi et al. (2017) were white coloured, while the PE beads in the present study
did not contain any colourants. According to the manufacturer’s information (Cospheric,
California, USA), titanium dioxide (TiO,) is used as colourant for white PE beads used in
the study by Ziajahromi et al. (2017). TiO, nanoparticles are known to impair daphnids
(e.g. Lovern and Klaper 2006), which is why leaching of TiO, could potentially adversely
affect daphnids in addition to the mere physical effects of the PE beads. Exposure of D.
magna to PE fragments in the size range of 10-75 pum led to an ECs, after 48 hours of 65
mg L' (Frydkjeer et al. 2017) which is not only in the same order of magnitude and unit
range but very similar to the ECs after 96 hours in the present study. Interestingly, regular
shaped white coloured PE beads (10-106 pm in diameter) induced immobilisation only
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at much higher concentrations, which is indicated by an ECs, of 5 g L. This lower
potential of bigger sized microplastics up to a size range of 10> um is in accordance to the
results of the present study.

The results of this thesis show that the potential of microplastics to cause physical effects
in freshwater organisms depends on the microplastic type as one type of PE particles (1
um) caused clearly dose-dependent adverse effects in daphnids, while two other types of
microplastics, i.e. PE particles (100 pm) and PA particles (15-20 um), caused either no or
only minor effects in daphnids and tadpoles. Different mechanisms can be considered to
influence the varying potentials of the microplastic types to adversely affect the exposed
organisms. First, different exposure scenarios which are based on different behaviour of
the microplastic types due to their characteristics have to be considered. Second, specific
characteristics of the microplastic types could explain why adverse impacts are induced
only by some microplastic types after direct contact, e.g. ingestion. Hereafter, the roles of
exposure scenarios and specific characteristics of microplastics are discussed.

Direct exposure, i.e. direct contact, was ensured for all microplastic types used in this
thesis, although the microplastic types behaved differently in water resulting in different
distribution of microplastics in the test vessels. Initially, the buoyancy of the microplastic
particles followed expected buoyancy according to the density of the polymer material.
PE particles with a lower density than water (Chapter 2) initially floated on the water
surface after being freshly added to the water. PA particles with a higher density than
water (Chapter 3 and 4), in contrast, sank to the bottom, especially if no water movements
due to aeration were present. The size of microplastic particles influenced the floating or
sinking behaviour of the microplastic particles after mixing as well, which was most
obvious for the PE particles. Smaller PE particles (1 pm) remained for a certain time in
the water column, while bigger PE particles (100 um) directly floated back to the surface
of the test vessels after mixing. The question is, whether different exposure scenarios
altered e.g. ingestion rates of daphnids. Quantification of ingestion rates was beyond the
focus of this study but it can be assumed that ingestion rates were relatively high for all
microplastic types, except for the 100 um PE beads, which could not be ingested by D.
magna at all because of their relatively big size. Intestines of daphnids seemed to be
entirely filled with microplastics, both, during exposure to 1 um PE particles as well as PA
particles. Thus, different behaviour of microplastic types is not assumed to vary the
ingestion of microplastics to a great extent in this study. Overall, the potential to cause
adverse effects for one type of microplastics (PE, 1 pum) and no significant effects of
another type (PA, 15-20 pm) is not expected to only be based on different exposure
scenarios leading to highly variable ingestion.

The potential risk of microplastics to induce adverse impacts after direct contact was
shown to depend on the shape of the microplastic type in other studies. Microplastics
with an irregular shape and sharp edges such as fragments and microplastic fibres were
shown to have bigger negative impacts on organisms than relatively smooth rounded
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microplastics such as beads (e.g. Au et al. 2015, Frydkjeer et al. 2017, Ogonowski et al.
2016, Ziajahromi et al. 2017). Prolonged gut-residence time of fibres compared to
microplastic particles was discussed to cause higher mortality induced by fibres (Au et al.
2015). Lower egestion rates of fragments compared to regular shaped beads shown for D.
magna were discussed to explain higher adverse effect rates of fragments (Frydkjer et al.
2017). In the present study, however, PA particles with a fragmented shape and a similar
size spectrum as analysed by Frydkjer et al. (2017) did not induce significant adverse
impacts, while uniformly shaped PE beads with 1 pm in diameter did.

Ultimately, differences in the potential of the microplastic types to induce adverse impacts
by themselves seem to be most likely based on their different sizes. First of all, the size of
microplastics needs to be considered relative to the size of the organism in order to
identify potential risks posed by microplastic material (Windsor et al. 2019). If
microplastics are considerably larger than the organism, external interactions such as
entanglement may play a role, while relatively small microplastics which can be ingested
by the organism may result in blockage of intestines. In the present study, ingestion was
observed for 1 um PE particles as well as for PA particles, while no adverse impacts on the
outer structure of the daphnids resulting e.g. in disentanglement were observed. Small
microplastics in the range of a few micrometres and even smaller plastics in the
nanometre size-range were shown to induce higher adverse effect rates than bigger sized
plastics in other recent studies (e.g. Rist et al. 2017). This is in accordance with the present
study with dose-dependent adverse effects only for the smallest microplastic type. The
higher potential of smaller microplastics to induce adverse effects in organisms is
discussed to be based on their ability to be transferred into other tissues. PS particles with
1 um in diameter were shown to translocate into lipid droplets after ingestion by daphnids
(Rosenkranz et al. 2009). It was not addressed how 1 pm PE particles in the present study
translocated within the daphnids but that could be an explanation for immobilisation of
daphnids after ingestion. The bigger size of PA particles used for exposure of daphnids
(Chapter 3) and tadpoles (Chapter 4) seems to be crucial for the lack of significant adverse
impacts of the particles themselves even after ingestion and at very high concentrations
up to hundreds of mg L.

5.1.2 Modulation of the effects of chemical pollutants by microplastics

A reduction of the adverse effects of the chemical pollutant bisphenol A (BPA) by the
presence of microplastics, i.e. PA particles, was shown in the freshwater zooplankton
species D. magna (Chapter 3), which answers one of the main research questions of this
thesis, i.e. whether the presence of microplastics can reduce the effects of chemical
pollutants. Immobilisation rates, which were analysed as criterion for adverse effects of
BPA in D. magna, were lower for all treatments in the presence of PA particles compared
to the exposure with BPA alone with statistically significant differences both, after 24 and
48 hours. Reduced effects were accompanied by a reduction of the concentration of BPA
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in water, due to the sorption of BPA to the PA particles. Ingestion of PA particles by the
daphnids made sure that PA particles could act as uptake pathway for attached BPA in
principle. PA particles contributed a relatively high mass to the overall mass in the system
during exposure. The body mass of the daphnids themselves was much smaller compared
to the mass of the PA particles. Thus, the potential of the PA particles to act as uptake
pathway for BPA was relatively high given the high loading of the PA particles with BPA
in sorption equilibrium. Calculations on the mass distribution of BPA in the test vessels
showed that a smaller fraction of the overall mass of BPA was hold by the daphnids if PA
particles were present compared to BPA alone which is in accordance with lower effect
rates induced by BPA in the presence of the PA particles. A comparison of ECs values
between BPA alone and BPA combined with PA particles, which were calculated based
on the actual measured concentrations in water, addressed if the loaded PA particles
contributed to the overall effect of BPA in daphnids. According to this comparison, PA
particles did slightly contribute to the overall immobilisation of BPA indicated by the
lower ECs, for BPA in the presence of PA particles compared to BPA alone. The lack of
statistical significance, though, showed that the contribution of PA particles as source for
BPA is negligibly small. Based on general assumptions of a system in sorption
equilibrium, continuous sorption processes of the chemical contaminant between all
compartments of the system are balanced leading to a specific fraction of the chemical
pollutant being associated to each compartment including the organisms. Within the
balanced processes of partitioning microplastics may contribute a fraction of the chemical
pollutant to the organism, thus, act as one uptake pathway. The crucial question is,
however, if this contribution is higher than expected from balanced processes of
partitioning. For daphnids, water seems to be the most bioavailable fraction which follows
the hypotheses proposed especially by earlier model-based studies, namely that other
uptake pathways of chemical contaminants are more important than uptake via
microplastics (e.g. Koelmans et al. 2016). The relative contribution of microplastics to
total exposure of daphnids is rather small. The removal of aqueous BPA by sorption of
BPA to pristine PA particles is more essential than uptake of sorbed BPA from PA particle
if sorption equilibrium is assumed. Microplastics are no substantial uptake pathway for
BPA in daphnids in the present study.

Experimental evidence for the limited role of microplastics as uptake pathway for
chemical pollutants has been given also by other recent laboratory studies (e.g.
Beckingham and Ghosh 2017, Besseling et al. 2017b, Frydkjeer et al. 2017, Kleinteich et al.
2018). Reduced uptake of polychlorinated biphenyls (PCB) via microplastics
(polypropylene spheres, 35 pm) compared to the uptake via natural sediment was shown
for a sediment-living limnic worm (Beckingham and Ghosh 2017). Uptake of PCBs in a
marine lugworm by microplastics (PE spheres, 10-180 pm) was small when all
environmental relevant exposure pathways were included in both, model and
experimental approaches (Besseling et al. 2017b). Reduced effects of chemical pollutants
in the presence of microplastics were also shown on a different organism level by
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Kleinteich et al. (2018). Bacterial community composition was less affected by polycyclic
aromatic hydrocarbons in the presence of microplastics. Exposure of daphnids with a
mixture of microplastics (PE fragments, 10-75 pm) with a chemical pollutant
(phenanthrene) in an experimental setup which is similar to the setup in this thesis
(Chapter 3) showed that toxicity of phenanthrene was not significantly altered by the
presence of microplastics (Frydkjeer et al. 2017).

The results presented in chapter four show how microplastics influence the effects of a
chemical pollutant, i.e. an endocrine disruptor, in an amphibian species which fills two of
whether microplastics can reduce effects of chemical pollutants (ii) in an amphibian
species (iii). More specifically, the results show that sorption of the endocrine disruptor
to the microplastic material does not reduce the effects of the endocrine disruptor 17-
beta-ethinylestradiol (EE2), which is in contrast to the reduction of effect rates of BPA in
daphnids. Specific effects of EE2 on tadpoles of X. laevis were not statistically significant
influenced by the presence of microplastics, i.e. PA particles. Sexual differentiation and
mRNA expression of most biomarkers were not altered by a relatively low and high
concentration of PA particles combined with EE2, but a trend for elevated mRNA
expression of a biomarker in the liver point towards an enhanced effect of EE2 if
microplastics are present. Upregulation of the most sensitive biomarker, i.e. vitellogenin
mRNA expression in the liver, with a factor of 10*-10° after three weeks of exposure
indicated higher exposure of the tadpoles to EE2 in the presence of both concentrations
of PA particles. The trend was more pronounced for the higher concentration of PA
particles and male tadpoles, which are known to be most sensitive for estrogenic effects
of endocrine disruptors such as EE2 (Urbatzka et al. 2007b). The increase of vitellogenin
mRNA expression was not statistically significant due to high individual variability.
Nevertheless, upregulation of mRNA calls for further investigations in order to clarify the
potential of microplastics to enhance effects of chemicals, especially endocrine disruptors,
in amphibians. Interestingly, the potential of the PA particles to act as uptake pathway for
EE2, i.e. the loading of the PA particles with EE2, can be expected to be rather low based
on assumptions about the mass distribution of EE2 in the equilibrated system. The
presence of PA particles reduced the concentration of EE2 measured in water, especially
for the high concentration of PA particles and in the first week of exposure. Thus, a
fraction of EE2 can be considered to be sorbed to PA particles in treatments including PA
particles. PA particles were observed to be ingested by the tadpoles, which in principle
made them a potential uptake pathway for sorbed EE2. The concentration differences of
EE2 in water in the third week of exposure, though, were not as pronounced between the
treatments as in the first week. Thus, at the time of the analysis of mRNA expression
including vitellogenin in the third week, a relatively small fraction of the overall mass of
EE2 can be considered to be sorbed to the PA particles. The relatively high mass of the
tadpoles in the third week of exposure shifted the distribution of EE2 towards the
tadpoles. Given the relatively low potential of PA particles to act as uptake pathway from
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the perspective of mass distribution of EE2 in the system, the trend for enhanced
estrogenic effects of EE2 in tadpoles indicated by elevated mRNA expression of
vitellogenin seems to be even more noteworthy. Hormonal active substances such as EE2
have very specific modes of action and can have significant effects on organisms also at
very low concentrations, especially when exposed for a long-term as in this study.

To the best of my knowledge this is the first reported indication in amphibians for a
potential enhanced effect of a chemical pollutant in general and an endocrine disruptor
in particular by the presence of microplastics. Experimental evidence for a significant
increase of the effects of organic pollutants by the presence of microplastics was given in
some of the most recent publications with dietary exposure of zebra fish.
Histopathological changes, i.e. white formations, were most prominent in livers of fish
feeding on a diet with microplastics (rounded PE fragments, 125-250 um) pre-sorbed with
a mixture of persistent organic compounds including e.g. PCB compared to food with
persistent organic compounds alone (Rainieri et al. 2018). Gene expression of biomarkers
in the liver indicating metabolism of exogenous compounds, detoxification and a
response to oxidative stress was also most pronounced for the diet with pre-sorbed
organic compounds. Similar results were obtained in a study on the dietary exposure of
zebra fish with nanoplastics (PS, 50 nm) pre-sorbed with BPA (Chen et al. 2017). Both
uptake and neurotoxic effects of BPA were increased in the presence of nanoplastics. The
authors concluded that BPA associated to nanoplastics, i.e. the carrier function of
nanoplastics, could be the reason for this. Dietary exposure with presumably fast
ingestion of contaminated food and the lack of additional uptake pathways, however,
represents another exposure scenario than in the present study with different uptake
pathways of EE2 for tadpoles. The key question, whether microplastics contribute
substantially to the overall exposure of organisms via the vector function, remains to be
answered in studies with only dietary exposure.

The vector or carrier function of microplastics for chemical pollutants in general and
hydrophobic organic contaminants in particular has been extensively discussed within
the last years (e.g. Bakir et al. 2016, Diepens and Koelmans 2018, Koelmans et al. 2016,
Teuten et al. 2007, Teuten et al. 2009). The question has been raised, if microplastics
facilitate the transfer of hydrophobic organic pollutants which are associated to the plastic
material either by earlier sorption from the surrounding or by incorporation within the
polymer material itself during manufacturing, e.g. additives. Pristine microplastic
materials used in this thesis can be expected to not contain additives which could leach
out of the polymer material according to the information of the two manufacturers. The
focus of this part of the thesis was to analyse the modulation of effects of chemical
pollutants which sorbed to microplastics from the surrounding. The vector effect of
microplastics goes beyond their mere potential to act as uptake pathway or carrier for
transport of chemicals. Only if the transfer of chemical pollutants is facilitated, i.e.
enhanced, by microplastics in an exposure scenario with different uptake pathways,
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which are assumed for most environmental scenarios, microplastics act as substantial
source (Koelmans et al. 2016). In daphnids, PA particles were no substantial uptake
pathway for BPA as immobilisation rates followed expected exposure based on
estimations of the mass distribution of BPA in the system. For the vector effect, the overall
mass of the chemical being associated with the organism needs to exceed the mass which
can be expected to be associated with the organism according to the mass distribution in
the equilibrated system. The concept of the vector effect herein exceeds the concept of
plastic materials used for passive dosing. Passive dosing can be used to ensure stable
aqueous concentrations of hydrophobic organic compounds during exposure of
organisms (e.g. Mayer et al. 1999). Plastic materials used for passive dosing act as source
for organic compounds, but release of the compounds from the plastic material is solely
following concentration gradients. Microplastics do not only need to act as transport
medium for chemical contaminants but also need to increase the mass which is
transferred to the organism compared to partitioning in order to act as substantial source.
Such microplastic-facilitated transfer is mainly associated with microplastics with high
concentrations of chemical pollutants which exceed concentrations at equilibrium
(Koelmans et al. 2016). These non-equilibrium states are most relevant for freshly
introduced, already loaded microplastics and microplastics carrying contaminants which
only slowly desorb from the polymer material, e.g. additives which are incorporated in
the polymer material. Ultimately, the vector function of microplastics after ingestion only
plays a role for aquatic organisms if chemical pollutants also desorb from the microplastic
material within the organisms. Physiological conditions in the gut, e.g. pH, temperature
and gut passage time, were discussed to enhance remobilisation of organic chemicals
associated to microplastics (e.g. Bakir et al. 2014, Teuten et al. 2009). In a follow-up study
by Bakir et al. (2016) uptake of organic pollutants from microplastics was calculated to be
negligible compared to other uptake pathways, also if gut surfactants, pH and temperature
were implemented in a model. One of the most recent studies shows that remobilisation
of organic compounds from microplastics after ingestion depends on concentration
gradients between ingested microplastics and gut content (Mohamed Nor and Koelmans
2019). Hence, clean organisms, which have not been exposed to the organic compound
before as in the present study, are more prone to remobilisation of chemicals from
microplastics. Finally, an increase of effect rates of the organic chemicals within the
organisms only comes into place, when the chemicals are also bioavailable. After potential
uptake from microplastics the chemicals need to reach target tissues in order to be able to
detect an influence of microplastics on effect rates of organic pollutants.

To sum up, in contrast to reduced effects of BPA in daphnids, vitellogenin mRNA as
indicator for estrogenic effects of EE2 tended to be elevated in the presence of PA particles
in tadpoles in spite of the rather low potential of the PA particles to act as uptake pathway
according to their relatively low loading with EE2. The relatively high mass of the tadpoles
in the third week of exposure was a decisive factor for the distribution of EE2 in the
system. This is why removal of EE2 from the water by sorption to PA particles was not as
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crucial as removal of aqueous BPA by sorption to PA particles during exposure of
daphnids. Estimations about EE2 exposure of tadpoles, which are based on equilibrium
partitioning, match with statistical significant results of all endpoints. PA particles played
a minor role for the distribution of EE2 in the system, which is in accordance with similar
effect rates of EE2 in the absence and presence of PA particles. The trend for elevated
vitellogenin mRNA levels, however, goes beyond expected exposure, which points
towards a potential vector effect of PA particles in tadpoles. The potential vector function
of PA particles may be attributed to the different, more complex physiology of the
tadpoles with presumably longer gut-residence times and a different gut regime
compared to e.g. daphnids. Most importantly, highly specific modes of actions of
estrogens such as EE2 resulting in high sensitivity to also detect small differences in EE2
exposure could be an explanation. The high sensitivity of tadpoles to detect small
differences of exposure to endocrine disruptors makes them a helpful model organism to
study the potential vector effect of microplastics in vertebrates in further studies.

5.2 Implications for risk assessment of microplastics

5.2.1 Methods for assessment of effects of microplastics

Methods on how to identify adverse effects microplastics and how to estimate their
potential risk for wildlife are being discussed within the scientific community more
frequently within the last years (e.g. Karami 2017, Koelmans et al. 2017, Lenz et al. 2016,
Syberg et al. 2015). There is a call for analysing potential adverse impacts of microplastics
with exposure scenarios likely encountered in the environment. This includes exposure
to actual concentrations of microplastics in environmental compartments, i.e. relatively
low concentrations, but also exposure to more complex scenarios, e.g. by including food
and other stressors. In the present study, however, a simplified laboratory exposure was
chosen in order to systematically identify potential impacts of microplastics as baseline
for further studies. Established ecotoxicological methods were applied to gain new
insights on potential adverse impacts of microplastics on freshwater organisms. Both,
effects of the microplastic material itself and the modulation of effect patterns of chemical
pollutants by microplastics, i.e. the vector effect, have been addressed.

The results of this thesis illustrate that standardized ecotoxicological approaches can be
useful for the risk assessment of the microplastic material itself if exposure scenarios are
carefully considered. Exposure scenarios include the behaviour of the microplastic
particles and their resulting availability for aquatic organisms. Ecotoxicological
approaches have been developed specifically to assess adverse effects of chemical
substances. The particulate nature of microplastics leads to their breakdown into smaller
pieces in time instead of being dissolved in water as chemicals. Solubility of chemical
pollutants, however, is required as criterion for exposure of aquatic organisms to
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chemicals according to established ecotoxicological methods (e.g. OECD guideline 202 as
applied in Chapter 2 and 3). If the chemical pollutant is entirely dissolved in water, it can
be assured that it is fully available for aquatic organisms. This principle can be adapted to
particulate material by making sure that the organisms come in contact with the
microplastic material during exposure, which is why the behaviour of the particles as part
of the exposure scenario is crucial to be considered. Exposure of the organisms to a range
of high microplastic concentrations allowed calculating an ECso for 1 um PE particles,
which can be useful for further studies and for risk assessment of microplastics. Koelmans
et al. (2017) proposed a systematic framework for risk assessment of plastics in the
environment which comprises assessment of threshold concentrations, as provided for
one microplastic type in the present thesis, as one fundamental aspect. Both, the use of
high concentrations of microplastics and the use of a wide range of microplastic
concentrations, are needed to obtain such threshold concentrations.

Established ecotoxicological approaches can also be applied to analyse if adverse effects
of chemical pollutants on aquatic organisms are influenced by the presence of
microplastics, i.e. due to sorption processes leading to microplastics as potential vector
for chemicals. In fact, the specific design of these approaches to quantify adverse effects
of chemical pollutants makes them suitable to detect the modulation of effect rates by the
presence of microplastics. The relative importance of microplastics for pollutant uptake
can be determined by including different uptake pathways of the chemical pollutant, i.e.
water as in the present study. If, different from the present study for PA particles used for
co-exposure with chemical pollutants, the microplastic material itself does already induce
adverse impacts on the organisms this needs to be considered in addition. Model-based
approaches can help to complement experimental results by getting a better
understanding of sorption processes. If sorption equilibrium can be assumed during
exposure, the contaminant distribution in the experimental setup can be estimated
without the need for additional kinetic studies. The mass distribution of the chemical
pollutant in the system can give an indication for the mass of the chemical pollutant in
the different compartments, e.g. organisms, water and microplastics. Analytical
measurements of the concentration of the chemical pollutant in water, which are often
required within the standard protocols of ecotoxicological approaches, can be compared
to the calculated concentration in water to verify pre-assumptions about sorption

equilibrium.

Based on the approach and results of the present study the following recommendations
can be proposed for further studies which aim at analysing adverse effects of the
microplastic material itself and its influence on the effects of chemical pollutants based
on ecotoxicological methods. First, it is crucial to describe the exposure scenario
including the behaviour of the microplastic particles in water during exposure in addition
to e.g. water parameters, which are already required in standardized methods. Second, the
exposure scenarios need to be carefully considered for the interpretation of adverse
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impacts. More specifically, the distribution of microplastics within the test system and
changes of behaviour need to be taken into account. Third, the established
ecotoxicological approaches might need to be adapted as illustrated by physical effects of
PE particles in chapter two only after a prolonged exposure time of 72 and 96 hours.
Prolongation of exposure has been already proposed for e.g. nanomaterials (Baumann et
al. 2014). Fourth, the calculation of mass distribution of the chemical pollutant in the test
system is a helpful tool for studying the modulation of effects of chemical pollutants by
microplastics. Calculations can complement analytical measurements, especially when
these are only done for the concentration of the chemical pollutant in water.

5.2.2 Contribution to risk assessment of microplastics

The results of this thesis contribute to the basic understanding of potential adverse
impacts of microplastics on freshwater organisms and hence contribute to the further
understanding of the actual risks microplastics may pose to freshwater organisms in the
environment. The presence and absence of adverse effects in the investigated model
organisms, D. magna and X. laevis, illustrate that effects of pristine microplastics
themselves on organism level can neither completely be excluded nor in general expected.
The potential of microplastics to cause adverse effects in juvenile daphnids and
amphibians was shown to depend on the microplastic type. The size seems to be one of
the most crucial characteristics as only the smallest microplastic type (PE 1 pm) induced
significant adverse effects in daphnids (immobilisation). The dose-dependency of effect
rates in daphnids for this microplastic type shows that microplastic material itself can

induce adverse impacts in a similar manner as chemical pollutants.

The diversity of microplastic types makes it challenging to estimate an overall risk for
microplastics in general. The concentration range needed to induce adverse impacts in
the present study illustrates that only very high concentrations in the range of 10-100 mg
L! are able to induce immobilisation. An actual risk of microplastics themselves for
organisms in the environment, however, can only be expected if environmental
concentrations are in this high concentration range. Until now, concentrations up to 10~
- 10" mgm” (= 10° - 10* mg L") of microplastics in the size range of 300 pm to 5 mm
for rivers and 10 - 10" mg m™ in lakes have been reported from freshwater systems
(Faure et al. 2015, Yonkos et al. 2014). The actual risk that pristine microplastic material
itself may pose to limnic organisms by physical effects seems to be relatively low because
concentrations in freshwater systems are some orders of magnitude lower than in the
present study. The ECso for 1 um PE particles can be compared to environmental
concentrations now and in the future, when more reliable data about small microplastics
in general and in different compartments such as the water column is available.

One of the key questions is, if physical effects of microplastics differ from effects of natural
occurring particulate matter which can be expected to be abundant in freshwater
environments, e.g. suspended solids. Adverse effects of natural particles in aquatic
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organisms, e.g. reduced survival and blockage of guts (e.g. Bilotta and Brazier 2008as
overview), seem to be similar to effects of microplastics (Scherer et al. 2018). In Daphnia
pulex, suspended silt and clay was observed to reduce not only feeding activity but also
population growth (McCabe and O'Brien 1983). The concentration range of natural
suspended solids (10*-10° mg L), which was observed to induce adverse impacts in
different aquatic taxa, is in a similar range as microplastic concentrations used in the
present thesis (Hogg and Norris 1991). Concentrations of suspended solids can go up to
this concentration range e.g. after storm events. The high abundancy of suspended solids
sets the potential risk which may be posed by presumably lower concentrations of
microplastics into perspective.

The modulation of effect rates of chemical pollutants due to sorption to the microplastic
material seems to be rather limited if sorption equilibrium can be assumed. Water seems
to be the most crucial uptake pathway of chemical pollutants as predicted by calculations
based on physiochemical characteristics in both organisms, D. magna and X. laevis. A
reduction of effect rates due to a reduction of the concentration of the chemical pollutant
in water as shown in daphnids was not observed for effect rates in tadpoles. In contrast,
exposure to the endocrine disruptor EE2 tended to be elevated by the presence of
microplastics indicated by the most sensitive endpoint which points towards potential
facilitated, i.e. vector-based, uptake of EE2 by microplastics. The vector effect of
microplastics was discussed to be most relevant for non-equilibrium states with high
loadings of microplastics with chemicals, such as additives leaching from the microplastic
material itself (e.g. Teuten et al. 2009). In a model-based study, ingestion of plastics by
lugworms and fish led to the uptake of additives, i.e. BPA and nonylphenol, via leaching
from plastic material in general (Koelmans et al. 2014). The authors argue, however, that
this plastic-associated transfer is negligible because exposure via other uptake pathways
in the environment can be expected to be higher according to environmental
concentrations. In addition, low diffusivities of additives such as BPA and NP have been
discussed to limit exposure of organisms because of rather low leaching rates (e.g. Berens
1997, Koelmans et al. 2014). Apart from this, facilitated desorption needs to be considered
e.g. for aged plastic material, specific gut regimes and organisms with long gut retention
times (e.g. Bakir et al. 2014, Koelmans et al. 2013, Koelmans et al. 2014, Teuten et al. 2009).
It needs to be clarified, if higher exposure of amphibians to endocrine disruptors such as
EE2 by the vector function of microplastics is substantial by using a higher sample size
which was limited in the present thesis. Physiological characteristics such as gut regimes
and gut retention times in tadpoles could be considered in future studies.

5.3 Future perspectives

The potential of particularly small microplastics to induce physical effects showed in this
thesis is of special relevance because small microplastics in the range of only a few um
were shown to be most abundant in freshwater systems (Faure et al. 2015, Free et al. 2014,
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Imhof et al. 2016). Fragmentation of plastics which were already induced in the
environment can be expected to lead to increasing concentrations of microplastics and a
higher proportion of small microplastics even if new release of plastics in general and
microplastics in particular will be reduced or prevented in the future. Further
fragmentation of microplastics to nanoplastics, which were not included in the impact
analysis of plastics in this study, will be the next step. Actual concentrations of especially
small microplastics in the environment including rivers and lakes are still hard to
estimate, however, they are ultimately needed to assess the actual risk microplastics may
pose to freshwater organisms. Robust data about environmental concentrations in
freshwaters is needed to compare with threshold concentrations for adverse impacts of
microplastics as provided in this thesis (ECso). Thus, it is one of the most crucial further
research goals to get a more detailed understanding of environmental concentrations of
microplastics and their size distributions in environmental compartments in general and
in the water column for freshwater systems in particular, especially for microplastics in
the pum size-range. Both abundance and distribution of microplastics need to be clarified
with the help of experimental but also model based approaches.

Future projects also need to clarify which other microplastic types are more likely to
induce adverse impacts in organisms than others. A systematically approach with a high
variety of microplastic types is needed to address this knowledge gap. Furthermore, more
experimental data is needed to analyse the sensitivity of other freshwater organisms which
have mostly been neglected in earlier studies, e.g. amphibians. It is also important to
consider that the risk which is potentially posed to organisms by the microplastic material
depends on the relative size of the microplastic particles compared to the organism
(Windsor et al. 2019). The size is determining e.g. if microplastics can be ingested by the
exposed organism. In this thesis, this is illustrated by 100 um PE particles which were
simply too big to be ingested by daphnids because of morphological constraints. Other
aquatic organisms such as fish on the other hand, would be able to ingest microplastics of
this size range and may show adverse impacts after ingestion. This is why one microplastic
type may cause adverse impacts in one organism but not in another. One of the most
challenging goals for further studies will be to address the complexity of environmental
exposure scenarios including e.g. exposure to several stressors such as a variety of
chemical pollutants at the same time. Finally, potential impacts of microplastics on
populations and ecosystems need to be addressed and clarified besides impacts on
organism-level, which were in the focus of most studies in the past.

The results of chapters three and four provide basic experimental evidence for the limited
role of microplastics for the uptake of chemical pollutants relative to other uptake
pathways if sorption equilibrium is assumed. Further studies could include chemical
pollutants with higher sorption capacities and compare the potential vector effect of
microplastics to natural particulate matter to take the results of this study into perspective.
Furthermore, it needs to be addressed how the effects of chemical pollutants which affect
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organisms already at very low concentrations, e.g. endocrine disruptors, can be altered by
the presence of microplastics. Experimental evidence is also needed in addition to model-
based evidence (Koelmans et al. 2014) to clarify the potential vector effect of microplastic
material with compounds that are already incorporated into the plastic matrix during
manufacturing, i.e. additives, especially in regard of leaching kinetics that might
determine transport distances and uptake risks. Last, the mechanisms which caused
immobilisation in daphnids after exposure to 1 um PE microplastics remain to be
determined. Further studies could focus on potential inflammatory responses as indicated
by earlier studies (e.g. von Moos et al. 2012) and translocation of microplastics into other
tissues as shown for 1 pm PS particles in daphnids (Rosenkranz et al. 2009).

Finally, the question can be raised which consequences need to be drawn from the
scientific evidence about the potential risk of microplastics given in this thesis, i.e. that
microplastics only have a limited potential to adversely impair freshwater organisms both
physically and chemically if relatively low environmental concentrations are considered.
The ubiquitous pollution of freshwater systems with plastics in general and microplastics
in particular and the persistence of already released plastic material are pivotal criteria for
political and societal decisions on how to deal with plastic pollution in the future.
Microplastics themselves are just a snapshot in time, because some of them origin from
the defragmentation of bigger-sized plastics and all of them can be expected to
disintegrate into even smaller-sized plastics such as nanoplastics. Both, plastics above the
size range of microplastics and nanoplastics were already shown to impair organisms (e.g.
Besseling et al. 2014, Derraik 2002). The rising awareness of plastic pollution in the
environment led to different initiatives to deal with this recent environmental issue. Some
initiatives aim at reducing the use of plastic products and release of plastics into the
environment, e.g. wave of disposable one-use plastic bags or replacement of plastic
particles in cosmetics, others aim at directly reducing the amount of plastics which have
already been released into the environment, e.g. collection of plastics at beaches. The
present momentum for action against plastic pollution can be used in order to apply the
pre-cautionary principle regarding uncertainties of potential impacts of microplastics and
to address adverse impacts of plastics in general which are already known.

5.4 Final conclusions

This thesis provides evidence that microplastics have only limited potential to adversely
impair freshwater organisms both physically and chemically, especially when relatively
low environmental concentrations of microplastics are considered. The obtained results
contribute to the basic understanding on how high concentrations of microplastics can
potentially affect freshwater organisms. This approach follows the pre-cautionary
principle by first identifying potential adverse effects and critical microplastic
concentrations before evaluating the risk at environmental concentrations in retrospect.

This systematic approach is beneficial in the light of uncertainties of environmental
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concentrations of microplastics in the lower size range and rising microplastic
concentrations in the future due to new release and fragmentation of plastics. The
knowledge gaps identified at the beginning of this thesis, i.e. (i) whether the microplastic
material itself induces adverse physical impacts in a dose-dependent manner, (ii) whether
microplastics can reduce the effects of chemical pollutants, (iii) to provide first empirical
data on potential physical and chemical effects of microplastics on amphibians, were
filled. Microplastics can adversely affect limnic zooplankton and those effects are dose-
dependent at high microplastic concentrations in the range of 10-100 mg L' and
depending on the microplastic type, while other microplastic types do not adversely affect
limnic zooplankton and amphibians (i and iii). The ECs, provided for immobilisation of
daphnids for 1 pm PE particles (57.43 mg L, lower 95% CI: 32.76, upper 95% CI: 100.69)
after 96 hours exposure is one of the first reported threshold concentrations for freshwater
organisms and will help to estimate the potential risks of microplastics in the future. Effect
rates of organic chemical pollutants in limnic zooplankton and amphibians were shown
to not be significantly enhanced in the presence of microplastics in a sorption equilibrium
state; on the contrary, immobilisation was reduced in daphnids in the presence of
microplastics (ii and iii). A trend for elevated stress response after exposure to only
microplastics and elevated mRNA expression of the most sensitive biomarker after
exposure to microplastics in combination to an endocrine disruptor, however, point at
potential impacts of microplastics on amphibians, which need to be clarified in future
studies (iii). These new insights help to disentangle recent questions about this highly
perceived environmental issue and act as basis for subsequent studies. The complexity of
environmental factors influencing the exposure scenarios as well as the diversity of
microplastic material call for more interdisciplinary approaches in order to identify how
organisms are potentially threatened by microplastics now and in the future.
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Appendices

A.1 Appendix for Chapter 2

Appendix Table 1 ~ Reagents for the Aachener Daphnien Medium
List of ingredients for the Aachener Daphnien Medium (AdaM) after Kliittgen et al.
(1994) used for preparation of 1 pm and 100 um mixtures and as Daphnia culture
medium; * Wimex hw Marinemix professinal, Wiegandt GmbH, Krefeld, Germany.

Reagent Amount
Synthetic sea salt* 0.333gL!
CaCl,-solution, 0.8 mol L! (CaCl, . 2H,0) 23mlL!
NaHCOs-solution, 0.3 mol L' (NaHCOs3) 22mlL!
SeO;-solution, 0.013 mol L (SeO,) 0.1mlL!

Appendix Figure 1 ~ Image of 1 ym PE particles
Stereomicroscopic image of 1 pm PE particles confirming the spherical shape and the
size of the particles (between 1-4 pm in diameter).
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Appendix Figure 2 Image of 100 ym PE particles
Stereomicroscopic image of 100 um PE particles confirming the spherical shape and
the size of the particles (between 90-106 um in diameter).
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A.2 Appendix for Chapter 3

Appendix Table 2

Sorption characteristics of BPA to PA particles

Measured concentrations (mg L™') of bisphenol A (BPA) in water via HPLC after 0, 6,
24, 48 and 72 hours of shaking with and without polyamide particles (microplastics,
MP) as means and standard deviations (SD, n=2).

Measured BPA Concentration (mg L™ + SD)

Time (hours) BPA BPA + MP
0 9.5+£0.0 9.0+£05
6 9.5+£0.0 8.0+£05
24 10.0+ 0.0 8.0+£05
48 10.0+ 0.0 75+0.0
72 9.5+£0.0 75+0.0
Appendix Table 3 ~ Measured aqueous BPA in test vessels
Measured bisphenol A (BPA) concentrations (mg L™') in water in test vessels at the
beginning and the end of exposure experiments as means + standard deviation (SD,
n=>5).
Measured BPA Concentration (mg L™ + SD)
BPA Nominal BPA alone BPA + MP
(mgL™) Oh 48h Oh 48h
5 53+0.0 4.8+0.1 3.7%0.1 34+0.1
7.5 7.3+0.3 6.8+0.2 6.0+0.0 5.6+0.0
10 10.2+04 9.9+0.2 8.1+0.2 75%+0.3
12.5 13.0+0.3 13.0+0.3 10.1+0.3 -
15 158+ 0.5 158+ 0.0 12.8 +0.0 12.0+0.0
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A.3 Appendix for Chapter 4

Appendix Table4  Components for Technovit embedding
Reagents and material used for embedding of heads and guts of tadpoles in Technovit
7100 (Kulzer GmbH, Wehrheim, Germany).

Reagents and material Description

Technovit 7100 base liquid, 500 ml

hardener I powder,5x1g

hardener II liquid, 40 ml

Technovit 3040 yellow 100 g powder, 80 ml liquid

histoform block with moulds for embedding of samples
histoblocs plastic blocs to attach to embedded samples

Appendix Table 5  Reagents for staining of head and gut sections
Pre-mixtures which were prepared for staining of head and gut sections of tadpoles.

Mixed reagent Description
blueing acid 1 ml 1% HCI mixed with 99 ml 70% ethanol
0.1% eosin solution 1 g eosin dissolved in 10 ml distilled water, diluted 1:100 with distilled water
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Appendix Table 6 Components for analysis of corticosterone
Reagents and materials which were included in the corticosterone ELISA kit (IBL
International GmbH, Hamburg, Germany).

Reagent Description

microtiter wells 12 x 8 (break apart) strips, 96 wells,

wells coated with an anti-corticosterone antibody (polyclonal)

standard (0-6) 7 vials with 1 ml,
concentrations: 0, 5, 15, 30, 60, 120, 240 nmol L},
conversion: 1 nmol I'=34.646 ng dl"'== 0.34646 ng ml"'

control low & high 2 vials with 1 ml

enzyme conjugate 250x concentrate, 1 vial with 150 pl,
corticosterone conjugated to horseradish peroxidase,

diluted 1:250 with conjugate diluent

conjugate diluent 1 vial with 25 ml

substrate solution 1 vial with 25 ml,

tetramethylbenzidine (TMB)

stop solution 1 vial with 14 ml,
contains 0.5M H,SO,
wash solution 1 vial with 30 ml (40x concentrated),

30 ml diluted with 1170 ml deionized water
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Appendix Table 7~ Components for analysis of aldosterone
Reagents and materials which were included in the aldosterone ELISA kit (IBL
International GmbH, Hamburg, Germany).

Reagent Description

microtiter wells 12 x 8 (break apart) strips, 96 wells,

coated with antibodies against aldosterone (polyclonal)

standard A-F 0; 20; 80; 200; 500; 1000 pg ml™,
each dissolved with 1 ml distilled water,
conversion: 1 pg ml* corresponds to 2.77 pmol I,
contains aldosterone, in protein-containing buffer,

non-mercury preservatives

positive control lyophilized,
contains: aldosterone in protein-containing buffer,

non-mercury preservatives

negative control lyophilized,
contains: aldosterone in protein-containing buffer,

non-mercury preservatives

enzyme conjugate contains: aldosterone-HRP conjugate,
in protein-containing buffer,

non mercury preservatives

TMB substrate solution 1 vial with 25 mL

contains: Tetramethylbenzidine (TMB)

TMB Stop Solution 0.5 M H,S0,4

wash Buffer concentrate (40x),

dilution 1:40 with distilled water
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Appendix Table 8 ~ Components for DNA extraction from tails
Materials in the peqGOLD Tissue DNA Mini Kit (PEQLAB Biotechnologie GmbH,
Erlangen, Germany) for DNA extraction from tail tissue.

Component

PerfectBind DNA Columns

2 ml Collection Tubes

DNA Lysis Buffer T

DNA Binding Buffer

DNA Wash Buffer

Elution Buffer (10 mM Tris-HCI, pH 9.0)
Proteinase K

RNase A (20 mg ml™?)

10 mM TE Buffer

Appendix Table 9~ PCR mixture for sexing
Description and amounts of reagents used for a mixture for the PCR of gene specific

DNA fragments.
Reagent Description Supplier Amount
PCR water RNase/DNase free water ThermoFisher 19.25
10XTagq reaction buffer includes 1,5mM MgCl, Qiagen 2.5
dNTP- Mix stock 10 mM per ANTP Biometra 0.25
Taq Taq-polymerase 5 U pl! Qiagen 0.2

Appendix Table 10 ~ Mixtures for gel electrophoresis for sexing
Description and amounts of reagents used for the mixtures for gel electrophoresis of
sex specific DNA fragments.

Reagent Description and amount

TAE buffer Tris- Acetate-EDTA-buffer 50 fold with
242 g Tris HCl,
37.2 g Na,EDTA,

57.1 ml glacial acetic acid in 1 1 aqua bidest., pH 7.5
and diluted again to 1 fold

bromophenol blue solution 600 ul RNase/DNase free water
600 pl glycerine
6 pl bromophenol blue
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Appendix Table 11 ~ Components for mRNA extraction from pituitaries
Reagents and material included in the RNeasy-Plus-Micro-Kit (Qiagen, Hilden,
Germany) which was used for extraction of mRNA from pituitaries.

Component Description

gDNA Eliminator Spin Columns remove DNA

RNeasy Mini Spin Columns purify total RNA

Collection Tubes collect discharge from columns
RNase-free water water without RNase

RLT buffer lysis buffer

RW1 buffer wash buffer

RPE buffer wash buffer

Appendix Table 12 Components for mRNA extraction from gonads
Reagents and material included in the ReliaPrep™ RNA Tissue Miniprep System
(Promega, Mannheim, Germany) which was used for extraction of mRNA from

gonads.
Component Description
ReliaPrep™ Mini columns purify total RNA
Collection Tubes collect discharge from columns
Elution Tubes collect extracted RNA
LBA Buffer LBA, used for homogenisation
Column Wash Solution CWE, washing component
DNase I lyophilized, remove DNA
MnCl, 0.09M, component for DNA removal
Yellow Core Buffer buffer for DNA removal
RNA Wash Solution RWA
1-Thioglycerol added to the LBA buffer
Nuclease-Free Water used to elute extracted RNA
RNA Dilution Buffer RDB

Appendix Table 13  Components for DNA removal in liver samples
Reagents and material included in the DNase I, Amplification Grade kit (Invitrogen,
Thermo Fisher Scientific, Berlin, Germany) which was used to remove possible DNA
contamination from the mRNA samples from the livers.

Reagent Amount (pl)

DNase I Amplification Grade, 100 U
DNase I Reaction Buffer 10x, 1000 pl
ethylenediaminetetra-acetate (EDTA) 25 mM, pH 8.0, 200 pl
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Appendix Table 14  Reagents for cDNA synthesis
Descriptions of reagents used for cDNA synthesis in pituitary, gonad and liver RNA
from tadpoles.

Reagent Description Supplier

PCR water RNase/DNase free water Thermo Fisher Scientific,

Berlin, Germany

oligo-dT-primer 2.5 uM; sequence: Biometra, Gottingen,
CCTGAATTCTAGAGCTCA(T)17 Germany

poly-dT-Primer 1:5 diluted; sequence: Biometra, Gottingen,
5'CCTgAATTCTAgAgCTCA(T)17-3" Germany

dNTPs 10 mM each ANTP Qiagene, Hilden, Germany

MMLYV (Kit) MMLYV High Performance Biozym, Hessisch Oldendorf,
reverse transcriptase (RT), Germany

Reaction buffer (10 fold concentrate),

Dithiothreitol (DTT; 100 mM)

Affinity-Script-RT  Affinity Script Multiple Temperature Stratagene (Agilent),
(Kit)

Reverse Transcriptase (RT), Waldbronn, Germany
Affinity-Script reaction buffer (10 fold),
Dithiothreitol (DTT; 100 mM)

Appendix Table 15  Pre-mixtures for cDNA synthesis of pituitaries
Amounts of each component used to prepare pre-mixtures for cDNA analysis of
pituitaries in tadpoles.

Reagent Description Supplier
Pre-mixture I 1,5 ul poly-dT-Primer Biometra, Gottingen,
1:5 dissolved with PCR water, Germany

5'CCTgAATTCTAgAgCTCA(T)17-3’

Pre-mixture II 1 pl Affinity Script Multiple Temperature Stratagene (Agilent),
Reverse Transcriptase Waldbronn, Germany
2 ul 10* Affinity Script RT buffer, !
2ul DTT 100mM, !
1 pl ANTP-solution, 10mM per dNTP, Biometra, Gottingen,

Germany
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Appendix Table 16 ~ Reagents for real-time PCR of all samples
Descriptions of all components used for real-time PCR of pituitary, gonad and liver

samples.
Reagent Description Supplier
PCR water RNase/DNase free water Thermo Fisher
Scientific, Berlin,
Germany
oligo-dT-primer 2.5 uM; sequence: Biometra,
CCTGAATTCTAGAGCTCA(T)17 Gottingen,
Germany
poly-dT-Primer 1:5 diluted; sequence: !
5'CCTgAATTCTAgAgCTCA(T)17-3"
dNTPs 10 mM each dNTP Biometra,
Gottingen,
Gottingen
MMLYV (Kit) MMLV High Performance reverse transcriptase ~ Biometra,
(RT); Géttingen,
Reaction buffer (10 fold concentrate); Germany
Dithiothreitol (DTT; 100 mM)
Affinity-Script-RT (Kit) Affinity Script Multiple Temperature Reverse Stratagene
Transcriptase (RT); (Agilent),
. . . Waldbronn,
Affinity-Script reaction buffer (10 fold
Germany

concentrate);

Dithiothreitol (DTT; 100 mM)

Phire Hot Start II (Kit)

Phire Hot Start II DNA Polymerase;

Biozym, Hessisch

Phire Reaction Buffer; Oldendorf,
Germany
MgCl, 50mM
Biozym qPCR Mix Separate ~ qPCR 2xMix !

ROX

SYBR Green DNA I dye

1:200 diluted

Invitrogen (Thermo
Fisher Scientific),
Berlin, Germany

Platinum Taq polymerase

50!
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Appendix Table 17  Pre-mixtures for real-time PCR of pituitary samples
Reagents and corresponding amounts for the pre-mixtures used for real-time PCR of
pituitary samples for mRNA expression of EF, FSH and LH.

Reagent Amount (pl) for EF/FSH Amount (pl) for LH
PCR water 13.19 13.19
10x buffer for Taq DNA-Polymerase 4.00 4.00
dNTP-mixture 0.20 0.20
Sybr - 200 0.11 0.11
forward primer EF/FSH (25-50 uM) 0.15 -
reverse primer EF/FSH (25-50 uM) 0.15 -
forward primer LH (25-50 pM) - 0.15
reverse primer LH (25-50 uM) - 0.15
Phire Taq Polymerase 0.20 0.20
MgCl, - 0.40

Appendix Table 18  Pre-mixture for real-time PCR of gonad samples
Reagents and corresponding amounts for the pre-mixture used for real-time PCR of
gonad samples for mRNA expression of aromatase, StAR, P450, S1 and S2.

Reagent Amount (pl)
PCR water 14.00
reaction buffer (10x) 2.00
MgCl; (50 mM) 1.00
dNTPs (10 mM each) 0.17
SYBR Green DNA I dye (1:200) 0.11
forward primer (25-50 uM) 0.20
reverse primer (25-50 uM) 0.20
Platinum® Taq polymerase (5 U uL™) 0.20

Appendix Table 19  Pre-mixture for real-time PCR of liver samples
Reagents and corresponding amounts for the pre-mixture used for real-time PCR of
samples for mRNA expression of vitellogenin.

Reagent Amount (pl)
PCR water 7.70
qPCR-Mix 10.00
Sybr — 200 0.11
forward primer (25-50 uM) 0.15
reverse primer (25-50 uM) 0.15
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Appendix Table 20 mRNA expression of P450 and Aro after 21 days
P450 and S2 mRNA expression in male and female tadpoles after 21 days of exposure

and the control treatment as means +/- standard deviations (SD).

with two concentrations of microplastics and one concentration of EE2 alone (MP
low; MP high; EE2) and in combination with each other (MP low, EE2; MP high, EE2;
MP loaded) and one solvent control (control) relative to the elongation factor (EF)

Males Females
Biomarker Treatment Mean SD Mean SD
P450 Control 1.00 0.34 1.00 0.37
MP low 1.31 0.23 0.80 0.31
MP high 1.07 0.10 0.66 0.14
EE2 1.27 0.19 0.47 0.17
MP low, EE2 0.93 0.39 0.66 0.25
MP high, EE2 0.95 0.17 0.71 0.21
MP loaded 1.28 0.32 0.92 0.34
S2 Control 1.00 0.37 1.00 0.22
MP low 1.81 0.56 1.47 0.29
MP high 1.66 0.39 1.26 0.56
EE2 1.63 0.21 0.63 0.13
MP low, EE2 0.76 0.20 0.77 0.18
MP high, EE2 0.98 0.33 0.94 0.35
MP loaded 1.23 0.33 1.12 0.31

145



Appendix Table 21 mRNA expression of vitellogenin after 21 days

Vitellogenin mRNA expression in male and female tadpoles after 21 days of exposure

with two concentrations of microplastics and one concentration of EE2 alone (MP

low; MP high; EE2) and in combination with each other (MP low, EE2; MP high, EE2;

MP loaded) and one solvent control (control) relative to the elongation factor (EF)

and the control treatment as means +/- standard deviations (SD).

Vitellogenin
Males Females

Treatment Mean SD Mean SD
Control 1.00 0.34 1.00 0.58
MP low 0.90 0.36 1.13 0.68
MP high 1.50 1.34 1.43 0.75
EE2 54.92 61.20 144.76 149.67
MP low, EE2 549.52 468.55 171.79 115.53
MP high, EE2 800.24 772.77 166.45 113.53
MP loaded 1.19 0.59 1.25 0.33
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