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Preface 

The presented thesis with the title ‘Assessment of in situ transformation of 

Hexachlorocyclohexane using carbon stable isotope analysis (CSIA)’ was prepared by 

Safdar Bashir in the time from January 2010 to December 2013 under supervision of 

Dr. Ivonne Nijenhuis and Dr. Hans H. Richnow. Data generation was conducted in the 

Department of Isotope Biogeochemistry at the Helmholtz-Centre for Environmental 

Research – UFZ in Leipzig. 
 

Parts of this thesis were already published or are under review in peer-reviewed 

journals. Note that figures and text passages in the result chapters are taken from those 

publications without further indication.  
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Abstract 

 

The European environment agency listed around 250,000 contaminated field sites 

which need to be cleaned due to the hazardous effects they pose on human and 

ecosystem health. This number is expected to increase over the next years. Similar 

is the case of hexachlorocyclohexane (HCH) contamination and it is estimated that 

four to six million tons of various HCH materials have been dumped worldwide, 

which need an urgent removal from the environment. HCH can undergo degradation 

by microorganisms indigenous to the soil or groundwater. Therefore natural 

attenuation (NA), relying on the in situ biodegradation of pollutants is considered as 

a cost effective remediation strategy. However, it requires accurate monitoring 

techniques. Carbon stable isotope analysis (CSIA) is a powerful technique to provide 

information on the extent of degradation. α-HCH as many other organic components 

appear as a racemic mixture of enantiomers in the environment and enantiomer 

fraction (EF) can provide information on biodegradation. The combination of 

enantiomeric fraction (EF), CSIA and the enantiomer selective stable isotope 

analysis (ESIA) has potential for distinguishing transformation processes of 

contaminants in situ. 

To validate the applicability of CSIA for HCH, reaction-specific carbon isotope 

enrichment factors (εc) were determined in laboratory experiments for HCH isomers 

during aerobic and anaerobic degradation and compared with relevant abiotic 

reactions. Bulk enrichment factors determined for aerobic degradation of α- and γ-

HCH by two Sphingobium spp. with similar reaction mechanism were similar (εc = 

−1.0 to −1.6 ‰ for α-HCH and εc = −1.5 to −1.7 ‰ for γ-HCH). Carbon isotope 

fractionation for aerobic degradation was smaller (εc = −1.0 to −1.6 ‰) as compared 

to anaerobic biodegradation experiments with Dehalococcoides sp. (εc = −5.5 ± 0.8 

‰) and mixed cultures (εc = −3.1 ± 0.4 ‰). For the first time anaerobic HCH 

transformation coupled with growth of Dehalococcoides mccartyi strain 195 was 

reported. Furthermore, isomer and enantiomer selective stable isotope fractionation 

of α-HCH was analyzed during biotic and abiotic reactions. Enantio-selective 

transformation and carbon isotope fractionation of α-HCH enantiomers was 

observed only in biotic reference studies. The extent of carbon isotope fractionation 

in biotic and abiotic transformation was compared to analyze the mechanism of bond 
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cleavage. The enrichment factors of individual enantiomers εenantiomer allowed 

calculating an average enrichment factor in all cases which was identical with bulk 

enrichment factors εbulk showing the validity of the analytical approach. 

The extent and variability of carbon stable isotope fractionation in all laboratory 

investigations validate the applicability of CSIA as tool to characterize transformation 

of HCH in the environment. Furthermore, the ESIA method can help to distinguish 

biotic and abiotic reactions. The ESIA approach has probably potential for tracing the 

fate of other chiral contaminants in the environment. 

The evaluation of CSIA at a contaminated field site demonstrated its potential for the 

identification of source zone of HCH contaminations and estimation of the extent of 

degradation down gradient the source zones.  

In short, this study provides a concept for studying the transformation of HCH in the 

environment. The use of ESIA provides a comprehensive assessment of in situ 

degradation of α-HCH but also offers bases for tracing the fate of other contaminants 

containing chiral isomer with respect to i) providing evidence of degradation, ii) 

distinguishing pathways and iii) quantifying degradation at contaminated field sites. 
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Zusammenfassung 

 

Laut Europäischer Umweltagentur existieren allein in Europa ca. 250.000 

Altlastengebiete, die eine große Gefahr für Mensch und Umwelt darstellen. Es wird 

davon ausgegangen, dass die Anzahl dieser kontaminierten Standorte in den 

nächsten Jahren weiter zunimmt. Hexachlorcyclohexan (HCH) ist mit seinen 

Isomeren eine dieser problematischen Verbindungen, welche an zahlreichen 

kontaminierten Standorten zu finden ist. Schätzungsweise vier bis sechs Millionen 

Tonnen HCH Abfälle sind weltweit präsent, was den dringenden Bedarf einer 

gesicherten Entsorgung dieser Kontamination verdeutlicht. 

HCHs werden im Boden und Grundwasser von verschiedenen Mikroorganismen 

abgebaut. Natürliche Rückhalte- und Abbauprozesse (Natural Attenuation - NA), im 

Speziellen der natürliche mikrobielle Schadstoffabbau ist demnach eine 

kostengünstige und schonende Sanierungsstrategie. Dieses Sanierungskonzept 

erfordert jedoch Überwachungsmethoden, um den Fortschritt des Abbaus und 

dessen Effizienz bewerten zu können. Die Analyse stabiler Isotope (carbon stable 

isotope analysis - CSIA) hat sich dabei als eine leistungsstarke Methode zur 

Bewertung der Abbaurate erwiesen. Zahlreiche Verbindungen, wie z.B. α-HCH, 

kommen als Racemat in der Umwelt vor. Untersuchungen zur Isotopenfraktionierung 

von Enantiomerengemischen (enantiomeric fraction - EF) können zusätzlich 

Informationen über den biologischen Abbau dieser Verbindungen liefern. Eine 

sogenannte Enantiomeren-spezifische Analyse stabiler Isotopen (enantiomer 

selective stable isotope analysis - ESIA) hat demzufolge das Potential zur 

Identifizierung, Bewertung und Unterscheidung von verschiedenen in situ 

Abbauprozessen. 

Für die Validierung der Anwendbarkeit von CSIA im HCH-Abbau wurden 

reaktionsspezifische Isotopen-Anreicherungsfaktoren (εc) in biotischen aeroben und 

anaeroben als auch relevanten abiotischen Abbauexperimenten ermittelt und 

miteinander verglichen. 

Im aeroben Abbau von α- und γ-HCH durch zwei verschiedene Sphingobium 

Spezien wurden übereinstimmende Anreicherungsfaktoren (εc = −1.0 bis −1.6 ‰ für 

α-HCH und εc = −1.5 bis −1.7 ‰ für γ-HCH) ermittelt, die vermutlich durch relativ 

ähnliche Reaktionsmechanismen hervorgerufen werden. Die Anreicherungsfaktoren  

des anaeroben γ-HCH-Abbaus durch zwei Dehalococcoides mccartyi (εc = −5.5 ± 0.8 
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‰) und einer Mischkultur (εc = −3.1 ± 0.4 ‰) waren dagegen signifikant höher im 

Vergleich zum aeroben Abbau. Im Rahmen dieser Arbeit konnte zudem erstmalig ein 

wachstumsabhängiger anaerober HCH-Abbau durch Dehalococcoides mccartyi 

Stamm 195 gezeigt werden.  

Des Weiteren wurden die Methode zur ESIA entwickelt und am Beispiel des chiralen 

α-HCH Isomers in biotischen und abiotischen Abbaureaktionen untersucht. Dabei 

konnte eine enantiomer-selektive Transformation sowie Isotopenfraktionierung 

ausschließlich in den biologischen Abbauexperimenten beobachtet werden. 

Basierend auf dem Vergleich der Isotopenfraktionierung des biotischen und 

abiotischen HCH-Abbaus konnten Aufschlüsse über den Mechanismus der 

Bindungsspaltung gegeben werden. Die Berechnung eines gemittelten 

Anreicherungsfaktors (εbulk) aus den Fraktionierungsfaktoren der einzelnen 

Enantiomere (εenantiomer) war identisch zu dem gemessenen Anreichungsfaktor (εbulk) 

ohne Enantiomerentrennung. Damit konnte die Analytik der ESIA auch erfolgreich 

validiert werden. Das Ausmaß und die Variabilität der Kohlenstofffraktionierung in 

den Laborstudien belegt die Anwendbarkeit der CSIA zur Untersuchung des HCH-

Abbaus in der Umwelt. Zusätzlich kann mit Hilfe der ESIA zwischen biologischen und 

chemischen Reaktionen unterschieden werden. Weiterhin ist die Verwendung der 

ESIA zum Nachweis des biologischen Abbaus anderer organischer Schadstoffe 

denkbar. Die Evaluierung der CSIA am kontaminierten Feldstandort verdeutlicht das 

Potential zur Identifizierung von HCH-Kontaminationsquellen und erlaubt die 

Abschätzung der Abbaurate entlang der Grundwasserströmung. 

Zusammenfassend bietet diese Arbeit ein neues analytisches Konzept zur 

Abschätzung des in situ Abbaus von HCH. Durch die Verknüpfung von EF und CSIA 

zur Entwicklung der ESIA Methode wurde ein umfassender Ansatz zur 

Charakterisierung des in situ Abbaus der α-HCH Enantiomere vorgestellt. Dieser 

kann als Model für weitere Schadstoffe mit chiralen Isomeren bezüglich (i) eines 

Nachweis des Abbaus, (ii) der Unterscheidung verschiedener Abbauwege und (iii) 

einer Quantifizierung des in situ Abbaus dienen. 
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Chapter: 1 Introduction 
 

Introduction 

1.1 Hexachlorocyclohexane isomers  

Hexachlorocyclohexane (HCH) is one of the most widely produced and applied 

pesticides. It was originally synthesised in 1825 by Michael Faraday, however, its 

pesticidal property was discovered in 1942. Then commercial production of HCH by 

photochemical chlorination of benzene in the incidence of UV-light started at Imperial 

Chemical Industries Ltd. (Österreicher-Cunha et al., 2003). Technical-grade HCH 

comprises mainly five isomers bearing different stabilities: α- (60 to 70 %), β- (5 to 12 

%), γ- (10 to 12 %), δ- (6 to 10 %) and ε- (3 to 4 %) along with traces of η- and θ-

isomers (Vijgen, 2006). α-HCH is the sole chiral isomer with two enantiomers (+) α-

HCH and (-) α-HCH (Li, 1999). The isomers of HCH vary in their spatial positions of 

the chlorine atoms around the cyclohexane ring which can be axial or equatorial 

(Figure 1). At first, all the isomers in the technical-grade HCH have been used 

intensively as pesticides; however, it was discovered afterwards that only the γ-

isomer (Lindane) has insecticidal properties (Slade, 1945). Then developed 

countries started purification of the γ-isomer by treating the isomeric mixture of HCH 

with methanol or acetic acid and recrystallizing it to produce 99% pure γ-HCH 

(Lindane) (Willett et al., 1998).  

 

 

Figure 1: Axial and equatorial arrangements of chlorine atoms in the main HCH 

isomers (modified from Lal et al., 2010). 
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In late 1970s, the ill-famed pesticide dichlorodiphenyltrichloroethane (DDT) was 

banned and replaced with HCH which was conceived as an efficient alternative at 

that time because of its low cost and high effectiveness (De Paolis et al., 2013). HCH 

was used as a broad-spectrum insecticide for a variety of applications in agriculture, 

forestry and public health (Haugen et al., 1998). Typical utilizations were to protect 

vegetables, fruits, rice, in forestry production (e.g. Christmas trees), for seed 

treatment as well as to treat livestock and pets. Additionally, it was used as an 

insecticide in pharmaceuticals, lotions and shampoos. About 10 million tons of 

technical HCH have been used from 1940 to 1997 (Li, 1999) and around 382 

thousand tons of technical HCH and 81 thousand tons of Lindane were used in 

Europe from 1970 to 1996 (Breivik et al., 1999). The persistency, toxicity and 

potential carcinogenicity of the other isomers have resulted in the ban of HCH usage 

in most of the countries (Deo et al., 1994; Vijgen et al., 2011). 

 

1.2 Properties and persistence  

The properties such as solubility, volatility, sorption and polarity of pesticides are 

mainly affected by the chemical structure which may contribute to their transport, 

persistence and biodegradability. A short summary of HCH properties is provided in 

Table 1. The persistence of each isomer is largely dependent on the alignment of the 

chlorine atoms on the cyclohexane ring. As a general rule, less chlorine atoms at 

equatorial position or more at axial position renders persistence to the molecule. For 

instance, β-HCH is the most persistent isomer (Deo et al., 1994; Johri et al., 1996; 

Phillips et al., 2005; Sahu et al., 1990) having all chlorine atoms at equatorial 

positions (eeeeee), which results in more stable structure. Less persistent α-, δ- and 

γ-isomers have chlorine atoms oriented in equatorial and axial positions as ‘aaaaee’, 

‘aeeeee’ and ‘aaaeee’, in that order (Figure 1) (Phillips et al., 2005). 

The presence of axial chlorine atoms is thought to provide available sites for 

enzymatic degradation. It is generally observed that γ- and α-HCH are more easily 

biodegraded than the δ-isomer, which has more equatorial chlorine atoms (Deo et 

al., 1994). Persistence of HCHs in soil, water and air is puzzling because of 

variations in the available data due to complex interactions in the environment, which 

can affect both abiotic and biotic degradation (Phillips et al., 2005). 
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Table 1: Properties of most abundant HCH isomers (Phillips et al., 2005). 

 α-HCH β-HCH δ-HCH γ-HCH 

Boiling point (o
C) 288 at 760 mm Hg

 a
 60 at 0.5 mm Hg

 a
 60 at 0.36 mm Hg

 a
 323.4 at 760 mm Hg

 a
 

Melting point (o
C) 

159-160
a,b 

158
c 

314-315
a 

309-310
b 

141-142
a 

138-139
b 

112.5
a,c,d 

112-113
b 

Density (g cm
-3

) 1.87 at 20 
o
C

a
 1.89 at 20 

o
C

a,c
 NA

h 
1.89 at 19 

o
C

a
 

Solubility in water 

(mg L
-1

) 
10

a 
5

a 
10

a 
0-17

f 

7
g 

Solubility in 100 g 

ethanol (mg) 
1.8

a 
1.1

a 
24.4

a 
6.4

a,c 

Log KOW 

3.8
a 

3.9±0.2
b 

3.78
a 

3.9±0.1
b
 

4.14
a 

4.1±0.02
b
 

3.72
a 

3.7±0.5
b 

3.85
d 

Log KOC 3.57
a
 3.57

a
 3.8

a
 

3.57
a 

3.04
g 

Vapour pressure 

(mm Hg) 
4.5 x 10

-5
 at 25 

o
C

a
 3.6 x 10

-7
 at 20 

o
C

a
 3.5 x 10

-5
 at 25 

o
C

a
 

4.2 x 10
-5

 at 20 
o
C

a 

9.4 x 10
-6

 at 20 
o
C

c 

3.1 x 10
-5

 at 25 
o
C

d 

3.3 x 10
-5

 at 20-25 
o
C

g
 

a(Dorsey, 2005) 

b(Willett et al., 1998) 

cCRC Handbook of Chemistry and Physics(Lide, 2004)  

d(Bintein and Devillers, 1996). 

eMerck Index. 

fAlthough this range of solubility has been reported in the literature, the consent 

value appears to be closer to 7–10 mg L-1 (Phillips et al., 2005). 

g(Paraiba and Spadotto, 2002) 



Chapter: 1 Introduction 
 

  
5 

 

  

HCH-isomers are persistent and can stay in soil for more than 11 years (Lichtenstein 

and Polivka, 1959). Reported half-lives for Lindane in soil range from 6 weeks to 260 

days (Jury et al., 1983) to 2 years (Bintein and Devillers, 1996; Johri et al., 1996). 

Application of HCH isomers to a sandy loam soil field showed their persistence over 

a time period of 15 years (Stewart and Chisholm, 1971). Generally, half-life depends 

on the method of application, initial concentrations, soil properties and environmental 

conditions (Phillips et al., 2005). The α-isomer is the only chiral isomer of HCH. It can 

exist in two enantiomer forms (+) α-HCH and (-) α-HCH as shown in Figure 1.  

 

1.3 Contamination and risks for the environment 

Anthropogenic activities have introduced toxic chemicals into the soil and 

groundwater throughout the world. In 2006, the European Environment Agency 

stated around 250,000 contaminated field sites which urgently need to be cleaned to 

avoid hazards they pose on human and ecosystem health. This number is expected 

to increase over the next years. A similar situation exists in the United States where 

about 294,000 contaminated field sites are known (Bombach et al., 2010). These 

contaminated field sites may contain a variety of contaminants, which may range 

from simple organic contaminants to persistent organic pollutants (POPs) including 

HCH contamination. It is estimated that four to six million tons of various HCH 

materials have been dumped worldwide. The order of HCH containing waste is 

similar in range to the sum of other dumped persistent organic pollutants (POPs) 

defined by the Stockholm Convention (Weber et al., 2008). In 2009, the UNEP 

Stockholm Convention has listed the α, β and γ isomers of HCH as POPs (Vijgen et 

al., 2011). 

HCH contamination in the environment is of two major types. One involves the point 

source contamination of very high concentrations because of improper waste 

disposal in extreme cases and open air stock piling of waste isomers from Lindane 

production, because the production of one ton of Lindane creates 8 to 10 tons of 

HCH waste, which was dumped into the environment in an inappropriate manner 

(Vijgen, 2006; Weber et al., 2008). Heavily contaminated point sources are shown in 

Figure 2. A second type of contamination is related to diffuse contamination of the 

environment with lower HCH concentrations due to either dispersion from the 

stockpiles or the application of the insecticide (Lal et al., 2010). 
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Figure 2: Preliminary estimates on quantities of stored/deposited HCH waste 

isomers present in different countries (taken from Vijgen et al., 2011). (Vijgen et al., 

2011)) 

 

HCH residues at many sites have been reported to percolate into the soil and 

groundwater (Ricking and Schwarzbauer, 2008; Wycisk et al., 2013). Due to 

worldwide spread of HCH by various transport mechanisms and diffuse 

contamination, HCH residues have been found in glaciers as well (Ørbæk et al., 

2004). The most abundant organochlorine in arctic air, freshwaters and the Arctic 

Ocean is HCH, which symbolizes the extreme dispersion of HCH in the environment 

(Hinckley et al., 1991).  

Humans can be exposed to HCH isomers through various means, which include 

such as ingestion of contaminated water or food, absorption through skin or by 

inhalation. The α-, β- and γ-isomers of HCH mostly act as sedative of the nervous 

system (Nagata et al., 1999). Carcinogenic effects of HCH isomers in mice were also 

reported (Sagelsdorff et al., 1983). HCHs have been additionally reported as 

endocrine disrupters in which γ- and β-HCH have been shown to have weak 

estrogenic activity, and together with the α- and the δ-isomer can interfere with 

steroid synthesis (Olivero-Verbel et al., 2011). The β-HCH is toxicologically most 

significant due to its high persistence in mammalian tissues and its estrogenic effects 

in mammalian cells and fish (Willett et al., 1998). β-HCH is classified as a xenobiotic 
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that creates estrogen-like effects through non-classical mechanisms and may be of 

importance with regard to breast and uterine cancer risks (Steinmetz et al., 1996). 

The bio-concentration factor of β-HCH in human fat is nearly 30 times greater than 

that of γ-HCH (Geyer et al., 1987). The average half-life of β-HCH in the blood is 72 

years (Jung et al., 1997) as compared to only 1 day for γ-HCH (Feldmann and 

Maibach, 1974). 

 

1.4 Transformation of HCH 

For the successful application of remediation technologies and monitoring natural 

attenuation, it is important to understand the processes governing transformation of 

HCH. The details of major HCH transformations i.e. abiotic and biotic (aerobic and 

anaerobic) are given below.  

 

1.4.1 Abiotic processes 

A number of studies have already well documented HCHs treatment by various 

chemical technologies. Direct photolysis by short-wavelength UV irradiation (100-280 

nm) may directly transform α-, β- and δ-isomers of HCH (Hamada et al., 1982). 

However it is unlikely that short-wavelength UV light act on HCHs at the Earth’s 

surface level because this part of the light is completely filtered by the atmosphere. 

Indirect photolysis such as H2O2-assisted UV irradiation (photo-Fenton process) can 

transform γ-HCH via powerful OH radical or via TiO2-enhanced photocatalysis (EPA, 

1999; Hatzinger et al., 2013; Wiegert, 2013). The hydrolysis mechanisms and pH 

dependence of reaction rate constants for γ-HCH were discussed and a 

dehydrochlorination pathway is proposed (Ngabe et al., 1993). In addition, distinctly 

different rates and pathways were observed in the presence of solid iron sulphide 

(Bockelmann et al., 2003). Direct reduction of γ-HCH at carbon cathodes has been 

explored by means of cyclic voltammetry and controlled-potential electrolysis (EPA, 

1999). Nanoscale zero-valent iron for treatment of contaminated ground water or soil 

by HCHs represent a new generation of environmental remediation technologies that 

could provide cost-effective solutions to some of the most challenging environmental 

clean-up problems (Elliott et al., 2009; Singh et al., 2011; Wiedemeier, 1999; Zhang, 

2003). But chemical transformation processes are not always cost effective and 

often toxic to in situ microbes and could result in partial transformation of 

contaminants (Norris et al., 1995; Pardieck et al., 1992). Thus chemical technologies 
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might be not sufficient for a considerable removal of HCH from the environment. In 

this case an important mechanism which substantially removes HCH from the 

environment is biodegradation. 

 

1.4.2 Biotic processes 

Biotic processes are responsible for the significant removal of contaminants and are 

a cost effective method to substantially remove contaminants from the contaminated 

site. Bacteria are usually vital agents in most biotic transformation processes. Most 

of synthetic organic chemicals in soils and water are transformed to inorganic 

products by bacterial metabolism and co-metabolism. These microbial processes 

may lead to removal of contaminants from the environment. The mode of 

degradation of various halogenated contaminants with isolated pure cultures and 

their genetic characterization has been investigated intensively under oxic and 

anoxic conditions (Anderson et al., 1993; Baker and Herson, 1994; Lal et al., 2010; 

Phillips et al., 2005). 

 

1.4.2.1 Oxic conditions 

In late 1980s, the aerobic degradation of HCHs was reported for the first time 

(Bachmann et al., 1988a; Sahu et al., 1993; Sahu et al., 1995). Most HCH degrading 

aerobic bacteria belong to the family Sphingomonadaceae (Lal et al., 2010) 

however, other bacterial strains were reported to degrade different HCH-isomers 

(Bachmann et al., 1988b; Manickam et al., 2006). The first HCH degrading isolate 

was classified as Pseudomonas paucimobilis strain UT26 and derived from an 

upland experimental field in Japan where γ-HCH had been applied once a year over 

12 years (Senoo and Wada, 1989). Strain UT26 uses γ-HCH as a sole carbon and 

energy source. Further phylogenetic related strains were isolated from a rice field 

from India (Sahu et al., 1990) and from river Rhine in France (Thomas et al., 1996), 

respectively. Later 16S rRNA gene sequence analysis revealed that all three strains 

are distinct species of the genus Sphingobium and thus named as Sphingobium 

japonicum UT26, S. indicum strain B90A and S. francense Sp+, respectively (Pal et 

al., 2005). During the last decade numerous strains of this genus were isolated from 

HCH-contaminated sites in China (Ma et al., 2005), Japan (Ito et al., 2007), India 

(Dadhwal et al., 2009), Germany (Böltner et al., 2005) and Spain (Mohn et al., 2006). 

S. japonicum strain UT26 and S. indicum strain B90A were investigated intensively 
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for HCH degradation, metabolites formation, expression of responsible genes and 

enzymes during transformation (Lal et al., 2010). 

 

 

 

Figure 3: Aerobic biodegradation pathways for γ-HCH (A) and α-HCH (B) by 

bacterial strains S. indicum strain B90A and S. japonicum strain UT26, respectively. 

(modified from Lal et al., 2010) 

 

The aerobic transformation of γ-HCH is characterized by two initial 

dehydrochlorination reactions producing the assumed product 1,3,4,6-tetrachloro-

1,4-cyclohexadiene (1,3,4,6-TCDN) through the intermediate γ-

pentachlorocyclohexene (γ-PCCH) (Imai et al., 1991; Nagasawa et al., 1993), 

whereby the other  end products 1,2,4-trichlorobenzene (1,2,4-TCB) and 2,5-

dichloropenol (2,5-DCP) are formed depending on the different reaction routes 

(Geueke et al., 2013) (Figure 3 A). The α-HCH biotransformation proceeds similarly 

via dehydrochlorination, β-PCCH is produced as the first intermediate which is then 

converted into 1,2,4-TCB (Suar et al., 2005) (Figure 3 B). In both reaction pathways 

the first reaction steps are catalysed by LinA (enzyme necessary for aerobic 

transformation of α and γ-HCH). For δ-HCH and β-HCH a similar transformation 

mechanism (hydrolytic dechlorination) is reported. Here, the first transformation 

B 

A 
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steps are catalysed by LinB resulting in 2,3,4,5,6-pentachlorocyclohexanol (PCHL) 

as intermediate. Recently, two Arthrobacter strains, which were not directly isolated 

from a HCH-polluted site, showed the potential to grow in a mineral salt medium 

containing α-, β-, or γ-HCH as sole source of carbon (De Paolis et al., 2013). 

 

1.4.2.2 Anoxic conditions 

Initially it was believed that biodegradation of HCH only occurs under anaerobic 

conditions. Due to the absence of a bacterial model for HCH degradation, rat liver 

microcosms with enriched cytochrome P-450 were initially used to study the 

degradation and relative rates of dechlorination of α-, β- and γ-HCH under anoxic 

conditions (Beurskens et al., 1991). Metabolites detected during anaerobic 

degradation of α-, β- and γ-HCH were δ-3,4,5,6-tetrachlorocyclohexene (TCCH) and 

monochlorobenzene (MCB) (Figure 4). The degradation rates (γ-HCH>α-HCH>β-

HCH) in this study were the same as found under anoxic environmental conditions 

(Heritage and MacRae, 1977; Macrae et al., 1969). All four main isomers of HCH 

were degraded faster in flooded soil than in sterilized soil and 14C labelled CO2 was 

produced from non-sterile flooded soils treated with 14C labelled γ-HCH indicating 

mineralisation (MacRae et al., 1967). Anoxic studies clearly suggest that the 

anaerobic degradation of HCH isomers taking place through successive 

dechlorination and/or dehydrochlorination to produce benzene and/or chlorobenzene 

(Buser and Mueller, 1995; Doesburg et al., 2005; Van Liere et al., 2003) (Figure 4).  

 

 

 

 

 

 

 

 

Figure 4: Proposed anaerobic biodegradation pathway of HCH (taken 

from(Mehboob et al., 2013) 
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1.5 Contaminated site remediation strategies 

Contaminated site remediation strategies vary depending on the site, extent of 

contamination, historical background of contamination, geographical characteristics 

and geochemical situations. Thus, reliable monitoring and precise risk assessment is 

needed to select the most suitable remediation technique. Some of the popular 

remediation technologies include bioremediation, mechanical soil aeration, chemical 

treatment, incineration, neutralization, phytoremediation, soil vapor extraction, soil 

washing, solidification/stabilization, solvent extraction or pump and treat (Sharma 

and Reddy, 2004; Wiegert, 2013). 

However, most of the conventional remediation approaches are time consuming and 

expensive and lead often only to partial remediation. Since 1990s, natural 

attenuation (NA) has gained attention, because it relies on in situ biodegradation of 

the contaminants, without human involvement (Bombach et al., 2010; EPA, 1999). 

NA refers to the decrease of mass, volume, toxicity, mobility, and/or concentration of 

contaminants in soil or groundwater by naturally occurring processes. These 

processes can be physical, chemical or biological. Consequently, they include 

biodegradation, dispersion, dilution, sorption, volatilization, radioactive decay, 

chemical or biological stabilization, transformation, and destruction of contaminants 

(EPA, 1999; Wiedemeier, 1999). Biodegradation is one of the main processes, 

therefore, in situ biodegradation has been the topic of many investigations over the 

past decades (Schirmer et al., 2006; Voldner and Li, 1995; Wiedemeier, 1999). 

In order to use NA as an effective remediation approach, some concerns must be 

taken into consideration including occurrence, efficiency and duration of 

biodegradation, so that the contaminant eradication takes place in a sensible time 

period (Bombach et al., 2010; Martin et al., 2003). Thus, robust and cost efficient 

monitoring tools are essential to validate the sustainability of NA (Bockelmann et al., 

2003). Thus monitoring is essential to validate that NA works in a sustainable way 

and the term Monitored Natural Attenuation (MNA) is commonly used. Several 

methods have been established to evaluate NA at contaminated field sites, and more 

accurately to perfectly qualify and quantify the degradation processes. These 

methods include e.g. geochemical approaches, tracer tests, metabolite analysis, and 

microbial or molecular methods (Bombach et al., 2010; Schirmer et al., 2006). 

Concentration based estimations for biodegradation are frequently hindered by other 

physical processes, such as dilution and dispersion, which prevent creating a reliable 
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mass balances. Therefore several methods are often combined to answer the 

questions and provide reliable clues for NA. However direct quantification of the 

amount of degradation and identification of the basic pathways is often not possible 

only by these methods (Bombach et al., 2010). 

 

1.6 Approaches for assessment of in situ biotransformation of HCH 

Considering the costs and technical difficulties linked to other conventional 

remediation techniques, currently, in situ biodegradation is considered as an 

effective approach for contaminants removal from the soil and water bodies. In situ 

degradation is the key process for NA strategies for managing contaminated sites 

(Schirmer et al., 2006). Only few studies demonstrated the stimulated transformation 

of HCH to intermediates in a full scale anaerobic in situ bioscreen, combined with an 

aerobic on site treatment to harmless end products (Langenhoff et al., 2013). 

However, complete characterization of site-specific biodegradation processes is 

essential to validate the effectiveness of in situ biodegradation of organic 

contaminants at a contaminated site and to investigate the efficiency of in situ 

remediation processes to replace conventional clean-up technologies (Pope et al., 

2004). Recently, several methods or combination of various techniques have 

received great attention to verify the in situ biodegradation processes. In case of 

HCH there are several limitations e.g. the concentrations of HCH on most of the 

dump sites are too high to monitor concentration dependent biodegradation 

quantification. In case of application of molecular methods for assessing in situ 

transformation of HCH, several studies demonstrated successful application in oxic 

conditions because of the availability of well characterized bacterial strains (Lal et al., 

2010) but the application of molecular approaches under anoxic conditions is limited 

because of lack of known and well characterized microorganisms. The lack of well 

characterized bacterial cultures is a bottleneck in studying the genetics and 

biochemistry of the anaerobic microbial HCH dechlorination process and monitoring 

natural attenuation with molecular methods (Mehboob et al., 2013). Enantiomer 

fractionation provides another indicator for in situ biodegradation of α-HCH and 

various studies showed the site specific enantioselective transformation of α-HCH 

enantiomers (Harner et al., 2000; Helm et al., 2000; Law et al., 2004). One of the 

most promising monitoring tools to characterize and assess contaminant sources 

and in situ degradation of organic contaminants is carbon stable isotope analysis 
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(CSIA) (Aelion et al., 2010; Elsner, 2010; Hofstetter and Berg, 2011; Schirmer et al., 

2006; Wijker et al., 2013).  

 

1.7 CSIA application to monitor in situ biodegradation 

Carbon stable isotope analysis (CSIA) has been shown to be an effective tool to 

evaluate in situ biodegradation processes (Swartjes, 2011). Stable isotope ratio 

measurements of specific compounds can be used to distinguish biodegradation 

from non-destructive processes affecting concentration only and has been reviewed 

extensively (Thullner et al., 2012). Isotope effects can also be used to explain 

reaction mechanisms and in combination with spatial/temporal data, can be applied 

in situ to estimate reaction rates. Moreover, in recent years, attempts have been 

made to use stable isotope fractionation data to discriminate different reaction 

pathways of contaminant degradation in groundwater (Feisthauer et al., 2012). 

 

1.7.1 Fractionation of stable isotopes 

Isotopes (Greek isos = “equal”, topos = “site, place”; “at the same place” within the 

periodic table of elements) are atoms of one element with varying mass numbers 

due to different numbers of neutrons. Neutrons are neutral nuclear particles which 

decrease repulsive forces between protons. They are responsible for the variety of 

stable isotopes within nature. The effectiveness of stable isotopes for evaluating 

biodegradation is based on the fact that chemical bonds formed by a heavy isotope 

of an element typically are stronger than those formed by a light isotope of the same 

element in the same compound. Thus, when a specific bond is broken, molecules 

containing heavy isotopes of elements involved in the bond (or neighbouring to a 

lesser degree) generally react more slowly than molecules containing light isotopes 

of those elements (Figure 5) (Bigeleisen, 2004). This process is called as isotope 

fractionation and, when it is related to a unidirectional reaction (rather than a 

reversible phase change or other equilibrium process), as a kinetic isotope effect is 

assessable by comparing the isotope ratio of elements involved in the process 

(Aelion et al., 2010). The quantification of isotope fractionation is explained below. 
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Figure 5: Principle of isotopic fractionation in microbially catalysed reactions. Lighter 

isotopologues require less activation energy (Ea) to achieve the transition state and 

will therefore react faster than heavy isotopologues. ∆(∆GQ) are the energetic 

differences between the isotopologues of the reactant at the beginning of the 

reaction and ∆(∆GTS) are energetic differences between the isotopologues in the 

transition state (modified from Elsner et al., 2010). 

 

1.7.2 Stable isotope analysis of carbon and natural attenuation 

Carbon exists mainly in two stable isotopic forms, 12C and 13C, with a mean natural 

isotope ratio of 13C/12C = 0.001123, which means that the natural abundance of 13C 

is 1.11 %. Application of stable carbon isotopes analysis has gained great attention 

in environmental studies since last decade. The most common technique for this 

purpose is isotope ratio mass spectrometry (IRMS), either coupled to a gas 

chromatograph (GC-IRMS) or to an elemental analyser (EA-IRMS) (Swartjes, 2011). 

The international standard used for reporting stable carbon isotope composition is 

Vienna Pee Dee Belemnite (VPDB) (eq. 1) (Coplen, 2011). 

 

�����‰� � 	 
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��������� � 1� 	�	1000         (1) 

 

The Rayleigh equation can be applied for mathematical description of microbial 

carbon stable isotope fractionation processes (eq. 2), where δt is the isotope ratio of 
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the substrate at a certain time t of biodegradation, δ0 is the initial isotope ratio of the 

substrate, CBt/C0 is the fraction of substrate remaining during biodegradation at a 

certain time t, whereas CBt is the concentration of substrate at time t and C0 is 

concentration at time 0, and ε is the enrichment factor. 

      

  (2) 

 

The extent of contaminant biodegradation can be expressed as percentage of the 

initial contaminant concentration removed due to biodegradation (see eq. 3). 

                      (3) 

Combining this expression with the Rayleigh equation (eq. 2) allows the 

quantification of contaminant biodegradation within a time interval or along a flow 

path of the contaminant in a given environment using measured isotope ratios. 

Required data are the initial isotope ratio of the contaminant at a starting point in 

time or in space (generally the contaminant source) and the isotope ratio of the 

remaining contaminant at a temporal or spatial observation point (generally a well 

within the downstream of a source). The amount of contaminant degraded between 

the initial and a certain time t is then given by according to eq. 4 (Thullner et al., 

2012). 
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1.8 Enantiomeric Fraction  

The enantiomeric fraction (EF) is used to explain the relationship between 

enantiomers during biodegradation (Harner et al., 2000; Wiberg et al., 2001). The EF 

(+) is defined as A+/ (A++ A-), where A+ and A- correspond to the peak area or 

concentrations of (+) and (-) enantiomers (Harner et al., 2000). Racemic compounds 

have an EF (+) equal to 0.5. An EF (+) > 0.5 shows the preferential degradation of (-) 
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enantiomer, and an EF (+) < 0.5 indicates the preferential degradation of (+) 

enantiomer. EF (-) is defined as A-/ (A++ A-). 

 

1.8.1 Quantification of enantiomeric fractionation 

Recently, Gasser et al. (2012) proposed to quantitatively describe the fractionation of 

enantiomers induced by biotransformation using the simplified version of the 

Rayleigh equation (eq. 2). Since, the assumption R+1 ≈ 1 for the enantiomeric ratios 

which can be expressed by enantiomeric fractions (R = EF(-)/EF(+)) is not valid, the 

most general form of the Rayleigh equation (eq. 4) has to be used for the 

determination of enantiomeric enrichment factor (ɛe). First, eq. 4 is logarithmized and 

ln[Ct/C0/{(EF(-)t/EF(+)t+1)/(EF(-)0/EF(+)0+1)}] is plotted versus ln[{EF(-

)t/EF(+)t)/(EF(-)0/EF(+)0}], where Ct and C0 are the sum of the concentration of both 

enantiomers at a given time (t) and prior to biodegradation (0), respectively. Then, 

the enantiomeric fractionation factor (ɛe) is obtained from the slope of the linear 

regression m = ɛe (see Chapter 3.1). 

 

1.9 Application of CSIA for HCH transformations  

To apply CSIA for the investigation of in situ HCH transformation, it is important to 

perform laboratory reference culture experiments to estimate carbon stable isotope 

enrichment factors (εc) and to characterize the degradation pathways by considering 

different environmental conditions. Preliminary laboratory investigations showed 

significant carbon stable isotope fractionation for γ-HCH during dechlorination under 

sulfate reducing conditions  suggesting that CSIA could be applied to monitor γ-HCH 

degradation in anoxic environments (Badea et al., 2009). In a subsequent study, 

Badea and colleagues developed a method to analyse the changes in isotopic 

composition of individual enantiomers of α-HCH and demonstrated the applicability 

of the innovative enantiomer-specific stable isotope analysis (ESIA) concept for the 

anaerobic biotransformation with Clostridium pasteurianum (Badea et al., 2011). 

These studies provided the basis for the application of CSIA as tool to characterize 

and assess HCH transformation processes but there were still scientific gaps which 

needed to be addressed to prove its validation.  
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To fill these gaps of knowledge, therefore, the objectives of this thesis were: 

• To establish carbon enrichment factors for HCH isomers and enantiomers for 

oxic environmental condition (Chapter 3.1). 

• To validate enantiomer selective stable isotope analysis (ESIA) for assessing 

the fate of a chiral isomer (α-HCH) (Chapter 3.1). 

• To compare carbon enrichment factors (εc) of pure cultures and mixed 

anaerobic cultures to validate representative enrichment factors for in situ 

microbial environment. (Chapter 3.2). 

• To develop compound specific stable isotope analysis as a reference for 

identification of abiotic reactions (Chapter 3.3). 

• To apply CSIA at real field conditions for assessing in situ transformation of 

HCH (Chapter 3.4). 
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2 Objective and structure of thesis 

To fill the above mentioned scientific gaps for the application of CSIA as a tool to 

assess in situ transformation of HCH by various laboratory and field investigations. 

The overall objective of this thesis, therefore, was to validate the application of 

carbon stable isotope analysis (CSIA) and enantiomer specific stable isotope 

analysis (ESIA) to characterize biotic and abiotic transformation of HCH in situ. 

Additionally, to prove that CSIA in combination with enantiomer-selective 

degradation of α-HCH can be applied as an effective and reliable tool for monitoring 

natural attenuation of HCH. 

 

The specific objectives of the thesis were: 

 

• Evaluation of CSIA for characterization of HCH biotransformation.  

• Evaluation of enantiomer fractionation (EF) and enantiomer-specific stable 

isotope analysis (ESIA) as an additional technique in addition to CSIA for 

assessing the fate of a chiral isomer (α-HCH). 

• Evaluation of anaerobic HCH biotransformation and pathways by combining 

metabolite analysis and CSIA. 

• Characterisation of isotope fractionation of HCH during environmentally 

relevant abiotic reactions. 

• Application of CSIA concepts in situ to assess biotransformation and 

contaminant source identification. 

 

This doctoral thesis is written in chapter’s format and is based on following four main 

results chapters.  

 

Chapter 3.1 (published in Environmental Science & Technology, (2013) 47:11432-

11439) focuses on the carbon stable isotope fractionation during aerobic degradation 

of α and γ-HCH and to refine the concept of ESIA. The carbon stable isotope 

fractionation during aerobic degradation of the enantiomers of α-HCH by two 

Sphingobium spp. S. indicum strain B90A and S. japonicum strain UT26 were 

determined, and compared to the isotope fractionation of bulk α-HCH and γ-HCH. 

We further investigated changes in enantiomeric composition of α-HCH during 



Chapter: 2 Objective and structure of thesis 
 

  
29 

 

  

aerobic biodegradation in order to verify if the Rayleigh equation can be applied for 

describing the fractionation of the α-HCH enantiomers. We therefore propose that 

ESIA, in addition to CSIA, can be used as a tool for analyzing the fate of 

enantiomeric chemicals in the environment making use of both enantioselective 

degradation and isotope fractionation as indicators. 

 

Chapter 3.2 (prepared for submission to Chemosphere) focuses on the 

biotransformation of HCHs by Dehalococcoides mccartyi strain 195 and strain 

BTF08 and related growth. The degradation pathway was investigated by analysing 

the resulting metabolites and end products.  Shifts in stable carbon isotope 

composition of γ-HCH were compared to the co-metabolic HCH degrading 

Clostridium pasterianum as well as to a γ-HCH degrading enrichment culture.  

 

Chapter 3.3 (Submitted to Journal of Hazardous Materials) investigates carbon 

stable isotope fractionation during environmentally relevant abiotic transformation 

reactions of α-HCH which include photo-induced reactions, hydrolysis, 

electrochemical reaction and reductive reaction by zerovalent iron nanoparticles 

(nZVI). 

 

Chapter 3.4 (submitted to water research) demonstrates the application of CSIA to 

assess in situ biotransformation of HCH by using carbon isotope ratios of HCHs in 

combination with pollutant concentration patterns and hydrogeochemical information 

from the field site. Additionally, this study deals with the application of CSIA as tool to 

identify contaminant sources. Overall, the applicability of CSIA was validated as an 

appropriate alternate monitoring tool for the implementation and successful control of 

innovative management and remediation concepts like Monitored or Enhanced 

Natural Attenuation (MNA, ENA). 
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Abstract 

Carbon isotope fractionation was investigated for the biotransformation of γ- and α- 

Hexachlorocyclohexane as well as enantiomers of α-HCH using two aerobic bacterial 

strains: Sphingobium indicum strain B90A and Sphingobium japonicum strain UT26. 

Carbon isotope enrichment factors (εc) for γ-HCH (εc = -1.5 ± 0.1 ‰ and -1.7 ± 0.2 ‰) 

and α-HCH (εc = -1.0 ± 0.2 ‰ and -1.6 ± 0.3 ‰) were similar for both aerobic strains, 

but lower in comparison with previously reported values for anaerobic γ-HCH 

degradation. Isotope fractionation of α-HCH enantiomers was higher (+) α-HCH (εc = -

2.4 ± 0.8 ‰ and -3.3 ± 0.8 ‰) in comparison to (-) α-HCH (εc = -0.7 ± 0.2 ‰ and -1.0 ± 

0.6 ‰). The microbial fractionation between the α-HCH enantiomers was quantified by 

the Rayleigh equation  and enantiomeric fractionation factors (ɛe) for S. indicum strain 

B90A and S. japonicum strain UT26 were -42.8 ± 15.5 % and -22 ± 5.7 %, respectively.  

The extent and range of isomer and enantiomeric carbon isotope fractionation of HCHs 

with Sphingobium spp. suggests that aerobic biodegradation of HCHs can be monitored 

in situ by carbon stable isotope analysis (CSIA) and enantiomer-specific isotope 

analysis (ESIA). In addition, enantiomeric fractionation has the potential as a 

complementary approach to CSIA and ESIA for assessing the biodegradation of α-HCH 

at contaminated field sites. 

 3.1.1 Introduction 

About 25% of worldwide applied organic chemicals, e.g. pharmaceuticals or pesticides, 

are chiral and were applied as mixtures of isomers and/or enantiomers (Hegeman and 

Laane, 2001). Despite the almost similar molecular structure and identical physical 

properties, however, enantiomers may have different characteristics related to 

(biogeo)chemical reactions governing their persistence and toxicity in the environment 

(Garrison, 2006; Kallenborn, 2001; Kohler et al., 1997). This motivates our investigation 

for studying the behavior of enantiomers combined with stable isotope techniques to 

gain further information for tracing their fate in the environment. For this purpose, we 

selected the hexachlorocyclohexane (HCH) of which α-HCH is chiral. 
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HCHs, comprising mainly α, β, γ and δ-HCH, were among the most produced and 

applied insecticides, as technical HCH or Lindane (γ-HCH), between 1950 and 2000 

(Breivik et al., 1999; Li, 1999; Li and Macdonald, 2005). Technical HCH, containing 60-

70 % of the chiral isomer α-HCH, 5 to 12 % of β-HCH, 10 to 12 % of γ-HCH, 6 to 10 % 

δ-HCH and 3 to 4 % ε- HCH of which only γ-HCH has specific insecticidal activity, was 

extensively used mainly in developing countries (Bhatt et al., 2009; Li, 1999). In addition 

to technical HCH, the γ-HCH isomer known as Lindane was intensively used as a pure 

component in insecticide formulations (Voldner and Li, 1995). The large amount of by-

products produced during the Lindane production (one ton of purified γ-HCH results in 

eight to twelve tons of HCH by-products containing all other isomers) were often 

disposed improperly resulting in point source contamination of soil and groundwater at 

recent and former HCH production sites (Vijgen et al., 2011) . Between four to seven 

million tons of technical HCH waste was estimated to be produced around the globe 

during 60 years of Lindane synthesis.  These residual of HCHs are toxic, persistent, and 

potentially bio-accumulative (Butte et al., 1991; Canton et al., 1975; Solomon et al., 

1977; Willett et al., 1998) resulting in the recent inclusion as new persistent organic 

pollutants (POPs) in the Stockholm convention (Vijgen et al., 2011) . Therefore, 

concepts to trace the fate of HCH in the environment are essential. 

Biodegradation is a major process removing HCHs in soil, aquifers and surface water 

bodies (Lal et al., 2010). Anaerobic transformation of HCH results in 

monochlorobenzene and benzene as accumulating metabolites via reductive beta-

elimination (Quintero et al., 2006) while aerobic degradation proceeds via 

dehydrochlorination. The aerobic transformation of γ-HCH is characterized by two initial 

dehydrochlorination reactions producing the putative product 1,3,4,6-tetrachloro-1,4-

cyclohexadiene (1,3,4,6-TCDN), via the intermediate γ-pentachlorocyclohexene (γ-

PCCH) (Imai et al., 1991; Nagasawa et al., 1993a; Nagasawa et al., 1993b) whereby 

the other  side end products 1,2,4-trichlorobenzene (1,2,4-TCB) and 2,5-dichloropenol 

(2,5-DCP) may be formed depending on the different reaction routes (Geueke et al., 

2012). α-HCH biotransformation via dehydrochlorination proceeds similarly, resulting in 

β-PCCH, as the respective enantiomer from (+) and (-)-α-HCH, as the first intermediate 

which are then converted to 1,2,4-TCB (Suar et al., 2005) . In these reactions, LinA has 
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been described as responsible enzyme for biotransformation of α-HCH and γ-HCH (Lal 

et al., 2010). 

carbon stable isotope analysis (CSIA) has become a well-developed concept to 

determine in situ biodegradation of common contaminants (Swartjes, 2011). The stable 

isotope fractionation upon the bond cleavage of the first irreversible reaction leads to an 

enrichment of heavier isotopologues in the residual (non-degraded) pollutant fraction. 

The extent of stable isotope fractionation allows to assess pollutant biodegradation 

qualitatively and quantitatively as well as to elucidate reaction mechanisms (Hofstetter 

and Berg, 2011; Thullner et al., 2011). The compound-specific isotope enrichment factor 

(ɛc), correlating change in concentration to isotope enrichment, from laboratory 

reference studies is needed as a reference for application of CSIA concepts in field 

studies. 

Significant carbon stable isotope fractionation for Lindane (γ-HCH) could be observed 

during dechlorination under sulfate reducing conditions  suggesting that CSIA could be 

applied to monitor γ-HCH degradation in anoxic environments (Badea et al., 2009). In a 

subsequent study, Badea et al. developed a method to analyze the changes in isotopic 

composition of individual enantiomers of α-HCH and demonstrated the applicability of 

the innovative enantiomer-specific stable isotope analysis (ESIA) concept for the 

anaerobic biotransformation with Clostridium pasteurianum (Badea et al., 2011).  

To refine the concept of ESIA, we determined the carbon stable isotope fractionation 

during aerobic degradation of the enantiomers of α-HCH by two Sphingobium spp. 

strains, Sphingobium indicum strain B90A and Sphingobium japonicum strain UT26, 

and compared this to the isotope fractionation of bulk α-HCH and γ-HCH. We further 

investigated changes in enantiomeric composition of α-HCH during aerobic 

biodegradation in order to verify if the Rayleigh equation can be applied for describing 

the fractionation of the α-HCH enantiomers. We therefore propose that ESIA, in addition 

to CSIA, can be used as a tool for analyzing the fate of enantiomeric chemicals in the 

environment making use of both enantioselective degradation and isotope fractionation 

as indicators.  
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3.1.2 Material and methods 

Chemicals 

γ-HCH (analytical purity, 97 %), α-HCH (99 %), δ-HCH (99.5 %), 1,2,4-TCB and toluene 

were purchased from Sigma Aldrich (Germany). Pentane (analytical purity > 99 %) was 

obtained from Carl Roth, Germany. β- and γ-pentachlorocyclohexene (PCCH) were 

produced by alkaline dehydrochlorination of α and γ-HCH as described previously 

(Trant  rek et al., 2001). 

Bacterial strains and culture conditions 

S. indicum strain B90A was provided by Prof. Rup Lal, University of Delhi, India and 

was grown on LB agar as described previously at 28°C (Imai et al., 1989). S. japonicum 

strain UT26 was obtained from Prof. Jiri Damborsky, Masaryk University, Czech 

Republic and grown at 1/3 LB agar at 30°C (Nagata et al., 1999).  

Biodegradation experiments 

Biodegradation of α- and γ-HCH was studied in batch culture experiments at the 

previously described optimal growth conditions indicated below. Glass serum bottles 

(240 mL) were equipped with oxygen sensor spots to monitor the oxygen concentration 

as described previously (Rosell et al., 2009). Mineral medium (Kumari et al., 2002) (50 

mL) (with 0.1 % glucose) (Raina et al., 2008) was added in the serum bottles and the 

respective HCH isomer was added at a final concentration of 18 µM from 0.1 M stock 

solutions in acetone to each bottle. Bacterial strains grown in LB medium up to an 

OD600=0.5 (108 cells mL-1) were used for inoculation (0.5 ml or 106 cells mL-1). Bottles 

were sealed with Teflon® coated rubber stoppers and crimped. All batches were 

incubated at 30°C at 150 rpm. Abiotic controls without inoculum were incubated under 

identical conditions.  

Sampling and extraction procedure 

A sacrificial approach was adopted for sampling as described previously (Cichocka et 

al., 2008). Each bottle was sacrificed with two ml of a saturated Na2SO4 (280 g L-1) 

solution which was adjusted to pH 1 with H2SO4 to stop biological activity. All sacrificed 

batches were stored at 4°C until extraction. Before extraction, two internal standards, 
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which were used for the quantification of HCH and products as well as internal standard 

for isotope analysis, were added in the sacrificed bottles: 10 µM δ -HCH for the HCH 

isomers and 10 µM toluene for metabolites. The batches were placed on a rotary shaker 

for 1 hour at 120 rpm speed at 20°C and then 1 ml of n-pentane was added in each 

bottle. All bottles were placed on a shaker again at 4°C at 120 rpm for 2 hours. Then the 

n-pentane phase was removed using glass Pasteur pipettes. Extracts were stored at -

20°C until analysis. The extraction efficiency was >95%. In addition, the extraction 

procedure did not lead to significant changes of carbon isotope ratios (data not shown). 

Analytical methods 

GC-MS: A gas chromatograph (GC), (7890A, Agilent Technologies, Palo, USA) coupled 

to a mass spectrometer (MS) (5975C, Agilent Technologies, Palo, USA) was used for 

identification and structural characterization of HCHs and their metabolites. HCH 

isomers and their metabolites were separated by BPX-5 capillary column (30m x 

0.25mm x 0.25 µM) (SGE, Darmstadt, Germany). The temperature program used for 

separation of HCH isomers and their metabolites was described elsewhere (Badea et 

al., 2009). For separation of enantiomers a γ-DEXTM 120 chiral column (column length x 

I.D.30 m x 0.25 mm, df =0.25 µM) (Supelco Bellefonte, Pennsylvania, USA) was used 

and the method was described previously (Badea et al., 2011) . 

GC-C-IRMS: The stable carbon isotope ratios of HCHs and their metabolites were 

analyzed by a gas chromatograph-combustion-isotope ratio mass spectrometer (GC-C-

IRMS). The system consisted of GC (6890, Agilent Technologies, Palo, USA) coupled 

with Conflow III interface (Thermo Fisher Scientific, Bremen, Germany) to a MAT252 

IRMS (Thermo Fisher Scientific, Bremen, Germany) as described previously (Badea et 

al., 2009). Three µL aliquots of n-pentane extract were injected with a split of 1:3 while 

the samples with concentration below 1 µM were run with splitless injection. All samples 

were measured in at least three replicates and the typical uncertainty of analysis was 

<0.5 ‰. The carbon isotope ratios were expressed in the delta notation (δ13C) relative 

to the international standard Vienna Pee Dee Belemnite (V-PDB) according to eq. 1 

(Coplen, 2011). 
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Rsample and Rstandard were the 13C/12C ratios of the sample and the standard, respectively 

and the δ13C-values were reported in part per thousand (‰). 

Quantification of isotope fractionation 

For the description of stable isotope fractionation of biochemical reactions the Rayleigh 

equation can be applied in its most general form (Mariotti et al., 1981) 
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where Rt, R0 and Ct, C0 are the stable isotope ratios (e.g., 13C/12C) and concentrations 

of a compound at a given point in time (t) and at the beginning of a transformation 

reaction (0), respectively. The isotope enrichment factor ɛ correlates the changes in 

stable isotope ratios (Rt/R0) with the changes in the concentrations (Ct/C0). 

For stabile carbon isotope ratios (R = 13C/12C) with natural abundance, the assumption 

R+1 ≈ 1 is valid and the simplified version of the Rayleigh equation can be used for the 

assessment of stable carbon isotope fractionation of biodegradation processes: 
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The carbon isotope enrichment factor (ɛc) was determined from the logarithmic form of 

the Rayleigh equation, 
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plotting ln(Ct/C0) versus ln[(δt
13C+1)/(δ0

13C+1)] and obtaining ɛc from the slope of the 

linear regression (m = ɛc). Since carbon isotope enrichment factors are typically small, 

ɛc-values were reported in part per thousand (‰). The error of the isotope enrichment 

factors is reported as 95% confidence interval (CI) determined by a regression curve 

analysis (Elsner et al., 2007). 

The average carbon isotope composition of substrate and products (δ13Cavg) was 

calculated in a mass balance approach by multiplying the concentration of substrate or 

product (Ci) with its respective carbon isotope ratio (δ13Ci) divided by the sum 

concentration of substrate and products (Csum). 

                
sum

i
13

i

avg
13

C

)C*δ(C
Cδ


‰    (5) 

Enantiomeric Fraction  

The enantiomeric fraction (EF) is used to explain the relationship between enantiomers 

during biodegradation (Harner et al., 2000a; Wiberg et al., 2001). The EF (+) is defined 

as A+/(A++A-), where A+
 and A- correspond to the peak area or concentrations of (+) and 

(-) enantiomers (Harner et al., 2000a). Racemic compounds have an EF (+) equal to 

0.5. An EF (+) > 0.5 shows the preferential degradation of (-) enantiomer, and an EF (+) 

<0.5 indicates the preferential degradation of (+) enantiomer. EF (-) is defined as A-

/(A++A-). 

 Quantification of enantiomeric fractionation 

Recently, Gasser et al. (2012) proposed to quantitatively describe the fractionation of 

enantiomers induced by biotransformation using the simplified version of the Rayleigh 

equation (eq. 3) (Gasser et al., 2012). Since the assumption R+1 ≈ 1 for the 

enantiomeric ratios which can be expressed by enantiomeric fractions (R = EF(-)/EF(+)) 

is not valid, the most general form of the Rayleigh equation (eq. 1) has to be used for 

the determination of enantiomeric enrichment factor (ɛe). First, eq. 1 is logarithmized 

and ln[Ct/C0/{(EF(-)t/EF(+)t+1)/(EF(-)0/EF(+)0+1)}] is plotted versus ln[{EF(-

)t/EF(+)t)/(EF(-)0/EF(+)0}], where Ct and C0 are the sum of the concentration of both 
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enantiomers at a given time (t) and prior to biodegradation (0), respectively. Then, the 

enantiomeric fractionation factor (ɛe) is obtained from the slope of the linear regression 

m = ɛe.  The error of the enantiomeric enrichment factors is given as 95% confidence 

interval (CI) determined by a regression curve analysis. 

3.1.3 Results and discussion 

Biodegradation and carbon isotope fractionation of γ-HCH 

Degradation experiments with S. indicum strain B90A and S. japonicum strain UT26 as 

inoculum were performed to assess the time course of γ-HCH degradation and the 

change in carbon isotope ratio of γ-HCH and its products. Both bacterial strains were 

able to degrade γ-HCH within 24 hours of incubation. However, the biodegradation of γ-

HCH was faster by S. indicum strain B90A (3.9 µM h-1) as compared to S. japonicum 

strain UT26 (1.2 µM h-1). γ-HCH concentrations were stable in abiotic controls indicating 

that abiotic losses could be neglected (not shown). γ-pentachlorocyclohexene (γ-PCCH) 

was the first observed intermediate produced by both bacterial strains. Other 

metabolites observed were 1,2,4-TCB and 2,5-dichlorophenol (2,5-DCP). Complete 

removal of γ-HCH was observed with S. indicum strain B90A and complete removal of 

substrate was indicated by the mass and isotope balance calculated (Supporting 

information S1 A and B) (Appendix A1). In case of batches inoculated with S. japonicum 

strain UT26, the same metabolites were observed during biodegradation, however, γ-

HCH was not completely degraded and 1,2,4-TCB and 2,5-dichlorophenol (2,5-DCP) 

were end-products as confirmed by the mass and isotope balance (Supporting 

information,  
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Figure 1: Linearized Rayleigh equation plots showing the carbon isotope fractionation 

for the biodegradation of γ-HCH by S. indicum strain B90A (closed square) and S. 

japonicum strain UT26 (open circle) and the correlation factors (R²) of the linear 

regressions. 

 

Figures S1 C and D, supporting information, Appendix A1). Biodegradation stopped in 

case of S. japonicum strain UT26, when approx. one µM of γ-HCH was remained, which 

may be due to the toxic effects of metabolites as described previously (Endo et al., 

2006). 

The carbon isotope ratio of γ-HCH at the beginning of the experiment was -27.6 ± 0.5 

‰. In abiotic controls, this value remained constant during whole experiment (data not 

shown) confirming that besides biodegradation no other processes lead to changes in 

carbon isotope ratios of γ-HCH. In live culture batches, δ13C values of substrate 

enriched significantly during the degradation experiment. In batches inoculated with S. 

indicum strain B90A, the δ13C composition shifted from -27.5 ± 0.1 ‰ to -19.5 ± 0.3 ‰ 

upon 97 % removal. The mass balance approach calculating the average concentration 

and isotope composition of substrate and products showed a mass removal correlated 

with an 13C-enrichment in cumulative stable isotope composition indicating the 

degradation of HCH and its detectable metabolites for S. indicum strain B90A 
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(Supporting information, Figure S1 B) (Appendix A1). In case of S. japonicum strain 

UT26, 94 % biodegradation of γ-HCH resulted in changes of carbon isotope ratios  

towards significantly more positive δ13C values (-27.5 ± 0.4 ‰ to -20.8 ± 0.5 ‰). After 

94 % of γ-HCH removal, no further degradation was observed. In this case, the mass 

balance of substrate and products and isotope balance remained relatively stable over 

the course of the experiment indicating that no further degradation of metabolites 

occurred (Supporting information, Figure S1 D) (Appendix A1).  

The carbon isotope enrichment factors were the same for both bacterial strains with εc = 

-1.5 ± 0.1 ‰ and -1.7 ± 0.2 ‰ for S. indicum strain B90A and S. japonicum strain UT26, 

respectively (Figure 1, Table 1). Thus, similar reaction mechanisms for γ-HCH 

biodegradation can be expected for both strains, which are supported by the similarity of 

γ-HCH degrading lin genes in both strains (Lal et al., 2010). The εc values calculated for 

aerobic bacterial strains for γ-HCH were lower as compared to those obtained for 

anaerobic biodegradation (-3.4 ‰ to -3.9 ‰) (Badea et al., 2009) leading to the 

assumption that the reaction mechanisms differ for aerobic and anaerobic γ-HCH 

biodegradation. This is supported by previous studies where it was shown that 

anaerobic γ-HCH biodegradation is initiated by reductive beta-elimination (Quintero et 

al., 2005) and aerobic degradation by dehydrochlorination (Lal et al., 2010). 

 

Biodegradation and carbon isotope fractionation of α-HCH 

Biodegradation experiments with either S. indicum strain B90A or S. japonicum strain 

UT26 and were performed to study carbon isotope fractionation of α-HCH. The 

degradation of α-HCH was faster in batches inoculated with S. indicum strain B90A (1.6 

µM h-1) compared to those inoculated with S. japonicum strain UT26 (1.1 µM h-1). 1,2,4-

TCB and β-pentachlorocyclohexene (β-PCCH) were the main transformation products 

observed for α-HCH biodegradation with S. indicum strain B90A (Figure 2 A). In case of 

S. japonicum strain UT26, 2,5-DCP and 1,2,4-TCB were the main transformation 

products of α-HCH biodegradation (Supporting information, Figure S2 A) (Appendix A1). 

The isotope balance of substrate and products was stable during biotransformation of α-
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HCH with S. japonicum strain UT26 (Figure S2 B, supporting information, Appendix A1) 

indicating that detectable metabolites were not further degraded. 

In batches inoculated with S. indicum strain B90A, the carbon isotope ratios of α-HCH 

changed from -27.0 ± 0.1 ‰ to -18.3 ± 0.6 ‰ for 95 % biotransformation (Figure 2 B). In 

case of S. japonicum strain UT26, 96% biotransformation resulted in changes of carbon 

isotope ratios from -27.7 ± 0.1 ‰ to -21.5 ± 0.5 ‰ (Supporting information, Figure S2 B) 

(Appendix A1). In the abiotic control batches, the carbon isotope ratios of α-HCH remain 

stable during the whole experiment (data not shown). In case of S. indicum strain B90A 

however, further degradation occurred as indicated by the decreasing mass balance of 

substrate and products and the shift of the average carbon isotope composition of α-

HCH and its metabolites towards more positive δ13C values (Figure 2A, B).  

The degradation experiments with both strains gave similar carbon isotope enrichment 

factors with ɛc = -1.6 ± 0.3 ‰ and -1.0 ± 0.2 ‰ for S. indicum strain B90A and S. 

japonicum strain UT26, respectively (Figure 3A & B, Table 1). The εc values of α-HCH 

when compared with those of γ-HCH exhibited no significant differences (Table 1). This 

indicates that both HCH isomers were transformed by similar reaction mechanisms. The 

εc values for aerobic were lower than for anaerobic degradation of α-HCH (εc = -3.7 ± 

0.8 ‰) (Badea et al., 2011) indicating different reaction mechanisms under oxic and 

anoxic conditions. However, since aerobic biodegradation was significantly faster than 

anaerobic degradation, other steps than the isotope sensitive carbon bond cleavage 

might be rate limiting for the overall aerobic biodegradation of α-HCH and therefore 

mask the carbon isotope fractionation (Aeppli et al., 2009; Nijenhuis et al., 2005).  

Temperature can affect biodegradation rates and experiments were conducted to 

elucidate the dependency of isotope fractionation on degradation rate. Experiments for 

α-HCH degradation by S. indicum strain B90A were conducted at optimal temperature 

condition at 30°C, and at 20°C and 10°C. The lower temperatures led to lower 

biodegradation rates but did not change isotope fractionation significantly (Table 1) 

suggesting the overall degradation kinetic does not affect carbon isotope fractionation in  
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Figure 2: Concentrations (A, C) and carbon isotope ratios (B, D) of α-HCH (A, B) and 

its enantiomers (C, D) and products during biodegradation by S. indicum strain B90A. 

(A, B). α-HCH (open squares) and products 1,2,4-TCB (open triangle) and β-

pentachlorocyclohexene (β-PCCH) (close triangle). Concentrations (C) and carbon 

isotope ratios (D) of (-) α-HCH (open square) and (+) α-HCH (open triangle) during 

biodegradation by S. indicum strain B90A. The sum concentration (A) and average 

carbon isotope composition (B) of substrate and products (see Material and Methods for 

calculation) are indicated by X. Error bars indicate the standard deviation of triplicate 

analysis for isotope analysis 

 

the temperature range between 10 and 30oC. This indicates that the relative low carbon 

isotope fractionation for aerobic HCH biodegradation seems to mainly caused by the 

reaction mechanism and the carbon isotope enrichment factor is robust for assessing 

HCH biodegradation under typical temperature conditions in the environment. 
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Carbon isotope fractionation of α-HCH enantiomers 

The carbon isotope fractionation of (+) and (-) α-HCH enantiomers was studied for 

aerobic degradation by S. indicum strain B90A and S. japonicum strain UT26. In case of 

S. indicum strain B90A the δ13C values of the (+) α-enantiomer changed from -27.0 ± 

0.8 ‰ to -19.3 ± 0.5 ‰ for 95 % biodegradation, and in the case of (-) α-enantiomer 

from -26.4 ± 0.1 ‰ to -23.1 ± 0.4 ‰ for 96 % biodegradation (Figure 2 C & D). In the 

degradation experiment with S. japonicum strain UT26 the  carbon isotope ratio shifted 

from -26.8 ± 0.4 ‰ to –24.2 ± 0.3 ‰ for 95 % biotransformation of the (-) α-enantiomer 

and from -26.1 ± 0.6 ‰ to -19.3 ± 1.0 ‰ for 96 % biotransformation of the (+) α-

enantiomer (Supporting information, Figure S2 C & D) (Appendix A1). For anaerobic α-

HCH degradation by C. pasterianum, partial enantioselectivity was observed (Badea et 

al., 2011).  

For both strains, S. indicum strain B90A and S. japonicum strain UT26, higher isotope 

enrichment factors for (+) α-enantiomer (-2.4 ± 0.8 ‰ and -2.5 ± 0.6 ‰, respectively) as 

compared to the (-) α-enantiomer (-1.0± 0.6 ‰ and -0.7 ± 0.2 ‰, respectively) were 

obtained (Table 1, Figure 3A & B). The average of the carbon isotope enrichment 

factors for (+)- and (-)-α-HCH enantiomers were within the statistical uncertainty of the 

εc value of bulk α-HCH. This similarity indicated that the calculation of the enrichment 

factors for the two enantiomers based on the Rayleigh equation was applicable. 

An enantiomer-specific carbon isotope fractionation by both bacterial strains for α-HCH 

degradation was observed. Lower carbon isotope fractionation of (-) α-enantiomer as 

compared to (+) α-enantiomer may be caused by different reaction mechanisms for the 

two enantiomers. However, it was shown that both enantiomers are degraded via the 

same reaction mechanism (Lal et al., 2010). Thus, different reaction mechanisms can 

be excluded as reason for the variation in the carbon isotope fractionation of the two 

enantiomers. The distinction in the carbon isotope fractionation might be caused by 

different extent of rate limitation preceding the isotope-sensitive step of the 

biodegradation of the enantiomers. The biodegradation of the (-) α- enantiomer is 

significantly faster than for the (+) α- enantiomer (Figure 2; Supplementary information, 

Figure 1). Thus, non-isotope  
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Figure 3: Linearized Rayleigh equation plots showing the carbon isotope fractionation 

for the biodegradation of bulk α-HCH and its enantiomers by S. indicum strain B90A (A) 

and S. japonicum strain UT26 (B). Bulk α-HCH (closed square), (-) - (closed triangle) 

and (+) - (open triangle) α-HCH.  

fractionating steps (e.g., substrate uptake into the cell, binding of the substrate to the 

enzyme) might be more rate-limiting than the isotope-sensitive step of the enzymatic 

bond cleavage leading to a lower isotope fractionation for the (-) α- enantiomer. The 

slower biodegradation suggested a slower enzymatic turnover of (+) α- enantiomer and 

this might cause a shift in the rate limitation from non-isotope fractionating, preceding 

steps towards the isotope-sensitive step of the enzymatic bond cleavage leading to a 

more pronounced carbon isotope fractionation of (+) α- enantiomer. Indeed, this is 

reflected in the higher observed isotope fractionation for the (+) compared to the (-) α- 

enantiomer.  

 Enantioselective transformation of α-HCH 

(-) α-HCH was preferentially degraded with the enantiomeric fraction (EF) (-) values 

ranging from 0.45 to 0.14 in case of S. indicum strain B90A and 0.50 to 0.24  for S. 

indicum strain B90A (Figure 2C, Figure S2C, supporting information, Appendix A1). This 

may be due to differences in the preferential enzymatic activity of the enantiomers for 

the two strains. The lin genes necessary for aerobic degradation of HCH were initially 

identified and characterized for  
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Figure 4: Linearized plots of the general form of the Rayleigh equation (eq. 1) showing 

the enantiomeric fractionation for the biodegradation of α-HCH by S. indicum strain 

B90A (open circle) and S. japonicum strain UT26 (closed square). 

 

S. japonicum strain UT26 and were subsequently recovered from S. indicum strain 

B90A as well (Lal et al., 2010) suggesting that similar enzymes are involved in catalysis 

of α-HCH. However, S. japonicum strain UT26 contains LinA while S. indicum strain 

B90A is known to express two copies of linA ( linA1 and linA2) (Dogra et al., 2004). The 

amino acid sequences of the products encoded by the linA1 and linA2 genes are 88 % 

identical to each other and 88% (LinA1) and 99 % (LinA2) are similar to the sequence of 

LinA of S. japonicum UT26 (Imai et al., 1991). Preferential degradation of (-) α- 

enantiomer is known with the LinA1 variant of S. indicum B90A(Suar et al., 2005). 

Similarly, anaerobic experiments performed by Badea et al,(2011) showed 

non‐enantioselective transformation of α‐HCH by Clostridium  
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Bacteria strain & growth 

conditions 

γ-HCH   Bulk α-HCH  (+) α-HCH (-) α-HCH 

Ɛc (‰) Rate   

(µMh
-

1
) 

Ɛc (‰) Rate   

(µMh
-

1
) 

Ɛc (‰) Ɛc (‰) 

Aerobic  

Sphingobium indicum 

strain B90A  

30°C  

-1.5 ± 0.1 

(n=15) 

3.9 -1.6 ± 0.3  

(n=10) 

1.6 -2.4 ± 0.8  

(n=10) 

-1.0 ± 0.6    

(n=10) 

20
o

C     -1.4 ± 0.6  

(n=7) 

0.7 -3.3 ± 0.8 

(n=7) 

-1.0 ± 0.6  

(n=7) 

10°C    -1.7 ± 0.6 

(n=7) 

0.6 -2.7 ± 1.0  

(n=7)  

-0.7 ± 0.2 

(n=7) 

Sphingobium japonicum 

strain UT26 

30°C  

-1.7 ± 0.2 

(n=19) 

1.2 -1.0 ± 0.2 

(n=13) 

1.1 -2.5 ± 0.6  

(n=11) 

-0.7 ± 0.2  

(n=10) 

Anaerobic 

Clostridium pasterianum   -3.7 ± 0.8
*

    

Desulfovibrio gigas -3.9 ± 0.6
$

      

Desulfococcus 

mulitvorans 
-3.4 ± 0.5

$

      

 

Table 1: Carbon isotope enrichment factors (εc) of γ-HCH, α-HCH and its enantiomers 

and related degradation rates. In brackets: number of samples. *Badea et al. (2011); 

$Badea et al. (2009). 

 

pasterianum indicating the potential of the distinction for aerobic and anaerobic α‐HCH 

biodegradation using EF (+) or EF (-) values. 

The most general form of the Rayleigh equation (eq. 2) was applied for calculating 

enantiomeric enrichment factors (ɛe) for aerobic α‐HCH biodegradation (Figure 4). This 

equation is applicable to describe fractionation processes of enantiomers exhibiting 

similar reaction kinetics(Gasser et al., 2012) . For aerobic α‐HCH biodegradation, the 
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enantiomeric fractionation could be described by the Rayleigh equation, and the ɛe 

values calculated for S. indicum strain B90A and S. japonicum strain UT26 were -43 ± 

15 % and -22 ± 6 %, respectively. The correlation coefficients (R2) of 0.89 and 0.86 for 

S. indicum strain B90A and S. japonicum strain UT26, respectively, suggested slightly 

different reaction kinetics of the two enantiomers reducing the fit of the linear correlation 

of the Rayleigh equation plots (Figure 4).  

The combined isotope and enantiomeric fractionation has the potential to differentiate 

aerobic and anaerobic biodegradation of α-HCH. In order to combine both approaches, 

EF(+) was plotted against the carbon isotope discrimination (∆ = δt - δ0) of the (+) α-

enantiomer as well as EF(-) against the carbon isotope discrimination of (-) α-

enantiomer (Figure 5) and compared to previous of anaerobic α‐HCH biodegradation 

(Badea et al., 2011). Slopes for the linear regressions of EFs vs. carbon isotope 

discrimination were for aerobic biodegradation -4 and -11 for the (-) - enantiomer and  

+11 to +23, for the (+) - enantiomer for S. indicum strain B90A and S. japonicum strain 

UT26, respectively. For anaerobic biodegradation, slopes were obtained with -221 and 

+117 for the (-) - and (+) - enantiomer, respectively. The different trends indicate the 

potential for distinguishing aerobic and anaerobic biodegradation of α-HCH in the 

environment based on isotope and enantiomeric fractionation however needed to be 

confirmed and validated by investigating further aerobic and anaerobic microbial 

cultures. 

Implications for Environmental Studies 

In this study, we present the combination of isotopic and enantiomeric fractionation 

providing a novel approach for monitoring of in situ biodegradation incorporating the 

isotope signatures of isomers and enantiomers of HCH as well as enantiomer selective 

degradation. We determined the isotope enrichment factors for the aerobic 

biodegradation of α- and γ-HCH for the first time allowing a quantification of HCH 

biodegradation in oxic compartments. Additionally, the differences in isotope 

fractionation between aerobic and anaerobic degradation indicates that CSIA can be 

used to evaluate degradation pathways.  
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Figure 5: Comparison of carbon isotope discrimination (∆ = δt - δ0) vs. enantiomeric fractions 

(EFs) for (-) α-HCH (EF (-)) (closed symbols) and (+) α-HCH (EF (+)) (open symbols) for 

anaerobic biodegradation (circles) and aerobic biodegradation by B90A (squares) and UT26 

(triangles). 

 

Enantiomer fractionation provides another indicator for in situ biodegradation of α-HCH 

similar to previous observations (Harner et al., 2000b; Helm et al., 2000; Law et al., 

2004). By applying the Rayleigh equation, we obtained the enantiomer enrichment 

factors for aerobic α-HCH biodegradation providing a quantitative framework, 

complementary to the approach via CSIA, which can be determined by common GC 

analysis. Moreover, this approach might also be applicable for other enantiomeric 

pollutants as it was depicted for O-desmethylvenlafaxine (Gasser et al., 2012). 

Based on the recently developed ESIA approach (Badea et al., 2011), we observed 

significant carbon isotope fractionation, which was different for the each of the α-HCH 

enantiomers during aerobic biodegradation. Since each individual enantiomer may have 

different rates of degradation, quantification of in situ biodegradation based on 

enantiomer-specific isotope analysis allows a more refined assessment of contaminated 

field site with chiral pollutants as it was confirmed by a recent field study(Milosevic et al., 
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2012). This enantiomer-specific analysis is especially important in case one enantiomer 

is subject to biodegradation while the other persists.  

Finally, the combination of enantiomer and carbon isotope fractionation, in a two-

dimensional approach, using values of EF(+) and EF(-) in correlation with the stable 

carbon isotope discrimination (∆δ13C) of the α-HCH enantiomers should allow to trace 

degradation pathways of α-HCH in the environment (Figure 4). The specific ranges for 

the pathways obtained in our study can, thereby, be used as reference for evaluating 

field data in order to determine the relevance of aerobic and anaerobic α-HCH 

degradation at contaminated sites. 

In summary, our study provides a concept allowing the use of enantiomer fractionation, 

CSIA and ESIA for a complementary and thus comprehensive assessment of in situ 

degradation of α-HCH, but also other chiral contaminants. Thus, we provide proof of 

principle for the theoretical framework of a multiple lines of evidence approach for i) 

providing evidence of degradation, ii) for distinguishing pathways and iii) for quantifying 

HCH degradation at contaminated field sites. However, as other degradation pathways 

such as dehydrogenation and oxidation may be responsible for HCH biodegradation in 

a field sites in addition to the so far known reductive beta-elimination or 

dehydrogenation, reference culture experiments with pure cultures having these 

respective degradation pathways should be performed. Additionally, the applicability of 

the combined enantiomer fractionation, CSIA and ESIA approach needs to be tested in 

field studies.  

Associated content 

Supporting information 

This material is attached in Chapter A1 Appendix 
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Abstract 

The biotransformation of hexachlorocyclohexane (HCH) by two Dehalococcoides 

mccartyi strains and an enrichment culture was investigated. Both D. mccartyi strains 

preferentially degraded γ-HCH over α-HCH and δ-HCH isomers while β-HCH 

biotransformation was not significant. D. mccartyi strain 195 was capable of growth 

with γ-HCH as terminal electron acceptor, however, only after initial cultivation with 

tetrachloroethene (PCE). The enrichment culture preferentially transformed γ-HCH 

over the δ-HCH, β-HCH and α-HCH isomers. Major observed metabolite was 

tetrachlorocyclohexene with monochlorobenzene and benzene as end products. 

Carbon stable isotope analysis confirmed the similarity in degradation pathways 

under anoxic conditions with the enrichment factor εc = -5.5 ± 0.8 ‰ for D. mccartyi 

strain 195, εc = -3.1 ± 0.4 ‰ for the enrichment culture and εc = -4.1 ± 0.6 ‰ for 

Clostridium pasteurianum DSMZ 525, as a reference.  

3.2.1 Introduction 

γ-hexachlorocyclohexane (γ-HCH, Lindane) was one of the most popular agricultural 

insecticides deployed from early 1950 until early 1990 which global production 

resulted in more than 4 million tons of HCH waste (Vijgen et al., 2011). Technical-

grade HCH consists of five main isomers: α (55-80 %), β (5-14 %), γ (8-15 %), δ (2-

16 %) and ε (1-5 %) differing in spatial orientation of chlorine atoms around the 

cyclohexane ring resulting in different stabilities and physico-chemical properties 

(Willett et al., 1998). The environmentally most significant isomers present in soil and 

groundwater are α-, β-, γ- and δ-HCH (Buser and Mueller, 1995; Popp et al., 2000; 

Ricking and Schwarzbauer, 2008). All HCH isomers are toxic, considered to be 

carcinogenic and have bioaccumulation potential. Consequently, HCHs pose a 

substantial risk for human health and ecosystems and there is an urgent need for 

sustainable approaches to remove them from the environment (Phillips et al., 2005; 

Walker et al., 1999) e.g. via bioremediation.  

Studies on microbial degradation of HCH included pure and enrichment cultures 

under both aerobic and anaerobic conditions (Bachmann et al., 1988; Lal et al., 

2010; Mehboob et al., 2013; Nagasawa et al., 1993; Sahu et al., 1995). Most 

bacteria able to degrade HCH under aerobic conditions belong to the family 

Sphingomonadaceae, and the key enzymes and encoding genes have already been 
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identified and characterized (for a review see (Lal et al., 2010). A 

dehydrochlorination reaction initiates the aerobic degradation resulting in 

pentachlorocyclohexene (PCCH) as the first metabolite and two further  

dehydrochlorination reactions produce two putative intermediates, 1,3,4,6-

tetrachloro-1,4-cyclohexadiene (1,3,4,6-TCDN) and 2,5-dichloro-2,5-cyclohexadiene-

1,4-diol (2,5-DDOL), resulting either in the end products 1,2,4-trichlorobenzene 

(1,2,4-TCB) and 2,5-dichloropenols (2,5-DCP) by abiotic processes, or a complete 

mineralization (Lal et al., 2010).  

Under anaerobic conditions, as found in e.g. contaminated aquifers or sediments, 

dichloroelimination and dehydrochlorination seem to be the main processes during 

transformation of HCH isomers via tetrachlorocyclohexene (TCCH) into lower 

chlorinated products, e.g. dichlorobenzene (DCB), monochlorobenzene, and 

benzene (Lal et al., 2010; Middeldorp et al., 1996). For example, cell suspensions of 

different sulfate reducing bacteria were shown to dehalogenate γ-HCH (Boyle et al., 

1999), and granular sludge and soils were observed to dehalogenate α-, β-, γ- and 

δ-HCH (Middeldorp et al., 1996; Van Eekert et al., 1998) MCB and benzene were 

end products of HCH transformations in these cultures. Cell suspensions of 

Clostridium spp. were observed to transform the α- and γ-HCH isomers (Heritage 

and MacRae, 1977; Jagnow et al., 1977b; MacRae et al., 1969). In these studies, the 

dechlorination of HCH seemingly proceeds through co-metabolic reactions which are 

unspecific and often slow. 

A reductive dechlorination of β-HCH to MCB and benzene was shown with an 

anaerobic Dehalobacter co-culture, solely  growing with H2 as electron donor and β -

HCH as electron acceptor, indicating that dechlorination can be a respiratory process 

(Doesburg et al., 2005). Additionally, Elango et al., 2010 described an enrichment 

culture which was growing with hydrogen and γ-HCH as sole electron donor and 

acceptor, respectively, producing also mainly benzene and MCB as end products. 

Thus far, though, no isolate has been shown capable of HCH transformation coupled 

to growth. 

Over the last decades, strains of the genus Dehalococcoides have received 

significant attention because of their ability to reductively dehalogenate common 

groundwater contaminants such as chlorinated ethenes, ethanes and benzenes due 

to their extensive genomic inventory of putative reductive dehalogenases, mostly 

with unknown function (Kaufhold et al., 2013; Krajmalnik-Brown et al., 2007; Löffler 
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et al., 2013; Pöritz et al., 2013; Seshadri et al., 2005). Recently,  (Kaufhold et al., 

2013) reported the transformation of γ-HCH isomer to MCB by a highly enriched D. 

mccartyi strain BTF08-containing culture  as well as by D.  mccartyi strain 195. 

However, biotransformation of other HCH isomers and utilization as growth substrate 

was not tested.  

Therefore, this study focused on the biotransformation of HCHs by D. mccartyi strain 

195 and strain BTF08 and related growth. The degradation pathway was 

investigated by analysing metabolites and end products. Furthermore, the  stable 

carbon isotope composition of HCH isomers was monitored during biotransformation 

were assessed and compared to the co-metabolic HCH degrading Clostridium 

pasteurianum (Jagnow et al., 1977a) as well as to a γ-HCH degrading enrichment 

culture to investigate the similarity in initial reaction.  

 

3.2.2 Materials and methods 

Chemicals 

HCH isomers [γ-HCH (analytical purity, 97 %), α-HCH (99 %), β-HCH (99 %), δ-HCH 

(99.5 %)], benzene and MCB (≥ 99 %), hexachlorobenzene (99 %) and toluene (≥9 9 

%) were purchased from Sigma Aldrich (Germany). Pentane (analytical purity > 99 

%) was obtained from Carl Roth (Germany). Trichlorobenzenes were purchased 

from Fluka (Germany) and Tetrachloroethene (PCE) was purchased from Merck 

(Germany). 

 

Bacterial cultures and growth conditions 

Dehalococcoides mccartyi strains 195 (Maymo-Gatell, 1997)  and BTF08 were 

obtained from the laboratory culture collection. Clostridium pasteurianum DSMZ 525 

was purchased from the Leibniz Institute DSMZ - German Collection of 

Microorganisms and Cell Cultures, Braunschweig, Germany. D. mccartyi strain 195 

was grown in an anaerobic medium as previously described  and was incubated at 

34oC and 150 rpm shaking (Cichocka et al., 2008). Growth medium and incubation 

conditions for Dehalococcoides mccartyi strain BTF08 were identical as described 

previously (Kaufhold et al., 2013) with the exception of shaking continuously at 120 

rpm. For both strains, H2 (0.5 bar) was used as electron donor and acetate as carbon 
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source (5 mM). Growth conditions  for Clostridium pasteurianum DSM 525 were 

used as described by (Badea et al., 2011).  

 

Degradation of HCH isomers 

Batch culture experiments were performed in 50 ml glass serum bottles filled with 25 

ML of the respective medium. Parallel batches (in total 12) were prepared for each 

strain of which three were kept as controls without inoculum. For experiments 

performed with PCE pre-grown cultures the setup was the same but cultures were 

initially amended twice with PCE (100 µM). After complete transformation of PCE 

was observed, HCH isomers (prepared in acetone stock solution) were spiked at a 

final concentration of 25 µM in each batch. Sampling was done periodically to assess 

the production of expected metabolites and each batch was sacrificed at different 

extents of biodegradation. HCH extraction of the complete bottle with n-pentane (1 

ml) for quantification, isotope and metabolite analysis was done as described 

previously (Bashir et al., 2013). To assess growth, cell numbers were determined 

microscopically as described previously (Adrian et al., 2007). 

 

Microcosms and enrichment cultures 

Groundwater was taken from an HCH-contaminated aquifer located in Bitterfeld-

Wolfen (Germany) previously investigated for natural attenuation of chlorobenzenes 

(Schmidt et al., 2014). Microcosms were prepared as described previously (Nijenhuis 

et al., 2007). Briefly, quartz sand (1 g) was added in a 120 ML serum bottle and γ-

HCH was spiked at a final concentration of 100 µM as electron acceptor and the 

acetone was subsequently evaporated. Groundwater (50 ML) was added in each 

bottle under anoxic conditions by using an anoxic chamber (Coy laboratories, USA). 

The bottles were closed with Teflon® coated septum and crimped. Three sets of 

treatments were prepared: H2 (0.5 bar)/Na-acetate (5 mM), lactate (5 mM) or formate 

(5 mM), respectively, as energy and carbon source, and γ-HCH as potential electron 

acceptor. All bottles were additionally amended with NaHCO3 (11.9 mM), Na2S (0.32 

mM), , and vitamins (Maymo-Gatell, 1997). In total, five bottles were prepared from 

which two were kept as killed controls (autoclaved at three consecutive days). A 

separate set of three bottles without added electron donor was kept as live control. 

All microcosms were incubated at 20oC without shaking. In the enrichment steps (in 

total three transfers), active microcosms were transferred (5 % (v/v) inoculum) into 
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medium described previously (Zinder, 1998) and γ-HCH (0.1 M stock solution 

prepared in acetone) was used as potential electron acceptor at a final concentration 

of 25 µM.  

Molecular biology methods 

To analyze the microbial community 2 ML of the respective culture was filtered (0.2 

µm) and the collected genomic DNA was extracted with the DNeasy Tissue kit 

(QIAGEN, Hilden, Germany) following the manufacturer’s instructions. The DNA was 

eluted in 40 µL DNase-free water. The presence of 16S rDNA genes of 

Dehalococcoides was tested by using the primer combination DHC1/DHC1377 and 

DHC774/DHC1212, respectively, as described by (Hendrickson et al., 2002). PCR 

amplifications were performed using the GoTaq® Green Master Mix (Promega, 

USA). The PCR mixtures contained PCR buffer, 1.5 mM MgCl2, deoxynucleoside 

triphosphate (200 µM each), the respective primers (20 pmol), Taq polymerase (2.5 

U), and the extracted DNA as template. The following PCR thermocycling program 

(Mastercycler, Eppendorf, Germany) was used: 10 min of denaturation at 95°C, 

followed by either 30 or 35 cycles of 1 min at 95°C, 1 min at 55°C, and 1:30 min at 

72°C and finally cooling at 4°C as described previously (Hendrickson et al., 2002).  

 

Analytical approaches                                                                                                                       

Transformation of HCH isomers was monitored by analyzing tri-, di-, 

monochlorobenzene and benzene as possible metabolites/end-products. Liquid 

samples (1 ML) were transferred into 10 ML vials containing 0.5 ML of a saturated 

Na2SO4/H2SO4 solution (pH 1) to inhibit microbial activity. Samples were analyzed 

using gas chromatography (Agilent 6890; Agilent Technologies, Palo Alto, CA) with 

flame ionization detection and a Rtx-VMS column (Restek, Bad Homburg, Germany) 

with a length of 30 m, an inner diameter of 0.25 mm and a film thickness of 1.4 µm. 

The temperature program was used as described previously (Kaufhold et al., 2013).  

For quantifying remaining substrate concentration and to identify the metabolites, a 

gas chromatograph (GC) (7890A, Agilent Technologies, Palo, USA) coupled to a 

mass spectrometer (MS) (5975C, Agilent Technologies, Palo, USA) was used. HCH 

isomers and their metabolites were separated by BPX-5 capillary column (30m x 

0.25mm x 0.25µM; SGE, Darmstadt, Germany). The temperature program was used 

as described previously (Badea et al., 2009).  
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A gas chromatograph-combustion-isotope ratio mass spectrometer (GC-C-IRMS) 

was used to analyze the stable carbon isotope ratios of HCH isomers. The system 

contained a GC (6890, Agilent Technologies, Palo, USA) coupled with Conflow III 

interface (Thermo Fisher Scientific, Bremen, Germany) to an IRMS (MAT252, 

Thermo Fisher Scientific, Bremen, Germany) as described previously (Badea et al., 

2009; Badea et al., 2011). Three µL aliquots of n-pentane extract were injected with 

a split ration of 1:3 for samples with HCH concentration above and splitless for 

samples below 2 µM. All samples were measured in at least triplicates.  

The carbon isotope enrichment factor (ɛc) was determined by the logarithmic form of 

the Rayleigh equation (Mariotti et al., 1981), plotting ln(Ct/C0) versus 

ln[(δt
13C+1)/(δ0

13C+1)] and obtaining ɛc from the slope of the linear regression (m = 

ɛc). 
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The error of the isotope enrichment factors is reported as 95 % confidence interval 

(CI) determined by a regression curve analysis.  

 

3.2.3 Results and discussion 

Biotransformation of HCH isomers by Dehalococcoides mccartyi strains 

Biotransformation of single α-, β-, γ- and δ-HCH isomers by D. mccartyi strain 195 

and strain BTF08 was tested using a pre-culture grown on tetrachloroethylene (PCE) 

and vinyl chloride (VC), respectively. After 60 and 120 days of incubation low 

amounts of the expected metabolite MCB (up to 10 µM for γ-HCH) were detected for 

strain 195 and strain BTF08, respectively  (Figure S1, supporting information, 

Appendix A2), as well as traces of TeCCH and benzene (data not shown). 

Degradation rates of different isomers were γ-HCH > α-HCH > β-HCH/δ-HCH and 

therefore in similar order reported previously for co-metabolic reactions (Jagnow et 

al., 1977a). No production of metabolites was observed in abiotic controls (Figure 

S1, supporting information, Appendix A2). 
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Figure 1: Biodegradation of γ-HCH (A) and δ-HCH (B), γ-HCH- related growth (C) 

and biodegradation of HCH mixtures by D. mccartyi strain 195 pre-grown with PCE. 

Concentrations of γ-HCH & δ-HCH (filled squares in panel A and B respectively) and 

the observed products MCB (open triangles), benzene (filled triangles) and TeCCH 

(X). C) Cell numbers of D. mccartyi strain 195 with (lighter grey) and without (darker 

grey) addition of PCE, H2 and acetate D) Changes in concentration of the α-, β-, γ-, 

and δ-HCH isomers and production of intermediates by a γ-HCH grown D. mccartyi 

strain 195 culture. 

In the experiment with single isomers only a low amount of HCH was transformed 

over a relatively long incubation time, therefore, to test if the biotransformation of γ-

HCH was metabolic or co-metabolic, batch experiments were performed in which D. 

mccartyi strain 195 was grown initially with PCE (200 µmol L-1) as terminal electron 

acceptor followed by the addition of the respective single α-, β-, γ- or δ-HCH isomer 

(25 µmol L-1). No metabolites were observed for α- or β-HCH whereas a complete 

reduction of γ-HCH was observed with the appearance of TeCCH initially and then 

MCB and benzene were observed simultaneously within 60 days (Figure 1A). The 

biodegradation activity in δ-HCH spiked cultures  stopped after 56 % of substrate 

degraded and was not improved by further addition of carbon source (acetate), 



Chapter : 3.2 Results 

 

  
65 

 

  

electron donor (H2) and PCE (Figure 1B). The growth of D. mccartyi strain 195 was 

further monitored in γ-HCH spiked batches; cell numbers increased in cultures 

compared to controls without addition of γ-HCH (Figure 1C). Kaufhold et al. (2013) 

presented already the γ-HCH biotransformation potential of strain 195, however, no 

significant 16S rRNA gene copy number increase was observed with only 25 % γ-

HCH was transformation, but in our study complete transformation of γ-HCH was 

observed. Our study demonstrates for the first time the capability of strain 195 to use 

γ-HCH as a substrate for growth. However, the biotransformation seems to be 

dependent on an initial growth with PCE as terminal electron acceptor potentially due 

to energy needed for de novo synthesis of the appropriate dehalogenases or other 

growth factors. The usage of H2 as electron donor indicates that dechlorination of by 

D. mccartyi strain 195  is a respiratory process, as recently shown for a γ-HCH 

dechlorinating anaerobic enrichment culture (Elango et al., 2010) and for a β-HCH 

dechlorinating Dehalobacter co-culture (Doesburg et al., 2005). The Dehalobacter 

co-culture dechlorinates preferentially α- and β-HCH and thus differs from strain 195, 

with its preference for γ-HCH indicating that specific enzymes are involved in the 

transformation of the respective isomers. 

Since the HCHs are usually present in the environment as mixtures of isomers and 

to test if the biotransformation of α-, β- and δ-HCH isomers was stimulated by γ-HCH 

addition, PCE pre-grown batches (triplicates) were initially spiked with γ-HCH (5 µM). 

After complete transformation of γ-HCH, a mixture of HCH isomers (α, β, γ and δ-

HCH, 25 µM in total) was added. A decrease in concentration of all HCH isomers 

was observed with a balanced increase of the metabolites TeCCH, MCB and 

benzene as well as traces of dichlorobenzenes (Figure 1D). The preference in 

transformation was γ-HCH > α-HCH > β-HCH/δ-HCH, similar to the preference 

observed single isomer experiments. Therefore, D. mccartyi strain 195, initially 

spiked with γ-HCH, showed the potential to transform β-HCH and δ-HCH in addition 

to γ-HCH and α-HCH, although in significant lower transformation rates as α- and β- 

isomers were still present after 60 days but γ- and δ- isomers completely 

disappeared (Figure 1D). This might be due to the expression of functional genes 

which may boost the biodegradation potential for one isomer in the presence of other 

isomers as reported previously for Pseudomonas aeruginosa ITRC-5 under aerobic 

conditions (Kumar et al., 2005).  
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 Biotransformation of HCH isomers by a γ-HCH enrichment culture 

Laboratory microcosms on γ-HCH were prepared with groundwater from a mainly 

MCB contaminated aquifer in Bitterfeld-Wolfen (Germany), a former production site 

of Lindane, shown to contain Dehalococcoides spp (Mészáros et al., 2013). After a 

lag phase of 40 days an increase in MCB concentration with a simultaneous 

decrease in γ-HCH was observed in all microcosms except killed controls (data not 

shown). After 5 months of incubation, benzene was detected as well. Microcosms 

amended with H2/acetate showed highest activity as compared to bottles spiked with 

lactate and formate, respectively, and were therefore used for further enrichment on 

γ-HCH (data not shown). After the initial transformation of 25 µmol L-1 γ-HCH, three 

respective transfers with 5 % of inoculum (v/v) were prepared in fresh medium 

amended with γ-HCH and H2/acetate. The third transfer was used to assess the 

biotransformation potential of single HCH-isomers and a mixture of them. 

Initially, the biotransformation was compared for γ- and δ-HCH. While complete 

biotransformation of γ-HCH to MCB and benzene was observed within 120 days, 

only 40 % of the initial concentration of δ-HCH was transformed within the same time 

(Figure 2A and 2B). The preferential transformation of the γ-isomer in comparison to 

δ-HCH and the detected metabolites MCB and benzene were similar to D. mccartyi 

strain 195 (PCE pre-grown), however, the transformation rate in case of enrichment 

culture was lower as compared to D. mccartyi strain 195. This might be due the low 

cell density in case of the enrichment cultures as compared to  D. mccartyi strain 195 

cultures. 

To confirm the preferential biotransformation of respective isomers, HCH isomers 

were added in mixture of α, β, γ and δ-isomers and compared to controls without 

inoculum. γ-HCH was completely transformed within 180 days whereas 33, 66 and 

85 % of the initial concentration of α- , β- and δ-HCH, respectively, were still present 

after 180 days (Figure 2C). No transformation was observed in abiotic controls (data 

not shown). The detected metabolites were TeCCH, benzene and MCB and, 

surprisingly, traces of 2,5-dichlorophenols and trichlorobenzene. The latter 

metabolites were also observed in a HCH transforming methanogenic enrichment 

culture amended with a mixture of HCH isomers (Middeldorp et al., 1996). The 

preference in biotransformation of γ- and δ-HCH compared to α- and β-HCH was  
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Figure 2: Transformation of γ-HCH (A), δ-HCH (B) and α-, β-, γ-, and δ- HCH isomer 

mixture (C) by γ-HCH degrading mixed culture. Concentrations of γ-HCH and δ-HCH 
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(filled squares in panel A and B respectively) and the products MCB (open triangles) 

and benzene (filled triangles) in live cultures and controls (X). Error bars represent 

the standard deviation of triplicate cultures and standard deviation of triplicate 

analysis was less than 5 %  D) Changes in concentration of the α-, β-, γ-, and δ- 

HCH isomers and production of intermediates by the γ-HCH enrichment culture. 

Error bar represent the standard deviation of duplicate experiments 

identical to the HCH transformation pattern of D. mccartyi strain 195, however, the 

differences in metabolite spectrum suggest the additional presence of other enzymes 

and reactions in the enrichment cultures. 

Although  previous studies (Mészáros et al., 2013) showed the presence of 

Dehalococcoides in the groundwater used for the set-up of microcosms on γ-HCH, 

Dehalococcoides was not detected by 16S rDNA analysis in the third transfer (data 

not shown) used for the biotransformation experiments suggesting that other 

microorganisms, not detectable with the used primers, were responsible for the HCH 

dechlorination.  

Carbon stable isotope analysis (CSIA) during biotransformation of γ-HCH  

Stable carbon isotope fractionation analysis was used to evaluate the pathways 

involved in anaerobic γ-HCH biotransformation by D. mccartyi strain 195 and the γ-

HCH enrichment culture. The carbon isotope fractionation by Clostridium 

pasteurianum, a strain that shown to co-metabolically transform γ-HCH to γ-

tetrachlorocyclohexene as the main intermediate (Jagnow, et al., 1977), was 

additionally determined as a reference.  Stable isotope fractionation analysis is 

based on the principle of favored transformation of lighter isotopes (12C) during a 

degradation process resulting in a enrichment of heavier isotopes (13C) in the 

residual substrate fraction and has been applied for the characterization of 

degradation pathways and reaction mechanisms of common groundwater 

contaminants such as BTEX, and MTBE (Elsner, 2010; Meckenstock et al., 2004; 

Vogt et al., 2008).   

For all three tested anaerobic cultures, γ-HCH dechlorination was linked to 

significant carbon isotope fractionation (Figure 3; Table 1). A slightly stronger 

enrichment was observed for D. mccartyi strain 195 (εc = -5.5 ± 0.8 ‰) compared to  
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Figure 3: Rayleigh plots for D. mccartyi strain 195 (open squares), C. pasterianum 

DSMZ 525 (crosses) and the γ-HCH enrichment culture (filled squares).  

Clostridium pasteurianum (εc = -4.1 ± 0.6 ‰). The range of calculated enrichment 

factors in our pure cultures study  seemed to be higher as compares to previously 

reported carbon isotope enrichment factors for γ-HCH transformation by the sulfate 

reducers Desulfovibrio gigas (εc = -3.9 ± 0.6 ‰) and Desulfococcus mulitvorans (εc = 

-3.4 ± 0.5 ‰) (Badea et al., 2009). Similarities in carbon isotope fractionation 

suggest an analogy in the initial transformation of the HCH isomers which is 

confirmed by the appearance of similar metabolites in all pure culture experiments. 

In case of the γ-HCH enrichment culture the value of enrichment factor (εc = -3.1 ± 

0.4 ‰) was relatively lower as compared to the pure culture experiments. The 

reason of lower enrichment factor might be due to the microbial competitions and 

several transformation processes occurring in mixed microbial communities which is 

also confirmed by the appearance of other metabolites such as PCCH. Due to the 

similarity of produced metabolites by the different tested pure cultures, independent 

of metabolic or co-metabolic conversion, it can be assumed that the biochemical 

pathway of HCH transformation was similar in the tested cultures. The data indicate 

that enrichment factors of anaerobic HCH dechlorination are generally relatively 

large, robust and can be therefore used to quantify in situ biodegradation under 

anoxic conditions.  
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Though, in comparison to the biodegradation of γ-HCH under aerobic conditions (εc 

=-1.7 ± 0.2 ‰) (Bashir et al., 2013), observed carbon enrichment factors are 

significantly higher and confirmed differences in metabolites and degradation 

pathway (Table S2, supporting information, Appendix A2). While the initial metabolite 

under anoxic conditions was TeCCH as result of a dichloroelemination, aerobic 

transformation leads to PCCH as result of dehydrochlorination (Lal et al., 2010).  

Additionally, enrichment factors for mixed isomer biotransformation experiments with 

γ-HCH enriched cultures were calculated to see if carbon stable isotope fractionation 

differs in single and mixed isomer experiments. The enrichment factor for γ-HCH (εc 

= -3.1 ± 0.4 ‰) was identical as calculated in single isomer biotransformation. 

Although complete biodegradation of other isomers was not observed, estimation 

enrichment factor for  α-HCH (66 % degradation) and β-HCH (33 % degradation) 

suggested less isotope fractionation for these isomers with εc = -1.9 ± 0.5 ‰ and εc = 

-1.5 ± 0.2 ‰, respectively.  

Conclusion 

For the first time, the metabolic biotransformation of γ-HCH was shown for an 

isolate, D. mccartyi strain 195 which used hydrogen as electron donor and γ-HCH as 

terminal electron acceptor.  D. mccartyi strains 195 and BTF08 as well as the 

enrichment culture preferentially degraded γ-HCH over the other isomers. While the 

D. mccartyi cultures preferentially degraded γ-HCH > α-HCH/δ-HCH > β-HCH, the 

enrichment culture preferentially transformed γ-HCH over δ-HCH > β-HCH > α-HCH. 

The major intermediate observed in all cultures was TCCH, with MCB and benzene 

as final products. Analysis of the carbon stable isotope composition during 

biotransformation confirmed the elucidation of degradation pathways under anoxic 

conditions and suggests that carbon stable isotope analysis can be used as means 

to quantify the in situ biodegradation of γ-HCH under anoxic conditions.  
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Table 1: Carbon enrichment factors (εc) for different cultures. 

*Badea et al (2011) $Badea et al (2009) £Bashir et al 2013 
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Abstract 

A systematic investigation of environmentally relevant transformation processes of 

alpha-hexachlorocyclohexane (α-HCH) was performed in order to explore the potential 

of compound-specific stable isotope analysis (CSIA) to characterize reaction 

mechanisms. The carbon isotope enrichment factors (εc) for the chemical 

transformations of α-HCH via direct photolysis, indirect photolysis (UV/H2O2), hydrolysis, 

electro-reduction or reduction by Fe0 nanoparticles were quantified and compared to 

those previously published for biodegradation. Hydrogen abstraction by hydroxyl 

radicals generated by UV/H2O2 led to εc of −1.9 ± 0.2 ‰ with an apparent kinetic carbon 

isotope effect (AKIEC) of 1.012 ± 0.001. Dehydrochlorination by alkaline hydrolysis 

yielded εc of −7.6 ± 0.4 ‰ with AKIEc of 1.048 ± 0.003. Dechlorination either by 

homolytic bond cleavage in direct photolysis (εc = −2.8 ± 0.2 ‰) or single-electron 

transfer in electro-reduction (εc = −3.8 ± 0.4 ‰) corresponded to AKIEc of 1.017 ± 0.001 

and 1.023 ± 0.003 respectively. Dichloroelimination catalyzed by Fe0 via two-electron 

transfers resulted in εc of −4.9 ± 0.1 ‰. AKIEc values assuming either a concerted or a 

stepwise mechanism were 1.030 ± 0.0006 and 1.015 ± 0.0003 respectively. Contrary to 

biodegradation, no enantioselectivity of α-HCH was observed in chemical reactions, 

which might be used to identify chemical and biological in situ transformations. 

3.3.1 Introduction 

Hexachlorocyclohexane (HCH) isomers have been listed in the Stockholm Convention 

on Persistent Organic Pollutants (POPs) (Lallas, 2001), that aims to eliminate or restrict 

the production and use of POPs. Although production of HCH is mostly banned in 

countries signing the Stockholm Convention, residues from previous application, 

improper waste disposal and storage require long-term monitoring in order to assess 

sources and sinks. HCH isomers are ubiquitous in the environment due to their 

previously widespread global usage and physicochemical recalcitrance toward 

decomposition (Abhilash and Singh, 2009; Jiang et al., 2009). Technical-grade HCH, an 

important insecticide formulation in agriculture, forestry, and wood preservative, 

consists mainly of five major isomers: α (60-70%), β (5-12%), γ (10-12%), δ (6-10%), 
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and ε (3-4%) (Vijgen, 2006). The intensive use of technical-grade HCH has released 

large amounts of α-HCH into the environment and its persistence led to the presence in 

environmental and biological samples until today (Li, 1999). Therefore, understanding of 

the fate of α-HCH is of great importance for long-term cleanup activities. Although HCH 

isomers are highly resistant to degradation under the conditions prevailing in the 

environment, biological and chemical transformation processes and related remediation 

strategies have been explored to clean up HCH contaminated sites (Lal et al., 2010; 

Ruiz et al., 2012; Singh et al., 2013).  

An attempt on the characterization and quantification of degradation is a prerequisite for 

evaluating the environmental fate of HCH isomers and assessing the efficiency of 

remediation techniques. Aerobic and anaerobic microbial degradation of HCH isomers 

(Bhatt et al., 2007; Murthy and Manonmani, 2007) likewise require evaluation for 

bioremediation at contaminated sites. In addition to biotransformation, radical oxidation 

by photo-Fenton process (Nitoi et al., 2013) or by photocatalytic degradation (Zaleska et 

al., 2000) has been discussed as a strategy for treating γ-HCH-polluted water. 

Electrochemical reduction of γ-HCH applying a modified NiCo2O4 electrode (Srivastava, 

2006) may be used as a remediation technology in the future. Nanoscale zero-valent 

iron (Fe0) has been discussed for transformation of HCH isomers in contaminated 

groundwater and soil representing a new generation of environmental remediation 

technology (Elliott et al., 2008; Elliott et al., 2009; Fu et al., 2014; Singh et al., 2011; 

Wang et al., 2009; Zhang, 2003).  

Transformation of HCH is typically initiated by hydrogen abstraction, 

dehydrochlorination, dechlorination or dichloroelimination. Hydrogen abstraction can be 

found in radical oxidation processes via reactive hydroxyl radicals (OH) formed by 

photo-induced H2O2 decomposition (Nienow et al., 2008) or by TiO2-enhanced 

photocatalysis (Zaleska et al., 2000). Dehydrochlorination takes place during hydrolysis 

of γ-HCH under alkaline conditions (Liu et al., 2003), which might be a similar 

mechanism to aerobic degradation of α-HCH by Sphingomonas paucimobilis B90A 

(Suar et al., 2005b). Dechlorination initiated by direct photolysis of short-wavelength UV 

irradiation (Hamada et al., 1982) or by single-electron transfer via electrodes 
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(Srivastava, 2006) may directly transform HCH isomers into a pentachlorocyclohexyl 

radical by cleavage of a C−Cl bond. Two-electron transfers to the molecule initiate 

dichloroelimination in a stepwise or a concerted mode (Fletcher et al., 2009; 

Tobiszewski and Namiesnik, 2012). Transformation of HCH by dichloroelimination can 

be induced by Fe0 nanoparticles (Elliott et al., 2008; Elliott et al., 2009; Singh et al., 

2011). Similarly, anaerobic degradation of α-HCH by Clostridium pasterianum proceeds 

via dichloroelimination whereby two C–Cl bonds are reductively cleaved leading to 

3,4,5,6-tetrachlorocyclohexene (TeCCH) (Badea et al., 2011). 

Information on the transformation mechanism is essential for assessing the fate of HCH 

isomers in the environment. However, it is difficult to distinguish among different 

reaction mechanisms solely based on analysis of the reaction intermediates. For 

instance, the first step in aerobic degradation of α-HCH is dehydrochlorination, a similar 

mechanism compared to alkaline hydrolysis. The pattern of intermediates alone often 

does not allow characterizing specific degradation pathways.  

Carbon stable isotope analysis (CSIA) is a promising tool for characterizing 

transformation pathways of pollutants in the environment (Aelion et al., 2009). The 

stable isotope fractionation identified by CSIA mainly depends on kinetic isotope effect 

(KIE) associated with the cleavage of chemical bonds, which is specific for a reaction 

mechanism. CSIA has been successfully applied to aerobic and anaerobic 

biotransformation of α- and γ-HCH and distinct isotope fractionation patterns for carbon 

were observed (Badea et al., 2009; Badea et al., 2011; Bashir et al., 2013). α-HCH 

exists in two enantiomeric forms. The carbon isotope ratios of the α-HCH enantiomers 

were determined suggesting that enantiomer-specific stable isotope analysis (ESIA) can 

be used as a complementary approach to CSIA for assessing biodegradation of α-HCH 

in the environment (Bashir et al., 2013). However, although CSIA for HCH 

biodegradation has been a subject of current studies, information regarding isotope 

fractionation upon chemical degradation of HCH is rare. There is only a single study on 

carbon isotope fractionation for the hydrolysis of α- and γ-HCH (Peng et al., 2004). 
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Due to the limited knowledge on KIEs for chemical degradation of α-HCH, we 

determined carbon isotope fractionation for environmentally relevant transformation 

processes of α-HCH in order to explore the potential of CSIA and ESIA for the 

identification of reaction mechanisms. Different mechanisms were investigated (Scheme 

1) for chemical reactions including direct photolysis, photochemical oxidation by OH 

radicals, alkaline hydrolysis, electrochemical reduction and reduction by Fe0 

nanoparticles. Apparent kinetic carbon isotope effects (AKIEc) were calculated and 

compared with putative KIEs for the elucidation and distinction of α-HCH reaction 

mechanisms. Studies on the enantioselectivity of α-HCH were also performed to 

evaluate if various chemical reactions can be distinguished from biotransformation. 

 

 

 

Scheme 1: Transformation pathways of α-HCH in biological and chemical processes. 
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3.3.2 Materials and methods 

 

Information on chemicals used in this study and on the preparation of α-HCH stock 

solution is provided in the Supporting Information (SI). 

Direct and indirect photolysis 

The photochemical reactor system consisted of a 200 mL Pyrex cylindrical flask with a 

quartz window whose surface area was approximately 28 cm2 (Figure S1, supporting 

information, Appendix A3). Irradiation was achieved by applying a 150 W xenon lamp 

(Type No.: L2175, Hamamatsu, Japan), which covered a broad continuous spectrum 

from 185 nm to 2000 nm. Direct photolysis and indirect photolysis were conducted in a 

temperature-controlled water system at 20°C at two wavelength ranges: ≥ 185 nm and ≥ 

280 nm, respectively. A filter with a 280 nm cut-off wavelength was applied, because 

range of larger wavelengths is typical at the Earth's surface. The distance between the 

reactor and the light source was 10 cm. The reaction solution was magnetically stirred 

during the irradiation experiments. 

For direct photolysis at λ ≥ 185 nm, the light source was directly faced to the quartz 

window of the reactor without the filter with a 280 nm cut-off wavelength. The α-HCH 

stock solution (1 mg L-1) was bubbled with argon for 1 hour to remove oxygen before 

turning on the lamp. For indirect photolysis, the filter with a 280 nm cut-off wavelength 

was used and hydrogen peroxide was added to the α-HCH stock solution (molar ratio of 

H2O2 to α-HCH was 100:1). The solution was mixed with a magnetic stirrer during the 

whole experiment. For sampling at different intervals, the reaction mixture was 

transferred through a rubber septum of the reactor and filled into gas-tight vials using a 

syringe. n-Pentane (0.5 mL) containing hexachlorobenzene (HCB, 1 mg L-1, as internal 

standard) was added to the vials for the extraction of α-HCH and its degradation 

products. The mixture was shaken for at least one hour prior to the phase separation. 

To avoid evaporation, the n-pentane phase was transferred at 10°C to a vial and the 
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vials were stored at -20°C until the analysis. Each experiment in this study was 

conducted with at least three repetitions. 

Alkaline hydrolysis 

A volume of 300 mL Na2CO3-NaHCO3 buffer solution (pH 9.78, 10 mM) was spiked with 

α-HCH (1000 mg L-1) dissolved in acetone achieving a concentration of 1 mg L-1 in the 

buffer solution. Twenty of 20 mL vials were filled with 15 mL of this buffer solution for 

each of them and closed with Teflon coated butyl rubber septa and crimped. All 

solutions were put on a shaker for reaction at 30°C until sampling. At different intervals, 

n-pentane (0.5 mL) with HCB (1 mg L-1) was added to extract α-HCH and its 

degradation products from the water phase. 

Electrochemical reduction 

For electrochemical reduction of α-HCH, two inert Ti/Ir coated grids (13 cm × 3.2 cm) 

were inserted as electrodes into a stirred 500 mL beaker, which was filled with 300 mL 

of the α-HCH stock solution (1 mg L-1) and covered with a Teflon membrane to prevent 

evaporation (Figure S2, supporting information, Appendix A3). The reaction was 

performed at 25°C and using an electric field strength of 6.3 V cm-1 (1.68 mA cm-2). The 

experiment in the absence of an electric field served as a control. At given times, 

samples were taken by a syringe. α-HCH and its degradation products were extracted 

with n-pentane (0.5 mL) containing HCB (1 mg L-1). 

Reduction by Fe0 nanoparticles 

Fe0 nanoparticles were synthesized using a method in which ferrous sulfate (0.25 M) 

was reduced by sodium borohydride (0.5 M) in aqueous solution as described 

elsewhere (Wang and Zhang, 1997; Zhang et al., 1998). The synthesized Fe0 

nanoparticles were washed with ethanol, purged with nitrogen for drying, and 

refrigerated in a sealed polyethylene container under absolute ethanol until use. The 

reaction of α-HCH with synthesized Fe0 nanoparticles was performed in a 250 mL 

serum flask. Fe0 nanoparticles (0.3 g) were added to 200 mL of the α-HCH stock 

solution (1 mg L-1) and the flask was subsequently capped with a Teflon valve. The 
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reaction mixture was mixed with a magnetic stirrer during the whole experiment at room 

temperature. Periodically, 15 mL of the aqueous solution was taken by a syringe and 

passed through a 0.20 µm syringe filter. Then α-HCH and its degradation products were 

extracted with n-pentane (0.5 mL) containing HCB (1 mg L-1).  

Analytical methods 

The concentration of α-HCH was determined by gas chromatograph equipped with a 

flame ionization detector (GC-FID) and degradation products were analyzed by gas 

chromatograph-mass spectrometry (GC-MS) as described elsewhere (Bashir et al., 

2013). Carbon stable isotope ratios of α-HCH and its enantiomers were measured by 

gas chromatograph-combustion-isotope ratio mass spectrometry (GC-C-IRMS) (Bashir 

et al., 2013). A detailed description of analytical methods is provided in SI.  

3.3.3 Results and discussion 

Direct and indirect photolysis 

The stock solution of α-HCH showed a maximum UV absorption at λ = 252 nm (Figure 

S3, supporting information, Appendix A3), which was in agreement with the reported 

high absorption at λ = 255 nm (Fiedler et al., 1993). The carbon isotope ratio of α-HCH 

showed 13C enrichment from −27.8 ± 0.3 ‰ to −21.0 ± 0.3 ‰ after 91 % removal of α-

HCH (Figure 1A). The Rayleigh equation was applied as described in SI in order to 

determine carbon isotope enrichment factors (εc). Based on this approach, εc of −2.8 ± 

0.2 ‰ was determined for direct photolysis of α-HCH. Indirect photolysis at a 

wavelength ≥ 280 nm by a UV/H2O2 oxidation process resulted in 85 % degradation 

within 12 hours concomitant with a 13C enrichment from −27.7 ± 0.1 ‰ to −24.2 ± 0.1 ‰ 

(Figure 1A), yielding εc of −1.9 ± 0.2 ‰. As indicated by Figure 1B, direct photolysis (≥ 

185 nm) and indirect photolysis (≥ 280 nm, UV/H2O2) followed pseudo first order 

kinetics (R2 = 0.99 and 0.99, respectively) with rate constants of 0.34 h-1 and 0.16 h-1, 

respectively. Control experiments either with H2O2 in the absence of light or only with 

UV irradiation (≥ 280 nm) showed almost stable α-HCH concentrations (Figure S4, 

supporting information, Appendix A3). It indicated that the sole presence of H2O2 or 
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longer wavelength ≥ 280 nm did not induce the transformation of α-HCH under the 

experimental conditions used.  

1,2,3,4,5-pentachlorocyclohexane (C6H7Cl5, PCCHa) and 3,4,5,6-tetrachlorcyclohexene 

(TeCCH) were determined as major transformation products for direct photolysis (≥ 185 

nm) of α-HCH (Figure S5 , supporting information, Appendix A3). It was supposed that 

UV irradiation initiated homolytic bond cleavage of a C−Cl bond leading to the formation 

of a pentachlorocyclohexyl radical and a chlorine radical. The pentachlorocyclohexyl 

radical can abstract a hydrogen atom from another α-HCH to form PCCHa. There were 

two possible pathways for the following formation of TeCCH: i) a radical 

disproportionation process, in which the chlorine radical can abstract a chlorine atom 

from the pentachlorocyclohexyl radical leading to a double bond; ii) a second C−Cl bond 

cleavage induced by direct photolysis of the pentachlorocyclohexyl radical (Scheme S1, 

supporting information, Appendix A3).  

Indirect photolysis of α-HCH was performed by dissociating H2O2 via UV irradiation (≥ 

280 nm) to form OH radicals resulting in the formation of 2,4,6-trichlorophenol as the 

main transformation product (Figure S6, supporting information, Appendix A3). The 

initial step of indirect photolysis was the abstraction of hydrogen by OH radicals leading 

to the formation of an α-HCH radical (Wang et al., 2009). The second step might be a 

simultaneous multi-dehydrochlorination to remove three sets of chlorine and hydrogen 

atoms concomitant with the formation of a 1,3,5-trichlorobenzene radical, which can be 

stabilized by hydrogen abstraction from another α-HCH. The further addition of an OH 

radical to the aromatic ring and the subsequent reaction with oxygen led to the 

formation of a peroxyl radical, which was then stabilized to form 2,4,6-trichlorophenol 

via hydroperoxyl radical elimination (Scheme S2, supporting information, Appendix A3) 

(Von Sonntag and Schuchmann, 1991). 

Alkaline hydrolysis 

Alkaline hydrolysis caused 87 % decrease in α-HCH concentration within 13 days 

(degradation). The carbon isotope ratio of α-HCH exhibited a clearly high 13C 

enrichment from −27.8 ± 0.02 ‰ to −12.9 ± 0.4 ‰ (Figure 1C) resulting in εc of −7.6 ± 
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0.4 ‰. So far, the only reported carbon isotope enrichment factor for alkaline hydrolysis 

of α-HCH was determined as −8.5 ‰ (Peng et al., 2004), which was similar to the value 

obtained in our study. The reaction followed pseudo first order kinetic (R2=0.99) (Figure 

1D) with a rate constant of 0.0064 h-1 (11×10-5 min-1), which was in agreement with a 

previous reported rate constant of 9.74×10-5 min-1 obtained at pH 9 and 30°C (Ngabe et 

al., 1993). 

The main transformation products for alkaline hydrolysis of α-HCH were 1,3,4,5,6-

pentachlorocyclohexene (C6H5Cl5, PCCH), 1,2,4-trichlorobenzene (TCB) and 1,2,3-TCB 

(Figure S7, supporting information, Appendix A3), indicating a dehydrochlorination 

mechanism similar to aerobic degradation (Suar et al., 2005b). The initial step of 

hydrolysis should be the formation of PCCH through a concerted bimolecular 

elimination mechanism (E2 reaction) in which the C−H bond cleavage occurred 

simultaneously with the C−Cl bond cleavage leading to the formation of a double bond 

(Liu et al., 2003). In subsequent hydrolysis steps, TCB isomers may be formed due to 

simultaneous eliminations of two chlorine and two hydrogen atoms from PCCH 

(Scheme S3, supporting information, Appendix A3).  

Electrochemical reduction 

For electrochemically induced transformation at 80 % degradation within 10 hours, the 

carbon isotope ratio of α-HCH exhibited a 13C enrichment from −27.8 ± 0.1 ‰ to −20.0 ± 

0.1 ‰ (Figure 1E) which resulted in εc of −3.8 ± 0.4 ‰. The reaction followed pseudo 

first order kinetic (R2=0.99) with a rate constant of 0.15 h-1 (Figure 1F). Control 

experiment without electrodes showed insignificant losses of α-HCH (Figure S8). GC-

MS spectra indicated the same products for electrochemically induced transformation 

as for direct photolysis (i.e. PCCHa and TeCCH) (Figure S9, supporting information, 

Appendix A3) but a different transformation pathway was proposed (Scheme S4). A 

single-electron transfer mechanism might be expected which was in accordance with 

previous studies indicating an electron transfer mechanism for electrochemical 

reduction (Evans, 2008). It was assumed that single-electron transfer of α-HCH led to a 

C−Cl bond cleavage generating a pentachlorocyclohexyl radical. The hydrogen atom 
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from the electrolysis of H2O can quench the pentachlorocyclohexyl radical to produce 

PCCHa. The formation of TeCCH was possibly a second electron transfer to the 

pentachlorocyclohexyl radical. 

 

Reduction by Fe0 nanoparticles 

Reduction by Fe0 nanoparticles led to 90 % degradation of α-HCH within 2.5 hours 

(Figure 1E) and yielded the highest rate constant (0.86 h-1) of all the reactions 

conducted in this study (Figure 1F). The carbon isotope ratio of α-HCH was enriched in 

13C from −27.9 ± 0.1 ‰ to −16.8 ± 0.1 ‰ (Figure 1E) and gave εc of −4.9 ± 0.1 ‰. 

TeCCH was the only product identified by GC-MS (Figure S10, supporting information, 

Appendix A3). Therefore, electrons provided by Fe0 may attack α-HCH by two-electron 

transfers eliminating two chlorine atoms from the ring and forming a double bond 

(Scheme S5, supporting information, Appendix A3). However, it was unknown whether 

the reaction proceeded stepwise (i.e., one C−Cl bond was broken in the transition state 

and the rate limiting step involved only one carbon atom), or via a concerted mode (i.e., 

two C−Cl bonds were broken simultaneously and the rate limiting step involved two 

carbon atoms) (Elsner et al., 2007). 

Enantiomer-specific stable isotope analysis (ESIA) 

It is known that chemical transformation processes do not exhibit enantioselectivity 

(Bidleman et al., 2012; Hühnerfuss et al., 1993). Due to the same reactivity of 

enantiomers, it can be expected that chemical reactions would lead to similar isotope 

fractionation of enantiomers. In order to confirm this assumption, carbon isotope 

fractionation of individual enantiomers of α-HCH was investigated for direct photolysis, 

indirect photolysis through UV/H2O2, hydrolysis, electro-reduction or reduction by Fe0 

nanoparticles. As expected, no enantioselective transformation of α-HCH was observed 

(Figure S11, supporting information, Appendix A3). In contrast to enantioselective 

biodegradation, the carbon isotope enrichment factors of individual enantiomers (εc(+), 

εc(−)) upon chemical transformation were statistically identical with each other and with  
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Figure 1: Remaining fraction (closed symbols) and carbon isotope ratios (open symbols) 

of α-HCH for transformation by (A) direct photolysis (squares) and UV/H2O2 process 

(circles), (C) alkaline hydrolysis (triangles), (E) electrochemical reduction (rhombuses) 

and reduction by Fe0 (stars); Pseudo first order kinetics (closed symbols) for (B) direct 

photolysis (squares) and UV/H2O2 process (circles), (D) alkaline hydrolysis (triangles), 

(F) electrochemical reduction (rhombuses) and reduction by Fe0 (stars). 
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the respective εc of bulk α-HCH (Table 1). Thus, the difference in carbon isotope 

fractionation between enantiomers can provide a direct evidence for α-HCH 

biodegradation. 

3.3.4 Discussion 

Carbon isotope fractionation of the reaction mechanisms 

Significant differences in carbon isotope fractionation of α-HCH were observed for 

various chemical transformation processes (Figure 2 and Scheme 1). The reaction with 

OH radicals formed by photo-induced dissociation of H2O2 exhibited the smallest carbon 

isotope fractionation (εc of −1.9 ± 0.2 ‰). In this reaction, the rate limiting step was 

supposed to be H abstraction via cleavage of a C−H bond. Direct photolysis and 

electro-reduction resulted in moderate carbon isotope fractionation (εc of −2.8 ± 0.2 ‰ 

and −3.8 ± 0.4 ‰, respectively). The rate limiting step was considered to be 

dechlorination via cleavage of a C−Cl bond either by homolytic bond cleavage or single-

electron transfer. Compared to direct photolysis and electro-reduction, reduction by Fe0 

nanoparticles led to a slightly higher carbon isotope fractionation (εc of −4.9 ± 0.1 ‰). 

For this process, dichloroelimination involving two-electron transfers to α-HCH with the 

cleavage of two C–Cl bonds could be expected as the initial step of the reaction 

mechanism. It is known that the cleavage of a bond formed by a heavier element tends 

to induce a larger isotope effect compared to a bond formed by a lighter element (Aelion 

et al., 2009). Hence, larger carbon isotope fractionations were observed for C−Cl bond 

cleavage reactions (direct photolysis, electro-reduction, reduction by Fe0) compared to 

C−H bond cleavage by OH radical-induced oxidation (indirect photolysis). The largest 

carbon isotope fractionation (εc of −7.6 ± 0.4 ‰) was found for alkaline hydrolysis by a 

dehydrochlorination mechanism with simultaneous cleavage of a C−H bond and a C−Cl 

bond. Hypothetically, the reason for high carbon isotope fractionation may be that two 

carbon atoms were involved simultaneously leading to a complex transition state and 

providing an advantage for the reaction kinetic of lighter isotopologues. 
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Figure 2: Double logarithmic plot according to the Rayleigh equation (eq. S3, 

supporting information, Appendix A3) for α-HCH transformation by direct photolysis 

(squares), indirect photolysis under UV/H2O2 (circles), alkaline hydrolysis (upward 

triangles), electrochemical reduction (downward triangles) and reduction by Fe0 

(rhombuses). 

 

Comparison of chemical and biological isotope fractionation  

Dehydrochlorination of α-HCH by alkaline hydrolysis and aerobic biodegradation yielded 

PCCH and TCBs as products indicating an E2 elimination reaction for both 

transformation pathways. In comparison to alkaline hydrolysis (εc of −7.6 ± 0.4 ‰), 

aerobic biodegradation (εc of −1.6 ± 0.3 ‰ and −1.0 ± 0.2 ‰ in experiments with 

Sphingobium indicum strain B90A and Sphingobium japonicum strain UT26, 

respectively (Bashir et al., 2013)) showed much lower carbon isotope fractionations. It 
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might suggest different mechanisms and rate limitations in the transition stage of bond 

cleavage. The binding of the substrate to the enzyme during aerobic biodegradation 

may contribute to the lower carbon isotope fractionation as compared to direct bond 

cleavage in pure chemical reactions (Nijenhuis et al., 2005). Enzyme binding might be a 

rate limiting step prior to the isotope sensitive bond cleavage in biological systems 

(Northrop, 1981), complicating the mechanistic interpretation of kinetic isotope 

fractionation pattern. This rate limitation can mask the extent of isotope fractionation for 

biotransformation.  

Further information on rate limitation associated with enzyme-substrate binding can be 

obtained when comparing the isotope fractionation between α-HCH enantiomers. For 

Sphingobium japonicum strain UT26, the enzyme LinA (HCH dehydrochlorinase) is 

thought to catalyze dehydrochlorination of both enantiomers by the same catalytic 

mechanism (Lal et al., 2010). The difference in isotope fractionation may thus be related 

to rate limitation induced by enzyme-substrate binding. Assuming that the catalytic 

difference in εc of the α-HCH enantiomers (∆εc = 1.8 ‰, Table 1) quantitatively 

demonstrated the masking effect on carbon isotope fractionation by binding to enzyme. 

A similar difference in εc of the enantiomers (∆εc = 1.4 ‰) was observed for 

Sphingobium indicum strain B90A degrading α-HCH with the same enzyme LinA, 

confirming that binding of enantiomers to the enzyme played a role in the overall 

process of isotope fractionation. Taking into account that isotope fractionation of the (+)-

enantiomer was less affected by enzyme binding, the comparison of isotope 

fractionation would make more sense between the biological dehydrochlorination of the 

(+)-enantiomer (εc (+) of −2.4 ± 0.8 ‰ and −2.5 ± 0.6 ‰, Table 1) and chemical 

dehydrochlorination by alkaline hydrolysis (εc of −7.6 ± 0.4 ‰) (see discussion 4.3, 

mechanistic interpretation). 

Similarly, dichloroelimination catalyzed by Fe0 nanoparticles via two-electron transfers 

gave a slightly higher carbon isotope fractionation (εc of −4.9 ± 0.1 ‰) than 

dichloroelimination by anaerobic biodegradation (εc of −3.7 ± 0.8 ‰) (Badea et al., 

2011). In both cases, α-HCH was transformed to TeCCH assuming that two C−Cl bonds  
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Table 1:. Comparison between AKIE values and typical (A)KIE values. 

 

$Badea et al. (2011) (Badea et al., 2011); * Bashir et al. (2013) (Bashir et al., 2013); 

§Data from quantum mechanical modelling (Manna and Dybala-Defratyka, 2013). 

 

 

Reactions Initial step 
εc (‰) ± 95% CI 

n x z AKIEC (A)KIEC 
εc(+) (‰) εc(−) (‰) 

UV/H2O2 (≥ 280 nm) 
Hydrogen abstraction 

(Nitoi et al., 2013) 

-1.9 ± 0.2 

6 1 1 1.012 ± 0.001 

1.01 - 1.02(Elsner et 

al., 2005; Huskey, 

1991) 
-1.7 ± 0.2 -2.1 ± 0.3 

Hydrolysis  

(pH 9.78) 

Dehydrochlorination 

(Ngabe et al., 1993) 

-7.6 ± 0.4 
6 2 2 1.048 ± 0.003 

1.03 - 1.09(Shiner 

and Wilgis, 1992) -7.2 ± 0.5 -7.7 ± 0.6 

UV ( ≥ 185 nm) 

Dechlorination 

(McNaught and 

Wilkinson, 1997) 

Homolytic bond 

cleavage 

-2.8 ± 0.2 

6 1 1 1.017 ± 0.001 

1.02 - 1.03 

(Hofstetter et al., 

2007) 
-2.4 ± 0.3 -2.7 ± 0.3 

Electrochemical 

reduction 

Dechlorination 

(Houmam, 2008) 

Single-electron transfer 

-3.8 ± 0.4 

6 1 1 1.023 ± 0.003 

1.02 - 1.03 

(Hofstetter et al., 

2007) 
-3.0 ± 0.3 -3.6 ± 0.2 

Reduction by Fe
0
 

Dichloroelimination 

(Elliott et al., 2009) 

Two-electron transfers  

-4.9 ± 0.1 

stepwise 

1.030 ± 0.0006 

1.01 - 1.03 

(Fletcher et al., 

2009) 
6 1 1 

-5.1 ± 0.4 -4.8 ± 0.5 

concerte

d 1.015 ± 0.0003 

1.007 - 1.017 

(Fletcher et al., 

2009) 6 2 1 

Anaerobic 

(C. pasterianum) 

Dichloroelimination 

(Badea et al., 2011) 

Two-electron transfers 

-3.7 ± 0.8
$
 stepwise 

1.023 ± 0.005
$
 

1.01 - 1.03 

(Fletcher et al., 

2009) 
− − 6 1 1 

Aerobic 

(Sphingobium indicum 

strain B90A) 

Dehydrochlorination 

(Suar et al., 2005a) 

-1.6 ± 0.3
*
 

6 2 2 

AKIEC(+) 
1.0168 and 1.0218

§
 

(Manna and Dybala-

Defratyka, 2013) 

AKIEC(−) 

1.015 ± 0.005 

-2.4 ± 0.8
*
 -1.0 ± 0.6

*
 1.006 ± 0.004 

Aerobic  

(Sphingobium 

japonicum strain UT26)  

Dehydrochlorination 

(Bashir et al., 2013) 

-1.0 ± 0.2
*
 

6 2 2 

1.015 ± 0.004 1.0168 and 1.0218
§
 

(Manna and Dybala-

Defratyka, 2013)  
-2.5 ± 0.6

*
 -0.7 ± 0.2

*
 1.004 ± 0.001 
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were cleaved in a stepwise or a concerted mechanism. However, the biological process 

yielded a lower εc which was most probably caused by non-fractionating processes prior 

to the isotope sensitive bond cleavage (e.g. binding of the substrate to the enzyme). 

Since the εc of α-HCH for chemical transformation was systematically higher compared 

to biological transformation, the extent of carbon isotope fractionation may allow 

distinguishing biological and chemical reactions. 

Apparent kinetic isotope effect (AKIE) 

Carbon isotope enrichment factors (εc) were converted to AKIEC for the different 

reaction mechanisms of α-HCH. AKIEC values were calculated as described in SI and 

compared with putative kinetic carbon isotope effects (KIEC). While the number of 

carbon atoms of α-HCH (n) was the same for all reactions, different values for the 

number of reactive positions (x) and the number of positions in intra-molecular 

competition (z) were taken into account depending on the reaction scenario (Table 1). 

Semiclassical Streitwieser Limits for KIEC of C−H bond cleavage were derived in the 

range of 1.01 to 1.02 (Elsner et al., 2005; Huskey, 1991). The AKIEC value was 

calculated as 1.012 ± 0.001 for the OH radical-induced H abstraction during the 

UV/H2O2 process, corresponding well to the expected range.  

Calculated AKIEC of 1.048 ± 0.003 for dehydrochlorination via alkaline hydrolysis was 

consistent with the (A)KIEC range of 1.03 to 1.09 expected for simultaneous cleavage 

of a C−H and a C−Cl bond (Shiner and Wilgis, 1992) by a bimolecular elimination (E2 

reaction). For biological dehydrochlorination, AKIEC values for (+)-enantiomer (see 

discussion 4.2) were calculated as 1.015 ± 0.005 and 1.015 ± 0.004, respectively. 

These values were significantly smaller than AKIEC for alkaline hydrolysis indicating 

that the mode of bond cleavage via E2 reaction might have different transition states 

between the chemical and biological dehydrochlorination. Quantum mechanical 

modelling of α-HCH biotransformation by LinA resulted in KIEC of 1.0168 and 1.0218 at 

reactive positions (Manna and Dybala-Defratyka, 2013). These values corresponded 

well to AKIEC values obtained from experimental biotransformation, suggesting that a 

complex transition state was governing the biological dehydrochlorination. 
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AKIEC calculated for direct photolysis via homolytic cleavage of a C–Cl bond (1.017 ± 

0.001) was in good agreement with KIEC values for chemical dechlorination (1.02 to 

1.03) (Hofstetter et al., 2007). Likewise, AKIEC calculated for electro-reduction (1.023 ± 

0.003) by single-electron transfer with a C–Cl bond cleavage was in the same expected 

range of 1.02 to 1.03 for previously reported chemical dechlorination (Hofstetter et al., 

2007) and, thus, supported a reductive dechlorination pathway. 

For Fe0 nanoparticles-induced dichloroelimination, two C−Cl bonds were cleaved via a 

stepwise mode or a concerted mode. Therefore, AKIEC values for dichloroelimination 

were determined as 1.030 ± 0.0006 and 1.015 ± 0.0003, assuming a stepwise or a 

concerted pathway, respectively. These values were within the respective range of 1.01 

to 1.03 and 1.007 to 1.017 for previously reported AKIEC of dichloroelimination reactions 

(Fletcher et al., 2009).  

 

 

 

 

 

 

 

 

 

Figure 3: Comparison of carbon isotope discrimination (δ13Ct − δ13C0) vs enantiomeric 

fraction (EF) for (+) α-HCH (EF (+)) (open symbols) and (−) α-HCH (EF (−)) (closed 

symbols) for anaerobic biodegradation by Clostridium pasterianum (circles) and aerobic 



Chapter : 3.3 Results  

 

  
95 

 

  

biodegradation by Sphingobium indicum strain B90A (squares) and Sphingobium 

japonicum strain UT26 (triangles). Colored symbols stand for chemical reactions: direct 

photolysis (+), indirect photolysis (−), hydrolysis (−), electrochemical reduction (×) and 

reduction by Fe0 (♦). The slope is only shown for hydrolysis due to the overlap with 

other chemical reactions. 

 

Enantiomeric fraction and isotope discrimination  

Recently, enantiomeric fraction and enantioselective carbon isotope fractionation have 

been investigated for aerobic/anaerobic biotransformation of the α-HCH enantiomers 

using ESIA (Bashir et al., 2013). Enantiomeric fraction (EF) (+) and EF (−) described in 

SI were plotted against the carbon isotope discrimination (∆= δt − δ0) of the (+)-

enantiomer and (−)-enantiomer, respectively (Figure 3). It is shown that the ESIA 

approach is suitable to differentiate between chemical transformation and aerobic 

biodegradation. However, the range of chemical transformation partially overlaps with 

those of anaerobic biodegradation and, thus, the distinction of these transformation 

processes seems to be not always possible at least when low extent of transformation 

does not allow to quantify the isotope fractionation due to the analytical uncertainty. 

Conclusion 

The specific carbon isotope fractionations for the different reaction mechanisms 

obtained in our study can, thereby, be used as references for evaluating field data in 

order to determine the relevance of chemical and biological α-HCH transformation in the 

environment. Moreover, our study reveals that CSIA in combination with ESIA and the 

determination of EF values is feasible as a generic concept for characterizing the 

transformation of chiral contaminants. However, limitations appear to distinguish 

reactions with low enantioselectivity for instance between chemical transformation and 

anaerobic biodegradation of α-HCH. In the future, it is envisioned that CSIA will be 

available for measuring chlorine (37Cl/35Cl) and hydrogen (2H/1H) isotope signatures of 

HCH. Hence, it should be possible to apply the multi-dimensional CSIA for a better 



Chapter : 3.3 Results  

 

  
96 

 

  

characterization of transformation pathways, e.g. between C−H and C−Cl bond 

cleavage involved reactions. This will further open up new perspectives for detailed 

evaluation of the fate of α-HCH.  
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Abstract  

The applicability of carbon stable carbon isotope analysis (CSIA) for source 

identification and assessment of biodegradation of hexachlorocyclohexane (HCH) 

isomers was investigated in a contaminated aquifer at a former pesticide processing 

facility. A CSIA method was developed and tested for efficacy in determining carbon 

isotope ratios of HCH isomers in groundwater samples using gas chromatography 

coupled with isotope ratio mass spectrometry (GC-IRMS). The method was able to 

confirm known HCH contaminant source zones near former processing facilities and 

a waste dumping site, as well as detect enrichment in carbon isotope ratios 

downstream of the contaminant sources, indicating that biodegradation of HCHs was 

underway. CSIA from monitoring campaigns in 2008 and 2010 revealed temporal 

trends in HCH biodegradation, providing information on the remediation efficacy of 

the natural attenuation process within specific zones of the investigated aquifer. 

Conservative calculations based on the Rayleigh equation revealed levels of HCH 

biodegradation ranging from 16-86 %. Moreover, time- and distance-dependent in 

situ first-order biodegradation rate constants were estimated, with maximal values of 

0.0029 d-1 and 0.0098 m-1 for α-HCH, 0.0110 d-1 and 0.0370 m-1 for β-HCH, and 

0.0058 d-1 and 0.0192 m-1 for δ-HCH, respectively. This study highlights the 

applicability of CSIA for source identification and assessment of HCH degradation 

within contaminated aquifers. 

 

 

3.4.1 Introduction 

 

Hexachlorocyclohexane (HCH) as Contaminants of Concern  

Subsurface water contamination is an issue of growing concern because of the 

hazard it poses to important drinking water resources and subsurface water bodies 

(EEA, 2007; Ritter et al., 2002; Schwarzenbach et al., 2010; Zoumis et al., 2001). 

Persistent organic pollutants (POPs) form a major contaminant group in subsurface 

compartments and pose substantial environmental and health risks (Minh et al., 

2006; Weber et al., 2011; Weber et al., 2008) Hexachlorocyclohexane (HCH) are 

globally dispersed POPs associated with the production and application of pesticides 

and are responsible for substantial environmental impacts via widespread 

contamination of soil and groundwater (Bhatt et al., 2009; Breivik et al., 1999; 
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Heinisch et al., 2005; Li, 1999; Vijgen et al., 2011; Walker et al., 1999). Due to their 

combination of toxicity and environmental persistence, the commercial production 

and use of HCHs has been regulated by the Stockholm Convention since 2004 and 

the production of the three main HCH isomers (α, β & γ-HCH) has been banned 

since 2009 (Alvarez et al., 2012). However, while these measures serve to limit 

future risk from HCH contamination, significant risk still exists today due to the 

extensive historical use of HCHs, as well as the ongoing production and application 

of Lindane (γ-HCH) in several countries, remaining stockpiles from previous 

manufacturing, and leachates from earlier stockpiles into groundwater; all of which 

necessitate remediation strategies for HCH-contaminated sites (Bhatt et al., 2009; 

Vijgen et al., 2011). 

Monitored Natural Attenuation (MNA)  

One such strategy is Monitored Natural Attenuation (MNA), sometimes known as 

intrinsic remediation. MNA strategies consist of allowing natural degradation 

processes to occur while regularly monitoring contaminant levels to assess both the 

efficacy of remediation and current contaminant-derived risk (Bombach et al., 2010; 

Schirmer et al., 2006). In order to manage environmental risks effectively, MNA 

strategies require that appropriate monitoring tools be developed to assess in situ 

biodegradation (Bombach et al., 2010; Illman and Alvarez, 2009; Schirmer et al., 

2006; Soga et al., 2004; Wiedemeier et al., 1999). Biodegradation is a key 

sustainable removal process of HCHs in soil- and aquifer systems (Bhatt et al., 

2009), and a cost efficent alternative to physico-chemical treatment for HCH removal 

from groundwater and soils (Alvarez et al., 2012; Bombach et al., 2010; Langenhoff 

et al., 2013; Phillips et al., 2006). The microbial transformation of HCH has been 

extensively reviewed and variable degradation rates have been reported for all HCH 

isomers under various environmental conditions (Lal et al., 2010; Mehboob et al., 

2013). The molecular structure of the HCH isomers plays a key role in 

biotransformation as it has been shown that, α and γ isomers are degraded faster 

than β and δ isomers (Langenhoff et al., 2013; Li et al., 2011; Phillips et al., 2006; 

Quintero et al., 2005). However, concentration-based assessment of biodegradation 

under in situ conditions is complicated due to various factors such as the transport, 

volatilization, dilution, and dispersion of contaminants (Bombach et al., 2010; 

Hatzinger et al., 2013). 
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In Situ Monitoring using CSIA 

One of the most promising tools for both characterizing contaminant sources and 

monitoring in situ degradation of organic contaminants in aquifers is compound-

specific stable isotope analysis, in which the stable isotope ratios of one or more 

elements in a given compound are measured in order to investigate the 

transformation processes at work. (Aelion et al., 2010; Elsner, 2010; Hofstetter and 

Berg, 2011; Meckenstock et al., 2004; Thullner et al., 2012). The reactions which 

together constitute degradation processes often result in changes in stable carbon 

isotope ratios (13C/12C) of pollutants (Meckenstock et al., 2004). Molecules with light 

carbon isotopes (12C) in the reactive position require less energy for bond cleavage 

and thus tend to be degraded more readily than molecules containing heavy carbon 

isotopes (13C), resulting in a differential process whereby degradation products 

become comparatively enriched in light isotopes and yet-to-be-degraded material 

becomes comparatively enriched in heavy isotopes, as the lighter isotopes are 

preferentially selected for degradation. This process is called stable isotope 

fractionation and can be detected via an enriched ratio of heavy isotopes (13C) in the 

remaining stock of the pollutant compound. Biodegradation is associated with 

fractionation, therefore CSIA allows for the characterization of biodegradation activity 

based on the degree of fractionation found to have occurred, computed from the 

difference between the measured heavy-isotope enrichment of the remaining 

pollutant and the standard background isotope ratios of the element. In laboratory 

studies, statistically significant carbon isotope fractionation has been shown for HCH 

biodegradation under both oxic and anoxic conditions, and has been found to be 

more pronounced for anaerobic than for aerobic biodegradation (Badea et al., 2009; 

Badea et al., 2011; Bashir et al., 2013). However, the applicability of CSIA has not 

previously been demonstrated for in situ evaluation of sources or for the 

measurement of biodegradation at a HCH-contaminated field site. In this study, CSIA 

was therefore applied to investigate the origin and monitor the fate of HCHs within a 

contaminated aquifer in order to appraise the applicability of CSIA for assessing the 

remediation of HCHs in groundwater systems. The degradation of HCHs was 

investigated using CSIA during two monitoring campaigns taking place in 2008 and 

2010 in order to determine the progress and sustainability of HCH degradation in the 

investigated aquifer. To our best knowledge, this is the first study which addresses 

the use of CSIA for assessing the fate of HCHs within a groundwater system. 
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3.4.2 Materials and Methods 

Field site 

Site history 

The field site is located in and around a former pesticide formulating plant that 

included both a formulation site and a packaging facility. Pesticide formulation at this 

site began in 1935 and continued for more than five decades. The pesticides 

prepared at the site were mainly HCH-based but also included others such as 

dichlorodiphenyltrichloroethane (DDT). In addition to pesticides, solvents and 

chemicals for organic synthesis (e.g., benzene, chlorinated aliphatic and aromatic 

compounds) were also stored and used at this facility. As known from historical 

information, HCH was not itself produced on-site, but technical HCH was instead 

purchased from suppliers for use in pesticide formulation. Losses of HCH-containing 

raw materials and products during purification, pesticide formulation, and storage, as 

well as irrigation and dumping of production-related wastes have led to extensive 

HCH contamination of soil and groundwater in several areas of the field site (Figure 

1). At the field site, most relevant HCH isomers are α-, β-, γ-, and δ-HCH. 

Geology and groundwater table 

The highest pollutant concentrations were found within the upper quaternary aquifer, 

which consists of 12 to 15 m thick (glacio-) fluvial sand and gravel deposits. This 

aquifer is largely separated from the underlying tertiary aquifer by a 30 m thick clay- 

and coal-bed layer. The lower aquifer exhibits almost no contamination. The mean 

effective groundwater flow velocity of the upper aquifer was estimated at 0.3 m/d. 

The matrix of the upper aquifer displayed a very low organic carbon content of only 

0.014 %, thus negligible retardation of HCHs was expected (Lotse et al., 1968).  

In the early decades of the 20th century, drainage measures were initiated to 

facilitate nearby mining activity, which led to a lowering of the groundwater table and 

a reversal of groundwater flow direction in the area of the field site. Groundwater 

resurgence and realignment to the previous groundwater flow direction have 

occurred since the termination of these measures beginning in the early 1990s. 

During the last decade, the groundwater table has been relatively stable with a slight 

increasing tendency. The main direction of groundwater flow was largely constant 

toward north/northeast to north/northwest (Figure 1). Hence, the contaminant plume 
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in the upper aquifer was established in the main groundwater flow direction and has 

achieved quasi-stationary conditions (Figure 1). 

Monitoring wells 

In order to assess sources and detect degradation of HCHs, carbon isotope ratios 

and concentrations of HCHs as well as hydro-geochemical parameters were 

determined for a transect of six wells located within the main groundwater flow 

direction (wells A-F, Figure 1) and sampled in 2008 and 2010.  

Sampling 

Groundwater sampling was carried out by an authorized contractor based on 

standard procedures given in the Supporting Information (SI) (Appendix A4). During 

groundwater monitoring campaigns in autumn 2008 and 2010, samples were 

collected from wells with filter screens spanning the entire width of the water-

saturated zone within the upper aquifer using a submersible electrical pump. 

Samples for concentration and hydro-geochemical analysis were then sent to an 

analytical laboratory where they were processed immediately. For carbon isotope 

analysis of HCHs, two 1 L glass bottles (Schott, Germany) were filled with sampled 

groundwater and sealed with Teflon-coated caps (Schott, Germany) without 

headspace, in order to avoid evaporation. The groundwater samples were then 

adjusted to a pH of 2 using hydrochloric acid (HCl; 25 %, Carl Roth GmbH & Co. KG, 

Germany) to inhibit microbial activity. Groundwater samples for isotope analysis 

were stored in a dark environment at 4°C until extraction could take place.  

Analytical procedures 

Concentration analysis 

Concentrations of dissolved oxygen, temperature, pH, redox potential, and electrical 

conductivity were measured during sampling using appropriate electrodes (CellOx® 

325, SenTix® 41, SenTix® ORP, KLE 325; WTW GmbH, Germany). 

Concentration analyses of contaminants and hydro-geochemical parameters were 

performed according to analytical standard procedures summarized in SI. 

2.3.2 Carbon stable isotope measurements 

For the carbon stable isotope analysis of HCHs, three extractions were taken from 

the 1L groundwater samples from each monitoring well, with 30 mL dichloromethane 

(DCM; ≥ 99.8 %, Carl Roth GmbH & Co. KG, Germany) in a separating funnel. All 

DCM extracts were combined and dried with anhydrous sodium sulfate (Na2SO4; ≥ 

99 %, Bernd Kraft GmbH, Germany). The combined DCM extracts were reduced to 
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approximately 1 mL using a rotary evaporator. The extraction procedure did not itself 

result in significant changes in carbon isotope ratios of HCHs, as verified and 

described in SI. 

The carbon isotope ratios of HCHs were measured by gas chromatography - isotope 

ratio mass spectrometry (GC-IRMS), using a system described elsewhere (Badea et 

al., 2009; Badea et al., 2011). Detailed information on the GC-IRMS analysis of 

HCHs can be found in the SI. Quality control was carried out using isotope laboratory 

standards consisting of pure HCH isomers (97-99 %, Sigma-Aldrich Chemie GmbH, 

Germany) with known carbon isotope ratios determined by elemental analyzer - 

isotope ratio mass spectrometry (EA-IRMS) using reference materials (IAEA-CH-6, 

IAEA-CH-7) from the International Atomic Energy Agency (IAEA) (Coplen et al., 

2006). The carbon isotope ratios were expressed in delta notation (δ13C) relative to 

the international standard Vienna Pee Dee Belemnite (V-PDB) according to eq. 1 

(Coplen, 2011).  

1
R

R
Cδ

standard

sample

sample
13

−=       (1) 

Rsample and Rstandard are the 13C/12C ratios of the sample and V-PDB standard, 

respectively. δ13C-values were reported in percent per mil (‰). All samples were 

measured in at least triplicate. The total analytical uncertainty, incorporating both 

accuracy and reproducibility, was less than ±1.0 ‰ in almost all cases, as described 

in SI.  

Quantitative interpretation of isotope data 

The Rayleigh equation can be applied to mathematically describe microbial isotope 

fractionation processes, as shown in eq. 2:  

       (2) 

 

where δt is the isotope ratio of the substrate at a certain time t of biodegradation, δ0 

is the initial isotope ratio of the substrate, CBt/C0 is the fraction of substrate remaining 

during biodegradation at a certain time t, and ε is the isotope enrichment factor 

(Mariotti et al., 1981). 
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The degree of contaminant biodegradation can be expressed as the percentage of 

the initial contaminant concentration decreased due to biodegradation (B [%]), as 

shown in eq. 3: 

      (3) 

Combining equation 3 with the Rayleigh equation (eq. 2) allows for the quantification 

of contaminant biodegradation over a time or distance interval (such as a 

groundwater flow path) using measured isotope ratios (Thullner et al., 2012). 

Required data inputs are the initial isotope ratio of the contaminant at a starting point 

in either time or in space (generally either the geographical contaminant source or 

the initial isotope ratio, depending on the frame of the analysis), and the isotope ratio 

of the remaining contaminant at a temporal or spatial observation point (e.g., a well 

downstream of the source). The amount of contaminant degraded between the 

starting point and observation point (x) is then given by equation 4 (Thullner et al., 

2012): 
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Moreover, in situ first-order biodegradation rate constants (λs) can be estimated 

using changes in isotope ratios over the distance between the initial and observation 

points using a Rayleigh-equation based approach (Hunkeler et al., 2008): 
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Time-dependent in situ first-order biodegradation rate constants (λt) can be 

determined by taking into account the travel time of the pollutants along the 

groundwater flow path: 
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where the travel time (t) can be approximated using the groundwater flow velocity (v) 

and the distance between the initial and observation points: 

           (7) 
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First-order biodegradation rate constants can be used to calculate biological half-life 

distances (s1/2) or times (t1/2), indicating the distance or time needed for the 

biodegradation of half of the initial pollutant concentration (Wiedemeier et al., 1999):  

                         ��/� =	
�� �

	

       (8) 

  

��/� = 	
�� �

	�
       (9) 

       

 

3.4.3 Results and Discussion 

HCH distribution and hydro-geochemical conditions 

Concentration of HCHs 

Well A exhibited very high HCH concentrations, with values of 68 µg/L in 2008 and 

48 µg/L in 2010, indicating a contaminant source in the immediate vicinity of these 

wells (Figure 1, Figure SI 3, supporting information, Appendix A4). Downstream of 

well A, decreasing HCH concentrations were observed at wells B and C on both 

sampling campaigns, with well B showing values of 38 µg/L in 2008 and 33 µg/L in 

2010  and well C 58 µg/L and 10 µg/L in 2008 and 2010, respectively. (Figure 1, 

Figure SI 3, supporting information, Appendix A4). A significant increase compared 

to well C in HCH concentrations was detected at well D (110 µg/L in 2008, 91 µg/L in 

2010) and at well E (196 µg/L in 2008, 72 µg/L in 2010) implying an additional 

source zone at these wells (Figure 1, Figure SI 3, supporting information, Appendix 

A4). Further downstream at well F, HCH concentrations displayed a decreasing 

trend, with values of 7 µg/L in 2008 and 3 µg/L in 2010 (Figure 1, Figure SI 3, 

supporting information, Appendix A4). 

HCH Isomers 

At the field site, the most prevalent HCH isomers in the groundwater of the upper 

aquifer were α-, β-, γ-, δ-HCH. The highest concentration levels detected among all 

isomers were both for δ-HCH, with values of 120 µg/L at well E in 2008 and 67 µg/L  
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Figure 1: Distribution of HCHs (sum concentrations [µg/L] in 2010) and 

groundwater flow direction (blue arrows) within the upper aquifer of the investigated 

field site as well as historical site information. Crosses show locations of 

groundwater wells. The white large arrow indicates the investigated transect of wells 

A to F along the main groundwater flow direction. 

 

at well D in 2010 (Figure 2), and at most wells, the detected concentrations of the 

other HCH isomers were at least three times lower than those of δ-HCH, with β-HCH 

generally more abundant compared to α- and γ-HCH (Figure 2). Thus, the 

concentration pattern of HCHs at the investigated field site revealed a familiar trend 

of biodegradability as generally observed in degradation experiments: δ-HCH=β-

HCH > α-HCH > γ-HCH (Quintero et al., 2005). 
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Biogeochemical parameters 

Reducing and anoxic conditions (redox potentials < -20 mV and oxygen ≤ 2 mg/L) 

were observed in the expected source zone at well A and in its downstream 

groundwater at wells B and C (Figure SI 4, supporting information, Appendix A4). 

The redox potential increased further downstream at wells D, E, and F, but oxygen 

concentrations remained at < 2 mg/L, implying that reducing and anoxic conditions 

prevail towards the fringe of the contaminant plume (Figure SI 4, supporting 

information, Appendix A4). At wells D and E, nitrate concentrations of > 30 mg/L 

detected in 2008 (Figure. SI 4, supporting information, Appendix A4) suggests that 

nitrate might be a relevant electron acceptor. High ammonium concentrations of 22 

mg/L in 2008 and 14 mg/L in 2010 were measured at well D, perhaps caused by 

strong nitrate reduction or anthropogenic input (Figure. SI 4, supporting information, 

Appendix A4). Sulfate concentrations were higher in the source zone at well A, at 

441 mg/L in 2008 and 382 mg/L in 2010, and decreased downstream at wells B and 

C, with values of 357 mg/L in 2008 and 309 mg/L in 2010 detected at well B and 358 

mg/L in 2008 and 252 mg/L in 2010 at well C (Figure SI 4, supporting information, 

Appendix A4). This decrease could be attributable to sulfate reduction. At wells D, E, 

and F, sulfate concentrations were relatively high, at > 450 mg/L, thus sulfate 

seemed to be a negligible electron acceptor in the processes occurring in this area 

(Figure SI 4, supporting information, Appendix A4). High methane concentrations, 

measuring > 4000 µg/L, were also detected at well A (Figure. SI 4, supporting 

information, Appendix A4), suggesting the occurrence of methanogenesis within the 

contaminant source zone. Measured methane concentrations decreased with 

increasing distance from well A as well as with the passage of time from 2008 to 

2010 (Figure SI 4, supporting information, Appendix A4). Relatively high methane 

concentrations (1800 µg/L in 2008, 1100 µg/L in 2010) were also detected for well F 

(Figure SI 4, supporting information, Appendix A4), suggesting distinct areas of 

methanogenesis at the fringe of the contaminant plume. Overall, HCH plume- and 

hydro-geochemical parameters indicated that reducing and anoxic conditions 

prevailed at the investigated transect along wells A to F. 

 

Qualitative assessment of HCH degradation 

The isotope data obtained from the monitoring campaigns in 2008 and 2010 was 

used to evaluate natural attenuation of HCHs within the investigated aquifer as well 
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as temporal variations over the two-year period. Given the overall analytical error of 

±1 ‰, differences in carbon isotope ratios needed to be at least ±2 ‰ to be 

considered significant. As δ-HCH showed the highest concentration values of all 

HCH isomers, it was considered particularly prevalent and was therefore the main 

focus for the interpretation of the obtained isotope data. Notable trends in isotope- 

and concentration patterns of the other HCH isomers are also subsequently 

examined. 

δ-HCH 

High δ-HCH concentrations of 57 µg/L in 2008 and 34 µg/L in 2010 were observed 

within the expected source zone of well A. At this well, δ-HCH exhibited carbon 

isotope ratios (δ13Cδ-HCH) of -27.6 ‰ and -27.3 ‰ in 2008 and 2010, respectively 

(Figure 2). The similarity between these carbon isotope ratios indicates negligible 

fractionation, implying that the decrease in concentration over the two-year 

measurement period was caused primarily by physical processes rather than 

biodegradation. In the groundwater directly downstream of well A, samples obtained 

at well B displayed carbon isotope ratios of -27.0 ‰ in 2008 and -26.5 ‰ in 2010. 

This does reveal a tendency towards increasing δ13Cδ-HCH-values, but the difference 

was not significant given the overall analytical error of ±1 ‰. Thus, the lower δ-HCH 

concentrations at well B (34 µg/L in 2008 and 29 µg/L 2010) compared to well A can 

also be attributed primarily to physical processes. Given that retardation of pollutants 

by sorption and evaporation can be neglected due to both the low organic matter 

content in the aquifer’s matrix (measuring only 0.014 %) and the low tendency of 

volatilization of HCHs from water (Sahsuvar et al., 2003), dispersion and dilution are 

likely the most relevant processes for the decreased δ-HCH concentration. In 

comparison to well A, δ-HCH sampled at well C was more 13C-enriched, with values 

of -26.3 ‰ in 2008 and -24.7 ‰ in 2010, however this 13C-enrichment only passed 

the threshold of statistical significance in 2010 (Figure 2). 

The 13C-enrichment at well C was associated with decreasing δ-HCH concentrations, 

from 56 µg/L in 2008 to 8.6 µg/L in 2010, indicating a temporally-linked δ-HCH 

biodegradation at this well (Figure 2). However, in the groundwater even further 

downstream of well C, δ-HCH concentrations for both years increased significantly at 

wells D (89 µg/L in 2008 and 67 µg/L in 2010) and E (120 µg/L in 2008 and 50 µg/L  
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Figure 2: Concentrations and carbon isotope ratios of HCH isomers for the 

monitoring campaigns 2008 and 2010. Axes for concentrations and δ13C- values are 

partially different for the HCHs. 
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in 2010). Quite surprisingly, in 2008, the δ13Cδ-HCH-values at these wells were found 

to be even more 13C-depleted than at well A, with -29.6 ‰ at well D and -30.2 ‰ at 

well E versus the aforementioned -27.6 ‰ at well A. By 2010, carbon isotope ratios 

of δ-HCH for wells D with -27.4 ‰ and E with -27.3 ‰ were found to have reached 

parity with well A. The higher δ-HCH concentrations and initially more negative 

δ
13Cδ-HCH-values for wells D and E compared to well A revealed a second discrete 

HCH source in the area of wells D and E (Figure 2). This finding was confirmed with 

historical maps, which revealed a former HCH dump in the vicinity of these wells, 

which explains both the spike in concentration and the presence of unfractionated-

carbon bearing HCH (Figure 1). 

The observed decrease in concentration from 2008 to 2010 at wells D and E was 

accompanied by 13C-enrichment, yielding values of -27.4 ‰ at well D and -28.2 ‰ at 

well E. The change in δ13Cδ-HCH-values was >+2 ‰ from 2008 to 2010 and indicates 

that biodegradation indeed contributed to the natural attenuation of δ-HCH in the 

source zone of wells D and E. At well F, located downstream of well D and E, δ-HCH 

showed lower concentrations, at 4 µg/L in 2008 and 7 µg/L in 2010, and was 

significantly more 13C-enriched, at -26.0 ‰ in 2008 and -22.0 ‰ in 2010, providing 

evidence of δ-HCH biodegradation at the fringe of the contaminant plume (Figure 2). 

Less-prevalent HCH isomers 

Similar to δ-HCH, α-, β- and γ-HCH generally showed greater 13C-enrichment as 

concentrations decreased, indicating sustained biodegradation of these HCHs 

(Figure 2, for more details see supporting information, Appendix A4). Moreover, 

these HCH isomers confirmed findings of HCH sources in the area of wells A and 

D/E. However, α-, β- and γ-HCH also displayed an inconsistent relationship between 

change in carbon isotope ratio and changes in concentration (see SI). In those 

cases, trends of change in concentrations of HCHs can provide information on 

natural attenuation or recharge of HCHs in groundwater but can provide only limited 

indications for biodegradation. By means of CSIA, biodegradation could be more 

precisely revealed. 

Discussion of CSIA results 

The carbon isotope ratios in conjunction with respective concentrations of HCHs 

revealed two main contaminant source zones located at wells A and D/E, 

respectively (Figure 2). The HCH source at well A resulted from contamination at 

former processing facilities and the source at wells D and E from previous dumping 
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of HCH wastes (Figure 1). Carbon isotope analysis of HCHs provided evidence of 

HCH biodegradation in the groundwater at wells C and F, downstream of the main 

HCH source zones, indicating that biodegradation contributed to the natural 

attenuation of HCHs within the investigated aquifer (Figure1). From 2008 to 2010, 

concentrations of HCHs decreased concomitant with changes in carbon isotope 

ratios at most wells, indicating that the contribution of biodegradation for the natural 

attenuation of HCHs increased (Figure 2). 

Quantification of HCH biodegradation 

Using the Rayleigh-equation approach, pollutant degradation within groundwater 

systems can be estimated by changes in isotope ratios (Thullner et al., 2012). 

Calculations of the percentage of biodegradation (B [%]), distance-dependent and 

time-dependent in situ first-order biodegradation rate constants (λs [1/m], λt [1/d])  as 

well as half-life distances and times (s1/2 [m], t1/2 [d]) were carried out for expected 

flow paths within the main groundwater flow direction, showing changes in carbon 

isotope ratios of HCHs. In order to evaluate the sustainability of microbial removal, 

pollutant biodegradation was quantified based on isotope data obtained for 

monitoring campaigns in 2008 and 2010. In order to avoid overestimation of pollutant 

biodegradation, enrichment factors (εc) exhibiting the highest possible carbon isotope 

fractionation were used, thus providing the most conservative calculated estimates 

(Cichocka et al., 2008). Enrichment factors exhibiting maximum carbon isotope 

fractionation have previously been determined for the anaerobic biodegradation of 

HCHs (Badea et al., 2009; Badea et al., 2011; Bashir et al., 2013). Given that the 

contaminant plume exhibited mainly anoxic conditions (Figure SI 4, supporting 

information, Appendix A4), the choice of εc -values for anaerobic HCH 

biodegradation was reasonable for the calculations. Thus far, carbon isotope 

enrichment factors have only been determined for anaerobic α- and γ-HCH 

biodegradation with εc-values of -3.7 ± 0.8 ‰ (Badea et al., 2011) and -3.9 ‰ ± 0.6 

(Badea et al., 2009; Badea et al., 2009), respectively. Similar reaction mechanisms 

can be expected for anaerobic biodegradation of all HCHs (Mehboob et al., 2013), 

which is confirmed by similarity of enrichment factors calculated by Badea et al. 

(2009, 2011). Thus, it can be safely assumed that all isomers will exhibit similar 

carbon isotope fractionation. Based on this assumption, the carbon isotope 

enrichment factor for anaerobic γ-HCH biodegradation exhibiting highest carbon 
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isotope fractionation (εc = -3.9 ‰ (Badea et al., 2009)) was applied to calculate the 

biodegradation of α-, β- and δ-HCH.  

Percentage of biodegradation 

Due to low γ-HCH concentrations, only a limited number of δ13Cγ-HCH-values were 

obtained, thus it was not possible to quantify γ-HCH biodegradation. Biodegradation 

of α-HCH was calculated for the flow path from well A to well B (A→B) in 2010 and 

revealed biodegradation of 40 % (Table 1). For the same flow path, biodegradation 

percentages of 34 % in 2008 to 86 % in 2010 were calculated for β-HCH (Table 1), 

and revealed an increasing rate of β-HCH removal. Also for this flow path (A→B), δ-

HCH exhibited low percentages of biodegradation, at only 16 % in 2008 and 19 % in 

2010 (Table 1). Higher δ-HCH biodegradation was determined for the flow path from 

well A to well C in both years, at 30 % in 2008 and 50 % in 2010 (Table 1). 

Downstream of the second distinct source zone near wells D and E, the highest 

biodegradation percentage was obtained, with 67 % in 2008 and 75 % in 2010 along 

the path from well E to well F (E→F). Interestingly, biodegradation in 2010 was 

higher than in 2008 for all wells in the transect, indicating a general increase in the 

rate of HCH removal. 

In situ first-order biodegradation rate constants 

Time- and distance-dependent in situ first-order biodegradation rate constants (λt, λs)  

for α-HCH were estimated with 0.0029 d-1 and 0.0098 m-1 for the flow path from well 

A to well B (A→B) in 2010 (Table 1). For same flow path and year, higher 

biodegradation rate constants with 0.0111 d-1 and 0.0370 m-1 were obtained for β-

HCH while its biodegradation rate constants in 2008 of 0.0024 d-1 and 0.0080 m-1 

were similar to those for α-HCH in 2010. Compared to α- and β-HCH, biodegradation 

rate constants of δ-HCH were lower on the flow path from well A to well B (λt: 0.0010 

- 0.0012 d-1, λs: 0.0032 - 0.0042 m-1) (Table 1). Thus, it can be inferred that δ-HCH 

was the most recalcitrant HCH isomer with respect to calculated biodegradation rate 

constants and half-life values (Table 1). A high recalcitrance of δ-HCH under anoxic 

conditions has been suggested in other studies (Jagnow et al., 1977; Quintero et al., 

2005). Compared to flow path A→B, higher biodegradation rate constants for δ-HCH 

were estimated for flow paths A→C (λt: 0.0011 – 0.0021 d-1, λs: 0.0037 – 0.0070 m-1) 

and E→F (λt: 0.0047 – 0.0058 d-1, λs: 0.0156 – 0.0192 m-1), indicating more 

pronounced δ-HCH removal further downstream of the source zone at well A and on 
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the fringe of the contaminant plume, respectively. Both flow paths exhibited an 

increase in biodegradation rate constants for 2010, which can be attributed to 

increasing δ-HCH removal. Overall, the λt-values obtained in this study were in the 

same range as rate constants for anaerobic HCH biodegradation determined in 

laboratory degradation experiments (Langenhoff et al., 2001; Quintero et al., 2005). 

Pollutant Flow path Distance 

[m] 

Residence 

time [d] 

Year B
∆
  

[%] 

λs  

[1/m] 

s1/2  

[m] 

λt  

[1/d] 

t1/2 

[d] 

α-HCH A→B 52 175 2010 40 0.0098 71 0.0029 235 

β-HCH A→B 52 175 

2008 34* 0.0080 86 0.0024 287 

2010 86 0.0370 19 0.0111 62 

δ-HCH 

A→B 52 175 

2008 16* 0.0032 214 0.0010 715 

2010 19* 0.0041 171 0.0012 569 

A→C 98 327 

2008 30* 0.0037 190 0,0011 632 

2010 50 0.0070 99 0.0021 331 

E→F 71 237 

2008 67 0.0156 44 0.0047 148 

2010 75 0.0192 36 0.0058 120 

 

∆
 Biodegradation was calculated on the basis of previously published anaerobic γ-HCH fractionation (ε= -3.9 ‰ (Badea et al., 

2009)). 
* Biodegradation is not significant as δ

13
C values used for calculation differ by less than ± 2 ‰. 

 

Table 1: Percentage of biodegradation (B [%]), distance-dependent and time-

dependent in situ first-order biodegradation rate constants (λs [1/m], λt [1/d]) as well 

as half-life distances and times (s1/2 [m], t1/2 [d]) for HCHs calculated for flow paths of 

the investigated transect in 2008 and 2010. 

 

Conclusions 

Carbon isotope ratios of HCHs in combination with pollutant concentration patterns 

and field site background information were used in this study to demonstrate for the 

first time: 

- in situ measurement of HCH biodegradation in the field, 

- quantification of HCH biodegradation within different zones of the contaminant 

plume, 

- CSIA applicability for the assessment of biodegradation and source 

identification of HCHs in the environment, 
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- Time-resolved CSIA can reveal temporal variations in HCH biodegradation 

and provide information on the influences of various processes on natural 

attenuation. 

Due to the intensive production of HCHs and their worldwide usage, there are a 

huge number of HCH-contaminated production, formulation, and dump sites (Vijgen 

et al., 2011). At these sites, time-resolved CSIA could be instrumental to identify 

trends in pollutant attenuation and help to predict the evolution of contaminant 

plumes, as exemplified in this study. In situ biodegradation rate constants could be 

integral in modeling the current status and future development of contaminant 

plumes. Thus, CSIA possesses the potential for improved prediction of HCH 

distribution at contaminated field sites. These outcomes suggest that CSIA 

constitutes a viable monitoring tool and could be beneficial for the implementation 

and control of innovative management and remediation concepts like Monitored or 

Enhanced Natural Attenuation (MNA, ENA). 
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Discussion 

Carbon stable isotope analysis (CSIA) has emerged as an efficient tool to detect, 

characterize, and to quantify biodegradation of organic and inorganic contaminants 

in the environment. An important feature of this approach is that it allows destructive 

losses of contaminants to be distinguished from losses caused by non-destructive 

processes such as dilution, dispersion, and sorption (Hatzinger et al., 2013). 

Concentration dependent monitoring approaches cannot explain well if the changes 

in concentration of contaminant are due to destructive processes or non-destructive 

processes. The most common application of stable isotope analysis for monitoring 

contaminants fate is to identify the incidence of transformation based on changes in 

a single isotope ratio (e.g. 13C/12C). When a contaminant exhibits spatial or temporal 

variations in concentration, the isotope ratios may indicate whether this is caused by 

biodegradation or by other processes with different patterns of isotopic variation (e.g. 

source changes) or by non-fractionating processes (e.g. dilution). Under favorable 

circumstances, the magnitude of isotope effects (variations in isotope ratios) can be 

related to the progress of the biodegradation reaction where concentration changes 

alone may be difficult to interpret (Hatzinger et al., 2013). The isotopic approach has 

been used to document degradation of many common organic groundwater 

contaminants, including chlorinated solvents (Meckenstock et al., 2004; Wiedemeier, 

1999; Wijker et al., 2013) and main degradation intermediates of these solvents 

(Hunkeler, 2009). Thus it is important to understand how specific environmental 

conditions influence the changes in isotope ratios. Presence of extremely high 

concentrations of HCH across the world as described in the general introduction 

chapter, need efficient tools for monitoring HCH natural attenuation. In this context, 

this thesis provides insight into the applicability and development of CSIA as a tool to 

monitor in situ transformation of HCH by providing various evidences with findings 

from laboratory and field investigations. 

 

CSIA and characterization of HCH transformation 

For applying CSIA in the course of biodegradation quantification, it is necessary to 

choose the right enrichment factor (εc) representative for the prevailing 

biogeochemical degradation processes at the examined field site (Wiedemeier, 

1999). This indicates that information on the biochemical factors affecting the in situ 

biodegradation including isotope fractionation is available particularly to assess the 
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uncertainty of the CSIA approach. To gain reliable data, intensive studies on the 

variability of enrichment factors, typical for certain environmental conditions have to 

be performed prior to CSIA application for quantification of in situ transformation. In 

case of HCH, a first study was done by Badea and colleagues (2009) by applying 

CSIA to monitor changes in stable carbon isotope ratios during biodegradation of γ-

HCH under sulfate reducing conditions. They could successfully validate the 

applicability of CSIA for HCH transformation and provided the basis for the 

application of isotope techniques in situ, by providing carbon enrichment factors (εc) 

for anoxic environments. α-HCH is a racemate and its enantio-selective 

transformation may provide a second clue for transformation and can be used as 

second indicator to confirm transformation of HCH (instead of multi element stable 

isotope analysis). In a subsequent study, Badea and colleagues developed the 

analytical method to analyze the changes in isotopic composition of individual 

enantiomers of α-HCH and proposed the enantiomer-specific stable isotope analysis 

(ESIA) concept for the anaerobic biotransformation with Clostridium pasteurianum 

(Badea et al., 2011). This provided the basis to apply this approach for assessing in 

situ transformation not only for HCH but also for other chiral contaminants.  

In this thesis, CSIA was used as primary tool to characterize transformation of HCH 

isomers in various reference experiments, which include biotic (Chapter 3.1 & 3.2) 

and abiotic (Chapter 3.3) transformation processes of HCH. The objective of this 

thesis was to validate the applicability of CSIA as an effective tool to characterize 

transformation of HCH under various environmental conditions and this work 

provides a step further to validate the applicability of CSIA for environmental 

applications. The first study, in this regard, was investigation of changes in isotope 

ratios of HCH isomers and enantiomers during aerobic transformation (Chapter 3.1). 

For the reliable quantification of in situ degradation an enrichment factor 

representative for environmental conditions is needed. Thus reference cultures 

isolated from typical contaminated environments should be used to obtain 

fractionation factors. So two aerobic bacterial strains were selected (S. indicum 

strain B90A and S. japonicum strain UT26) which were commonly found in aerobic 

HCH contaminated sites (Lal et al., 2010). The estimated stable carbon isotope 

enrichment factors for γ-HCH transformation determined in this study were the same 

for both aerobic reference bacterial strains with εc = −1.5 ± 0.1 ‰ and −1.7 ± 0.2 ‰ 

for S. indicum strain B90A and S. japonicum strain UT26, respectively (Chapter 3.1). 
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Thus, similar reaction mechanisms for γ-HCH biodegradation can be expected for 

both strains, which was supported by the similarity of γ-HCH lin genes coding the lin 

protein in both strains (Lal et al., 2010). The εc values calculated for aerobic bacterial 

strains for γ-HCH showed smaller carbon isotope fractionation as compared to those 

obtained for various anaerobic reference experiments (εc = −5.5 ± 0.8 ‰ for D. 

mccartyi strain 195 , εc = −4.1 ± 0.6 ‰ for Clostridium pasteurianum DSMZ 525 

(Chapter 3.2). The anaerobic enrichment factors calculated in our study were similar 

in range as calculated previously (−3.6 ‰ to −3.9 ‰) (Badea et al., 2009). These 

difference in enrichment factors quantified under oxic and anoxic conditions 

confirmed the different reaction mechanisms which were reported previously as 

anaerobic γ-HCH biodegradation is initiated by reductive beta-elimination (Quintero 

et al., 2005) and aerobic degradation by dehydrochlorination (Lal et al., 2010). Thus 

the extent and range of carbon enrichment factors determined in our studies prove 

that CSIA can be used to characterize various degradation pathways of HCH.  

Badea and colleagues reported carbon enrichment factors for γ-HCH under sulfate 

reducing conditions for anoxic environment. However, it is also important to 

understand the variability of enrichment factors or changes in isotope ratios due to 

other in situ processes such as variation in metabolic or co-metabolic transformation 

of substrate, microbial competition in mixed cultures and presence of mixed isomers. 

In this context, studies with various reference culture experiments considering 

anaerobic processes showed that there were no significant differences among 

enrichment factors determined with pure cultures which metabolically degrade γ-

HCH ( D. mccartyi strain 195 , εc = −5.5 ± 0.8 ‰), co-metabolically degrading pure 

cultures (C. pasteurianum DSMZ 525, εc = −4.1 ± 0.6 ‰) and by field enrichment 

cultures, εc = −3.1 ± 0.4 ‰. Reference experiments with mixed HCH isomer showed 

similar enrichment factor for γ-HCH as determined in anaerobic biodegradation 

experiments with γ-HCH alone (Chapter 3.2). Analysis of the carbon stable isotope 

composition during anaerobic biotransformation confirmed the similarity in 

degradation pathways under anoxic conditions which were confirmed with similar 

metabolite patterns (Chapter 3.2). This suggests that the isotope sensitive steps 

under anaerobic conditions have a similar mechanism upon bond cleavage. These 

reference experiments showed the consistency of enrichment factors for quantifying 

the in situ biodegradation of γ-HCH in anoxic environments. 
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In case of α-HCH isomers, similar carbon isotope enrichment factors were estimated 

for S. indicum strain B90A (ɛc = −1.6 ± 0.3 ‰) and for S. japonicum strain UT26 

(−1.0 ± 0.2 ‰). The εc values of α-HCH showed no substantial differences when 

compared with those of γ-HCH. This indicates that both HCH isomers were 

transformed by similar reaction mechanism with both bacterial strains as reported 

previously (Lal et al., 2010). However, εc values for aerobic cultures suggested 

smaller isotope fractionation than for anaerobic degradation of α-HCH (εc = −3.7 ± 

0.8 ‰) (Badea et al., 2011). This may indicate that different reaction mechanisms 

under oxic and anoxic environment lead to different modes of bond cleavage in the 

initial reaction of the transformation pathway (Lal et al., 2010). However, since 

aerobic biodegradation was significantly faster than anaerobic degradation, steps 

other than isotope sensitive carbon bond cleavage might be rate limiting for the 

overall aerobic biodegradation of α-HCH and therefore can mask the carbon isotope 

fractionation (Aeppli et al., 2009; Nijenhuis et al., 2005). Future studies using multi 

element isotope analysis may characterize the mode of C-Cl or C-H bond cleavage 

and may provide more mechanistic insight. For this study methods for chlorine and 

hydrogen isotope fractionation for HCH were not available. 

For assessing potential masking effects during biotic isotopic fractionation reference 

experiments, relevant abiotic fractionation experiments were performed (Chapter 

3.3). Alkaline hydrolysis was assumed as similar reaction to aerobic 

dehydrochlorination reaction because of the production of a similar initial metabolite 

(Trantirek et al., 2001). Higher isotope fractionation was noticed for α-HCH (εc bulk = 

−7.6 ± 0.4 ‰) during abiotic alkaline hydrolysis as compared to aerobic 

transformation. Thus non-isotope fractionating steps (e.g., substrate uptake into the 

cell, binding of the substrate to the enzyme) during biodegradation might be more 

rate-limiting as compared to direct bond cleavage in abiotic reaction. In future CSIA 

studies with pure enzymes and two dimentional compound specific stable isotope 

analysis might explain better the biotic transformation process of HCH and can help 

further to validate the assumptions for rate limitations during isotope sensitive steps 

during aerobic biodegradation processes.  

Fe(0) reduction and anaerobic biodegradation give almost identical fractionation 

factors. Comparing anaerobic biodegradation and relevant abiotic transformation 

reaction by nano iron, there was no significant difference in calculated enrichment 

factors (Chapter 3.3). The metabolite pattern of anaerobic degradation suggests a 
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mechanism similar to dichloroelimination by two-electron transfer during Fe0 

reduction. Taking Fe0 reduction as a model reaction for anaerobic biodegradation the 

isotope sensitive steps were not significantly masked by potential rate limitation by 

uptake or enzyme binding of the HCH. 

Under oxic conditions, experiments were conducted at different temperatures to 

assess the masking effects due to changes in growth conditions (for example, 

temperature can affect biodegradation rates). Experiments to elucidate the 

dependency of isotope fractionation for α-HCH degradation by S. indicum strain 

B90A at optimal temperature condition at 30°C, 20°C and 10°C led to slower 

biodegradation rates but did not change isotope fractionation significantly. This 

suggests that overall degradation kinetics does not affect carbon isotope 

fractionation in the temperature range between 10 and 30oC. So, the relative smaller 

carbon isotope fractionation for aerobic HCH biodegradation seems to be mainly 

caused by the reaction mechanism and the carbon isotope enrichment factor is 

representative for assessing HCH biodegradation under typical temperature 

conditions in oxic environments (Chapter 3.1). 

 

Enantiomer fractionation (EF) and assessing in situ transformation of HCH 

Enantiomer fractionation (EF) provides another indicator for in situ biodegradation of 

α-HCH according to previous observations (Harner et al., 2000; Helm et al., 2000; 

Law et al., 2004). Considering the concept of enantiomer-specific stable isotope 

analysis (ESIA) and EF, various studies were performed to validate their applicability 

for in situ transformation of the chiral α-HCH. The enantioselective transformation of 

chiral isomers may also give a clue to assess in situ transformation of α-HCH. In 

aerobic degradation experiments (-) α-HCH was preferentially degraded in both 

reference culture experiments (Chapter 3.1). The preferential transformation of (-) α-

HCH has been previously reported in soil (Falconer et al., 1997; Finizio et al., 1998). 

Soil samples represent an aerobic environment so similar microbial processes can 

be assumed as observed in our reference experiments with aerobic bacterial strains 

which are frequently found in HCH contaminated sites (Lal et al., 2010). ESIA 

combined with EF and CSIA may thus be used to trace aerobic degradation using 

the enrichment factors from our reference fractionation experiments.  

In case of all abiotic reference experiments, non enantioselective transformation of 

α-HCH was observed, as expected for chemical reactions (Chapter 3.3). The 
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enantioselective transformation is solely dependent on microbial process as no 

enantioselective reactions were observed in a previous study with sterilized sludge 

(Mueller and Buser, 1995). Enantiomer specific biodegradation may be due to 

differences in the preferential enzymatic activity of the enantiomers for the aerobic 

biotransformation process. In this case, the lin genes (genes expressed during HCH 

transformation in aerobic bacterial strains) necessary for aerobic degradation of HCH 

may be taken in to account. These lin genes were initially identified and 

characterized for S. japonicum strain UT26 and were subsequently recovered from 

S. indicum strain B90A as well (Lal et al., 2010) which suggests that similar enzymes 

are involved in catalysis of α-HCH. However, S. japonicum strain UT26 contains LinA 

while S. indicum strain B90A is known to express two copies of linA (linA1 and linA2) 

(Dogra et al., 2004). The amino acid sequences of the products encoded by the 

linA1 and linA2 genes are 88 % matching to each other and 88% (LinA1) and 99 % 

(LinA2) are similar to the sequence of LinA of S. japonicum UT26 (Imai et al., 1991). 

Preferential degradation of (-) α- enantiomer is known with the LinA1 variant of S. 

indicum B90A (Suar et al., 2005) which was also confirmed by our study (Chapter 

3.1). By applying the Rayleigh equation, we obtained the enantiomer enrichment 

factors for aerobic α-HCH biodegradation (Chapter 3.1), providing a quantitative 

framework which can be determined by common GC analysis and it is similar to 

CSIA approach. Moreover, this approach might also be applicable for other 

enantiomeric pollutants as it was applied for O-desmethylvenlafaxine (Gasser et al., 

2012; Maier et al., 2013). 

The abiotic reference experiments did not show enantioselective transformation and 

this information can be used to distinguish in situ biotic and abiotic transformation 

(Chapter 3.3). This has to be taken critically as anaerobic experiments performed by 

Badea and colleagues also showed non‐enantioselective transformation of α‐HCH 

by C. pasterianum, which poses uncertainty when identifying reactions under anoxic 

conditions using ESIA. For evaluation of this issue more studies are needed to 

confirm the validity of this approach for comparing anaerobic and abiotic 

transformation. 

 

Enantiomer-specific carbon isotope fractionation 

Significant carbon isotope fractionation was observed in our studies with aerobic 

reference culture experiments, which was different for each of the α-HCH 
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enantiomers. Since each individual enantiomer may have different rates of 

degradation, quantification of in situ biodegradation based on enantiomer-specific 

isotope analysis allows more refined assessment of contaminated field sites with 

chiral pollutants, as it was confirmed by a recent field study (Milosevic et al., 2012). 

This enantiomer-specific analysis is especially important only if one enantiomer is 

subject to biodegradation while the other persists. In our study we found variability in 

the carbon enrichment factors (εc) for each enantiomer in case of ESIA for aerobic 

transformations (Chapter 3.1) but abiotic studies showed no differences in carbon 

isotope enrichment factors (εc) for each enantiomer (Chapter 3.3). Thus various 

biotic and abiotic processes can be characterized in situ by using ESIA in 

combination with EF. ESIA is proposed to be an additional tool to monitor in situ 

transformation of other chiral pesticides and pharmaceuticals in future. 

The combination of enantiomer and carbon isotope fractionation, in a two-

dimensional approach, using values of EF(+) and EF(-) in correlation with the stable 

carbon isotope discrimination (∆δ13C) of the α-HCH enantiomers may allow to trace 

degradation pathways of α-HCH in the environment (Chapter 3.1 and Chapter 3.3). 

The specific ranges for the pathways obtained in our study can be used as reference 

for evaluating field data in order to determine the relevance of biotic and abiotic 

transformation of chiral contaminants. 

The combined isotope and enantiomeric fractionation has the potential to 

differentiate biotic and abiotic transformation of α-HCH. In order to combine both 

approaches, EF(+) was plotted against the carbon isotope discrimination (∆= δ13C0 - 

δ13Ct) of the (+) α-enantiomer as well as EF(-) against the carbon isotope 

discrimination of (-) α-enantiomer (Chapter 3.1 and Chapter 3.3) and compared to 

previous investigation on anaerobic α‐HCH biodegradation (Badea et al., 2011). 

These different trends indicate the potential for distinguishing biotic and abiotic 

transformation of α-HCH in the environment based on changes in isotope ratios 

(δ13C) and enantiomer fractionation (EF). Due to lack of anaerobic enantioselective 

biodegradation studies anaerobic transformation cannot be fully distinguished from 

abiotic transformation as there is overlap also in the extent of carbon isotope 

fractionation. Therefore, more anaerobic enantiomer selective studies are needed to 

validate the model for distinguishing anaerobic and abiotic transformation employing 

enantiomer fraction and enantioselective stable isotope fractionation.  
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Dehalococcoides sp. and in situ HCH transformation 

One of the specific scientific gaps for assessing in situ transformation of HCH, using 

molecular biological techniques, is the lack of well characterized microbial cultures. 

Strains of the genus Dehalococcoides have received significant attention because of 

their ability to reductively dehalogenate common groundwater contaminants such as 

chlorinated ethenes, ethanes and benzenes, due to their extensive genomic 

inventory of putative reductive dehalogenases, mostly with unknown function 

(Kaufhold et al., 2013; Krajmalnik-Brown et al., 2007; Löffler et al., 2013; Pöritz et al., 

2013; Seshadri et al., 2005). Kaufhold, et al., (2013) reported the transformation of γ-

HCH isomer with a highly enriched D. mccartyi strain BTF08-containing culture, as 

well as by D. mccartyi strain 195 (Kaufhold et al., 2013). However it did not show the 

growth dependent dechlorination process, or the biotransformation of other HCH 

isomers. In Chapter 3.2 for the first time, the metabolic biotransformation of γ-HCH 

was shown for an isolate, D. mccartyi strain 195 which used hydrogen as electron 

donor and γ-HCH as terminal electron acceptor.  Degradation rates of different 

isomers were in the following order γ-HCH > α-HCH > β-HCH=δ-HCH which are in 

similar order as reported previously for co-metabolic reactions (Jagnow et al., 1977). 

Mixed cultures enriched from contaminated field site also show the similar trends in 

HCH isomers transformation γ-HCH > α-HCH > β-HCH > δ-HCH. The extent and 

range of the changes in carbon stable isotope ratios of γ-HCH during 

biotransformation confirmed the similarity in degradation pathways under anoxic 

conditions and suggests that carbon stable isotope analysis can be used as means 

to quantify the in situ biodegradation of γ-HCH under anoxic conditions.  

 

Characterization of abiotic transformation α-HCH using CSIA 

Possible abiotic mechanisms for α-HCH transformation in the environment include 

photo-induced reactions, hydrolysis, electrochemical reduction and reduction by Fe0 

nanoparticles. It is also important to understand if CSIA can characterize these 

environmentally relevant abiotic processes. In this thesis all selected reference 

studies could clearly show the potential of CSIA to characterize abiotic 

transformations of α-HCH. 

Enrichment factor determined for UV/H2O2 (εc = −1.9 ± 0.2 ‰) process was similar to 

those of from aerobic biodegradation of α-HCH with S. indicum strain B90A (εc = 

−1.6 ± 0.3 ‰) and S. japonicum strain UT26 (εc = −1.0 ± 0.2 ‰), respectively 
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(Chapter 3.1), whereas direct photolysis, electrochemical and Fe0 reduction 

revealed the same magnitude of isotope enrichment factor ( average εc = -3.7 ± 0.8 

‰) as observed in anaerobic biodegradation of α-HCH with C. pasterianum (Badea 

et al., 2011). The isotope enrichment factors observed for the UV/H2O2 process had 

a similar magnitude as the one for aerobic biodegradation by a dehydrochlorination, 

which resulted pentachlorocyclohexene (PCCH) as the first intermediate which is 

subsequently converted to 1,2,4-TCB (Butler and Hayes, 1998). Dehydrochlorination 

of α-HCH by alkaline hydrolysis and aerobic biodegradation resulted in PCCH and 

TCBs as metabolites, which may indicate that similar reaction mechanisms or 

transformation pathways are taking place. However, when comparing the enrichment 

factors of alkaline hydrolysis (εbulk = −7.6 ± 0.4 ‰) and aerobic biodegradation with 

S. indicum strain (εbulk = −1.6 ± 0.3 ‰, and εα-HCH = −1.0 ± 0.2 ‰) clear differences 

were observed (Chapter3.1). Although both transformation reactions might be 

similar, as they produce similar metabolites, the chemical mechanism of bond 

cleavage might be different as reflected in the carbon isotope fractionation pattern. 

In addition, it is expected that the binding step of the chemical to the enzyme during 

the aerobic biodegradation is to some extent rate limiting, which might contribute to 

the lower isotope fractionation as compared to the pure chemical reaction of alkaline 

hydrolysis in a homogeneous solution. This rate limitation can mask the extent of 

isotope fractionation for biotic transformation (Northrop, 1981). Substrate uptake into 

the cell and binding of the substrate to the enzyme can reduce the isotope effect 

compared to direct bond cleavage in a chemical reaction (Aeppli et al., 2009). 

Conclusions on the mechanism of biological dehydrochlorination in analogy to 

alkaline hydrolysis are difficult to obtain based on metabolite pattern and extent of 

isotope fractionation. 

The differences in enrichment factors between abiotic (Chapter 3.3) and aerobic 

transformation (Chapter 3.1) process indicate the applicability of CSIA for the 

characterization α-HCH in both environmental conditions. The overlap in 

fractionation factors indicates difficulties to distinguish the characterization of α-HCH 

transformation under abiotic and anaerobic environment. In future multi element 

isotope analysis may be employed for characterizing difference between abiotic and 

anaerobic reaction mechanisms.  
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CSIA as tool to assess in situ transformation 

In this thesis, a novel approach was developed for monitoring in situ biodegradation 

incorporating the isotope signatures of isomers and enantiomers of HCH as well as 

enantiomer selective degradation. The isotope enrichment factors for the 

transformation of HCH under biotic (α- and γ-HCH) and abiotic (α-HCH) conditions 

were estimated for the first time allowing the quantification of HCH biodegradation in 

different environmental compartments. Additionally, the differences in isotope 

fractionation between aerobic and anaerobic degradation indicates that CSIA can be 

used to evaluate degradation pathways and can be applied to monitor natural 

attenuation of HCH. 

To apply these laboratory findings to real field conditions a field monitoring campaign 

was performed to assess the potential of carbon compound-specific stable isotope 

analysis for the assessment of biodegradation and source identification within a 

contaminated aquifer at a former pesticide processing facility (Chapter 3.4). Hydro-

geochemical conditions of the contaminated aquifer showed anaerobic environment 

in two sampling campaigns in 2008 and 2010. The wells selected for sampling were 

along the flow direction of ground water with the order of downstream from A to F 

(Chapter 3.4). Both years and in all wells, δ-HCH was found to be the most 

abundant and concentrations of the other HCH isomers were at least three times 

smaller (Being β-HCH more abundant than α- and γ-HCH). The concentration 

patterns of HCHs at the investigated field site revealed a similar trend of 

biodegradability as observed in many degradation experiments: δ-HCH≈β-HCH >α-

HCH >γ-HCH (Quintero et al., 2005). The low concentration of α- and γ-HCH and 

presence of δ and β-HCH may be due to preferential degradation of one isomer over 

the other occurring in the field (Chapter 3.4). 

The observed concentration decrease from 2008 to 2010 was accompanied by 13C-

enrichment as observed in biodegradation fractionation reference experiments 

(Chapter 3.1 & 3.2). Conservative calculations based on the Rayleigh equation 

exhibited varying levels of HCH biodegradation (16-86 %) in investigated aquifer. 

Moreover, temporal and spatial in situ first-order biodegradation rate constants were 

estimated with maximal values of 0.0029 d-1 and 0.0098 m-1 for α-HCH, 0.0110 d-1 

and 0.0370 m-1 for β-HCH, and 0.0058 d-1 and 0.0192 m-1 for δ-HCH, respectively 

(Chapter 3.4). The biodegradation rate constants (λt –values) obtained in this study 

were in the same range as rate constants for anaerobic HCH biodegradation 
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determined in laboratory degradation experiments (Langenhoff et al., 2013; Quintero 

et al., 2005). Thus, it could be assumed that δ-HCH was the most recalcitrant HCH 

isomer with respect to calculated biodegradation rate constants and half-life values. 

A high recalcitrance of δ-HCH under anoxic conditions was observed in our mixed 

cultures laboratory reference experiment (Chapter 3.2) and it was also suggested in 

other studies (Jagnow et al., 1977; Quintero et al., 2005). 

Another application of CSIA is to assess sources of contamination in complex 

contaminated aquifers (Meckenstock et al., 2004) and it has been applied 

successfully in different studies (Nijenhuis et al., 2013). The carbon isotope ratios in 

conjunction with concentration of HCHs revealed two main contaminant source 

zones located at wells A and D/E. The HCH source at well A resulted to be from a 

contamination at the former processing facilities and the source at wells D and E 

from the former dumping of HCH wastes (Chapter 3.4). Carbon isotope ratios of 

HCHs provided evidence of HCH biodegradation within the groundwater downstream 

of the main HCH source zones at wells C and F, indicating that biodegradation 

contributed to the natural attenuation of HCHs within the investigated aquifer 

(Chapter 3.4). From 2008 to 2010, concentrations of HCHs decreased concomitant 

with changes in carbon isotope ratios at most of the wells indicating that the 

contribution of biodegradation for the natural attenuation of HCHs increased.  

Thus due to the intensive production of HCHs and their worldwide usage, there is a 

huge number of HCH contaminated production, formulation and dump sites (Vijgen 

et al., 2011). At these sites, time-resolved CSIA might be applied in order to identify 

trends in pollutant removal and help to predict the evolution of contaminant plumes 

which is shown in this study. As suggested by this study, CSIA would be an 

appropriate monitoring tool and would be beneficial for the implementation and 

successful control of innovative management and remediation concepts like 

Monitored or Enhanced Natural Attenuation (MNA, ENA).  
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Summary & outlook 

The objective of this thesis, therefore, was to validate the application of carbon 

stable isotope analysis (CSIA) and enantiomer specific stable isotope analysis 

(ESIA) to characterize biotic and abiotic transformation of HCH in situ. Additionally, 

to prove that CSIA in combination with enantiomer-selective degradation of α-HCH 

can be applied as an effective and reliable tool for monitoring natural attenuation of 

HCH. 

The reaction-specific isotope enrichment factors (εc) were determined in laboratory 

experiments for α- and γ -HCH isomers during aerobic (Chapter 3.1) and anaerobic 

(Chapter 3.2) degradation and compared with relevant abiotic reactions (Chapter 

3.3). Bulk enrichment factors (εc) determined for aerobic degradation of α and γ-HCH 

by two Sphingobium spp. with similar reaction mechanism were similar for γ-HCH (εc 

= −1.5 ± 0.1 ‰ and −1.7 ± 0.2 ‰) and α-HCH (εc = −1.0 ± 0.2 ‰ and −1.6 ± 0.3 ‰). 

The enrichment factors calculated for oxic transformation of γ-HCH  are smaller  as 

compared to  determined under anoxic γ-HCH transformation with the εc = -5.5 ± 0.8 

‰ for D. mccartyi strain 195 (metabolically degrading ), εc = −3.1 ± 0.4 ‰ for the 

enrichment culture and εc = −4.1 ± 0.6 ‰ for C. pasteurianum DSMZ 525 (co-

metabolically degrading). This difference is explained by different reaction 

mechanisms taking place during aerobic and anaerobic conditions. Furthermore, 

isomer and enantiomers selective stable isotope fractionation of chiral isomer α-HCH 

was estimated during biotic (Chapter 3.1) and abiotic (Chapter 3.3) reactions. 

Enrichment factors (εc) calculated with biotic reactions were smaller as resulted in 

same abiotic reaction (dehydrochlorination), considering the metabolites patterns, 

whereas direct photolysis, electrochemical and Fe0 reduction revealed the same 

magnitude of isotope enrichment factors as observed in anaerobic biodegradation 

(Chapter 3.2., 3.3). This can be explained with limiting effects during biotic 

degradation such as substrate uptake into the cell, binding of the substrate to the 

enzyme as compared to direct bond cleavage in a chemical reaction. Therefore, 

carbon isotope enrichment factors εbulk derived from our laboratory findings may help 

to understand the differences between biotic and abiotic reactions taking place in 

field studies but to confirm its applicability 2D isotope analysis (C, Cl) may help. Non 

enantioselective transformation and fractionation of α-HCH was observed in all 

abiotic transformation reactions (Chapter 3.3) as compared to enantioselective 

degradation and fractionation in biotic transformation (Chapter 3.1). The enrichment 
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factors of individual enantiomers εenantiomer allows to calculate an average factor in all 

cases which was identical with bulk enrichment factors εbulk showing the validity of 

the analytical approach. The variability in enrichment factors observed for 

enantiomers (εenantiomer) during biotic investigation showed the preferential reactivity 

of enzymes for one enantiomer over the other which is not observed in abiotic 

studies. Thus CSIA combined with ESIA and enantiomer fractions (EF) can help to 

distinguish biotic and abiotic reactions taking place in situ. 

The calculated stable carbon isotope enrichment factors εc allowed the estimation of 

the extent of HCH degradation at the contaminated field site (Chapter 3.4). 

Application of CSIA led to comparable estimates of biodegradation and contaminant 

source identification using carbon isotope ratios. So, the data bank of enrichment 

factors provided by this study can help to quantify the biodegradation  in situ. 

These studies show that CSIA is useful technique to quantify in situ degradation of 

HCH and identify reaction pathways, by combining ESIA and (EF). 

In short, this study provides a concept allowing the use of enantiomer fractionation, 

CSIA and ESIA for a complementary and thus comprehensive assessment of in situ 

degradation of α-HCH, but also other chiral contaminants. Thus, this thesis offers 

proof of principle for the theoretical framework of a multiple lines of evidence 

approach by i) providing evidence of degradation, ii) distinguishing pathways and iii) 

quantifying HCH degradation at contaminated field sites.  

However, as other degradation pathways such as dehydrogenation and oxidation 

may be responsible for HCH biodegradation in a field sites in addition to the so far 

known reductive beta-elimination or dehydrogenation, reference culture experiments 

with pure cultures having these respective degradation pathways should be 

performed. Carbon isotope enrichment factors εbulk derived from this study help us to 

understand the differences between biotic and abiotic. The overlap in fractionation 

factors indicates difficulties to distinguish the characterization of α-HCH 

transformation under abiotic and anaerobic environment. In future multi element 

isotope analysis may be employed for characterizing difference between abiotic and 

anaerobic reaction mechanisms. 

 There is also urgent need to study in-depth molecular and biochemical basis of HCH 

transformation under anaerobic environment. Growth dependent potential of  

Dehalococcoides sp. to degrade HCH have been proved in this study (Chapter 3.2) 

but need to be confirmed if it has same potential for HCH isomers. Studies regarding 
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expression of proteins and enzymes and experiments with pure enzymes can 

explain the variability of enrichment factors calculated under different reference 

experiments i.e. biotic and abiotic. More anaerobic reference culture experiments are 

needed to differentiate abiotic and anaerobic enantioselective transformation of α-

HCH. 

Additionally, the applicability of the combined enantiomer fractionation, CSIA and 

ESIA approach needs to be tested in field studies. Also field monitoring campaigns 

for assessing the applicability of CSIA for aerobic environment will authenticate the 

CSIA techniques developed in this thesis. 
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Figure S1. Biodegradation of γ-HCH by S. indicum strain B90A and S. 

japonicum strain UT26: Concentrations and carbon isotope ratios of γ-HCH and 

its metabolites. 

 

Concentrations (A) and carbon isotope ratios (B) of γ-HCH and products  during 

biodegradation by S. indicum strain B90A. γ-HCH (open square) and its 

metabolites 1,2,4-TCB (open triangle) and γ-pentachlorocyclohexene (γ-PCCH) 

(close triangle). Concentrations (C) and carbon isotope ratios (D) of γ-HCH and 

products during biodegradation by S. japonicum strain UT26. γ-HCH (open 

square) and its metabolites 1,2,4-TCB (open triangle) and 2,5-dichlorophenol 

(2,5-DCP) (close triangle). The sum concentration (A,C) and average carbon 

isotope composition (B, D) of substrate and products (see Materials and 

Methods for calculation) are indicated by X. Error bars indicate the standard 

deviation of triplicate analysis for carbon isotope analysis. 
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Figure S2. Biodegradation of α-HCH by S. japonicum strain UT26: 

Concentrations and carbon isotope ratios of α-HCH, its enantiomers and 

metabolites. 

 

Concentrations (A) and carbon isotope ratios (B) of α-HCH and metabolites 

during biodegradation by S. japonicum strain UT26. α-HCH (open square) and 

metabolites 1,2,4-TCB (open triangle) and 2,5-dichlorophenol (2,5-DCP) (close 

triangle). Changes in concentrations (C) and carbon isotope ratios (D) of (-) α-

HCH (open square) and (+) α-HCH (open triangle) during biodegradation by S. 

japonicum  strain UT26. The sum concentration (A) and average carbon isotope 

composition (B) of substrate and products are indicated by X. Error bars 

indicate the standard deviation of triplicate analysis for carbon isotope analysis.  
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Figure S3. Comparison of average concentrations (A) and average carbon 

isotope composition (B) of α-HCH and its enantiomers during biodegradation by 

S. indicum strain B90A.  

 

Bulk α-HCH directly analyzed (cross) and bulk α-HCH calculated by using (+) α-

HCH and (-) α-HCH enantiomer concentrations and carbon isotope ratios 

(closed squares). (-) α-HCH (open square) and (+) α-HCH (open triangle).  
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Figure S1: Production of MCB as putative end-product in the transformation of α- 

(filled circles), β- (open circles), γ- (filled triangles) and δ-HCH (filled squares) by D. 

mccartyi strain 195 (A) and D. mccartyi strain BTF08 (B). Degradation experiments 

were done with a single dose of each isomer and each point represents the average of 

triplicate bottles. The standard deviation at each point was < 5%. Crosses represent the 

average concentration of MCB in controls without inoculumas average for all the tested 

isomers.  
 

 

Table S1: HCH isomers recovered after incubation with Dehalococcoides strains 

Isomer Dehalococcoides mccartyi strain 

195 (60 days incubation) 

Dehalococcoides ribotype 

BTF08 (120 days incubation) 

% HCH isomer recovered approx. % HCH isomer recovered approx. 

α-HCH 86 90 

β-HCH 98 90 

γ-HCH 65 43 

δ-HCH 95 96 
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Chemicals 

All chemicals were of analytical grade and used without further purification. Alpha-

hexachlorocyclohexane (α-HCH, analytical purity, 99%), hexachlorobenzene (HCB), 

ferric chloride anhydrous (FeCl3), sodium borohydride (NaBH4) were purchased from 

Sigma-Aldrich. Hydrogen peroxide (H2O2) (30% w/w), sodium bicarbonate (Na2CO3), 

sodium carbonate (NaHCO3) and n-pentane (analytical purity >99%) were supplied by 

Merck (Darmstadt, Germany). The water used for preparing solutions was ultrapure 

water (obtained by Milli-Q System, Millipore GmbH, Schwalbach/Ts. Germany). 

Preparation of α-HCH stock solution 

Because of its low solubility in water (10 ppm) (Clayton et al., 1991), α‐HCH was 

dissolved in 10 mL acetone at a concentration of 1000 mg L-1 in the presence of silica 

gel (10 mg). Ultra sonication (0.5 h) was used for adsorption of α-HCH on the silica gel 

surface. Then acetone was completely evaporated at 60°C (0.5 h). The silica gel was 

added into aqueous phosphate buffer (pH 7.0, 10 mM) and the mixture was shaken 

overnight for desorption of α‐HCH. The concentration of α‐HCH in this phosphate buffer 

solution was 1 mg L-1. This α‐HCH stock solution was used in all experiments described 

in this study, except alkaline hydrolysis. 

Setup for the photochemical transformation experiments 

A schematic diagram of the photochemical reactor system was shown in Figure S1. The 

reactor was a 200 mL Pyrex cylindrical flask with a quartz window whose surface area 

was approximately 28 cm2. Irradiation was achieved by applying a 150 W xenon lamp 

(Type No.: L2175, Hamamatsu, Japan), which covered a broad continuous spectrum 

from the ultraviolet to infrared region (185-2000 nm). For direct photolysis at λ ≥ 185 nm, 

the light source was directly faced to the quartz window of the reactor. A filter with a cut-

off wavelength ≥ 280 nm was applied in the case of indirect photolysis. The temperature 

was controlled at 20°C by a circulating water system surrounding the Pyrex reactor. The 

reaction solution was magnetically stirred during the whole experiment. 
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Figure S1. The setup for the photochemical experiments. 1. 150 W xenon lamp; 2. filter 

with a 280 nm cut-on wavelength; 3. reactor: 3a.quartz window; 3b. sampling ports; 4. 

cooling water system. 

Setup for the electrochemical transformation experiment 

Two inert Ti/Ir coated grids (13 cm × 3.2 cm) were inserted as electrodes into a stirred 

500 mL beaker, which was filled with 300 mL of the α-HCH stock solution and covered 

with a Teflon membrane to prevent evaporation. An electric field strength of 6.3 V cm-1 

(1.68 mA cm-2) was applied.  
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Figure S2. The setup for the electrochemical experiment.  

Analytical methods 

The concentration of α-HCH was determined by gas chromatograph equipped with a 

flame ionization detector (GC-FID, 7820A, Agilent Technologies, USA). A HP-5 column 

(30 m length × 0.32 mm ID, 0.25 µm film thickness; J & W Scientific, Agilent 

Technologies, USA) was used for separation. The temperature program started at 40°C 

for 5 min, and then increased to 180°C at a rate of 10°C min-1 held for 2 min, and finally 

increased to 300°C with the rate of 20°C min-1 held for 5 min. A volume of 2 µL of 

extract was injected in split mode with a split ratio 1:1 into a hot injector held at 250°C. 

The concentration of α-HCH was calculated by using the response factor, which is 

defined as the ratio of sensitivities of the analyte and the internal standard (Patnaik, 

2011). Monitoring of corresponding main reaction products was done by gas 

chromatograph-mass spectrometry (GC-MS) as described elsewhere (Bashir et al., 

2013). A BPX-5 capillary column (30 m length × 0.25 mm ID × 0.25 µm film thickness; 

SGE, Darmstadt, Germany) was used for separation. The oven temperature program 

was the same as described for the GC-FID analysis. Carbon stable isotope ratios of α-

HCH were measured by a gas chromatograph-combustion-isotope ratio mass 

spectrometer (GC-C-IRMS) as described in previous work (Bashir et al., 2013) and 

expressed in the delta notation (δ13C) according to eq. S1 in SI. A Zebron ZB1 column 
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(60 m length × 0.32 mm ID × 1 µm film thickness; Phenomenex, Aschaffenburg, 

Germany) was used for separation. For chiral α-HCH analysis, a Gamma DEXTM 120 

chiral column was applied (30 m length × 0.25 mm ID × 0.25 µm film thickness; Supelco 

Bellefonte, PA) on which minus (−) and plus (+) α-HCH could be separated. Each 

sample was analyzed in triplicate and the precision of δ13C-values for α-HCH and its 

enantiomers was ≤ 0.5‰. 

Quantification of carbon isotope fractionation 

The carbon isotope ratios were expressed in the delta notation (δ13C) relative to the 

international standard Vienna Pee Dee Belemnite (V-PDB) according to eq. (S1) 

(Coplen, 2011): 

sample13

sample

stanard

R
C = -1

R
δ            (S1) 

In equation (S1), Rsample and Rstandard were the 13C/12C ratios of the sample and V-PDB, 

respectively. Because variations in carbon isotope abundance was typically small, δ13C-

values were reported in part per thousand (‰ or per mil). 

For the description of stabile isotope fractionation of chemical reactions the Rayleigh 

equation can be applied (Elsner, 2010; Mariotti et al., 1981):  

t t

0 0

( 1) C

( 1) C

C

δ

δ

ε

 +
=  

+  
          (S2) 

where δt, δ0 and Ct, C0 were the stable carbon isotope ratios and concentrations of a 

compound at a given point in time (t) and at the beginning of a transformation reaction 

(0), respectively. The isotope enrichment factor (εC) correlated the changes in stable 

isotope ratios [(δt+1)/(δ0+1)] with the changes in the concentrations (Ct/C0). 

The isotope enrichment factor (εC) can be determined from the logarithmic form of the 

Rayleigh equation: 
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δ
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   
  

   
          (S3) 

plotting ln(Ct/C0) versus ln[(δt+1)/(δ0+1)] and obtaining from the slope of the linear 

regression m = εC/1000. Since carbon isotope enrichment factors were typically small, 

εC-values were reported in part per thousand (‰). The error of the isotope enrichment 

factors were given as 95% confidence interval (CI) determined by a regression curve 

analysis (Elsner et al., 2007). 

For quantification of the kinetic isotope effect (KIE) characterizing the bond cleavage, 

the isotope enrichment factor (εC) need to be normalized to the isotope effect of the 

bond cleavage. The calculation of apparent kinetic isotope effect (AKIE) allowed 

comparing isotope effects of bond changes, which can be used to gain insights into the 

chemical reaction mechanisms. AKIE were calculated according to (Elsner et al., 2005):  

C

C

1
AKIE =

× × +1
n

z ε
x

 
 
 
 
 

          (S4) 

where n was the number of atoms of the molecule of a selected element, x was the 

number of reactive positions, and z was the number of positions in intra-molecular 

competition. The AKIEC quantified the isotope effect of the bond change using 

experimental data. The uncertainty of the AKIEC (err. AKIEC) was estimated by error 

propagation (eq. S5) by taking into account the error of the isotope enrichment factor 

(err. εC): 

C
C C

AKIE
err.  AKIE = ×  err.  ε

ε

∂

∂

          (S5) 

Photochemical reactions 

UV absorption spectrum. The resulting spectrum of the α-HCH stock solution (oxygen 

free) was shown in Figure S3. The measurement was performed under oxygen-free 

conditions by flushing the UV spectrometer with argon. A purged phosphate buffer (pH 
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7.0, 10 mM) was used as the reference. The maximum of absorbance was observed at 

λ = 252 nm, which was in agreement with the reported high absorption at λ = 255 nm 

(ε255 nm = 1000 M-1 cm-1) (Fiedler et al., 1993). 

 

Figure S3. UV absorption spectrum of the α-HCH stock solution purged with argon. 

Control experiments. For photochemical reactions, control experiments without light 

(only with H2O2) and only with UV irradiation (≥ 280 nm) showed almost stable 

concentration and suggested that the sole presence of H2O2 and direct photolysis in 

longer wavelengths (≥ 280 nm) did not affect concentration of α-HCH under the 

experimental conditions used.  
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Figure S4. Remaining fraction of α-HCH in the control experiments without UV 

irradiation only with H2O2 (square) and under UV irradiation at wavelength ≥ 280 nm 

(circle) in phosphate buffer (pH=7.0). 

Product analysis and transformation pathways. The chemical structures of 

transformation products were analyzed by GC-MS in order to obtain information on the 

mechanisms of the chemical reactions investigated in this study. 

 

Figure S5. Total ion chromatogram of transformation products from direct photolysis 

upon radiation with the UV wavelength ≥ 185 nm.  
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Scheme S1. Proposed reaction mechanism for α-HCH during direct photolysis in the 

UV wavelength ≥ 185 nm. 

 

Figure S6. Total ion chromatogram of transformation products of UV/H2O2 reaction 

using irradiation in the range of ≥ 280 nm. HCB was used as internal standard. 
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Scheme S2. Proposed reaction mechanism for α-HCH via UV/H2O2 process in the UV 

range ≥ 280 nm. 

Alkaline hydrolysis 

Control experiment. As we described, the stock solution of α-HCH was prepared and 

stored in the pH 7 phosphate buffered solution and used for each reaction except 

alkaline hydrolysis (prepared in Na2CO3-NaHCO3 buffer, pH 9.78). As a control 

experiment, the concentration of α-HCH in the stock solution was measured every two 

days within the monitoring period of one month. The concentration stayed stable, 

indicating no transformation or evaporation loss of α-HCH took place in this neutral 

buffered solution (data not shown). 

Product analysis and transformation pathways. The GC-MS analysis revealed that 

1,3,4,5,6-pentachlorocyclohexene (C6H4Cl5, PCCH), 1,2,4-trichlorobenzene (1,2,4-TCB) 

and 1,2,3-trichlorobenzene (1,2,3-TCB) were formed during alkaline hydrolysis (Figure 

S7). The transformation products were in agreement with the proposed pathway of 

dehydrochlorination from γ-HCH to PCCH and TCBs (Liu et al., 2003). 

 



A 3: Supporting information chapter 3.3 

 

  
162 

 

  

 

Figure S7. Total ion chromatogram of transformation products of alkaline hydrolysis at 

pH 9.78 in Na2CO3-NaHCO3 buffer. HCB was used as internal standard. 
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Scheme S3. Proposed reaction mechanism for α-HCH transformation during alkaline 

hydrolysis at pH 9.78 in Na2CO3-NaHCO3 buffer.  

Reduction by electrodes or Fe0 nanoparticles 

Control experiments. The control experiments without electrical current or Fe0 

nanoparticles resulted in insignificant changes in α-HCH concentration. However, a 
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slight trend of α-HCH transformation was found in the control experiment without electric 

current which may be a result of volatilization.  

 

 

Figure S8. Remaining fraction of α-HCH in the control experiments without electrode 

(triangle) or Fe0 nanoparticles (rhombus) in phosphate buffer (pH=7.0). 

Products analysis and transformation pathways. The GC-MS spectra obtained for 

the transformation by electrodes revealed that the same products PCCHa and TeCCH 

were observed (Figure S9) as in the case of direct photolysis but a different mechanism 

was proposed (Scheme S4). In the presence of Fe0 nanoparticles, the reaction yielded 

TeCCH as the only product identified by GC-MS (Figure S10). Therefore, electrons 

provided by Fe0 may attack α-HCH by eliminating two Cl− from the ring and forming a 

double bond (Scheme S5). 
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Figure S9. Total ion chromatogram of transformation products formed during 

electrochemical reduction. HCB was used as internal standard. 
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Scheme S4. Proposed reaction mechanism for α-HCH during electrochemical reduction. 



A 3: Supporting information chapter 3.3 

 

  
165 

 

  

 

Figure S10. Total ion chromatogram of transformation products formed by α-HCH 

reduction via Fe0 nanoparticles. HCB was used as internal standard. 
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Scheme S5. Proposed reaction mechanism for α-HCH reduction by Fe0 nanoparticles. 

Enantioselectivity  

The chiral selectivity is often described as enantiomeric factor (EF). The EF (+) is 

defined as A+ / (A+ + A−), where A+ and A- correspond to the peak area or 

concentrations of (+) and (−) enantiomers (Harner et al., 2000; Vetter and Schurig, 

1997). Racemic compounds have an EF (+) equal to 0.5. An EF (+) > 0.5 shows the 

preferential degradation of (−) enantiomer, and an EF (+) < 0.5 indicates the preferential 

degradation of (+) enantiomer. EF (−) is defined as A− / (A+ + A−). 

All chemical reaction mechanisms investigated in our study showed no preferential 

transformation of (+)-enantiomer over (−)-enantiomer (Figure S11) as expected for 

chemical reactions (Hühnerfuss et al., 1993). In contrast to this finding, microbial 
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biodegradation showed minor to significant enantioselectivity under anoxic and oxic 

conditions, respectively (Buser and Müller, 1995; Suar et al., 2005). Thus, chemical 

transformation processes can be distinguished from biotransformation using EF-factors 

as it was also confirmed by previous studies (Harner et al., 1999; Harner et al., 2000; 

Jantunen and Bidleman, 1996; Law et al., 2001). However, anaerobic biodegradation of 

α-HCH exhibited low enantioselectivity (Badea et al., 2011), which might limit the 

discrimination of abiotic and biological processes using EF-factors.  

 

Figure S11. Comparison of concentration decrease (Ct/C0) vs. EF(-) under direct 

photolysis (square), indirect photolysis via UV/H2O2 (round), alkaline hydrolysis (upward 

triangle), electrochemical reduction (downward triangle) and reduction by Fe0 (rhombus). 
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S-1 Standard procedures for groundwater sampling and concentration  

analyses of pollutants and hydro-geochemical parameters 

� Groundwater sampling was performed according to DIN 38402-13 (1985-12) and 

DVWK-Merkblatt 245/1997 (1997). 

� HCHs concentration analysis was performed according to DIN 38407-F2 (1993-

02). 

� Sulfate und nitrate concentration analysis was performed according to DIN EN 

ISO 10304-1 D 19 (2009-07). 

� Ammonium concentration analysis was performed according to DIN 38406 E 5 

(1983-10). 

� Methane concentration analysis was performed according to EDI guideline, 2. 

Part: Surface water (1983). 
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S-2 CSIA of HCHs 

Isotope laboratory standards of HCHs 

α-, β-, γ- and δ-HCH were purchased as pure compounds (97-99 %, Sigma-Aldrich 

Chemie GmbH, Germany) and carbon isotope ratios were determined by elemental 

analyser – isotope ratio mass spectroscopy (EA-IRMS) (Coplen et al., 2006). The 

carbon isotope ratios of HCHs were expressed in delta notation (δ13C) vs. V-PDB 

(see Eq. 1 in the main text of the article) based on a two-point calibration with 

reference materials obtained from International Atomic Energy Agency (IAEA) (IAEA-

CH-6, IAEA-CH-7). The calibration was verified by an additional reference material 

(IAEA-CH3). HCHs for which carbon isotope ratios were measured by EA-IRMS 

were used as isotope laboratory standards to monitor the instrument performance of 

GC-IRMS analyses of HCHs and to check the extraction procedure of HCHs from 

water samples.  

 

GC-IRMS method parameters 

CSIA of HCHs was performed by gas chromatography - isotope ratio mass 

spectrometry (GC-IRMS) as described previously (Badea et al., 2009). The GC-

IRMS system consisted of a gas chromatograph (6890 Series; Agilent Technology, 

USA) coupled via a GC/C III interface to a MAT 252 mass spectrometer (both 

Thermo Fisher, Germany). The gas chromatograph was equipped with split/splitless 

injector and a ZB-1 column (60 m, 0.32 mm, 1 µm; Phenomenex, USA). Helium was 

used as carrier gas (2 mL/min) for the chromatographic separation. The combustion 

reactor containing Pt, Ni, CuO (Thermo Fisher, Germany) was operated at 980°C. 

The combustion oven was re-oxidised frequently and the performance of the 
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combustion was monitored by regular (every six samples) analysis of the isotope 

laboratory standards of HCHs.  

 

Evaluation of the extraction procedure of HCHs from water phase 

In order to evaluate possible isotope effects of the extraction of HCHs from water 

samples (see section Materials and Methods in the main text) the whole procedure 

was examined for changes in carbon isotope ratios of HCHs. Glass bottles with a 

volume of 1150 mL (Schott, Germany) were filled almost completely with tap water. 

The flasks were spiked with the isotope laboratory standards of HCHs (in acetone) to 

a final concentration of100 µg/L for each HCH. Similar to the groundwater samples, 

1ml HCl (6M) was added for preservation. The prepared water samples were 

extracted 3 times with 30 mL DCM in a separating funnel (shaking time 1.5 min). All 

DCM extracts were combined and dried with anhydrous Na2SO4. DCM was 

evaporated with a rotary evaporator up to 1-2 ml solvent volume. Then the sample 

was evaporated completelyl in a gentle nitrogen stream at room temperature. The 

dry extracts were dissolved in 0.5 ml of acetone. The extracts were measured with 

GC-IRMS and the obtained δ13C-values of HCHs were compared to δ13C-values of 

HCHs from isotope laboratory standards. All δ13C-values of HCHs obtained for 

extracts were found to be within the range of ±1 ‰ of δ13C-values of HCHs from 

isotope laboratory standards (Fig. SI 1). Results suggest that extraction and sample 

concentration do not lead to significant carbon isotope effects for HCHs. 
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Figure SI 1: Comparison of δ13C-values of HCHs measured after extraction from 

water and pre-concentration using GC-IRMS to δ13C-values of like 

HCHs obtained by EA-IRMS. 

 

Method validation 

The linearity of the method was evaluated and the limits of detection were defined to 

improve the sensitivity and precision of the method compared to our previous study 

(Badea et al., 2009). The linearity range was determined for each HCH isomer to 

evaluate appropriate injection volumes and the method detection limits of the GC-

IRMS system. Mixtures of the isotope laboratory standards of HCHs in acetone at 

different concentrations were analysed and the results compared to the δ13C-values 

obtained by EA-IRMS and evaluated with respect to the produced CO2 signal 

intensity (m/z 44, in V). Exemplarily, the results for δ-HCH are shown in Fig. SI 2.  
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Figure SI 2: Linearity test for GC-IRMS analysis of δ-HCH with method detection 

limits indicated for arbitrary threshold (vertical dotted line 0.2 V criteria) 

and moving mean procedure (vertical dashed line). The linear 

regression for δ13C-value of δ-HCH exceeding the method detection 

limits (dotted horizontal line) and the δ13C-value obtained by EA-IRMS 

(black horizontal line) is indicated. 

 

Method detection limits were derived from peak signals, which indicated minimal 

intensity for accurate and precise δ13C-values. There are different possibilities to 

determine the lower method detection limit, in this study we choose arbitrary 

threshold values of an intensity > 200 mV and a standard deviation of 1σ < 0.5 ‰. 

Another approach is the iterative moving mean procedure for which a moving 

average of three values has to have a standard deviation of 1σ < 0.5 ‰ (Jochmann 

et al., 2006). The first average, moving from the most intensive peak of the linearity 

test to the lower concentration range, which cannot fulfil this criterion, defines the 

lower detection limit (Jochmann et al., 2006). This latter procedure resulted in higher 
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detection limits, however, very similar linearity slopes and average δ13C-values (Tab. 

SI 1). Linearity slopes of HCHs were < 0.3 ‰/V (arbitrary thresholds) and even 

< 0.2 ‰/V for the range of higher intensities (moving mean) (Tab. SI 1). In 

comparison to previously published linearity (Badea et al., 2009), our approach 

showed that CSIA with the equipment used allows interpretation of carbon isotope 

ratios for all HCHs in the concentration range of field samples. Linearity results for δ-

HCH, the main HCH isomer of this study, were better than previously published and 

thus increased reliability for interpretation. 

The comparison of results with different intensities was therefore determined to be 

valid. As field samples were analysed in this study, only results with intensities of at 

least 200 mV and standard deviations < 1 ‰ were accounted for data interpretation. 

 

Table SI 1: Comparison of method detection limits, average δ13C-values in the 

linear range and linearity slopes for the two approaches to determine 

detection limits. a) Standard deviation of three replicates < 0.2 ‰ 

  

EA-
IRMS 

iterative moving mean procedure 
(Jochmann et al., 2006) 
  

arbitrary thresholds 
intensity  < 200 mV; σ > 0.5 ‰ 

 

 
 
δ13C  

avera
ge 
δ13C   

method 
detection 
limit 

Linear
ity 
slope 

Avera
ge 
δ13C   

method 
detection 
limit 

Linea
rity 
slope min max min max 

Is
o

m
e

r 

[‰]a) [‰] 1σ [mV] [mV] [‰/V] [‰] 1σ [mV] [mV] 
[‰/V
] 

α -26.67 -27.1 0.3 756 4089 -0,20 -27.1 0.4 310 4089 -0.25 

γ -26.98 -27.8 0.1 640 4860 -0.01 -27.7 0.3 294 4860 -0.12 

β  -26.47 -26.2 0.3 411 3243  0.08 -26.3 0.3 273 3243  0.17 

δ -26.77 -26.2 0.3 203 4466 -0.01 -26.2 0.3 203 4466 -0.01 
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S-3 Sum concentration of HCHs in 2008 

 

Figure SI 3: Distribution of the sum HCH concentrations [µg/L] and groundwater 
flow direction (blue arrows) within the upper aquifer of the investigated 
field site for the monitoring campaign of 2008. Crosses show locations 
of groundwater wells. Wells A to F represent the investigated aquifer 
transect within the main groundwater flow direction. 
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S-4 Hydro-geochemical parameters 

 

 

 

 

Figure SI 4: Distribution of redox potential, oxygen, nitrate, ammonium, sulfate, and 

methane concentrations within the investigated transect (wells A to F) along the main 

groundwater flow direction for 2008 and 2010.   

Redox potential mV Oxygen mgL
-1
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S-5 Qualitative assessment of α-, β- and γ-HCH degradation  

α-HCH 

The highest concentrations (25 µg/L in 2008; 5.8 µg/L in 2010) and most negative 

carbon isotope ratios (-29.6‰ in 2008, -28.7 ‰ in 2010) of α-HCH at well E (Fig. 2) 

confirm the discrete source of the HCH-dump. Lower α-HCH concentrations were 

found in the source area of the former processing facilities at well A (3.6 µg/L in 

2008, 2.5 µg/L in 2010) and at its groundwater downstream at well B (2.3 µg/L in 

2008, 1.9 µg/L in 2010) (Fig. 2). However, compared to well E, a similar δ13Cα-HCH-

value was found at well A (-28.3 ‰) in 2008. In 2010, 13C-enriched α-HCH emerged 

in wells A (-22.4 ‰) and B (-20.4 ‰). The change from 2008 to 2010 in δ13Cα-HCH-

values of > +5 ‰ for well A concomitant with decreasing α-HCH concentrations can 

be attributed to increasing biodegradation of α-HCH in the source area of the former 

processing facilities. Although the α-HCH concentration decreased at well D from 7.5 

µg/L (2008) to 2.1 µg/L (2010), α-HCH became more 13C-depleted (-23.5 ‰ in 2008, 

-27.2 ‰ in 2010) (Fig. 2). Thus, the decrease in α-HCH concentration in 2010 

seemed to be caused primarily by physical processes rather than biodegradation. 

The overall lower concentrations and more 13C-depleted α-HCH as compared to well 

E suggest that natural attenuation by physical processes increased while 

biodegradation decreased at this well. 

 

β-HCH 

At well A, β-HCH concentrations in 2008 were lower (4.2 µg/L) than in 2010 (9.3 

µg/L) while similar δ13Cβ-HCH-values of -25.4‰ and -25.8 ‰ were determined (Fig. 2). 

Thus, the change in concentration can be attributed to physical processes, most 

probably due to an increased recharge of β-HCH into the groundwater in 2010. 
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Comparably high β-HCH concentrations were found in wells D (9.7 µg/L in 2008, 15 

µg/L in 2010) and E (9.5 µg/L in 2008, 5.8 µg/L in 2010) indicating the distinct source 

zone (the HCH dump) in the area of these wells. Carbon isotope ratios confirmed 

this finding, showing the most 13C-depleted β-HCH in 2008 in this area (D:-29.8 ‰; 

E: -27.7 ‰) (Fig. 2). In contrast to the source zone at well A, changes in δ13Cβ-HCH-

values at wells D and E from 2008 to 2010 (shift > +4 ‰) suggest that despite 

increasing β-HCH concentration at well D, biodegradation proceeded at these wells. 

Compared to well D, more 13C-enriched β-HCH (+1.8 ‰) and lower β-HCH 

concentration were observed at well E in 2010, indicating biodegradation of β-HCH 

between those two wells along the main groundwater flow direction. More significant 

evidence for biodegradation was provided in the groundwater downstream of the 

source zone at well A located in the area of the former processing facilities. 

Compared to well A, a shift in δ13Cβ-HCH-values by > +7 ‰ could be observed at well 

B accompanied by a concentration decrease of 8 µg/L, indicating increasing and 

sustainable biodegradation of β-HCH in this area.  

 

γ-HCH 

Concentrations of γ-HCH were very low (< 5 µg/L) in all wells of the investigated 

transect except for well E (41 µg/L in 2008, 10 µg/L in 2010), thus limiting the 

evaluation of γ-HCH biodegradation by means of carbon isotope ratios (Fig. 2). High 

concentrations and consistent, highly 13C-depleted γ-HCH (2008: -29.7‰; 2010: -

30.1‰) at well E revealed a discrete HCH source in the area of a former HCH dump. 

Similar δ13Cγ-HCH-values indicate that physical processes seemed to be the main 

cause of the concentration decrease of γ-HCH at well E from 2008 to 2010. 

Compared to well E, the lower γ-HCH concentrations and more positive δ13Cγ-HCH-
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values at well D (4.5 µg/L, -25.7 ‰) and well A (3.2 µg/L, -24.4 ‰) in 2008 led to the 

assumption that biodegradation of γ-HCH is occurring at these wells. Overall, carbon 

isotope ratios and concentrations of γ-HCH seem to correspond with the findings for 

the other HCH isomers however, due to the low number of carbon isotope ratios 

available, only limited information could be derived on the biodegradation of γ-HCH. 
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