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Abstract: Groundwater from porous media is an important resource for the drinking water
supply and provisions more than one and a half billion people in the urban areas of the world
alone. Nowadays, organic compounds originating from landfills, leaking underground storage
tanks and pipelines, accidental spills, improper disposal techniques, and industrial discharges
often contaminate groundwater resources. During the last decade it was shown that the
remediation of contaminated groundwater using active remediation approaches was unable to
achieve cleanup goals at many field sites. Consequently, passive remediation approaches were
investigated, which are based on the natural attenuation and degradation of organic
contaminants without human interference (natura attenuation approach). As a remediation
strategy, this approach includes a detailed monitoring program (monitored natural attenuation)
and requires the documentation of the reduction in contaminant concentrations or mass fluxes at
field scale, as well as the identification of the mass flux reducing processes. Conventional mass
flux investigation methods using a screen of multilevel wells quantify contaminant mass fluxes
based on regionalized point-scale data and are hence subject to uncertainties in the results that
increase with the spatial changes in contaminant concentrations and hydraulic parametersin the
investigated aquifer. To overcome these limitations, this thesis documents the field scale
application of a new Integral Groundwater Investigation Method (IGIM) that allows the
estimation of field scale mass fluxes without the regionalization of point-scale data and which
requires only a reduced number of monitoring wells for the site investigation. A comparison of
the of new IGIM with a conventional multilevel mass flux estimation method at afield site with
a dense monitoring network, showed a good agreement in the mass flux respective mass flux
estimations. This demonstrates that the integral groundwater investigation can be a good
alternative for the investigation of field scale contaminant mass fluxes. The IGIM was extended
in this study to directly quantify field scale natural attenuation rates by measuring contaminant
mass fluxes at two control planes located at different distances from a contaminant source. This
approach was applied at a former M anufactured Gaswork Plant (MGP) in Germany (“ Testfeld
Sid”) which is contaminated by a complex mixture of monoaromatic and polyaromatic
hydrocarbons since around 100 years. At the MGP site, the application of the integral
groundwater investigation at two control planes alowed the identification of the major ground-
water contaminants, the quantification of the compound-specific mass fluxes at different
distances from the source, the estimation of the respective natural attenuation rate constants for
the targeted compounds, and the localisation of the major contaminant plumes at the field site.
In a second step, the contaminant transport between the investigated control planes was smula-
ted utilizing a new modelling code that accounts for the diffusion limited intra-particle sorption
of contaminants. The numerical transport modelling indicated that the biodegradation of the or-
ganic contaminants is nowadays the dominating mass flux reducing process at the MGP site.
The reactive transport modelling was also used to investigate the sensitivity of the IGIM on the
contaminant plume displacement during the pumping at a monitoring well. The results show
that sorption / desorption processes occurring during the contaminant transport towards a pump-
ing well can, under certain conditions, have an influence on the IGIM by changing the mobile
mass flux that is measured at the monitoring well. This influence, however, decreases with the
age of the investigated contaminant plume. It increases with the distance between the pumping
well and the main contaminated aquifer region.
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Kurzfassung: Grundwasser aus Sand- und Kiesaquiferen stellt in vielen Regionen der Welt eine
wichtige Trinkwasserressource dar. Diese versorgt alleine in den urbanen Gebieten der Erde
mindestens 1,5 Milliarden Menschen mit Trinkwasser. Gleichzeitig werden diese
Trinkwasserressourcen durch Kontaminationen mit insbesondere organischen Schadstoffen bedroht.
Potentielle Kontaminationsquellen fur diese Schadstoffe sind u.a. undichte Minera6ltanks und
Leitungen, Millhalden, industridle Unfdlle sowie ungeeignete Entsorgungsmethoden oder
Industrieabwasser und —emissionen.

In den letzten 10 Jahre zeigte sich bei der Sanierung kontaminierter Standorte, dass aktive
Sanierungsmethoden haufig nicht die gewiinschten Sanierungsziele erreichen konnten. Aus diesem
Grunde wurden u.a. passive Sanierungsmethoden entwickelt, welche auf dem natirlichen Rickhalte-
und Abbaupotential des Untergrundes aufbauen und auf dem natlrlichen Schadstoffabbau im
Grundwasser ohne menschliches Eingreifen basieren (,Natural Attenuation Ansatz*). Dieser Ansatz
beinhaltet im Rahmen einer Sanierung ein detailliertes Messprogramm, welches zum Ziel hat, die
Reduktion der Schadstofffrachten in Flief¥richtung in Raum und/oder Zeit zu dokumentieren. Des
weiteren mussen begleitende Modellierungen und/oder Experimente den biologischen Abbau der
organischen Schadstoffe am Standort nachweisen, um zu demonstrieren, dass die Schadstoffe effektiv
abgebaut und nicht nur sorbiert bzw. retardiert werden.

Konventionelle Feldmethoden zur Bestimmung der Schadstofffracht verwenden dabei Multilevel-
Messstellen, welche entlang einer Kontrollebene installiert sind. Die gemessenen punktuellen
Schadstoffkonzentrationen werden im Rahmen der Frachtenbestimmung regionaisiert, wodurch eine
Methodenunsicherheit entsteht, welche mit der rdumlichen Variabilitét der Schadstoffkonzentrationen
und Aquifereigenschaften um die jeweiligen Multilevel-Messpunkte herum ansteigt.

Um diese Unsicherheiten zu Uberwinden wurde eine neue integrale Grundwasser-Erkundungsme-
thode (INGWER) entwickelt, welche im Gegensatz zum Multilevel-Ansatz keine Punktwerte
regionalisiert, sondern die Schadstoffmassenfliisse integral bestimmt und eine im Vergleich deutlich
reduzierte Anzahl von Messstellen zur Felderkundung bendtigt. An  einem ehemaligen
Gaswerkstandort (, Testfeld Sud*) wurde der integrale Ansatz im Rahmen dieser Dissertation zur
Quantifizierung von Schadstoffmassenfliissen und Natural Attenuation-Raten implementiert und
erlaubte die Identifikation der Hauptschadstoffe am Standort sowie eine Darstellung ihrer
wahrscheinlichen Verteilung im Untergrund. Dartber hinaus wurde INGWER erweitert, um erstmalig
Abbauratenkonstanten basierend auf integral ermittelten Schadstofffrachten direkt im Feldmal3stab zu
quantifizieren. Dafur wurden zwei Kontrollebenen in unterschiedlicher Entfernung zum Schadensherd
ingtalliert und die gemessene Reduktion der stoffspezifischen Massenflisse zur Berechung der
Abbauratenkonstanten verwendet.

Eine anschlieffende Transportmodellierung im Feldmal3stab ermdglichte die Identifizierung des
biol ogischen Schadstoffabbaus a's den dominierenden Prozess, welcher heutzutage an diesem Standort
fUr die gemessene Frachtenreduktion verantwortlich ist. Die Modellierung des Sorptionsverhaltens
basierte dabei auf einem diffusiondimitierten Sorptionsprozess im Intrapartikelraum des
Aquifermaterials.

Die reaktive Transportmodellierung wurde dartiber hinaus fir die Untersuchung des Einflusses der
Schadstofffahnenverschiebung auf die integrale Massenflussbestimmung verwendet, welche wahrend
des Pumpens einer Grundwassermessstelle durch die Veranderung der Grundwasserstromung im
Aquifer auftritt. Numerische Experimente zeigten dabei, dass Sorptions- / Desorptionsprozesse unter
bestimmten Bedingungen durch die Veranderung der transportierten mobilen Schadstofffracht einen
Einfluss auf die integrale Schadstofffrachtbestimmung haben konnen. Es zeigte sich, dass dieser
Einfluss mit dem Alter der Schadstofffahne abnimmt und mit der Entfernung des Pumpbrunnens zur
Schadstofffahne zunimmt.
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Dimensions. Length [L], Mass[M], Pressure [P], and Time[T]

Areain across-section

Aquifer thickness

Concentration of a compound in amedium
Concentration of a compound in soil gas
Dissolved contaminant concentration
Concentration of a contaminant in groundwater
Concentration measured at a pumping well
Equilibrium concentration on a solid phase
Contaminant concentration in a streamtube
Theoretical average concentration of two streamtubes
Diffusion coefficient

Molecular diffusion coefficient

Apparent diffusion coefficient

Longitudinal dispersion coefficient

[L7]

(L
ML)
ML
ML
ML
[ML]
ML
ML
ML
[L2T ]
[L°T ]
[L2T ]
[L°T7]

Mesh sieve size where 90% of the sample massisretained [L]
Mesh sieve size where 40% of the sample massisretained [L]

Total error of an estimation

Fraction of organic carbon in amedia

Diffusive mass flux

Total mass flux of acompound at a groundwater fence
Faciestype: gravel

Facies type: bimodal gravel with afine grain matrix
Elevation of the hydraulic head

Henry’s Law constant

Integral mass discharge

Hydraulic conductivity of a porous media

Overall attenuation rate constant

Equilibrium distribution coefficient

Freundlich coefficient

Langmuir equilibrium coefficient

Octanol-water partition coefficient

Distance between two measuring points

Integral contaminant mass flux across a control plane
Total mass discharge from a source zone

Effective porosity of a porous media

Feundlich exponent

Number of isochronesin awell capture zone
Specific discharge or volumetric flow rate per unit area
Volumetric flow rate

Maximum sorptive capacity

Retardation factor

Radius of an isochrone

Faciestype: sand

Time

Transmissivity

Linear groundwater velocity

Average velocity of a solute in aporous media

[%]

[-]
[ML2TY
[MT]

[L]
[PML]
[MT]
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[T

[(L3M —1) 1—ZIJN]

[MM™]
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[L]
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[MT]
[-]

[-]

[-]
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Acronyms

ACE Acenaphthene

ANY Acenaphthylene

ANT Anthracene

BTEX Benzene, Toluene, Ethylbenzene, o,m,p-Xylene

CHR Chrysene

CSIA Compound-specific Stable Isotope Analysis

CP Control Plane

FLR Fluorene

FTH Fluoranthene

IGIM Integral Groundwater Investigation Method

MGP Manufactured Gas Plant

MNA Monitored Natural Attenuation

MTBE  Methyl Tert-Butyl Ether

NA Natural Attenuation

NAP Naphthalene

NAPL Non Agueous Phase Liquids

PAH Polycyclic Aromatic Hydrocarbons

PCE Tetrachloroethane

PHE Phenanthrene

RMS Root Mean Squared error

TCE Trichloroethane

TMB Tri-Methyl-Benzenes

UST Underground Storage Tank

VC Vinyl Chloride

VOC Volatile Organic Compounds

Greek Symbols

\% Directional derivative of avariable (Nabla operator)

o Capacity factor [-]
o Dispersivity [L]
P Bulk density of a porous media ML
A First-order natural attenuation rate constant [T
€ Effective intra-particle porosity [-]
i Tortousity factor [-]
mn Dynamic viscosity [ML™TY
® Empirical coefficient for the calculation of D, [-]
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1 Introduction
1.1 Research significance

Groundwater represents about 97%
of the existing fresh-water resources,
excluding fresh water stored in polar ice
caps. These groundwater resources are
used for the drinking water supply of
more than one and a half billion people
in the urban parts of the world alone
(World Bank, 1999; Shiklomanov,
1997). Reasons for the extensive use of
groundwater resources include the rela-
tively small investment costs required
for their development and their higher
reliability compared to the often seaso-
nally changing quantity and quality of
surface waters. Moreover, due to the
filtration of percolating water by geo-
logical media, groundwater is generaly
of ahigher quality then surface water.

Inasmuch as groundwater provides
drinking water for so many people, its
sustainable devel opment, protection and
remediation is of paramount impor-
tance. Groundwater can fail to meet
drinking water standards due to dis-
solved constituents originating from
either natural or anthropogenic sources.
Typical examples of constituents com-
ing from natural sources are dissolved
solids, sulfate, and chloride. However,
at alarge scale and from a public health
point of view, groundwater quality is
more severely threatened by anthropo-
genic influences.

Anthropogenic sources of ground-
water contamination such as landfills,
improper disposal techniques of in-
dustrial wastes, industrial discharges,
accidental spills and leaking under-
ground storage tanks primarily contami-
nate groundwater resources with orga-
nic compounds (Schiedek et al., 1997

and Figure 1.1). In the United States
aone there is a reported number of
412.000 leaking underground storage
tanks spilling petroleum hydrocarbons
into the subsurface (U.S. EPA, 2000a).

Industrial processes can often be
linked to groundwater contamination.
Since the early 1800s for example, gas
was the main energy source for many
cities and towns. It was mostly manu-
factured locally through the capture of
combustible gas generated from coke,
coa or oil. Former Manufactured Gas
Plants (MGPs) are hence a common
feature in many large towns and cities.
Fischer et a. (1999) estimate that
between the 1920s and the 1930s about
10.000 MGPs were in operation
throughout North America and Europe.

In the gas manufacturing process,
however, large quantities of waste were
produced. Today such wastes can be
found in the soil and groundwater at
virtually every mgor MGP (Merkd,
1996). The subsurface contamination at
such sites usually comprises a complex
mixtures of PAH (Polycyclic Aromatic
Hydrocarbons) and often BTEX (Ben-
zene, Toluene, Ethylbenzene and Xy-
lenes) compounds. Many of these com-
pounds have been shown to act carcino-
genic, toxic, and/or mutagenic, thus ge-
nerating a considerable hazard to the en-
vironment in general and mankind in
particular.

In the next 30 years, the clean up
costs for the former MGPs in the United
States could add up to between $25-75
billion (Murarka, 1995) and reach
around DM 10 billion for former MGPs
in West-Germany.
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Figure 1.1: The 15 most frequently detected organic compounds at contaminated sites in Germany and the

Unites States (modified from Teutsch, 1999)

Confronted with severe public health
and environmental problems and the
immense remediation costs associated
with site cleanups, it is not surprising
that subsurface investigation techni-
ques, remediation technologies and
groundwater risk assessments became a
focus of today’s research in hydrogeo-
logy and related environmental scien-
Ces.

In this context, the scale-dependen-
cies of different investigation techno-
logies and approaches are problematic.
Especialy the up-scaling of data ob-
tained from controlled laboratory ex-
periments to the field scale can intro-
duce significant uncertainties into the
data interpretation. Reliable site-specific
quantifications of environmental pro-
cesses such as contaminant degradation
in groundwater are therefore only pos-
sible through in-situ investigation ap-
proaches, which quantify the studied
processes at the field scale under field
conditions. But this is often difficult to
perform especially in heterogeneous
systems, where conditions and environ-
mental parameters vary spatialy and/or
temporally at small scales. Under such
conditions conventiona point scale in-
vestigation techniques are difficult to

employ because the obtained data is
only representative for a small volume
around the sampling location and indi-
vidual data point have to be regionali-
zed. This can lead to erroneous results if
heterogeneous conditions are encoun-
tered. Due to the limitations inherent to
such investigation and measuring tech-
niques, the development of new and
reliable site investigation techniques is
one of the current research needs in the
field of hydrogeology.

This thesis focuses on the develop-
ment and field scale application of new
field scale investigation and modelling
techniques (Figure 1.2), which can pro-
vide reliable information about the
contaminant fate and transport in homo-
geneous and heterogeneous aquifer sys-
tems without the need of data regionali-
zation. The investigation and modelling
techniques employed can for example
be used for the documentation of the na-
tural contaminant reduction at a field
site, as well as during active and passive
remediation projects, which require (a)
the documentation of field scale mass
flux reductions in a contaminated aqui-
fer and (b) require a reactive transport
model concept to predict contaminant
transport at the field site.
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Figure 1.2: Concept of the conduced research at a former manufactured gas plant in south-west Germany.
Research included field measurements (integral groundwater investigation), laboratory scale experiments
(estimation of sorption kinetics with aquifer material), and reactive transport modelling of acenaphthene
as the model contaminant (modified from Herfort et al., 1999).

1.2 Research objectives

In order to understand and quantify
the fate and transport of organic conta-
minants in groundwater and to allow for
the selection and implementation of
cost-effective remediation schemes, it is
necessary to develop reliable site inves-
tigation techniques that alow to
measure and monitor contaminant mass
fluxes and their spatial distributions in
the groundwater.

This thesis focuses on the develop-
ment and application of such new
investigation and modelling techniques
at thefield scale.

These new techniques are applied
during this study at a former manu-
factured gas plant (“Testfeld Sud”)
located in the Neckar river valey in
south-west Germany (Figure 1.3) to in-
vestigate the transport and natural atten-
uation of organic groundwater contami-
nants, including BTEX and PAH com-
pounds.

The investigated alluvia sand and
gravel aquifer system is typical for
many river valley aquifer systems in
southern Germany.

i

Stuttgart
@

A

Field site

Figure 1.3: Location of the field site.
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A special research focusin thisthesis
was on:

1. The first-time field scale application
of a novel groundwater investigation
technique utilizing two control planes
situated at increasing distances down-
stream of contaminant source zones at a
former manufactured gas plant (MGP)
sitein Germany.

2. The quantification of compound-
specific field scale mass fluxes of the
organic groundwater contaminants at
the former MGP site and the identifi-
cation of the persistent mobile contami-
nants that pose the greatest environ-
mental hazard to  downgradient
receptors.

3. The estimation of field scale natural
attenuation rate constants for the target
contaminants based on the in-situ meas-
ured reduction of contaminant mass
fluxesin flow direction at the MGP site.

4. The characterisation and localisation
of the contaminant plumes migrating
downgradient from the source zone at
the MGP site.

The exact localisation and character-
ization of the contaminant sources using
conventional investigation approaches
is not possible at the site (Zamfirescu,
2000). The information gained through
this research allows for the devel opment
of efficient remediation strategies,
which require an extensive knowledge
about the location and composition of
the contaminant plumes in the ground-
water.

5. The independent determination of
the importance of sorption and biode-
gradation processes on the reduction of
contaminant mass fluxes in flow direc-
tion.

If sorption is the dominant factor the
migration of the contaminant mass at
the site would only be retarded, causing

severe public health and environmental
concern in the future. On the other
hand, biodegradation as the major trans-
port controlling factor would cause an
effective reduction in contaminant
mass, reducing also the environmental
hazard caused by the groundwater con-
tamination.

6. Modelling of the field scale transport
of organic groundwater contaminants at
the MGP site, accounting for diffusion
limited non-linear sorption of the
groundwater contaminants during the
transport in flow direction.

This thesis documents the first-time
field scale application of a new trans-
port model code at a rea world field
site, which utilizes a facies approach in
which independent sorption parameters
can be atributed to individual
geological facies that make up the
aquifer at the studied field site. The
transport code was numerically tested
by Herfort (2001) utilizing artificia
aquifer scenarios and laboratory-scale
column tests.

7. A high resolution application of the
new integral groundwater investigation
approach at an underground storage
tank (UST) site at the Canadian Forces
Base in Ontario, Canada, and a compa-
rison of the integral mass flux estima-
tions with the results from a conventio-
nal high resolution multilevel mass flux
estimation method that was simulta-
neously applied at the field site.

8. Characterization of the impact of
sorption on the integral groundwater in-
vestigation technique employed
throughout this study.

If sorption / desorption processes
significantly influence the mobile
contaminant mass that is transported to-
wards a pumping well, the integral
groundwater investigation could yield
erroneous results with regard to the
field scale mass flux estimation.
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The information gained in this
research through the numerical transport
modelling and the simulation of long-
term pumping tests in homogeneous and
heterogeneous porous aquifers alows to
guantify the possible influence of
reactive transport processes occurring
during the plume displacement initiated
by an extensive pumping test. These
effects are numerically investigated for
different plume and aquifer conditions.

1.3 Outlineof thethesis

Following this introductory chapter,
Chapter 2 illustrates the limitations of
engineered remediation strategies that
focus on the active removal of contami-
nants from aquifers using the commonly
used pump-and-treat system as an
example.

The failure of these active reme-
diation systems to meet cleanup goals at
a large number of sites nourished the
development of passive remediation
approaches, like the concept of natural
attenuation. Chapter 2 highlights the
stages in which natural attenuation was
introduced into legidlative regulations
and illustrates the research needs con-
nected with the documentation of na-
tural attenuation at field sites, which are
then further addressed later in this
thesis.

Chapter 3 discusses the main proces-
ses of natural attenuation and describes
the major factors that control the fate
and transport of organic contaminantsin
groundwater.

The application of a new ground-
water investigation method at a former
MGP in Germany and the analytical
interpretation of the measured field data
are presented in Chapter 4.

Chapter 5 introduces a case study focus-
ing on the applicability and limitations
of different investigation methods if
applied at a field site with a limited
monitoring network.

Chapter 6 portrays the field scale
application of the integral investigation
technique at a fuel hydrocarbon conta-
minated field site in Ontario, Canada,
where a leaking underground storage
tank (UST) resulted in a BTEX conta
mination of the local sand aquifer.

At this site, the integral groundwater
investigation was conducted simulta-
neously with a conventional point-scale
mass flux estimation method (ground-
water fence approach). In Chapter 6 the
results of the two different investigation
methods are presented and discussed.

Chapter 7 deals with the numerical
interpretation of the data gathered at the
MGP site in Germany. In addition, this
chapter compares the numerica inter-
pretation of the integral groundwater
data with the analytically derived results
and explains the influence of aquifer
heterogeneities on the mass flux
guantification process.

Finally, Chapter 8 introduces the
field scale numerical transport model-
ling for the MGP site, using
acenaphthene as the model contaminant.
This chapter aso demonstrates the
influence of diffusion limited non-linear
sorption on the contaminant transport
towards a pumping well and, hence, the
sengitivity of the integral mass flux
gquantification process on reactive
transport processes in heterogeneous
and homogeneous porous media.
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2 Siteremediation and
Investigation approaches

2.1 Pump-and-treat

Following the 1978 Love Canal inci-
dent in the United States (e.g. U.S.
EPA, 2000b), large-scale site restora
tion projects were initiated to remediate
hazardous waste sites. These projects
mainly employed engineered systems
that attempted to remove contaminants
from groundwater and soil. “Pump-and-
treat” systems were the most common
remedial technologies, which were and
are used to (@) hydraulicaly contain
contaminated groundwater, and/or (b)
restore groundwater quality to meet
defined standards such as drinking
water quality standards (U.S. EPA,
1994).

A pump-and-treat remedial action in-
volves the extraction of contaminated
groundwater followed by its subsequent
ex-situ treatment for contaminant re-
moval with, for example, air stripping,
carbon adsorption, biological reactors,
or chemical precipitation. The extracted
groundwater is then either disposed off
site or reinfiltrated into the subsurface.

In different studies in the late 1980s
and early 1990s (e.g. Mackay and
Cherry, 1989; National Research
Council (NRC), 1994) remediation
projects at sites with operating pump-
and-treat systems in the United States
were studied, of which only asmall per-
centage achieved the defined cleanup
goals within the expected time frames.
The key reasons for the failure of the
pump-and-treat systems were:

e Difficulties in characterising the
subsurface

e Physica heterogeneities in the sub-
surface, making groundwater path-
ways difficult to predict

e Sorption of the contaminants

e Migration of contaminants into low
permeability zones like clays or
pores of the aguifer matrix

e Presence of NAPLSs, creating long-
time sources

These factors lead to characteristic
tailing- and rebound-phenomena of dis-
solved contaminant concentrations dur-
ing site cleanup as illustrated in Figure
2.1.

4 «———Pumpon ———»|< Pumpoff —»
Theoretical
.. removal without

.~ tailing

Rebound

Removal
i with tailing
‘.: /

| Cleanup standard

Apparent
residual
L - concentration

Relative concentration

v

Pumping time or volume pumped

Figure 2.1: Tailing and rebound behaviour of
pump-and-treat systems (modified from Keely,
1989).

Tailing refers to the progressively
sower rate of reduction in dissolved
contaminant concentrations during the
pumping, leading to extensive treatment
times (up to centuries) and possibly to
residual contaminant concentrations in
excess of the required cleanup stan-
dards. Rebound is the relatively fast
increase in dissolved contaminant con-
centrations that can occur after the shut-
off of the pump-and-treat system. Re-

7
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bound effects are especially problematic
if the contaminant concentration increa-
ses to a level exceeding the attained
cleanup standard after the disconti-
nuation of the pump-and-treat system.

Remediation costs for pump-and-
treat systems can easily reach severa
million U.S. dollars per site (Kelley et
a., 1996). In a recent study, the U.S.
Environmental Protection Agency ana
lysed the remediation costs of 32 pump-
and-treat systems and estimated an
average cost of US $ 3.6 to 8.9 million
for the cleanup of mainly chlorinated
solvents or a combination of organic
contaminants, respectively (U.S. EPA,
2001).

The high costs of engineered cleanup
systems and the disappointing perfor-
mance of a large number of pump-and-
treat systems lead to the conclusion that
pump-and-treat approaches often cannot
remove al contamination from a site
(National Research Council (NRC),
1994) and that it is a “simple fact” that
“contaminated aquifers cannot be
restored by pumping and treating”
(Travisand Doty, 1990).

During the last few years, the
growing awareness of the limitations of
engineered systems therefore initiated a
search for alternative remediation stra-
tegies and a rethinking of remediation
goas and time frames. In this context,
the potential of the natural remova of
contaminants from an aguifer system
without human interference evolved and
lead to a remediation strategy known as
natural attenuation.

2.2 Natural attenuation

In practice, natural attenuation is also
referred to as intrinsic bioremediation or
passive bioremediation. Natural atten-
uation refers to the observed reduction
in contaminant concentration and mass

8

during the migration from a source
through a subsurface environment down
to concentrations that are protective of
human health and the environment. This
decrease in groundwater contaminant
concentrations and mass is due to a
number of natural physical, chemical,
and biological processes.

Natural attenuation processes are
contaminant specific. Each contaminant
tends to be unique in the way different
natural processes affect its fate.
Especialy significant is the difference
between organic and inorganic contami-
nants. This thesis focuses exclusively
on the natural attenuation of selected or-
ganic contaminants, which include ben-
zene, ethylbenzene, toluene and the
xylene isomers (BTEX), as well as
polycyclic aromatic  hydrocarbons
(PAHs). The major processes con-
trolling the transport and natural atten-
uation of these organic contaminants are
further discussed in Chapter 3. Natural
attenuation of metals, which is limited
to an alternation of the metals mobility
and/or toxicity, is not within the scope
of thisthesis.

When natural attenuation (NA) pro-
cesses are shown to be capable of
attaining site-specific remediation goals
in a time frame that is reasonable com-
pared to other alternatives, monitored
natural attenuation (MNA), the combi-
nation of natural attenuation processes
and long time monitoring, can aone or
in combination with other (more active)
remedies be the preferred remediation
aternative for the cleanup of contami-
nated sites.

The United States Environmental
Protection Agency Office of Solid
Waste and Emergency Response
(OSWER) defines MNA as (USEPA,
1999):

“The reliance on natural attenuation
processes (within the context of a care-
fully controlled and monitored clean-up
approach) to achieve site-specific reme
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diation objectives within a time frame
that is reasonable compared to that of-
fered by other, more active methods.
The “natural attenuation processes’
that are at work in such a remediation
approach include a variety of physical,
chemical, or biological processes that,
under favourable conditions, act with-
out human intervention to reduce the
mass, toxicity, mobility, volume, or con-
centration of contaminants in soil and
groundwater. These in-situ processes
include biodegradation; dispersion; di-
lution; sorption; volatilisation; radio-
active decay; and chemical or biologi-
cal stabilization, transformation, or de-
struction of contaminants.”

The main advantages of MNA as a
remediation strategy are that it is non-
intrusive and does not interfere with on-
going site operation. It is furthermore
cost-effective and cheaper than active
remediation approaches. Typical MNA
costs for the remediation of sites conta-
minated with fuel hydrocarbons without
the use of additional treatment technolo-
gies have been estimated as $200.000
(Kelley et a., 1996; US Air Force,
1999). These costs typically increase to
$600.000 respective $300.000 if MNA
is coupled to one or two additional
treatment technologies like source
removal or bioventing (U.S. Air Force,
1999). Additional treatment technolo-
gies can be installed and operated to
reduce the required time frame for
acceptable site cleanup.

In addition, MNA applications have
minimal technical requirements, do fo-
cus on the destruction rather than the
transfer of the contaminants into ano-
ther medium or phase, and can be used
in conjunction with or as a follow-up to
conventional remedial technologies.

However, MNA also has its disad-
vantages. These include for example
that MNA is not a “quick-fix” solution,
but that the timeframe for complete re-
mediation may be long. Moreover,
MNA can be sensitive to natural or an-

thropogenic changes of the groundwater
flow conditions, geochemical situation
and/or to potential future spills and re-
leases of contaminants into the sub-
surface. Furthermore, intermediate pro-
ducts (e.g. vinyl chloride (VC)) formed
during the biodegradation of organic
compounds can be more toxic than the
parent compound (e.g. trichlorethene
(TCE)) and the potential exists for con-
tinued contaminant migration, and/or
cross-media transfer of the contami-
nants during the natural attenuation pro-
cess. In addition, aquifer character-
isation and the documentation of NA at
asiteis more complex and may be diffi-
cult to achieve especialy in the pre-
sence of spatial or temporal heteroge-
neities in the subsurface.

2.2.1 NA and governmental
regulations

Since the early 1990s, monitored na-
tural attenuation (MNA) as a remedi-
ation strategy has been introduced into
different technical protocols and legis-
lative regulations in a number of coun-
tries and regulatory bodies in the world.

In the United States the use of natu-
ral attenuation as a remediation strategy
was discussed and defined by a number
of state agencies like the Florida De-
partment of Environmental Regulation
(FDER, 1990), the New Jersey Depart-
ment of Environmental Protection
(NJDEP, 1996), the Minnesota Pol-
lution Control Agency (MPCA, 1997),
the Wisconsin Department of Natural
Resources (WDNR, 1997, 1999), the
New Hampshire Department of Envi-
ronmental Services (NHDES, 1999),
and the North Carolina Division of
Waste Management (NCDWM, 2000),
aswell as by private oil companies such
as Amoco (Caldwell et a., 1992; Yang
et a., 19953 1995b), Chevron
(Buscheck and O'Reilly, 1995, 1997)
and the Mobil Oil Corporation (MOC,
1995), which were and are problem
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owners of alarge number of fuel hydro-
carbon contaminated sites and who are
interested in alternative remediation
technologies for the cleanup of these
sites.

Research in the field of monitored
natural attenuation was aso conducted
and published in reports by the Ameri-
can Society for Testing and Materials
(ASTM, 1997), and the American
Petroleum Institute (API, 1997). The
U.S. Air Force initiated research pro-
grams and published extensive technical
protocols for the application of MNA at
U.S. Air Force sites contaminated with
petroleum hydrocarbons and jet fuel
(Wiedemeier et al., 1995) and later for
sites contaminated with chlorinated sol-
vents (Wiedemeier et a., 1997). Similar
protocols were developed for MNA
applications at contaminated sites
owned by the U.S. Navy (Wiedemeier
and Chapelle, 1998), and the U.S. De-
partment of Energy (USDOE, 1998).
For MNA remediation of explosives in
groundwater, the U.S. Army Corps of
Engineers published a technical report
in 1999 (Pennington et al., 1999).

On a federad level in the United
States, MNA is dealt with in a number
of regulations from the U.S. Environ-
mental  Protection Agency (eg.,
USEPA, 1997; Wiedemeer et 4d.,
1998). However, the key U.S. EPA
policy document pertaining natural
attenuation is the directive entitled Use
of Monitored Natural Attenuation at
Superfund, RCRA Corrective Action,
and Underground Sorage Tank Stes
finadized and published in 1999
(USEPA, 1999). This directive governs
the application of MNA in the United
States and also had a huge impact on
the development of MNA regulationsin
other parts of the world.

In Europe, there is no single Euro-
pean framework dealing with MNA as a
remediation strategy yet. However, in-
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dividual governmental bodies have de-
veloped local regulations. In England,
the Environment Agency has recently
published a genera MNA regulation
(Carey et al., 2000) and in the Nether-
lands, a Decison Support System
(Sinke et a., 1999) is available, which
allows the regulation of MNA applica-
tions at contaminated sites.

In Denmark, MNA is dedlt with in
the framework of the Danish Soil Pro-
tection Law (Dahlstrohm, 1999). How-
ever up to now no framework exists
which specifically regulates and exclu-
sively deals with the use of MNA in
Denmark.

In Germany, technical guidelines for
the utilization of MNA are not yet avail-
able on the federa level. MNA can
therefore only be applied on a case-to
case basis and after individua site
assessment. At a state level however,
the first studies about the possibilities of
NA and MNA have been initiated, for
example in Baden-Wuertemberg (e.g.,
Schiedek et al., 1997).

In a critica review of the MNA
protocols and regulations in the United
States, the National Research Council
(NRC, 2000) concluded, that one of the
main research needs in the context of
natural attenuation is to study the influ-
ences and impacts of subsurface hetero-
geneities on the NA potentia in the
groundwater and on the required site
characterization process.

2.2.2 NA documentation
reguirements

In nearly all regulations, protocols,
and reports about the implementation of
MNA at contaminated sites, it is empha-
sised that the decision to employ MNA
as a remediation alternative should be
thoroughly and adequately supported
with site-specific characterisation data
and analysis. Site specific conditions
might also call for a source control stra-
tegy were appropriate to minimize the
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ongoing mass flux output from the
source. However, for MNA a suitable
long-term monitoring program is man-
datory to observe the plume develop-
ment with time.

After an extensive site investigation
it is important to reliably evaluate the
potential efficiency of MNA as a
remediation alternative (USEPA, 1999).
This step includes the gathering of site-
specific data to quantify, with an
acceptable level of confidence, the rate
of the attenuation processes and to
estimate the period of time required to
achieve the defined remediation objec-
tives. The data collected in this process
is based on three independent but con-
verging lines of evidence, which in-
clude (e.g., Wiedemeier at a., 1995,
1997, USDOE, 1998; USEPA, 1999;
Pennington et a., 1999; USAirForce,
1999):

1. Historical groundwater and/or soil
chemistry data that demonstrate a clear
and meaningful trend of decreasing con-
taminant mass and/or concentration
over time at appropriate monitoring
points.

2. Hydrogeologic and geochemical
data that illustrate that geochemical
conditions are suitable for biodegrada-
tion and to indirectly demonstrate the
type(s) and rates of the NA processes
active at the site. This often includes (@)
depletion of electron donors and accep-
tors; (b) increase in metabolic by-pro-
duct concentrations; (¢) decreasing pa
rent compound concentrations; and (d)
increase in daughter compound concen-
trations.

3. Data from field or microcosm stu-
dies, which directly demonstrate the
occurrence of aparticular NA process at
the site and to verify the ability of in-
situ contaminant degradation.

For achieving regulatory approva
for MNA application it is generaly ne-
cessary to provide both historical data
(type 1 above) and data characterizing
the nature and rates of NA processes
active at the site (type 2 above). Where
the latter is inadequate or inconclusive,
data from microcosm studies (type 3
above) may also be required. In addition
to these lines of evidence, analytical or
numerical solute transport models can
be used to examine the processes influ-
encing the fate and transport of organic
contaminants in groundwater (Wiede-
meier et al., 1999). This approach was
followed in this thesis. As further dis-
cussed in Chapter 8, a numerical trans-
port model was applied to study the
influence of sorption on the contami-
nant transport at the former manufac-
tured gas plant site.

2.2.3 Limitations of NA
documentation techniques

The problems associated with the site
characterization and the NA documenta-
tion at heterogeneous field sites, as
stressed by the National Research
Council (NRC, 2000), is addressed in
this study through the joint field scale
application of a novel integral ground-
water investigation method and a reac-
tive transport modelling. The integral
groundwater investigation method was
applied at a heterogeneous sand and
gravel aguifer (Chapter 4 and Chapter
5) as well as at a more homogeneous
sand aquifer (Chapter 6). The applied
methods can, in the scope of their
specific objectives, together or indivi-
dually be aternatives to conventional
NA documentation approaches, which
nearly al suffer from avariety of
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Figure 2.1.2: Outcrop of a heterogeneous alluvial sand and gravel aguifer (Klingbeil, 1998)

deficiencies and interpretational con-
strains.

For example, a widely used method
for the documentation of natura atten-
uation is the use of historical point-scale
concentration data from different moni-
toring points showing a decrease in con-
taminant concentrations with time (type
1 data above). However, in case of
organic contaminants for example, de-
creasing concentrations with time at a
specific monitoring point can simply be
the result of plume migration and/or in-
appropriately placed monitoring wells
(e.g., monitoring wells are located at the
fringe or outside of the contaminant
plume's extension).

In the presence of subsurface hetero-
geneities, the conduction of reliable site
characterisations and field scale sam-
pling campaigns can be a challenging
task. From the small scale spatia
variations in aquifer structure and facies
shown in Figure 2.1.2 it is obvious that
under heterogeneous conditions, small
scale or “point scale” investigations and
concentration measuring campaigns are
only representative for a very small
aquifer volume around the sampling lo-
cation because aquifer properties like
hydraulic conductivity and sorption ca-
pacity are highly variable in space. The
12

limitations of traditiona site investiga-
tion techniques under heterogeneous
conditions and an alternative integral
groundwater  investigation  method,
which was applied in this study, are
further discussed in Chapters 4 and 5 of
thisthesis.

Another widely used approach for
the determination of natural attenuation
at afield site is to measure decreases in
electron acceptors such as oxygen,
nitrate, iron(l11), and sulfate and in-
creases in concentrations of products
such as sulfide, carbon dioxide, or me-
thane in contaminated aquifer regions,
relative to background values (eg.,
Baedecker et al., 1993; Schmitt et a.,
1996; Anderson et al., 1998; Anderson
and Lovley, 2000). Although these geo-
chemical changes in the groundwater
indicate in-situ responses to the ground-
water contamination, they do not attest
a reduction in contaminant mass in the
affected aquifer (Gieg et a., 1999).
Similarly, comparative measurements
of specific types of microorganisms in
contaminated and uncontaminated parts
of an aquifer suggest a microbiological
response to the contamination, but do
not proof ongoing activity of the detec-
ted microorganisms nor their biodegra-
dation capabilities with regard to the
present  groundwater  contaminants
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(NRC, 1993, Braddock and McCarthy,
1996; Grieg et a., 1999).

The measurement of the prevailing
redox-conditions, for example obtained
through the measurement of steady-
state hydrogen concentrations, can be
used to determine the predominant ter-
minal electron accepting processes and
thus the ongoing activity of in-situ
microbial communities, but this does
not verify that groundwater contami-
nants are biodegraded in this process
(Grieg et al., 1999).

Alternatively, contaminant biodegra-
dation can be studied through controlled
microcosm studies and batch experi-
ments in the laboratory (e.g., Nielsen
and Christiansen, 1994; Nielsen et al.,
1996), but these experiments only indi-
cate that the groundwater contaminants
are susceptible to biodegradation. They
do not reliably proof that biodegrada-
tion aso occurs in the field under field
conditions (HOhener et a., 1998). In
any case, considering the many factors
influencing biodegradation of organic
contaminants in groundwater, it seems
likely, that reliable NA and biode-
gradation rate constants can be deter-
mined only in-situ (Madsen, 1991;
NRC, 1993).

Acknowledging the need for in situ
measurements, different studies (e.g.,
Nielsen et a., 1996; Godsy et al., 2000)
used in-situ microcosms developed by
Gillham et a. (1990a 1990b) to
measure point scale NA rates under
fairly accurate field conditions. But the
results of these studies are influenced
by the placement of the microcosms as
geochemical conditions can vary in
space and time in a studied aquifer
system. The results obtained through
these studies therefore cannot represent
true in-situ rates, but might be seen as
fair approximations (Nielsen et a.,
1996). Kao and Wang (2001) conclude
that mass flux quantifications are more

reliable and straightforward in NA effi-
ciency evaluation than microcosm te<t,
in-situ column studies and fate and
transport model applications.

A promising new technique with the
potential to provide a direct indication
of biodegradation is the compound spe-
cific stable isotope analysis (CSIA) of
stable isotope ratios like &°H, &%C,
8"N, 8'°0, and §%'Cl. A detailed des-
cription of stable isotope geochemistry
and CSIA is beyond the scope of this
thesis and the interested reader is refer-
red to standard textbooks, like Galimov
(1985), Fritz and Fontes (1986) or
Hoefs (1997). In the context of natura
attenuation it is sufficient to say that
elements like for example C and H,
which make up the monoaromatic con-
taminants (BTEX), each occur in two
stable isotopes, one light and one heavy
in a characteristic ratio. Isotopic fractio-
nation during the biodegradation of or-
ganic contaminants, which is estimated
with the CSIA approach, is then a mea-
sure of the change in the ratio of heavy
to light isotopes expressed as the &
value or %o difference relative to a
defined standard. Due to different ener-
getic requirements for chemical reac-
tions with the different isotopes, micro-
bial degradation of organic contami-
nants will result in a preferential degra-
dation of the lighter isotope, resulting in
a substrate that systematically becomes
more enriched in heavy isotopes as bio-
degradation proceeds.

In general, compound-specific iso-
tope ratios can be used to (i) distinguish
between different contaminant sources,
or events of contamination, if isotope
ratios are conserved during transport in
the groundwater, or (ii) demonstrate the
occurrence of biodegradation, if biode-
gradation of the organic solute is ac-
companied by a characteristic isotopic
fractionation. It has been shown that
nondegradative processes such as sorp-
tion (Harrington et al., 1999), volatili-
sation (Slater et al., 1999; Huang et al.,

13
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1999) and dissolution (Dempster et al.,
1997; Slater et al., 1999) cause only
very small isotope fractionations, which
in many cases are smaller than the ana-
lytical uncertainty inherent to the CSIA
approach. Significant changes in the
isotope ratios can therefore often be
attributed to microbial degradation pro-
CESSeS.

Severa studies have been published
on the fractionation of carbon isotopes
during the biotic and abiotic biodegra-
dation of chlorinated solvents such as
trichloroethane (TCE) and tetrachloro-
ethene (PCE). Ertl et al. (1996) obser-
ved negligible carbon isotope fractio-
nation, whereas Sherwood et al. (2001)
observed a fractionation of —7.1%o. for
the dechloronation of TCE to cis-DCE
under sulfate reducing conditions.
Hunkeler et al. (1999) studied the car-
bon isotope fractionation during the me-
thanogenic dechloronation of PCE and
reported enrichment factors between
2%o0 and 26%o. for the different de-
chloronation steps. These results were
later confirmed by Bloom et al. (2000)
and Slater et a. (2001), who observed
comparable fractionation factors of
around 20%eo.

The chloride ratio (8°'Cl) can also
provide information on the microbial
biodegradation activity as shown by
Sturchio et a. (1998) for TCE and
Heraty at a. (1999) for dichlorome-
thane.

For chlorinated hydrocarbons, stu-
dies to date therefore indicate that a
large and reproducible (carbon) isotope
fractionation is associated with the bio-
degradation of these compounds and
changes in the isotope ration can be
used as an effective indicator to confirm
intrinsic bioremediation of chlorinated
solvents at field scale.

Severa studies have focused on the
3¢/*2C fractionation during the biode-
gradation of monoaromatic hydrocar-
bons (BTEX) and petroleum hydrocar-
bons (e.g., Landmeyer et al., 1996;

14

Kelley et al., 1997; Meckenstock et al.,
1999; Ahad et al., 2000) and crude ail
(e.g., Jackson et a., 1996).

Aggarwa et a. (1997) combined
measurements of §°C with 50 quanti-
fications to investigate the effectiveness
of intrinsic and enhanced biodegrada-
tion of diesel fuel.

For BTEX and other organic hydro-
carbons, however, the evidence for
applying stable isotope analysis in the
same way as for the chlorinated hydro-
carbons is less compelling. Changes in
the isotopic ratio 8**C during the anae-
robic degradation of toluene under me-
thanogenic and sulfate-reducing condi-
tions, for example were seen to be very
small (2.0%0 and 2.4%., respectively,
Ahad et al., 2000). In laboratory scale
batch experiments, Meckenstock et al.
(1999) reported values of around 6%
enrichment in '*C residua toluene
under denitrifying, iron-reducing, and
sulfate-reducing conditions. Stehmeier
et a. (1999) documented only a 2%
enrichment in *C in residual benzenein
similar laboratory experiments.

For the biological degradation of the
gasoline oxygenate Methyl tert-Butyl
Ether (MTBE) Hunkeler et al. (2001)
observed a more pronounced shift in the
carbon isotope ratio of up to 6.9%. after
97% of substrate degradation.

For aerobic environments, it is
known that the degradation of organic
contaminants is significantly faster then
in anoxic environments. The degra-
dation pathways of petroleum hydrocar-
bons are, however, not fully understood
yet. Currently, it is therefore not
possible to quantitatively estimate the
amount of biodegradation in aerobic
aquifer systems based on a CSIA
because the fractionation factors needed
for the analysis and associated to the
degradation pathways cannot be
assessed (Meckenstock et al., 2001).
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In contrast to the generally small iso-
topic changes of the carbon isotopes,
Ward et al. (2000) and Morasch et al.
(2001) used the hydrogen ratio 8°H for
the assessment of biodegradation of
toluene under anaerobic conditions and
reported isotopic fractionations which
are up to orders of magnitude larger
compared to carbon isotope fractiona-
tions under similar conditions. How-
ever, quantitative evauations of biolo-
gical degradation activities at contami-
nated sites by the anaysis of bacterid
hydrogen isotope fractionation is cur-
rently difficult due to variations in the
fractionation process between different
bacterial strains (Morasch et al., 2001).

Moreover, the hydrogen isotope
analyses currently suffers from a rela
tively high minimum contaminant con-
centration of around 2 mgl™ (Ward et
al., 2000), which limits the field scale
applicability of this approach as conta-
minant plumes often exhibit much
smaller contaminant concentrations.

In summary, nearly all evidence sug-
gests that for BTEX and other hydro-
carbon contaminations, the expected
carbon isotope fractionation during bio-
degradation isin the order of only afew
%o and the change in the carbon isotope
ratio is therefore a relatively insensitive
parameter for the quantification of bio-
degradation. At field site with the
possibility for different sources with
different initid  8°C values, the
application of the CSIA approach will
be a challenge because the small shifts
in the 5°C value could easily be
masked by the isotopic differences of
multiple contaminant sources or spills
(e.g., Jackson et al., 1996).

On the other hand, if the apparent in-
sensitive behaviour of stable carbon
isotopes with respect to biodegradation
by mixed consortia (Sherwood-Lollar et
al., 1996; Meckenstock et al., 1999;
Stehmeier et a., 1999; Ahad et 4.,
2000) is upheld, carbon isotope analysis

could be used to investigate contami-
nant source zones or transport paths
because aromatic hydrocarbons derived
from different sources can have isotopi-
caly distinct §3C values (Dempster et
a., 1997; Harrington et al., 1999) that
apparently do not change significantly
during contaminant transport.

For aromatic hydrocarbons, hydro-
gen isotope analysis could be an alter-
native for the quantification of bio-
degradation because the hydrogen ratio
shows a stronger fractionation during
the biotic degradation process (Ward et
a., 2000). However, to date it is
unknown if abiotic processes such as
sorption, volatilisation, and dissolution
can have an influence on the hydrogen
isotope ratio.

In conclusion, traditional methods
for the documentation of natural atten-
uation suffer from a number of inter-
pretational constrains. A combination of
severa new methodologies could be an
effective alternative for the documen-
tation of NA a homogeneous and he-
terogeneous field sites. This novel ap-
proach could include (i) the integral
mass flux quantification of target
contaminants as shown in this study to
investigate and document the reduction
of mobile contaminant mass flux with
travel distance, coupled with (ii) a
carbon isotope analysis for the charac-
terisation and identification of contami-
nant sources, and coupled with (iii) a
hydrogen isotope analysis to derive the
contribution of biodegradation on the
measured mass flux reduction in flow
direction.

Studies using contaminant mass flux
estimations for the quantification of
attenuation rate constants were pub-
lished for example by Borden et al.
(1997) and Kao and Wang (2001) for
BTEX compounds, by Bockelmann et
al. (2000a, 2000b; 2001a, 2001b) for
BTEX and low molecular weight PAH
compounds, by Semprini et al. (1995)
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for chlorinated hydrocarbons, by King
et a. (1999) for the attenuation of a cod
tar creosote plume, and by Wilson et al.
(2000) for the estimation of MTBE
removal under methanogenic condi-
tions. Most of these studies used point-
scale flux estimation approaches and
assumed that the measured mass flux
reductions were solely a result of bio-
degradation. Abiotic mass flux reducing
processes such as sorption and volatili-
sation were in these studies assumed to
be insignificant, what could mostly not
be proven.

Future natural attenuation studies
could benefit from a combination of the
integral investigation method with the
carbon and hydrogen CSIA approach.

16

On the one hand, this could improve
the natura attenuation documentation
process by reducing the need of data
interpolation through the integral mass
flux estimation. On the other hand, an
improved hydrogen isotope analysis
could quantifying at field scale the
relative contribution of biodegradation
on the measured mass flux reduction,
whereas the carbon isotope analysis
could be used for the mapping of
contaminant sources or spills.

This combined investigation method
could be applied for contaminant
sources, which consists of organic con-
taminants, for which degradation path-
ways and specific isotope fractionation
factors have been described in the re-
quired detail. Nowadays this informa-
tion is available for BTEX and selected
PAH compounds. However, the detec-
tion limit of the hydrogen based CSIA
has to be improved to be applicable not
only close to the source, but also aong
the contaminant plume.
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3 Transport and fate of
organic solutesin
groundwater

Numerous processes, some of which
are induced by the hydrodynamic
conditions in the aguifer, control the
transport of solutes in porous media.
The bulk movement of a solute is
influenced by the effective porosity and
the transmissivity of the surrounding
aquifer material. However, the move-
ment of a solute can be quite different to
the bulk groundwater movement. A
deviation of the solute’'s movement
from the bulk groundwater movement
can be caused by the concentration
gradient and by interactions of the
solute with the aquifer matrix (sorption)
or by processes, which reduce the solute
mass in the aquifer system, such as
abiotic degradation and biodegradation
in case of organic contaminants and
radioactive decay in case of radioactive
compounds.

The following chapter introduces the
basic concepts that control the transport
and fate of monoaromatic hydrocarbons
(BTEX) and polycyclic aromatic hydro-
carbons (PAH) in groundwater.

3.1 Advection

Advection is the main transport
mechanism of bulk groundwater in an
aquifer system. For solute transport,
advection describes the portion of
transport solely credited to the bulk
motion of flowing groundwater. In a
pure advective system, there is no ex-
change of solute mass between stream-
tubes and the direction of transport in a
steady-state system is defined by the
flow lines of the bulk groundwater.
Because advection is the major trans-

port mechanism, the knowledge of
groundwater flow patterns is a key to
the interpretation of solute migration in
an aquifer.

Advective groundwater flow under
laminar conditions can be described by
Darcy’'s Law (in Freeze and Cherry,
1979) as.

9=q:—Ka—h (3.1

A ol

with Q [L3TY, A [L?, g [LTY, K
[LTY, h [L], and | [L] denoting the
volumetric flow rate, the cross-sectional
area, the volumetric flow rate per unit
surface area or specific discharge, the
hydraulic conductivity, the elevation of
the hydraulic head and the distance
between the head measurements, res-
pectively. oh/dl is also known as the
hydraulic gradient.

In other words, Darcy’s Law states
that the velocity of the advective
groundwater flow is proportional to the
hydraulic gradient present in the aquifer
system.

The specific discharge or Darcy ve-
locity () is a macroscopic concept and
differs from the actual groundwater or
linear velocity (v), which does not use
the whole cross-sectiona area, but
moves through the connected pore
space of the aquifer only. This velocity
can be derived from Equation 3.1 by
introducing ne [-], the effective porosity,
and neA [L7], the effective area of flow,
into the equation, which leads to:

i=1=V:_£@ (32)
nA n n, dl

e
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3.2 Digpersion

Dispersion causes a spread of mass
beyond the region it would normally
occupy due to advection alone. Disper-
sion thereby reduces solute concentra-
tions and induces solute into adjacent
aquifer regions. Two different processes
make up the hydrodynamic dispersion
in porous media. First, mechanical dis-
person due to mechanica mixing
during fluid advection and, second,
molecular dispersion caused by the
random movement of molecules (Brow-
nian Motion) due to their thermal-kine-
tic energy. The general concept of these
two processesis shown in Figure 3.1.

Mechanical dispersion

Pore
size

Path
length

Friction
in pore

Brownian
motion

Figure 3.1: Processes of disperson on a
microscopic scale (after Freeze and Cherry,
1979).

Hydrodynamic dispersion is de-
scribed by the dispersion coefficient,
which can be expressed in terms of its
two components:

D, =ov+D’ (3.3)
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where oy [L], the longitudinal dispersi-
vity, is a characteristic property of the
porous media and v [LT™] is the linear
groundwater velocity. The second com-
ponent D” [L?T™] represents the coeffi-
cient of molecular diffusion.

In areas with normal or high ground-
water flow rates, molecular dispersion
can be neglected (Davis et a., 1993).
However, molecular dispersion (diffu-
sion) plays an important role in the
solute mass transfer between the main
flow paths and low permeability zones,
as well as for the contaminant transport
into and out of aquifer particles.

1.0
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2 Solute front with advection only
g advectionand 7 /
S dispersion
o o
So 05
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slug advection only
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0 Time or distance from the source —»

Relative Concentration
CIC

Figure 3.2 Breakthrough curves in one
dimension showing the influence of advection
and hydrodynamic dispersion. (A) continuous
input, (B) slug input (after Wiedemeier et al,
1999).

Dispersion and dispersivity are scale
dependent, but independent from solute
properties. At pore scale, o incorporates
pore scale processes such as the
different velocities in matrix pores
(Figure 3.1). At field scale it reflects
aquifer heterogeneities. Hence D, gener-
ally increases with the transport or
travel distance because more and more
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aquifer heterogeneities are encountered.
The influence of hydrodynamic disper-
sion on one dimensional solute transport
in porous media is further illustrated in
Figure 3.2 for continuous and temporal
contaminant inputs. It can be seen that
dispersion transforms sharp concentra-
tion fronts into gradual concentration
profiles.

3.3 Diffusion

The transport of molecules in the
direction of their concentration gradient
is called diffusion. Diffusion only
ceases to occur in the absence of a con-
centration gradient in the system. Apart
from its concentration dependency,
diffusion is aso controlled by solute
properties.

The mass of solute moving across a
unit surface area due to diffusion is
given by Fick' sfirst Law (in Freeze and
Cherry, 1979)

oC
F=-D= 3.4
p (34)

where F [ML™T?Y], D [L?TY], C[ML™],
and | [L] denote the diffusive mass flux,
the diffusion coefficient, the solute con-
centration and the distance, respec-
tively.

For systems with a changing solute
concentration with time, Fick's second
Law must be applied. The one-dimen-
sional form of Fick's second Law is (in
Wiedemeier et al., 1999)

2
€ _poc
ot ol?

(3.5)

where 8C/ot [MT™?] is the change in
concentration with time.

In porous media, the apparent dif-
fusion coefficient D, is smaller thanin a
pure liquid system because of the longer

transport paths caused by the tortuosity
of the aquifer pores. The relationship
between D, and D is given by

D,=wD (3.6)

a

and o [-] is an empirica coefficient.
The vaue of ® is generally between
0.01 and 0.5 (Freeze and Cherry, 1979).

3.4 Sorption

Many solutes in groundwater do not
behave conservatively, but can be
removed from the dissolved phase by
sorption onto the surfaces of the aquifer
matrix (adsorption) or into porous
matrix constituents (absorption). This
process is often reversible and does
therefore often only temporarily remove
con-taminant mass from the dissolved
phase. This tempora partitioning from
the groundwater results in a slowing of
the solute compared to the bulk
groundwater movement. The slowing is
referred to as the retardation of the
solute.

Sorption of nonpolar compounds, in
contrast to chemisorption, which chan-
ges the sorbed compound through a
chemical reaction, is regarded to be due
to weak intermolecular bonds between
sorbate and sorbent. These bondings are
generdly reversible (Schwarzenbach et
a., 1993), which implies that the sorp-
tion and desorption of nonpolar solutes
follows similar processes.

If a solute pulse moves through an
aquifer, a portion of the solute partitions
from the groundwater onto the aguifer
matrix. If the concentration in the
groundwater declines again, for ex-
ample due to plume migration or dilu-
tion, some portion of the sorbed solute
will desorb and re-enter the solution due
to the reversed concentration gradient.
Sorption will therefore not necessarily
remove solute mass from the
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groundwater permanently, but will
mainly retard its migration.

Solute sorption to the aquifer matrix
comprises a number of different pro-
cesses. Due to their nonpolar molecule
structure, hydrocarbons mostly follow
the process of hydrophobic bonding
during sorption (Wiedemeier et al.,
1999). As the surfaces of the aquifer
matrix are often less polar than the
water molecules, there is a strong affin-
ity of the nonpolar groundwater conta-
minants to sorb to the aquifer matrix. In
most aquifer systems, the amount of
clay minerals and, most importantly, the
organic carbon fraction of the aquifer
matrix controls the degree of sorption of
nonpolar organic contaminants.

In batch-experiments it is possible to
predict the amount of sorption expected
for a certain solute, if it interacts with a
specific aquifer material under equili-
brium conditions. With these experi-
ments it is possible to visualize the
solute distribution between solid and
agueous phase by plotting the solute
concentration on solids versus the solute
concentration in the agueous phase at a
constant temperature. These sorption
isotherms generally exhibit one of three
characteristic shapes, depending on the
sorption mechanism. The three most
important types of sorption isotherms
are known as Freundlich isotherms,
linear isotherms (a special case of the
Freundlich isotherm), and Langmuir
isotherms (Figure 3.3).

Langmuir isotherms describe sorp-
tion processes on surfaces with a li-
mited amount of sorption sites. The iso-
therms therefore increase linearly for
low concentrations, but asymptotically
approach a maximum for higher con-
centrations as the availability of sorp-
tion sites decreases. For this type of iso-
therm, the equilibrium concentration on
the solid phase Cs [MM™] is calculated
as (Domenico and Schwartz, 1990):

20

_ QOKLCaq
* 1+K.Cy (36)

with Q° [M], K. [MMY], and Cq
[ML™] denoting the maximum sorptive
capacity, the Langmuir equilibrium co-
efficient, and the dissolved contaminant
concentration, respectively.
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Cyq [my 1 7]

Figure 3.3; Characteristic sorption isotherm
shapes

The Freundlich sorption model
considers scenarios where the number
of sorption sites relative to the number
of solute molecules is very large
(assumed unlimited). This is generaly
the case for dilute solutions, for ex-
ample in contaminant plumes downgra-
dient from a contaminant source. Ma-
thematically, the Freundlich modd is
expressed as (Domenico and Schwartz,
1990):

c.=k.c " (3.7)

Fr ~aq

where Kg [MM™] and IN [-] denote
the Freundlich coefficient and the
Freundlich exponent respectively. The
value of 1/N controls the non-linearity
of the Freundlich isotherm and is a
compound specific quantity determined
experimentally. Vaues of 1/N are typi-
cally between 0.6 and 1 (Kleineidam et
a., 1999; Karapanagioti et al. 2000).

If /N isequa to 1, the simplest form
of equilibrium isotherms occurs, e.g. the
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linear sorption isotherm, which is a
special case of the Freundlich isotherm.
As an approximation, the linear iso-
therm can be used for solute concentra-
tions of up to one-half of the solute's
solubility (Lyman et a., 1992), which
would for example be valid for BTEX
compounds partitioning from fuel mix-
tures. The linear isotherm is expressed
as (Fetter, 1993):

C

=K,C (3.8)

s aq
where Ky [-] denotes the equilibrium

distribution coefficient.

The extent of the sorption process is
directly correlated with the octanol-wa-
ter partition coefficient Ko, [-] of the
solute and the percentage of organic
carbon in the sediment foc [-]. The
distribution coefficient for a specific
solute / aquifer materia system can
therefore be expressed as (Karickhoff et
al., 1979):

Ky =Ky foe (3.9)

As mentioned earlier, sorption slows
the migration of a solute compared to
the bulk groundwater movement. When
the linear velocity of the bulk ground-
water is greater than the average velo-
city of the solute, the solute is said to be
retarded. This effect is described by the
coefficient of retardation or the retarda-
tion factor R [-], defined as (Fetter,
1993):

R=— (3.10)

C

with v [LTY and v¢ [LT™] denoting the
linear groundwater velocity and the
average solute velocity, respectively. If
no sorption occurs, i.e. Kq equals 0, the
ratio v/ve and hence the retardation
factor equals 1.

Assuming linear solute sorption and
afraction of organic carbon of less than

0.001, the retardation factor can be
deduced from:

R=14 KaP (3.12)
n

e

with p [ML™®] and ne [-] symbolizing the
bulk density of the aguifer and the
effective porosity of the aquifer, respec-
tively.

The average solute velocity can
subsequently be estimated by combin-
ing Equations 3.10 and 3.11 to

v=— Y (312
1+K,pln,

Equilibrium sorption is the most
commonly used model for sorption and
natural attenuation studies (Wiedemeier
et a., 1999). However, the use of the
Loca Equilibrium Assumption (LEA),
which assumes instantaneous equi-
librium between the solute and the
aquifer solids (e.g., Bahr and Rubin,
1987) will for transport considerations
lead to unredlisticaly high retardation
factors (Merkel, 1996).

Recent studies demonstrated that
solute sorption in groundwater systems
is limited by low transfer rates to
sorption sites, leading to highly non-
linear sorption isotherms (Schiith, 1994;
Grathwohl and Kleineidam, 1995;
Grathwohl, 1998). The kinetic beha-
viour of the sorption and desorption
processes is assumed to result from dif-
fusion into and out of the intra-particle
pore space of the porous aquifer
congtituents (Ball and Roberts, 1991,
Grathwonhl, 1998; Rigner et al. 1999).
In this case the aquifer system needs a
long time to reach equilibrium and this
period of time cannot be neglected
anymore. For transport studies of orga-
nic contaminants like BTEX or PAH, it
is therefore important to include non-
linear sorption isotherms due to diffu-
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sion limited sorption into the transport
calculations (Karapanagioti et 4d.,
2001).

3.5 Volatilisation

Another attenuation process that can
remove solute mass from the agueous
phase in saturated porous media is the
volatilisation of the solute into soil gas.
Controlling factors for the partitioning
of a solute into soil gas are the mass
transport coefficients for the solute in
both water and soil gas, the sorption of
the solute, the temperature, as well as
the Henry's Law constant of the solute
under study.

Henry's Law states that under equi-
librium conditions and for non-reactive
solutes, the concentration of a com-
pound in the gaseous phase is directly
proportional to the solute’'s concentra-
tion in the aqueous phase, and that the
proportionality constant is a character-
istic of the solute (Domenico and
Schwartz, 1990). Stated mathemati-
caly, Henry's Law is given by:

C.=HC (3.13)

a aq

with C, [ML?], H [PL3M™], and C4
[ML™®] denoting the concentration in the
soil gas, the Henry's Law constant, and
the concentration in the agueous phase,
respectively.

For the organic groundwater conta-
minants included in this study, Henry’s
Law constants range from 5.8E-04 [atm
m°mol™] to 7.7E-03 [am m°mol™] for
BTEX and from 2.1E-10 [atm m®mol™]
to 2.8E+00 [atm m>mol™] for the PAH
compounds (Wiedemeier et al., 1999).
Because of the generally low Henry's
Law constants of the BTEX and PAH
compounds, as well as because of the
small surface area of the groundwater
exposed to soil gas, volatilisation of
these compounds into soil gas is arela-
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tively slow process. Chiang et al. (1989)
for example reported that less than 5%
of the dissolved BTEX mass in a satur-
ated porous medium was lost to volati-
lisation. In general, the impact of volati-
lisation on the reduction of organic
solutes in groundwater can be assumed
to be negligible (Wiedemeier et 4.,
1999).

However, for sample collection and
anaysis, volatilisation of solutes can be
important. When samples are in contact
with the atmosphere, the concentration
of the solute can, with time, fall below
detection  limits (Domenico and
Schwartz, 1990).

3.6 Dilution (Recharge)

The inflow of water from the unsatu-
rated into the saturated zone is defined
as groundwater recharge (e.g., Freeze
and Cherry, 1979). The impact of
groundwater recharge on the transport
of organic solutes in groundwater is
twofold.

First, the additiona water entering
the saturated zone will cause a dilution
of a present contaminant plume in the
subsurface. The mixing process be-
tween the recharge and the contami-
nated groundwater occurs mainly
through mechanical and molecular dis-
person at the fringe of the plume.
Secondly, the inflow of potentialy
electron-acceptor rich water into the
contaminated part of an aquifer can
have an impact on the geochemica
conditions in the aquifer and might
enhance the biodegradation potential in
the aquifer by supplying electron-
acceptors.

Vroblesky and Chapelle (1994) for
example studied the effect of a maor
rainfall event on a petroleum hydro-
carbon-contaminated aquifer. They re-
ported that the infiltrating rainwater
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introduced oxygen into a formerly re-
ducing groundwater, leading to the pre-
cipitation of iron(l1l) onto minera
grains. This iron(l11) was subsequently
available again for reduction by micro-
organisms causing a shift from me-
thanogenesisto iron(l11) reduction.

However, such shifts in the geoche-
mistry of an aquifer due to rainfall
events change the conditions in an
aquifer only for a short time period
before the geochemical conditions re-
bound back into their former state.
Moreover, such a shift can also have
adverse effects on the biodegradation
potential, if the degradation of the
groundwater contaminants is adversely
affected by the changed geochemical
conditions. This can for example be the
case for degradation of chlorinated sol-
vents in an anaerobic aguifer, which is
recharged by aerobic precipitation
water. The change to aerobic conditions
would reduce the degradation

During the quantification of natural
attenuation at field sites it is often
difficult to distinguish between the
effects that dilution, sorption, and bio-
degradation have on the solute concen-
tration. It is therefore better to investi-
gate the solute mass flux in an aquifer
system compared to studying the de-
crease in concentration because the
latter can be influenced by all described
transport processes, whereas a mass
flux investigation is primarily influen-
ced by sorption and degradation only.

3.7 Biodegradation

The abiotic processes discussed
above do not remove solute mass from
the aquifer, but simply cause the
transfer of solutes from one phase or
location to another. Contrarily, biode-
gradation can be defined as the bio-
logically catalysed reduction in com-
plexity of chemicals (Alexander, 1999).

This results in a mass reduction of the
complex chemical, which can for
example be an organic groundwater
contaminant. In case of organic conta
minants like BTEX or PAH com-
pounds, this process can lead to the con-
version of complex organic compounds
to inorganic products. A complete con-
version from a complex organic com-
pound to inorganic products like carbon
dioxide (CO,) and water (H.O) is called
mineralisation.

Microorganisms require a carbon
source, electron acceptors and donors,
water, and nutrients for microbial
growth (Alexander, 1999). They gan
energy from the breaking of chemical
bonds and the transfer of electrons from
the organic groundwater contaminant
(the electron donor) to an electron reci-
pient, which is generally called electron
acceptor. Thistype of chemical reaction
is termed oxidation-reduction reaction.

The ability of soil microorganisms to
utilize aromatic hydrocarbons as sole
carbon sources has been established
since 1908, when a bacterium with the
ability to grow aerobically on toluene
and xylenes was isolated (Stormer,
1908; in Alvarez and Hunt, 1999).
However, only in the last 20 years,
evidence was obtained for the aerobic
and anaerobic degradation of petroleum
hydrocarbons and polycyclic aromatic
hydrocarbons. The ubiquitous
distribution of microorganisms capable
of metabolising aromatic hydrocarbons
was reported by Norris (1994) for
example, who notes that viable
petroleum-hydrocarbon-degrading con-
sortia will be present at 99 per cent of
sites. However, Welner and Lovely
(1998) documented a failure of benzene
degrading bacteria to colonize a conta-
minated aquifer implying that BTEX
degradation will not occur at al sites.
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Table 3.1: Benzene degradation with various el ectron acceptors (adapted from Brady et al., 1998).

Degradation Electron Reaction Electron
donor (without microbial growth) sour ce

Aerobic O, CsHg + 7.50, =2 6CO, + 3H,0 Atmosphere
Denitrification NO;  CgHg+ 6NO; + 6H" > 6CO, + 3N, + 6H,0 Agriculture,
atmosphere

Iron(I11) reduction  Fe(OH); CgHg+ 60H" + 30Fe(OH); > 6CO, + 30Fe*" + 78H,0 Fe-(hydr)oxides
Sulfate reduction S0.Z  CgHg+ 3.75S0,% + 7.5H > 6CO, + 3.75H,S + 3H,0 CaSO,

Methanogenesis CO,

CeHe + 4.5H,0 > 2.25CO, + 3.75CH,

Atmosphere,
minerals

It is generally accepted that all
BTEX compounds can be degraded
aerobicaly (e.g., Alvarez and Vogd,
1991; Nielsen and Christensen, 1994).
Under anaerobic conditions, the degra-
dation of benzene, the most toxic and
most difficult to degrade BTEX com-
pound was reported for nitrate-reducing
(Burland and Edwards, 1999), iron-
reducing (e.g., Lovely et a., 1996;
Rooney-Varga et a., 1999), sulfate-re-
ducing (e.g., Edwards and Grbic-Galic,
1992; Phelps et a., 1998) and methano-
genic conditions (e.g., Grbic-Galic and
Vogel, 1987, Weiner and Lovley,
1998).

The biodegradation of petroleum
hydrocarbons, especially BTEX com-
pounds is therefore apparently limited
primarily by electron acceptor avail-
ability and not by the redox conditions
and generally continues until all readily
available contaminants are oxidized
(Wiedemeier et al., 1999).

Through the reduction of contami-
nant mass in an aquifer and the slowing
of the migration rate of the contaminant
front compared to the bulk ground-
water, biodegradation can have a signi-
ficant impact on contaminant transport
in an aquifer.

In the United States, for example,
different studies (e.g., Rice et al., 1995;
Wiedemeier et al, 1995, Mace et 4.,
1997) have estimated that about 85 to
90 per cent or more of the dissolved
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petroleum-hydrocarbon plumes are at
steady-state equilibrium or shrinking,
mot likely due to biodegradation pro-
CEsSes.

If a soil system is closed, i.e. the net
import of electron acceptors is minimal,
biodegradation of organic solutes in
groundwater causes a predictable se-
guence of electron acceptor utilization
which is illustrated in Figure 3.4.
Through the sequential use of electron
acceptors, biodegradation does change
the geochemical conditions in a con-
taminated aquifer. The relevant reac-
tions are shown in Table 3.1, using ben-
zene, CgHg, as the exemplary organic
contaminant and assuming a constant
microbial population.

?

Residual
Mobile LNAPL

o R
/ pool

Groundwater flow

Figure 3.4: Conceptualisation of electron accep-
tor zones in an aquifer (adapted from Lovley et
al., 1994).

The energetically preferred oxidation
pathway of microorganisms in the sub-
surface is aerobic respiration, followed
by nitrate-reducing, iron(l11)-reducing,
sulfate-reducing, and methanogenic res
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piration. In some hydrologic environ-
ments manganese(lVV) reduction can
also occur, but thisis generally a minor
component of the electron acceptor flow
compared to the other electron accep-
tors and was therefore omitted in this
discussion.

Chamics Boecies

Dimirand Tevmboa! Efos o400 6eang Bro cees
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Figure 3.5: Geochemical evolution of
groundwater contaminated with monoaromatic
hydrocarbons (after Bouwer and McCarty,
1984).

The conceptual sequence of redox
zones shown in Figure 3.4 can usualy
not be encountered in the field with si-
milarly sharp redox fronts because

Source zone

Mritacgateas

i Groundwater flow
>

under field conditions different redox
zones usually overlap to a certan
degree. The gradual change between
redox conditionsis shown in Figure 3.5.
In this example an initially uncontami-
nated and aerobic groundwater is conta-
minated with organic contaminants, e.g.
BTEX, leading to a sequential depletion
of the different electron acceptor pools
and a decrease in the oxidation potential
of the groundwater with time.

Conceptualy, Figure 3.6 illustrates
the effects that the discussed abiotic and
biotic processes have on the transport
and fate of organic contaminants in
groundwater. The purely advective
transport results in a very sharp concen-
tration front moving through the aqui-
fer, which is generally distorted due to
dispersve and diffusive processes.
Sorption solely retards the migration of
these distorted concentration fronts,
whereas biodegradation removes cont-
aminant mass from the aquifer and
reduces the travel distance of the plume.

Advection

Advection + Dispersion/Diffusion

Advection + Dispersion/Diffusion

+

Sorption/Retardation

Advection + Dispersion/Diffusion

+

Sorption/Retardation
Biodegradation

+

Figure 3.6: Development of contaminant plumes in groundwater with time (t;-t; are pointsin time) (after

Schiedek et al., 1997.)
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4 Theanalytical
guantification of field
scale mass fluxes®

41 Abstract

A new integral groundwater investi-
gation approach was used for the first
time to quantify natural attenuation
rates at field scale. In this approach,
pumping wells positioned along two
control planes were operated at
distances of 140 m and 280 m down-
stream of a contaminant source zone at
a former gasworks site polluted with
BTEX- and PAH-compounds. Based on
the quantified changes in total contami-
nant mass fluxes between the control
planes, first-order natura attenuation
rate constants could be estimated. For
BTEX-compounds these ranged from
1.4E-02 d* to 1.3E-01 d™, whereas for
PAH-compounds natural attenuation
rate constants of 3.7E-04 d™* to 3.1E-02
d* were observed.

Microbial degradation activity at the
site was indicated by an increase in
dissolved iron mass flux and a reduction
in sulphate mass flux between the two
investigated control planes. In addition
to information about total contaminant
mass fluxes and average concentrations,
an analysis of the concentration-time
series measured at the control planes
aso dlowed to semi-quantitatively
delineate the aquifer regions most likely
contaminated by the BTEX- and PAH-
compounds.

2 Based on a publication in the Journa of
Contaminant Hydrology

4.2 Introduction

The processes of retardation and
natural degradation significantly influ-
ence the migration of organic contami-
nants in groundwater (Borden et al.,
1995; Wiedemeier et al. 1999). Naturad
attenuation of organic contaminants is
based on these processes and can under
ambient conditions be an alternative
strategy for the remediation of conta
minated sites (Chiang et al., 1989). Asa
remediation strategy, natural attenuation
requires a careful monitoring and docu-
mentation program that comprises at
least (i) the documentation of contami-
nant mass loss at field scale, (ii) the pre-
sentation of hydrogeochemical indicator
trends, and (iii) the confirmation of
microbia activity at the field site (Nyer
and Duffin, 1997).

In this context, contaminant mass
loss is the most critica factor to be
documented because of its importance
for risk assessment. For the documen-
tation of contaminant mass loss at field
scale, different investigation strategies
have been used, such as monitoring of
concentrations of contaminants and
electron acceptors in space and time
(e.g., Chiang et a., 1989; Gieg et a.,
1999), field scale tracer experiments
with isotopically labelled contaminants
(e.g. Thierrin et a., 1995) or recalcitrant
tracers (e.g., Wiedemeier et al., 1996),
measurements of compound-specific
stable isotope ratios in the field (e.g.,
Hunkeler et a., 1999), or the calculation
of contaminant mass fluxes at control
planes based on point scale measure-
ments of contaminant concentrations
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(e.g., King et a., 1999; Borden et al.,
1997).

Inherent to these investigation
approaches is the determination and
subsequent interpolation of point scale
measurements from boreholes. How-
ever, due to aquifer heterogeneity, the
resulting plume delineation is strongly
influenced by the positioning and the
number of monitoring wells. In many
cases the results are highly unreliable.
In addition, contaminant source zones,
specifically if a separate organic phase
is present, exhibit a heterogeneous
contaminant mass distribution in the
subsurface leading to complex plume
contours and variable downstream
concentrations. It should be noted that a
detected decrease of contaminant
concentrations can hence be caused by
the fact that a monitoring well system is
mis-located at the fringe or even outside
of the contaminant plume.

To overcome these difficulties, a new
integral groundwater investigation me-
thod was developed (Teutsch et d., 2000;
Ptak et d., 2000a), which is based on the
in-situ  quantification of contaminant
mass fluxes across predefined control
planes situated perpendicular to the
mean groundwater flow direction. This
method allows the simultaneous quanti-
fication of contaminant mass fluxes and
average contaminant concentrations at
control planes. In comparison with
point scale measurements, it is based on
a large sampling volume obtained by

pumping.

This chapter presents the results and
discussion of the first application of the
new integral investigation approach for
the quantification of effective natural
attenuation rate constants at a former
gasworks site. Attenuation rate con-
stants were estimated based on mass
flux changes of BTEX- (benzene, tolu-
ene, ethyl-benzene, o-, p-xylene) and se-
lected PAH- (polycyclic aromatic hydro-
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carbons) compounds across two control
planes situated downgradient from a
contaminant source zone a a former
urban manufactured gas plant in SW-
Germany. The mass fluxes across the
control planes were calculated using an
analytical solution derived by Schwarz
(2001).

4.3 Integral groundwater
investigation approach

In this method, one or more pumping
wells are installed aong a control plane
perpendicular to the mean groundwater
flow direction and operated simulta-
neously or sequentially downstream of a
suspected pollutant source zone (Figure
4.1). Well positions, pumping rates, and
pumping times are optimised to alow
the well capture zones to cover the
entire groundwater flow downstream of
the contaminant site. During well oper-
ation, concentrations of target substan-
ces are measured as a function of time
in the well discharge of each of the
pumping wells. As a first step, these
concentration-time series were inter-
preted using an analytical solution,
which simplifies the problem to a
steady-state situation and assumes that
within the well capture zone (1) the
flow towards the abstraction wells is
radially symmetrical, i.e. the naturd
flow can be neglected during the pump-
ing test; (2) the aguifer is homogeneous
with regard to porosity, hydraulic con-
ductivity and thickness, and (3) the
concentration does not vary signifi-
cantly or varies linearly along each of
the streamtubes at the scale of the well
capture zone, although it may vary from
streamtube to streamtube. In other
words, a possible concentration gradient
(if not linear) in flow direction aong a
single streamline within the few tens of
meters covered by the well capture zone
is neglected.
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Pumping tests with concentration
time series measur ements

> Plot of concentration vs. time during

Contaminated Control Plane
site
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Sour ce zone

(Location generally unknown)
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Figure 4.1: lllustration of the integral groundwater investigation method for the field scale quantification

of contaminant mass fluxes

The introduction of concentration-
time series obtained during pumping of
a well into the analytical solution aims
on the estimation of the mobile conta-
minant mass flux crossing a defined
control plane. It does not focus on the
quantification of the immobile contami-
nant mass trapped in low hydraulic con-
ductivity zones of a heterogeneous aqui-
fer within the well capture zone. The
reason is that the mass flux of a target
compound in the low permeability
zones is generally considered to be rela-
tively insignificant compared to the
mass flux in the higher permeability
preferential flow regions as seen in the
following equation. The mass flux of a
target compound can be estimated as:

MF=CyQ (4.1)

with Cy [ML] and Q [L°T™] represen-
ting the contaminant concentration in
the groundwater and the groundwater
flow rate, respectively. If Q approaches
zero, so does the mobile mass flux in
the respective aquifer region.

The first assumption of the analytical
solution described above alows the

treatment of a symmetrical problem
around a pumping well. Based on the
first two assumptions it is possible to
describe the development of the iso-
chrones around the pumping well and
thus the well capture zone aong the
control plane, i.e. perpendicular to the
groundwater flow direction, as a func-

tion of time:
() = -2 4.2)
zbn,

with r(t), Q, t, b, ne symbolizing the
radius [L] of the well capture zone at
time t, the pumping rate [L*TY], the
time [T], the aquifer thickness [L] and
the effective porosity [-], respectively.
Based on the above said, a possible con-
taminant distribution in the groundwater
prior to any pumping can be recon-
structed using the measured concen-
tration-time series at the pumping well.

For the reconstruction of a contami-
nant distribution prior to the pumping,
the section of the control plane covered
by the isochrones of a pumping well is
separated into discrete streamtubes with
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a characteristic and constant contami-
nant concentration (see assumption 3
above and Figure 4.2). The width of
each streamtube is defined by the spatial
increment Ar [L] of the radius r [L]
along the control plane between two
consecutive sampling events as shown
in Figure 4.2. Applying Equation 4.2,
Ar; at time t; can be calculated as:

_ |9 _
AT, = meb(ﬁ V) (43

The width of the streamtubes can there-
fore be controlled by the chosen time
increment between two consecutive
sampling events. The overall number of
streamtubes at each well isthen equal to
twice the number of data pointsin the

concentration-time series because at
each sampling time two streamtubes are
crossing the control plane, one at each
side of the well.

If the flow rate Q [L3TY] within a
streamtube is given by:

Q = k|VhjbAr (4.4)

where k [LT™], [Vh|[-] and b [L] denote

the hydraulic conductivity, hydraulic
gradient and the aquifer thickness repre-
sentative of a streamtube, al of which
are all assumed to be constant for the
anaytical solution, then the total mass
flux MF [MT™] of the target compound
crossing the control plane at the section
investigated by the pumping test can be
estimated as:

MF = %Qi Cs (4.5)

Groundwater flow

Cs,(+ry)

I sochrone at

/ timet,

Control plane

Streamtubes

Figure 4.2: Pumping well with six sampling times and the corresponding isochrones and streamlines with
Cs [ML™®] and r [L] representing the concentration of the streamline and the radius, respectively (from

Bockelmann et al., 2001a)
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with N [-] and Cs [ML™] representing
the number of isochrones or data points
in the concentration-time series and the
concentration of the i-th streamtube
crossing the control plane within the in-
vestigated well capture zone, respec-
tively. Figure 4.2 illustrates the general
approach for a pumping well with six
sampling events. The total mass flux in
this scenario would be the concentration
Cs of each streamtubeline multiplied by
the natural groundwater flow within
each streamtube (comp. Equation 4.5).

However, Cs can not be measured in
the field individually, as the well cap-
ture zone at a sampling time t [T]
aways intercepts streamtubes on both
sides of the well, as seen from the con-
trol plane. For the flux quantification,
we therefore define a theoretical con-
centration Cx;, which is the average of
the concentrations of the two stream-
tubes representative of timet; [T]:

Cx = Cs (-1) ‘2" Cs (+1,)

(4.6)
Combining Equation 4.5 and 4.6 yields:
N
MF =2>"QCx, 4.7)
i=1

Schwarz (2001) presented a recur-
sive formulafor the calculation of Cx;:

(4.8)

with Cpi [ML™®] representing the con-
centration measured at the pumping

well at time ti. For the first time step,
Cx1 equals Cps.

Subsequently, it is possible to

calculate an average concentration Cp,
[ML™®] crossing the control plane as:

C. = (4.9)

with MF [M T7 and Q [L® T deno-
ting the total mass flux and the flow rate
in the i-th streamtube, respectively. Re-
tardation due to linear instantaneous
sorption is not included in this study,
but can be introduced into the analytical
solution by transforming the time scale
of concentration measurements, i.e. by
dividing the time with a retardation
factor R [-].

The mass flux determined with this
method represents the total mass flux at
the dite, if the capture zone widths of
the operated wells together are large
enough to include the width of the
entire potential source zone. It should
be noted that total mass flux and aver-
age concentration can be simultaneously
estimated for a number of target com-
pounds. This may include not only the
original contaminant, but also potential
degradation products or electron accep-
tors, e.g. sulfate and nitrate, in case of a
bi odegradable contamination.

Deviations of the real aquifer con-
ditions from the assumptions mentioned
above would lead to an erroneous esti-
mation of the control plane width in
case of asymmetrical capture zones, as
the extend of the well capture zones
would not be adequately described with
Equation (4.2). The analytical solution
is aso sensitive to errors concerning the
parameters used for the computation of
the isochrones and of the natural
groundwater flow as seen from
Equation (4.2) and Equation (4.4). Asa
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consequence, both an over- or under-
estimation of the contaminant mass flux
may result. A significant concentration
gradient aong the streamtubes would
lead to an influence of higher con-
centrations from upgradient at the well
and the concentrations measured during
pumping would be relatively higher
compared to a scenario without a signi-
ficant gradient. Consequently, this
would lead to an overestimation of the
contaminant mass flux across the
control plane.

In genera, the analytical solutionisa
simplified estimation tool which can be
applied to homogeneous or moderately
heterogeneous field sites to estimate
contaminant mass fluxes using a rela-
tively small number of monitoring wells
and without the need for a detailed
groundwater flow and transport model.
Like al anaytica solutions, this
method will suffer from the underlying
simplifying assumptions if used in
strongly heterogeneous conditions. If
reliable assumptions about the ground-
water flow and the shape of the well
capture zone during pumping are avail-
able, a site specific decision can be
made, whether an application of the
analytical solution is satisfying or if a
numerical solution (Ptak et al., 2000a)
has to be employed. Using a numerical
flow and transport model, it is possible
to include spatially variable aquifer pro-
perties, asymmetrical well capture
zones, retardation, specific boundary
conditions and other site specific factors
into the mass flux calculation.

The major drawback to the integral
method is the cost of the pumping test
required, respectively the costs for
discharging the (potentially) contami-
nated groundwater during the pumping
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test. Consequently, the pumping period
should be reduced to the minimum
possible.

4.4 Characteristic plume
scenarios

Some typical scenarios can be
described, where the concentration-time
series obtained at a pumping well can
be used to delineate various plume
geometries and locations in the ground-
water. To simplify the anaysis, the
plume concentration is assumed to be
constant throughout the plume and the
natural groundwater flow isignored.

In Figure 4.3, four typical scenarios
are displayed showing the concen-
tration-time series at a pumping well
and the interpreted subsurface plume
location.

A type 1 scenario represents a site
where the pumping well is located
outside of a relatively narrow contami-
nant plume. At the beginning of the
pumping, the well capture zone lies
within the uncontaminated aguifer
volume and the target compound con-
centrations in the well are below
detection limit. Asthe well capture zone
(isochrone) grows into the plume area,
the contaminant concentrations in the
well start to increase. At alater time, the
well capture zone reaches the outer
fringe of the plume and the contaminant
concentrations in the well start to
decrease again due to dilution. It is seen
that the shape of the concentration-time
series is controlled by the well location
and the plume width.
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Figure 4.3; Four characteristic plume scenarios together with the expected concentration-time series (after

Holder and Teutsch, 1999).
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A type 2 scenario is observed in a
pumping well, if the well is located
within a contaminant plume, which
itself is limited in width. In such a case,
concentrations in the pumping well are
high at the beginning of the pumping,
but decrease as the size of the capture
zone and hence the dilution increases
with time.

A type 3 scenario is observed, if the
pumping well is located outside of the
contaminant plume and the plume width
reaches beyond the maximum extent of
the well capture zone. In such a case,
the overall width of the contaminant
plume cannot be assessed because the
plume fringe is not reached by the well
isochrone.

Finally, a type 4 scenario is charac-
terized by amore or less constant conta-
minant concentration within the oper-
ated well. This indicates that the well is
located within a wide plume with ain-
significantly varying contaminant con-
centration. It should be noted that only
under this specific condition, the con-
taminant concentrations measured in the
well actually represents the real concen-
tration in the plume.

The introduced scenarios will be
used for the delineation of possible
plume positions at the studied field site
based on measured concentration-time
series at the pumped wells.

45 Using massfluxesto estimate
natural attenuation rate
constants

In the study presented, the integral
groundwater investigation approach as
illustrated in Figure 4.1 is extended
such as to directly determine at field
scale the change of mass fluxes in flow
direction due to natural attenuation.
This is implemented by using two or
more control planes (CP) downgradient
from a pollutant source zone (Figure
4.4).

If the compound-specific total mass
fluxes MF [MT™] and the average non-
retarded groundwater travel time At [T]
between two control planes are known,
it is possible to quantify the compound-
specific effective first-order natural
attenuation rate constants as:

MF oy = MF gpy€ ™ (4.9)

Estimation of total mass
fluxes and average

2 Concentration vs. time series
5|[@ during pumping tests
1 :

i < 1.

c concentrations at
control planes
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™ Q. C(t)
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i Interpretation and
@ Contro Control calculation of
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T | =
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—

Figure 4.4: Concept of a two control plane approach for the quantification of natural attenuation rate
constants at field scale (from Bockelmann et al., 2001a)
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leading to

MF
A= —|n(ﬂ]i (4.10)
MFepq, ) RA

with 4 [T, MFcpy), MFepqiy [MT]
and R [-] representing the effective
natural attenuation rate constant, the
measured compound specific mass
fluxes at CP 1 and CP 2 and the retar-
dation factor, respectively.

If organic compounds are subject to
kinetic sorption as a consequence of
diffusion into intra-particle pores of the
aquifer minerals (Rugner et al., 1999),
with a negligible contribution of sorp-
tion on the outer surface of the mineral
grains, then the retardation factor may
be omitted respectively set to one. The
reason is that biodegradation of organic
compounds can occur only outside of
the intra-particle pores of the aguifer
material present at the studied site.
Rigner et al. (1999) showed that the
typical pore radius of this material is
generally < 100 nm, preventing the mi-
gration of microbes into the intra-
particle pores. In this case, the time re-
levant for degradation is the time the
contaminants spend within the inter-
particle pore space, i.e. the time when
the contaminant molecules are not ab-
sorbed by the minerals. This study
therefore assumes a retardation factor
equal to one for the computation of the
natural attenuation rate constants for
kinetically sorbing solutes.

It should be noted, that the differences
in compound-specific mass fluxes be-
tween any two control planes can be due
to degradation, sorption, and volatili-
zation of the target compound. With the
method presented here, it is not possible
to differentiate between these different
processes and therefore the natural atten-
uation rate constant (1) calculated incor-
porates all these mass flux reducing

factors yielding atotal or effective value.
However, dilution (e.g. due to recharge)
and dispersion do not affect the results
obtained by the integral investigation
approach.

4.6 Application at aformer
urban gasworkssite

4.6.1 Sitedescription

A former urban gasworks in the
Neckar valley near Stuttgart, Germany,
was chosen as an experimental site to
apply the new groundwater investi-
gation approach in the field. The setting
has an overall length of approximately
800 m, a width between 160 m and 400
m, and is bounded by a valley boundary
in the west and the Neckar river in the
east (Figure 4.5). During the experi-
ments, the test site was equipped with
67 fully penetrating and fully screened
sampling and monitoring wells. To
alow for simultaneous multilevel samp-
ling, 12 wells were equipped with a
multilevel packer system (Schirmer et
al., 1995, Ptak et a., 2000b).

The gasworks site was in operation
from 1875 to 1970. Subsurface pollu-
tion at the site was recognised during
construction activities in 1970. Until
then, various types of coal processing
products were handled at many different
locations at the site and may have
contributed to its pollution. It is as
sumed that most of the spillage
occurred as a result of the destruction
during World War |1 between 1943 and
1944, leading to the formation of a
contaminant pool in the subsurface. The
main source, which still continuously
feeds the contaminant plumes at the
site, has hence an age of close to 60
years.

Today, non-agueous phase liquids
(NAPLS) are present in both the unsatu
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Figure 4.5: Overview of the field site with the location of the source zone and the monitoring and

sampling wells

rated and saturated zones. Dissolution
from the free NAPL phase
still feeds the contaminant plume (Zam-
firescu and Grathwohl, 1998). The
historic development of the site sug-
gests that a variety of contaminant point
sources make up the zone of NAPL
phase shown in Figure 4.5. This zone of
free NAPL (= source zone), covers a
total area of approximately 20,000 m?
(Herfort, 2000). In the source zone, total
BTEX concentrations in groundwater
range up to 12 mgl™ and PAH concen-
trations are up to 3.2 mgl™ (Zamfirescu
and Grathwohl, 1998). The resulting
contaminant plume has an approximate
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width of 120 m and low molecular
weight PAH-compounds were detected
at a distance of 280 m downstream of
the source zone, at concentrations of up
to 190 pgl™ (acenaphtene). The overall
length of the PAH-plume at the site is
unknown yet as no monitoring wells are
available downstream of control plane
(CP) 2 (see Figure 4.5). For BTEX-
compounds, the overall length of the
plume is thought to be less than 280 m,
as only p-xylene showed concentrations
exceeding 0.2 pgl™ at CP 2 (see Figure
4.5).
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It should be mentioned that for this
site, it is known that volatilization of
organic contaminants is not significant
(Eiswirth et al., 1998). Thus, sorption
and degradation can be regarded as the
dominating mass flux  reducing
processes at the site, with chemical and
biological degradation being the only
processes that actually reduce the
contaminant mass itself.

4.7 Geology and hydrogeology

The contaminated aquifer is com-
posed of shallow Quaternary gravels
with localy embedded sand, silt and
loamy clay. Based on pumping tests, the
average hydraulic conductivity at the
site was estimated as 3.3E-03 ms*
(Herfort, 2000). The thickness of the
aquifer varies spatially between 0 m and
5.5 m, due to a structured base and a
partia replacement by anthropogenic
fills a the top. The artificial fills
originate from excavation works and the
removal of World War 1l rubble. They
locally replace both the natural aquifer
material and the confining overbank
deposits. The latter unit represents the
naturally occurring confining layer at
the site, and has a varying thickness of 1
m to 2 m. It consists of muddy, fine
grained sediments with a high content
of organic matter.

Figure 4.6 and Figure 4.7 illustrates
the changes in the maor geologica
features of the site with geological cross
sections of CP 1 and CP 2.

Hydraulic heads at the site were moni-
tored over a 3-year period with no indi-

cation of significant seasonal changes or
temporally variable groundwater flow
directions (Herfort, 2000). The steady
state of the local groundwater flow re-
gimeis due to the artificial regulation of
the water level of the river that runs
parallel to the eastern border of the field
site (Figure 4.5). Tracer tests conducted
a the site revealed a groundwater flow
direction following the shape of the
valley boundary (N-NW, see Figure
4.5). Average groundwater flow veloci-
ties within the aquifer were estimated
from tracer tests as 2.0 md* (Bosel et
al., 2000). Hydrogeochemicaly, the
uncontaminated aquifer upstream of the
gasworks site is characterized by an
average dissolved oxygen concentration
of less than 1.0 mgl™, a pH-value of
about 7, non-detectable concentrations
of BTEX and PAH, and dissolved iron
concentrations of 70 pgl™.

4.8 Design of pumping
campaignsfor theintegral
groundwater investigation
approach

A total of eight pumping wells,
positioned aong two control planes
(CP) located 140 m (CP 1) and 280 m
(CP 2) downstream of the source zone,
were operated in two consecutive cam-
paigns with four active wells each, to
obtain a complete coverage of the
aquifer width at both control planes
(Figure 4.5).

The two pumping campaigns lasted
29 days and 33 days at CP 1 and CP 2
respectively.  Within the pumping

37



Chapter 4: The analytical quantification of field scale mass fluxes

| 222 .
B70 B42 P2 B41 P River
\ -
vy A .
| 220 a4 3“:\ M 3 a4 antropogenic fill
5 = A a2l o v
u (~0 A | L. Jeeessestinncancncnns
A L2 F— E over bank deposits
| 218 s A &l i
= = i
|axl 2] 24 i i Quaternary sa_nd
| 216 K 0 09| 59 o0] and gravel aquifer
b : i
1,001 [sx]
N i i )
| 214 s B o By B9
0t ) 0 T
W i .
b : B - Gipskeuper
B 212 ﬁ/f;
0 50 m
| 210 R —
Elevation in meter above sea level Cross section with a 10 fold exaggeration

Figure 4.6: Geological cross section at control plane 1

B71

B72 B2069

| 222
‘ NTO1 B73
| 220 < g
| 218 r "
Al Af
| 216 Al
Al I
100 0 I
00
| 214 o
1 I
| 212 N
| 210 o
Elevation in meter above sealevel

3 antropogenic
2 fill

overbank
deposits

anj::n: > > > > > > >
oF HPEEEEh bbb

e e

Quaternary sand
and gravel aquifer

Gipskeuper

0 50 m
T T T T 1

Cross section with a 10 fold exaggeration
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campaigns, al the wells situated at a
control plane were pumped sequentially
alowing the groundwater table to
recover to natural levels before the sub-
sequent pumping test was started.

At CP 2 wel NTO1 has been
operated for 62 hours at the beginning
and for 120 hours at the end of the
pumping campaign 24 days later. The
duration of the individua pumping
tests, as well as the input parameters
used for solving analytically the
inversion problem, are presented in
Table 4.1. Target substances were
BTEX- and PAH-compounds.
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In addition to the organic target
compounds, time series of temperature,
electricd  conductivity, pH, redox
potential and dissolved oxygen were aso
measured  during both  pumping
campaigns using standard probes placed
within a flow-through cell to prevent
gaseous exchange with the atmosphere.
Groundwater samples were taken in
sample bottles equipped with Teflon
septums. The samples were stored at 4°C
to minimize microbia activity in the
samples. Within 24 hours, BTEX
samples were concentrated by purge and
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Table 4.1: Hydraulic input parameters for the analytical mass flux quantification

Well Aquifer Transmissivity Hydraulic Pumping Duration Max. Data
thickness [m%s!] gradient © rate [h] radius  points©
[m] [-] [m’s* [m]
Control plane |
B42 4.0 7.8E-03 0.002 4.08E-03 144 335 21
P2 3.8 3.2E-03 0.0012 1.44E-03 96 16.7 11
B41 2.96 3.1E-02 0.0015 4.16E-03 96 32.1 19
P1 3.35 2.8E-02 0.0013 4.85E-03 96 32.6 19
Control planell
NTO1 @ 0.9 5.2E-03 0.0013  2.95E-03 62 39.4 34
NTO1 ® 0.9 5.2E-03 0.0013  3.46E-03 120 59.4 33
B73 0.8 4.0E-03 0.0016 2.33E-03 73 40.2 34
B72 0.3 6.0E-03 0.00065 1.03E-04 49 11.3 11
2069 15 2.1E-02 0.0036 2.52E-03 120 39.2 32

(a) First campaign at well NTO1 (b) Second campaign at well NTO1 24 days later

(c) Derived from hydraulic potential differences between upgradient monitoring well and abstraction well

(d) Number of data points in the concentration-time series measured at the well

Table 4.2 :Mass fluxes at the control planes 1 and 2

Control Plane 1 B42 P2 B41 P1 Total
[gd™]
Acenapthene 24.4 35 2.7 9.2 E-03 30.6
PAH 4 25.0 3.7 2.8 1.7 E-01 317
Benzene 1.6 0.2 n.d. 1.8
BTEX qt 18 0.2 n.d. 2.0
SO, 34,500 5,100 109,500 68,300 217,400
NO; n.d. n.d. n.d. 240
Fe(ll) 450 100 1,020 2110
Mn(11) 40 5 490 695
cl 12,300 1910 62,130 30,050 106,390
Control Plane2| NTO1 B73 B72 Total
[gd™]

Acenapthene 11.8 5.6 E-01 6.7E-03 3.9E-01 12.8
PAH;o 12.2 6.0E-01 15E-02 6.2E-01 134
Benzene n.d. 1.6 E-04 20E-05 10E-01| 9.4E-02
BTEX qt 0.02 27E-03 7.9E-04 1.0E-01 0.1
SO, 29,000 20,000 440 162,800 | 212,240
NO; 60 n.d. n.d. 750
Fe(ll) 740 500 40 3,130
Mn(11) 50 70 2 442
cl 11,220 10,470 300 80,990 102,980

n.d. = not detectable
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trap and analysed on a HP 6890 GC-MS.
PAH samples were extracted with
cyclohexane (liquid-liquid extraction)
and anaysed on a HP 5890 GC-MS.
Additional time series of inorganic
nutrients (SO4%, PO,*, NO3) and other
inorganic constituents (CI, Fe?*, Mn*")
were measured by ion chromatography
and aomic adsorption spectrometry
using standard methods. The obtained
concentration-time series of the organic
compounds are shown in Figure 4.8 to
Figure 4.10.

4.9 Resultsand discussion

Table 4.2 summarises the compound-
specific mass fluxes obtained from the
two pumping campaigns at the field
site, employing the analytical inversion
solution of the integral groundwater in-
vestigation approach. To our know-
ledge, this is the first field scale study,
where an integral investigation ap-
proach for the simultaneous quantifica-
tion of mass fluxes of both organic
contaminants and inorganic hydrogeo-
chemical parameters was applied.

49.1 Chloride mass flux

The chloride mass flux at the field
site was estimated as approximately
106,000 gd* and 103,000 gd* at CP 1
and CP 2 respectively (Table 4.2).
Assuming (1) that chloride behaves
conservatively during transport and (2)
that there is no additional chloride
source between the two control planes,
the small difference (~ 3%) suggests
that basically the same groundwater
transport paths were captured at both
control planes.

49.2 Massflux of eectron
acceptors

To study mass flux changes of pos-
sible electron acceptors used for micro-
bial degradation of organic contami-
nants, sulphate (SO,%), nitrate (NO3),
40

dissolved iron (Fe?*), and dissolved
manganese (Mn*) were included in the
integral site investigation. Compared to
CP 1, CP 2 showed an increase of
about 1,000 gd™ (~50 %) in dissolved
iron mass flux indicating ongoing iron
reduction at the site. The sulphate flux
crossing the two control planes ap-
peared to decrease by around 5,000 gd™
(~ 2%), is hence comparable to the
change in chloride flux between the
control planes and could be due to dif-
ferent capture widths or uncertaintiesin
the input parameters used for the flux
guantification. However, the overall
sulphate flux at the site is very high and
microbial sulphate reduction may ac-
count for only a relatively small de-
crease of the total flux. Consequently,
such a minor reduction might not be
measurable at sites with a very high
total sulphate flux. However, anaerobic
sulphate reduction at the site is further
indicated by H,S concentrations of up
to 1.8 ppm in the gaseous phase in the
abstraction wells along CP 2. Ongoing
sulphate reduction is therefore likely to
occur, athough flux estimations re-
mained inconclusive.

Due to the presence of sulphide in
the system, precipitation of sulphide
compounds is possible. This might
cause an underestimation of iron and
manganese reduction in the system as
only the mass flux of dissolved species
was quantified. Precipitation of manga-
nese is also the likely reason for the ob-
served reduction in dissolved manga
nese mass flux between the two control
planes.

Nitrate was mostly found in samples
with negligible contaminant concentra-
tions (wells B41 and P1 at CP 1 and
well 2069 at CP 2). As nitrate is present
in the groundwater in uncontaminated
areas, it is possible to conclude that
anaerobic microbial degradation activity
utilizing nitrate as an electron acceptor
occurred between the source and CP 1,



Chapter 4: The analytical quantification of field scale mass fluxes

leading to a nitrate depletion in the
contaminated aguifer regions at the
control plane. At CP 1 nitrate could
only be found at well P1, located out-
side of the main contaminant plumes.
However, nitrate could be found in
some of the samples taken at well NTO1
at CP 2. This might indicate an inflow
of nitrate containing water from the
slopes into the valley between the two
control planes. Even so, the apparent
increase in total nitrate mass flux
between the two CPs was credited to
well 2069 situated outside of the main
contaminant plume, where about 90%
of the nitrate mass flux across CP 2 was
found (see Table 4.2). At this well,
nitrate concentrations decreased from
about 6 mgl™ to below detection limit
within two days of pumping. This
suggests arelatively small nitrate plume
at the well, which was diluted with time
to concentrations below detection limit
(see scenario 2, Figure 4.3). The origin
of the nitrate is uncertain, as concen-
trations upstream at well P1 did not
significantly exceed 1 mgl™.

49.3 Massflux of PAH-
compounds

During the following discussions
frequent reference will be made to
characteristic concentration-time series
scenarios as described in Figure 4.3.
The illustrated scenarios shown in
Figure 4.3 will be referenced by their
individual scenario number only.

With regard to organic contaminants,
polycyclic aromatic  hydrocarbons
(PAHs) dominate the contaminant mass
flux at the two control planes. Overall

PAH mass fluxes of about 32 gd” and
13 gd* at CP 1 and CP 2, respectively,
were an order of magnitude higher com-
pared to BTEX mass fluxes (comp.
Table 4.2). Of the PAH-compounds,
acenaphthene (Ace) displayed the high-
est individual contribution to the total
PAH mass flux with approximately 31
gdt a CP 1 and about 13 gd™ at the
downgradient control plane.

Compared to other PAH-compounds,
Ace has a relatively high water solubi-
lity of about 30 mgl™ (Mackay and
Shiu, 1977), and arelatively low logK oy
of around 4 (Yalkowsky and Valvani,
1979), and is therefore one of the PAH-
compounds with a relatively high mobi-
lity. The highest PAH mass fluxes at the
site were obtained at wells B41 and P2
a CP 1 and at well NTO1 a CP 2
(Table 4.2). Nearly al of the Ace mass
flux across CP 2 was found at well
NTO1, whereas all other wells at that
control plane showed total PAH mass
fluxes of lessthan 1 gd™.

Figure 4.8 illustrates the PAH con-
centration-time series obtained at the
two control planes during the pumping
campaigns. It can be seen that the Ace
concentration-time series of well B42
relatively quickly reached a concentra-
tion plateau of about 250 pgl™ and
remained constant for about 4 days of
continuous pumping. From the concen-
tration-time series it can be assumed
that well B42 is located within a PAH
plume and that the plume itself is
relatively homogeneous with regard to
the Ace mass distribution in the subsur-
face (see scenario 4).
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Figure 4.8: Concentration-time series of PAH compounds measured at the wells at control plane 1, shown
on the left, and at control plane 2, shown on the right. Abbreviations: NAP-Naphthalene, ANY-
Acenaphthylene, ACE-Acenaphthene, FLR-Fluorene, PHE-Phenanthrene, ANT-Anthracene, FLN-Fluoranthene,

PY R-Pyrene.

As the Ace concentration did not de-
cline during the entire pumping period,
it can be concluded that the spatial
extend of the PAH plume perpendicular
to the groundwater flow direction at CP
1 islarger than the well capture zone of
well B42 at the end of the pumping. The
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dlightly lower Ace concentrations at the
beginning of the pumping test might be
due to reduced Ace concentrations in the
well itself and/or to lower Ace concen-
trationsin the close vicinity of the well.
The Ace concentration-time series at
well P2 at CP 1 (see Figure 4.8) can
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also be characterized as a type 4 con-
centration-time series (compare sce-
nario 4 in Figure 4.3). Again, the conta-
minant concentrations increased quickly
at the beginning of the pumping, after
which the concentration measured
stayed at approximately 300 pgl™ for
close to three days of constant pumping.
This data illustrates the presence of a
PAH plume in the surrounding area of
the well, which was not completely
covered by the expanding well capture
zone. This plume aso showed to be
relatively homogeneous with regard to
Ace concentrations in the subsurface.

The increase of the Ace concentra
tion in well P2 correlated with a de-
crease in naphthalene (Nap) concentra-
tions from about 150 pgl™ to about 3
ugl™ during the first 6 hours of pump-
ing. The decrease in Nap is likely
caused by anaerobic degradation by sul-
phate reducing micro-organisms, as de-
scribed, for example, by Meckenstock
et al. (2000).

The reason for the simultaneous
increase of Ace concentrations remains
uncertain, but might be a results of loca
heterogeneities in the contaminant dis-
tribution in the groundwater. At all
other operated wells at the two control
planes, Nap concentrations were gener-
ally below 1 pgl™. At well P2, after the
decline of Nap concentrations, Ace con-
centrations measured were consistently
about 50 pgl™ higher compared to con-
centrations measured at well B42. As
multiple point sources of NAPL conta-
mination exist at the site under study
(Zamfirescu and Grathwohl, 2001) the
observed concentration difference might
be caused by PAH plumes originating
from different point sources. However,
an analysis of the overall PAH plume
compositions at the two wells did not
show significant differences suggesting
asimilar contaminant source.

At well B41 at CP 1 (Figure 4.5), the
Ace concentration-time series followed
a type 3 scenario (see Figure 4.3). The

concentrations continuously increased
during pumping, suggesting that with
time, the increasing well capture zone
covered an increasing part of the PAH
plumes outer fringe, causing the con-
centration readings to increase with
time. At the end of the pumping test, the
measured Ace concentrations were
about an order of magnitude lower com-
pared to Ace concentrations measured at
the wells B42 and P2 to the west of well
B41 (Figure 4.5).

This supports the conclusion that
well B41 is located within a relatively
clean part of the aquifer, and that the
contaminant plume was partly drawn
towards the well during well operation.
At the eastern end of CP 1 at well P1,
only background concentrations of
PAH-compounds could be found during
pumping, supporting the conclusion that
the PAH contamination of the aquifer at
the field site is limited to the western
section of CP 1.

At CP 2, over 90 % of the total PAH
mass flux was found at well NTO1
located at the western end of the control
plane (Figure 4.5 and Table 4.2). The
Ace concentration-time series measured
a this well (Figure 4.8) indicates that
the well is located within the conta-
minant plume and that during well
operation the well capture zone did not
reach the outer fringe of the encoun-
tered plume (scenario 4), as the concen-
trations in the well would then have de-
clined again (scenario 2).

Of the other wells at CP 2, only B73
showed elevated Ace concentrations
(Figure 4.8) that increased continuously
during pumping (scenario 3), indicating
that with time and with a growing well
capture zone, more contaminated water
was pulled from the area around well
NTO1 towards B73.

In conclusion, it is proposed that the
main PAH mass flux crosses CP 1
between the valley boundary to the west
and well B41 to the east. At CP 2, the
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PAH plume is most likely located
between the valley boundary to the west
and well B73 to the east. Figure 4.5
illustrates the proposed PAH-plume
position in relation to the positioning of
the abstraction wells and control planes.

494 Massflux of BTEX-
compounds

At CP 1, BTEX concentrations
above background values were found
only at wells B42 and P2. At both wells,
total BTEX mass flux was dominated
by benzene, showing an increase in ben-
zene concentrations with time during
the pumping tests (Figure 4.9). At well
B42, benzene concentrations increased
steadily during pumping from below
detection limit to about 25 ugl™ after
five day of pumping. Towards the end
of the pumping test, ethylbenzene also
began to increase with time. The cha
racteristic form of the benzene concen-
tration-time series (scenario 3 in Figure
4.3) and the absence of measurable
benzene concentrations at the beginning
of the pumping indicate that in contrast
to the PAH contamination, well B42 is
likely to be located outside of the BTEX
plume crossing CP 1. From well P2,
similar BTEX concentration-time series
were obtained, leading to the same
conclusion with regard to the location
of the BTEX plume crossing CP 1.

A noticeable difference between data
from B42 and P2,were elevated BTEX
concentrations in the first sample taken
from P2, which were most likely caused
by a contamination of the well from sur-
face runoff. Apart from this artefact,
benzene  concentrations  increased
steadily in the well during four days of
pumping following a scenario 3 devel-
opment. In both wells, a similar BTEX
plume composition, dominated by ben-
zene was found, and both wells dis-
played comparable BTEX concentra-
tions during well operation, leading to
the conclusion that it is likely that the
same BTEX plume was encountered
during the pumping tests at B42 and P2.
In addition, no BTEX-compounds were
found above detection limits during the
operation of wells B41 and P1 at CP 1,
supporting the presence of a single
BTEX-plume, which crosses the control
plane between the wells B42 and P2.

Theoretically, the measured benzene
concentration-time series could aso be
the result of two distinct BTEX-plumes
crossing CP 1, one situated to the west
of B42 and one located within the
surrounding area of well P2. As no
additional mass flux information is yet
available for the area between the valley
boundary to the west and well B42 to
the east, this aternative interpretation
cannot be falsified.
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Figure 4.9: Concentration-time series of BTEX compounds measured at the wells at control plane |1
shown above, and at control plane 2, shown below.

At CP 2, approximately 280 m sequently increased from there to about
downstream of the source zone and 0.35 pgl™ towards the end of the pump-
about 140 m downstream of control ing test. The first sample from the well,
plane 1, BTEX concentrations signifi- taken after about 500 seconds of pump-
cantly above the anaytical detection ing showed BTEX concentrations close
limit of 0.05 pgl™ were obtained from to detection limit, which was most
wells NTO1 and 2069 only (Figure 4.9). likely due to contamination of the well

At well NTO1, BTEX concentrations from surface runoff and not due to a
stayed more or less constant during well contamination of the aquifer itself. The
operation at about 0.2 pgl™ for p-xylene origin of the benzene contamination
and at less than 0.1 pgl™ for ethylben- encountered later by the capture zone of
zene and toluene. Benzene, which do- well 2069 can be alocated to an area
minated the total BTEX mass flux at CP either between the two control planes or
1, could not be detected at any well at further downstream from well 2069, but
CP 2, apart from well 2069. This was within the area covered by the capture
surprising, as no BTEX-compounds zone of the well.
were detected 140 m upstream from
well 2069 at the wells B41 and P1 Due to the most likely presence of an
(Figure 4.5 and Table 4.2). additional source encountered during

In addition, only benzene could be operation of well 2069, mass fluxes
detected at well 2069, whereas all other estimated at this well were not incorpo-
BTEX-compounds stayed below detec- rated into the estimation of first-order
tion limits. Moreover, apart from the natural attenuation rate constants shown
first sample taken during the pumping, in Table 4.3.

only late time data at well 2069 showed
measurable benzene concentrations,
which stayed below detection limit for
the first 2 days of pumping and sub-
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495 Wadll positioning and
reproducibility

Figure 4.5 illustrates the estimated
PAH-plume position and the location of
the abstraction wells used for the
integral groundwater investigation. It is
seen that at CP 2 only a single well was
located within the area affected by the
PAH contamination.

At the beginning of the site investi-
gations, a groundwater flow direction to
the north was assumed and the
monitoring network installed accor-
dingly. Despite this non-optimal moni-
toring, total contaminant mass flux and
mean concentration were determined by
adapting the pumping rate and pumping
duration for the wells available to
achieve a complete coverage of the
downstream aquifer.

During well operation, a situation
may occur, where a contaminant plume
is pulled towards a pumping well,
passing through previously uncontami-
nated agquifer material. To check for the
reproducibility of the results from the
application of the investigation ap-
proach, pumping of well NTO1 at CP 2
was repeated 24 days after the first
pumping campaign. A comparison of
the measured concentration-time series
in the well discharge is presented in

p-Xylene

Concentration [ug/l]

Time[Hours]

Concentration [pg/l]

Figure 4.10 for toluene, p-xylene and
acenaphthene. It can be seen that the
concentration-time series for toluene
and p-xylene are amost identical during
both campaigns, with both compounds
starting at a dightly higher initial
concentration during the first pumping
period. After approximately 8 hours of
well operation, the two experiments
yield effectively similar results.

For acenaphthene, some discrepancy
between the two campaigns can be seen,
with a lower concentration measured
during the second pumping campaign.
However, as the observed discrepancy
is only about 10%, it is inconclusive
whether the effect is an indication for a
transient situation remnant from the
previous pumping or caused by other
factors such as sampling and analytical
errors. Due to the difference in the
concentration-time series, the second
pumping campaign would yield a 10%
smaller acenaphthene flux compared to
the first data set. It can be concluded
that at this site, the effects of repeated
pumping ae smaler than the
uncertainties in input parameters like
porosity or hydraulic conductivity.

250
Acenaphthene

0 20 40 60
Time [Hour s]

Figure 4.10: Concentration-time series of p-xylene, toluene and acenaphthene at well NTOL.
Continuous line: Initid pumping campaign. Dotted line: Second pumping campaign 24 days

|ater.
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49.6 Effectivenatura attenuation rate
constants

Based on contaminant mass fluxes at
the two investigated control planes, com-
pound specific effective natural attenuation
rate constants have been estimated using
Equation 4.10.

Table 4.3: First-order natural attenuation rate
constants of the organic contaminants for the
transport between the two investigated control
planes

Compound Natural attenuation
rate constant [d'l]
Benzene 1.3E-01
Toluene 3.1E-02
Ethylbenzene 5.1E-02
o-Xylene 1.4E-02
p-Xylene 3.8E-02
Naphthalene 2.9E-02
Acenaphthylene 6.9E-03
Acenaphtene 1.3E-02
Fluorene 1.2E-02
Anthracene 1.8E-02
Fluoranthene 3.7E-03
Pyrene 3.1E-02

The input parameters for the analytical
mass flux quantification are shown in
Table 4.1. Aquifer thicknesses were ex-
tracted from drilling logs, transmissivity
values were estimated from pumping test
data and hydraulic gradients were derived
from differences in hydraulic potential
between upgradient monitoring wells and
abstraction wells prior to any pumping. An
average groundwater velocity of 2 md™
was assumed based on tracer test analyses
(Bosel et al., 2000), yielding an average
travel time of 70 days between the two
control planes. Effective natura atten-
uation rate constants were only estimated
for compounds that were detected at both
control planes. Higher molecular weight
PAH-compounds with concentration <
0.05 pgl™ (analytical detection limit) at CP
2, approximately 280 m downgradient of
the contaminant source zone and were not
included in the calculation of effective
natural attenuation rates.

For benzene, a relatively high effective
natural attenuation rate of 1.3E-01 d* has
been estimated in this study, which is
about an order of magnitude higher com-
pared to attenuation rate constants pro-
posed in the literature (e.g. Wiedemeier et
a., 1999). In comparison, estimated A-
values for toluene, ethylbenzene and o-,p-
xylene were in the range of 1.4E-02 d* to
5.1E-02 d™* and agree well with attenuation
rates published for other sites (eg.
Aronson and Howard, 1997). Based on the
mass flux analyses of potential electron
acceptors between the control planes, the
relatively high attenuation rates for BTEX
are likely to be a result of microbial
degradation processes, utilizing predomi-
nantly iron and sulphate as electron ac-
ceptors. With concentrations of up to 500
mgl™ sulphate should be readily available
for microbial organisms. Consequently, the
supply of electron acceptor is not a limi-
ting factor at the site.

For PAH-compounds, estimated -
values for the transport distance between
the two control planes ranged from 3.7E-
03 d* to 3.1E-02 d. These values are
based on a retardation factor equal to one
and agree well with attenuation rates
published by Mackay et a. (1992) and
Howard et a. (1991). However, pyrene
and naphthalene both showed similar and
therefore unexpectedly high A-values of
about 3.0E-02 d*. Comparing these two
PAH-compounds, it is very likely that
different reactive transport processes domi-
nated the attenuation of the individual
compounds.

For the more mobile, more easly
biodegradable naphthalene, it may be as-
sumed that biodegradation is the predomi-
nant attenuation process. However, it is
possible that for PAHSs like pyrene, with a
relatively low water solubility and a
relatively high log Ko vaue, a significant
diffusive uptake into aguifer mineral
grains, acting as a contaminant mass sink,
still occurs at the site. Using a retardation
factor > 1 in Equation 4.10 would yield the
expected smaller attenuation rate constant
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compared to the value for naphthalene. But
as effective natural attenuation rates are
obtained from the two-control-plane-
approach, it is impossible to quantify the
relative contributions of the two processes
of degradation and sorption, respectively.
This separation requires sophisticated
reactive transport modelling studies.

Therefore, in the next step, the integral
groundwater investigation approach will be
combined with a tool to evaluate the effect
of sorption on the contaminant mass flux
reduction between the control planes. Sub-
sequently, the contribution of biodegrada-
tion to the reduction of the mass flux will
be directly quantified at field scale.

4.10 Conclusion

An integral groundwater investigation
approach for the quantification of tota
contaminant mass fluxes and first-order
effective natural attenuation rate constants
was developed and applied to a former
urban gasworks site. At the site, BTEX-
and PAH-compounds are continuously
released from an area of free phase NAPL
(Zamfirescu and Grathwohl, 2001) feeding
contaminant plumes migrating downgra-
dient from the source zone.

Two control planes, consisting of four
monitoring wells each, were installed more
or less perpendicular to the mean ground-
water flow direction at distances of 140 m
and 280 m downgradient from the conta-
minant source. At the control planes, com-
pound-specific mass fluxes were measured
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and used for the estimation of effective
first-order natural attenuation rates. It was
concluded that the encountered BTEX- and
PAH-plumes are biodegraded under an-
aerobic conditions utilizing mainly sul-
phate and iron reduction in the process.

Evidence for intrinsic biodegradation is
given by the reduction of contaminant
mass with transport distance from the
source, which occurred together with a an
increase of dissolved iron (Fe**) mass flux.
Effective natural attenuation rate constants
at the site were estimated as 1.6E-02 d”* to
1.3E-01 d™* for BTEX- and 4.1E-03 d™ and
3.3E-02 d™* for PAH-compounds.

The interpretation of the concentration-
time series measured at the abstraction
wells furthermore alowed to delineate
aquifer regions most likely contaminated
by BTEX- and PAH-compounds. It was
demonstrated that the aquifer conta
mination at the dSite is limited to the
western section of the control planes. To
derive the relative contribution of conta-
minant degradation and sorption on mass
flux reduction between the control planes,
the integral groundwater investigation will
be coupled to a numerical reactive trans-
port model, which explicitly simulates the
sorption kinetics of organic compounds.

For site assessments, the applied in-
tegral investigation approach reduces the
number of monitoring wells needed and
significantly increases the level of cer-
tainty of the results. The mass fluxes
obtained can be used for risk assessment
purposes, as well as for the design of
effective remediation strategies.
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5 Field scale quantification of
mass fluxes and natural
attenuation using a limited
monitoring networ k>

5.1 Abstract

At many “real world” field sites the
number of available monitoring wells is
limited, due to economic or geological
reasons. Under such restricted conditions it
is difficult to perform a reliable field
investigation and to quantify primary lines
of evidence for natural attenuation, like the
documentation of a decrease of contami-
nant mass flux in flow direction. This
study reports the results of a groundwater
investigation at a former manufactured gas
plant situated in a Quaternary river valey
in south-west Germany. The location,
infrastructure and aquifer setting is typical
of many industrial sites in Germany. Due
to difficult drilling conditions (coarse
glaciofluvial gravel deposits and an
anthropogenic fill above the aquifer) only
12 monitoring wells were available for the
investigation and localisation of the conta-
minant plume. These wells were situated
along three control planes downgradient
from the contaminant source, with four
wells aong each plane. Based on the
sparse set of monitoring wells, field scale
mass fluxes and first-order natura atten-
uation rate constants of benzene, toluene,
ethylbenzene, o,p-xylene (BTEX) and low
molecular weight polycyclic aromatic
hydrocarbons (PAH) were estimated utili-
zing different point scale and aso a new
integral investigation method.

The results show that even at a hetero-
geneous sSite with a sparse monitoring
network point scale investigation methods

% Based on an accepted manuscript for the Journal
of Contaminant Hydrology (Bockelmann et al.,
2002) and on Bockelmann et al., 2000b

can provide reliable information on field
scale natural attenuation rates, if a depend-
able flow model or tracer test datais avail-
able. If this information is not available,
only the new integral investigation method
presented can yield adequate results for the
quantification of contaminant mass fluxes
under sparse monitoring conditions.

5.2 Introduction

Widespread sources of organic contami-
nants in shallow aquifer systems are
leaking underground storage tanks and
pipelines, petrol stations and manufactured
gas plant sites. At such locations, ground-
water contaminants generally include
benzene, toluene, ethylbenzene and xyle-
nes (BTEX) and/or polycyclic aromatic
hydrocarbons (e.g. 16-EPA-PAH). The
application of traditional remediation
approaches like pump and treat can lead to
very high remediation costs because of the
time needed for site clean up (Barker et al.,
1995) and often these approaches do not
accomplish the required remediation tar-
gets (Travis and Doty, 1990).

During the last decades, the potential
for natural biodegradation of organic con-
taminants in groundwater under various
redox conditions has been extensively stu-
died and documented for both BTEX (e.g.
,Gibson et al. 1968; Major et al., 1988;
Edwards et al., 1992; Voge and Grbic-
Galic, 1986) and PAH (e.g., Cerniglia,
1992; McNally et al., 1998; Coates et 4.,
1997; Genthner et al., 1997) compounds.
These laboratory studies have been accom-
panied by reports from several field and re-
search dites (e.g., Barker et a., 1987,
Chiang et al., 1989; King et a., 1999),
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which demonstrated that contaminant dis-
tribution and migration in aquifer systems
is influenced by processes such as biotic
and abiotic degradation, sorption, volatili-
sation and dispersion. This led to the de-
velopment of the concept of natural
attenuation, which acknowledges the
potential for a contaminant mass flux
reduction in an aquifer system without
human interference and which was imple-
mented in different regulatory guidelines
as an dternative remediation strategy
under favourable field conditions (e.g.,
USEPA, 1999).

The application of natural attenuation as
a remediation strategy is based on a de-
tailed monitoring and documentation pro-
cedure (Nyer and Duffin, 1997; Gieg et al.
1999). This documentation is often
difficult to accomplish at field scale, as the
required lines of evidence, for example the
reliable documentation of a reduction of
contaminant concentrations or mass fluxes
in flow direction, is hard to be achieved.
Recently, it has been shown by Kao and
Wang (2001) that the field scale estimation
of contaminant mass fluxes at contami-
nated sites is a valuable approach for the
evaluation of natural attenuation. Einarson
and Mackay (2001) demonstrated that the
estimation of contaminant mass fluxesis a
powerful and economic way to charac-
terize the relative significance of a conta-
minant release, which can help to prioritise
site remediation.

Due to the importance of mass flux and
natural attenuation estimations for both
risk assessments and remediation projects,
additional work is needed to evaluate the
applicability of different field methods
under various aquifer conditions, for dif-
ferent contaminant plume geometries, as
well as under different configurations of
the monitoring network. Einarson and
Mackay (2001) concluded that consider-
able insight can be gained by modelling,
but comparisons of different approaches at
real sites would be extremely valuable.
During the last few years, different studies
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have estimated field scale contaminant
mass fluxes using point scale approaches
mostly based on an extensive multilevel
sampling monitoring network (e.g., King et
al., 1999; Einarson et a., 2000; Kao and
Wang, 2001). However, a many non-
research field sites the available number of
monitoring wells is limited, making a
reliable point scale site investigation
difficult. Recently, an alternative integra
groundwater investigation method (IGIM)
has been proposed by Teutsch et al.
(2000), which reduces the number of mo-
nitoring wells needed for the site inves
tigation by increasing the sample volume
at each well through pumping. However,
the reliability of both mass flux estimation
approaches (point scale-based and integral)
is controlled by the estimation of the
groundwater discharge or velocity at the
investigated field site and the spatid
variability thereof, which is generaly
difficult to predict.

This chapter presents a case study of a
typical “real world” industrial site in south-
west Germany where due to the geological
setting and the unavailability of
appropriate drilling technologies only a
limited number of monitoring wells are
available for the site investigation and
where the objective was to reliably
quantify contaminant mass fluxes and field
scale natural attenuation rate constants. To
achieve this goal, both point scae and
integral  investigation methods were
utilized at three control planes which are
assumed to be situated orthogonal to the
mean groundwater flow direction at
increasing distances from the source. This
study reports on the possibilities and
limitations of different point scale and
integral groundwater investigation
methods under conditions which are
typical for many sparsely monitored
industrial sites.
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Estimated PAH
plume extension

— Control plane
e Employed well
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2L Tracer input
Analytically derived
g O well capture zone
) Free phase NAPL
A Assumed flow
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(from tracer tests)

+--+ Geological cross-
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Figure 5.1: Site overview with the location of the employed wells and control planes. Labelled wells denote
wells used in this study. Point scale concentrations were measured at al control planes shown. Integral
investigations were conducted at control planes 1 and 2 only. Tracer injection locations are marked with a star.
Tracer breakthrough curves have been monitored in al downgradient wells up to well NTO1 (Bosel et al., 2000).
A transport path including wells B28, B42, and NTO1 was identified and confirmed by stable concentrations of a

few heterocyclic compounds (Zamfirescu, 2000).

53 Thefield site

The study site is a former manufactured
gas plant site situated in a Quaternary river
valey in south-west Germany (Figure 1).
The gas plant was in operation between
1870 and 1974. During this time the local
groundwater was contaminated through
contaminant input from tar pits, accidenta
spills, leaking storage tanks and
pipelinesand a nearly complete site
destruction during 1944. The age of the
groundwater contamination is between 60
years and 130 years. Nowadays, an
extended pool of free phase non-agueous
phase liquids (NAPL) forms a contaminant
source at the site that covers an area of
approximately 20,000 square metres. In the
source zone, maximum BTEX

concentrations in the groundwater are
around 12 mgl™*. Maximum dissolved PAH
concentrations in the groundwater in the
source area are around 32 mgl™
(Zamfirescu and Grathwohl, 1998). The
free phase NAPL is a continuous source
for the dissolution of organic contaminants
into the groundwater.

The average time scale for the complete
dissolution of BTEX and PAH compounds
from such a free phase NAPL pool liesin
the order of decades to centuries for BTEX
and centuries or more for PAH compounds
(Grathwohl, 2000), which leads to the con-
clusion that a constant source term can be
assumed at this site. Due to the age of the
groundwater contamination and because
the groundwater flowfield at the site has
been observed for three years without
showing significant seasonal changes or
temporally variable groundwater flow di-
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rections (Herfort, 2000), it can be assumed
that the tempora variability in the dis-
solved contaminant concentration in the
sourceis negligible.

The contaminated shallow aquifer is a
Quaternary sand and gravel aquifer of
glaciofluvial origin. The maor aquifer
33m. A geological cross-section is shown
in Figure 5.2.

A [ Anthropogenic [ Loess @ Bedrock
fill East

[ clay B Gravel v Hydraulic head

1208 Elevation in meter above sea level (masl) [ tion with a 10-fold

Figure 5.2: Geological cross-section of the field site
(after Herfort et a., 1998). For the location of the
cross-section refer to Figure 5.1.

The top of the mainly confined aquifer is
bounded by clay-rich overbank deposits,
overlain by an anthropogenic fill, which
consists of building rubble and varies in
thickness from 0.5m to 5.7m, with a mean
of 2.9m. Based on 36 pumping tests, the
arithmetic average of the hydraulic
conductivity at the site was estimated as
3.3*10° ms?, with a variance in In(k;) of
1.55 (Herfort, 2000).

Transport parameters and especially the
flow direction downgradient from the main
source area have been determined in the
field during a large scale natural gradient
multitracer test using fluoresceine, eosine,
sodium naphthionate and sodium bromide
as tracers. The tracer input occurred in four
wells along the northern end of the source
area (Figure 5.1) and tracer breakthrough
curves were examined in al monitoring
wells downgradient from the source up to a
transport distance of about 280m. From
this test the effective field scale porosity
and average groundwater flow velocity
were estimated as 0.13 and 2.0md™* respec-
tively (Bosel et al., 2000). The anoxic
groundwater at the site (<0.5 mgl™ O,)
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facies are a unimodal gravel, a bimoda
gravel with a sandy matrix and a pure sand
facies, comprising about 59%, 34%, and
7% respectively of the deposit. The respec-
tive long ranges of the facies structuresin a
spherical variogram are 56m, 51m, and

shows evidence of sulphate reduction and
ongoing iron reduction with concentrations
of around 12 mgl™ of dissolved iron at
control plane 2 (Figure 5.1) and back-
ground sulphate concentration of 300 mgl™
to 400 mgl™, which are influenced by local
recharge of highly mineralised ground-
water from a deeper aquifer. The relatively
high sulphate content in the shalow
aquifer originates from recharge from a
highly mineralised deeper aquifer, which
occurs at different locations within the
river valley. At theinvestigated field site, a
negligible recharge of approximately 0.6
|/s occurs upgradient from control plane 1
shown in Figure 5.1.

54 Methodology and data sets

The methods used in this study are
standard point scae methods for the
quantification of contaminant mass fluxes
and natural attenuation rates and a new
integral mass flux quantification method.

Based on point scale concentration
measurements, at least three different
approaches exist for the analysis of the
natural attenuation (NA) of a contaminant
plume: (1) the determination of effective
NA rate constants based on the reduction
in contaminant concentrations aong a
transport path (“Centreline” method), (2)
the quantification of contaminant mass
fluxes at groundwater fences or control
planes situated orthogonal to the mean
groundwater flow direction (“ Groundwater
fence’” method), and (3) the interpretation
of the contaminant plume's spatial mo-
ments estimated from plume snapshots
taken at different times (“Plume map-
ping”’). The latter was not applied at the
field site because the dissolved contami-
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nant concentration migrating from the
source was not a function of time but can
be assumed to show only minor temporal
variations due to the nature and extent of
the source zone and the relatively stable
groundwater flow field at the site. At other
locations, such as those with pulse inputs
of contaminants or those with highly
soluble groundwater contaminants, one can
encounter variable source strengths with
time. For MTBE contaminations, for
example, dissolved contaminant concentra-
tions often show a time dependency with
initially high dissolved concentrations
which then decline with time. This is
caused by the relatively high water solu-
bility of the contaminant which can result
in a preferential dissolution from a NAPL
source (Einarson and Mackay, 2001).

The three field methods used in this
study were the standard point scae
“Centreline” (e.g., Buscheck and Alcantar,
1995; Zamfirescu, 2000) and “Ground-
water Fence” method (e.g. Borden et al.,
1997; King et a., 1999; Kao and Wang,
2001), as well as a new integral ground-
water investigation method (Teutsch et al.,
2000; Bockelmann et al., 2001). These
three methods are discussed hereafter.

541 “Centreine’ method

This method is based on the assumption
that the plume has reached a dynamic
equilibrium between the contaminant mass
input into the plume and the contaminant
mass |oss due to biotic and abiotic proces-
ses, i.e. the spatial contaminant distribution
in the groundwater is not a function of
time. It furthermore requires the localisa
tion of a representative contaminant trans-
port path from the source in the direction
of flow. This can, for example, be achieved
with a detailed site investigation or by
employing a reliable flow and transport
model or good tracer test data.

The assumed stability of the contami-
nant distribution in the groundwater may
occur if the investigated contaminant
source, eg. a NAPL pool, has been in
place for a long time (years to decades for

BTEX and decades to centuries for PAH)
and does not show a time variant dissolu-
tion rate, so that the partitioning of the
mobile and sorbed contaminant mass,
including diffusive contaminant exchanges
between aquifer regions with different
hydraulic conductivities, has approached
equilibrium within the area of the
investigated transport path.

Many “real world” sites show complex
source zones with the possibility of differ-
ent contaminant plumes migrating down-
gradient from the source. This can distort
the concentration gradients in the direction
of flow. At such sites, the application of
the centreline method may prove to be
very difficult due to problems associated
with the localisation of a representative
transport path, i.e. the “centreline” of the
contaminant flux migrating downgradient
from the source. Under such conditions
each plume needs to be investigated sepa-
rately, which in most cases is practically
impossible. Nevertheless, this method is
proposed as a field method for the investi-
gation of apparent natural attenuation rate
constants in some regulatory guidelines
(e.g. New Hampshire Department of Envi-
ronmental Services (NHDES, 1999) and
can under the favourable conditions stated
above yield information on the apparent
natural attenuation potential at afield site.

Assuming that the contaminant fate
along this transport path is representative
of the overall contaminant fate at the
studied site, this method yields apparent
field scale natural attenuation rates based
on the determination of a reduction of con-
taminant concentrations along the identi-
fied transport path. Under idealised condi-
tions, with a single, well defined contami-
nant plume in a homogeneous aquifer,
monitoring wells used for this approach
should be placed along the longitudina
axis or “centrelineg’” of the contaminant
plume. The problem is then reduced to
identifying the flow direction down-
gradient from the source. Assuming that
the observed concentration decrease in the
plume follows a first-order reaction, the
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overall attenuation rate constants k [T™]
can be estimated by fitting measured con-
centrations to an one-dimensional analy-
tical solution (Buscheck and Alcantar,

1995):
o(X) = ¢, exp(— li (5.1)
VX

with ¢(X), Co, X, t and vy representing the
concentration as a function of distance
[ML®] from the source, the concentration
a the source [ML™], the distance travelled
[L], the time [T] and the linear horizontal
groundwater velocity [LT™], respectively.

5.4.2 Massflux estimation from point
concentrations

Especidly in North America, different
field sites have been investigated using a
mass flux estimation method based on the
determination of point scale contaminant
concentrations at  “well screens’ or
“groundwater fences’ (e.g., Semprini et a.,
1995; Borden et a., 1997; King et a.
1999; Barker et al., 2000). These screens
or fences commonly comprise closely-
spaced monitoring wells situated ortho-
gonal to the mean groundwater flow direc-
tion at increasing distances from the conta-
minant source. The investigated aguifer
cross-sections or control planes can be
straight lines in a uniform flowfield or
curvilinear in a non-uniform one.

Target compound concentrations are
determined at each sampling port of the
multilevel wells. To ensure a complete
capture of the investigated plume, both the
vertical and horizontal extent of the plume
should be bounded by sampling ports
yielding non-detects of the target com-
pounds a the plume fringes. This can
result in arelatively large number of moni-
toring wells, if they are closely-spaced and
the contaminant plume shows a significant
width. At some sites the geological setting
allows for the application of modern direct
push sampling technologies which enable a
cost effective installation of the required
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monitoring network. However, this is not
aways the case, especidly for coarse
gravely sediments.

To quantify the total mass discharge
(Mg) [M T at the investigated control
planes, the concentration point measure-
ments at each sampling port i is represen-
tative for an area A;, which is the area of
the respective polygon that extends to half
the distance to the adjacent sampling ports.
For al i sampling ports at a control plane,
the areas A; yield together a plane of con-
nected rectangles or polygons (i.e. the
groundwater fence).

The mass flux Mg [MT™] related to an
individual sampling port located within a
groundwater fence is then defined as
(Borden et al., 1997):

Mg = Cigi A (5.2)

with C; [ML™] representing the concentra-
tion measured at the sampling location and
g [LTY the specific discharge perpendi-
cular to the groundwater fence. The total
mass discharge My [MT?Y crossing a
groundwater fence with n sampling ports
can subsequently be calculated as

Mg =iMdi (5.3)

In this study, the mass flux approach
based on point scale concentration mea
surements was applied at the three control
planes shownin Figure 5.1.

Because the specific discharge g and
the target compound concentration C; are
assumed to be constant over the total area
A associated to each sampling port, the
estimated total mass flux My across the
investigated control plane is subject to
uncertainty which increases with the dis-
tance between the sampling ports and with
the temporal and spatial variability of both
the target compound concentrations and
the hydraulic aquifer properties.
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54.3 Massflux estimation from
integral concentration data

Spatialy integrated mass fluxes and
average contaminant concentrations can be
estimated by placing one or more pumping
wells along a control plane positioned
perpendicular to the mean groundwater
flow direction downgradient of a suspected
pollutant source zone. These wells are then
simultaneously or sequentially pumped to
investigate the complete groundwater
discharge from a suspected source zone, as
illustrated for atwo-well scenario in Figure
53.

During pumping, concentrations of the
target substances are determined as a func-
tion of time (concentration-time series,
CT-series). Since each concentration value
within the measured CT-series is associated
with a distinct aquifer region covered by the
well capture zone, information on the spatia
distribution of both concentrations and mass
fluxes can be obtained from this method. In
this study, an analytical interpretation
(Teutsch et al., 2000; Ptak and Teutsch,
2000; Bockelmann et al., 2001a) of the
CT-series has been employed. This ssimpli-
fied method is based on the following
assumptions: (1) It assumes that within the
well capture zone the flow towards the
abstraction well is radialy symmetrical,
i.e. the influence of a natural groundwater
gradient is negligible, (2) the aquifer
within the each well capture zone is homo-
geneous with regard to porosity, hydraulic
conductivity and thickness, i.e. the ground-
water flow across the control plane in the
area investigated by the respective well can
be approximated with an uniform flow-
field, which is described by Darcy’s Law,
and (3) the contaminant concentration gra-
dient within the well capture zone is either
negligible or linear along each of the cap-
tured streamtubes. The contaminant con-
centrations may vary from streamtube to
streamtube.

Contaminant plume

Pumping well

Suspected
source zone

Control plane

™~

Well capture zone

Figure 5.3: Principle of the integral groundwater
investigation. The total mass discharge from a
suspected source zone can be investigated by
capturing the complete groundwater discharge
downgradient from the source at defined control
planes using one or multiple pumping wells. The
contaminant concentrations are determined as a
function of time in the discharge of the wells during
pumping. Using a simplified analytical solution or a
numerical algorithm based on a humerical flow and
transport model, the mass discharge [MT?] at the
control plane can be quantified. By increasing the
sample volume through pumping, the mass quanti-
fication is possible without regionalization of point
scale data.

The development of the well capture
zone with time can then be described as:

r(t) =, -2 (54)

7 hn,

with r(t), Q, t, h, ne symbolizing the radius
[L] of the well capture zone at time t, the
pumping rate [LTY], the time [T], the
aquifer thickness [L] and the effective
porosity [-], respectively. A probable con-
taminant distribution in the groundwater
prior to any pumping can then be recon-
structed anaytically based on the mea-
sured CT-series at the pumping well. For
this reconstruction, the section of the con-
trol plane covered by the isochrones of a
pumping well is separated into discrete
streamtubes with a different contaminant
concentrations. The width of each stream-
tube is defined by the spatial increment Ar
[L] of the radius r [L] aong the control
plane between two consecutive sampling
events. Applying Equation 5.4, the incre-
ment Ar, between sampling times ti;and t;
can be calculated as:
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_|.Q _
Al = ﬂneb(ﬁ Vi) (55)

The width of the streamtubes can there-
fore be controlled by the chosen time
increment between two consecutive sam-
pling events. The overal number of
streamtubes at each well is equal to twice
the number of data points in the CT-series
because at each sampling time two stream-
lines crossing the control plane, one at
each side of the well, are intercepted. As
the concentration measured at a pumping
well is aways a mixture of the concen-
trations of the two intercepted streamtubes,
the total mass discharge Mg [MT™] cros-
sing the control plane investigated by the
pumping well can be defined as:

M, = ZZD: Q.Cx; (5.6)

with D [-], @ [L°TY, and Cx [ML?]
denoting the number of sampling eventsin
the CT-series, the groundwater flow rate
within the i-th streamtube, and a theo-
retical concentration, which is the average
of the concentrations of the two intercepted
streamtubes at pumping time t [T].
Schwarz (2001) developed a recursive
formulafor the calculation of Cx;:

giox| e o | =l )

(5.7)

with Cp; [ML™] representing the concen-
tration measured at the pumping well at
time t;. For the first sampling event of the
CT-series, Cx; equals Cp;. A more detailed
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development of the analytical inversion of
measured CT-series is given elsewhere
(Ptak and Teutsch, 2000; Bockelmann et
al., 2001a; Schwarz, 2001).

Based on the CT-series measured
during the integral groundwater investi-
gation, a possible contaminant distribution
in the subsurface prior to pumping can be
reproduced. Limiting factors for the
application of the spatially integral investi-
gation are the transmissivity at the site,
which controls the width of the well
capture zone that can be achieved in
reasonable pumping times, and the pos-
sible treatment costs for the pumped conta-
minated groundwater.

For the reliable quantification of the
contaminant mass fluxes, it has to be
assured that the well capture zones of the
employed wells cover the complete
groundwater discharge of the suspected
contaminant source zone to intercept al
possible contaminant plumes in the
groundwater. It is obvious that an
incomplete capture of the contaminant
plumes results in an underestimation of the
mass discharge at the investigated site.

For homogeneous conditions or condi-
tions where the investigation scale is much
larger than the scale of local hetero-
geneities, the size of the well capture zones
can be calculated with anaytical formulae
(e.g. Equation 5.4). For heterogeneities of
significant extent compared to the scale of
integration, the exact quantification of the
width of the well capture zones is more
challenging and may require field mea
surements of hydraulic heads during pum-
ping in order to define the well capture
zones or a dependable flow model which
adequately represents the different zones
hydraulic conductivity in the heteroge-
neous aquifer.

Alternatively, the individua well could
also be “overpumped”’ to ensure complete
plume capture, i.e. the investigated control
plane is then larger than the assumed width
of the source zone or of the width of a
located contaminant plume (Figure 5.3). A
possible dilution of the target compound
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concentrations due to in-well mixing with
uncontaminated groundwater does not
influence the mass flux estimation as long
as the dilution does not decrease the
contaminant concentrations below
analytica detection limits. Nowadays
detection limits are usually far below
regulatory limits. A possible in-well
dilution should, under most conditions, not
influence the mass flux estimation. Total
mass fluxes and average concentrations
can be simultaneously estimated for a
number of targets at each abstraction well.
This may include not only the original con-
taminant, but also potential degradation
products or geochemica indicators, e.g.
pH, EC, sulphate, nitrate or dissolved iron.

The integral approach applied in this
study is a simplified analytical tool. As
with al analytica approximations, it
experiences growing uncertainties in the
results with an increasing level of hetero-
geneity in the system. Well capture zones
could for example develop asymmetrically
around the well, leading to uncertain
control plane widths, or preferential flow-
paths across the control plane could be
over- or underestimated by the use of an
average groundwater flux at the scale of
the individual well capture zone. If area
tively large number of monitoring wells
and detailed information on the spatial
distribution of the hydraulic conductivity
in the aquifer are available, a numerical
inversion of the CT-series can be applied,
which can account for aquifer hetero-
geneities and asymmetrical well capture
zones by employing a numerical flow and
transport model (Ptak et a., 2000g;
Schwarz, 2001).

5.4.4 Quantification of natural atten-
uation rates using mass flux
measurements

If compound-specific total mass fluxes
Mg [MT?] have been quantified at different
distances from a contaminant source zone
using either point scae or integral
investigation approaches and if the average
travel time At [T] between the two existing

control planes is known, it is possible to
guantify the compound-specific effective
first order natura attenuation (NA) rate
constant [T

Md CP(2) Mdcp(l)e_iAt (5.8)
leading to
Md
A= —In( i) ]i (5.9)
Mdcpg, | At

with A [T_l], Mdcp(l) and Mdcp(z)
representing the effective natural atten-
uation rate constants and the measured
compound-specific mass fluxes at control
plane 1 and 2, respectively.

It should be noted that the differences in
mass fluxes between any two control planes
can be due to degradation, sorption, and
voldtilization of the target compound. In
genera, the application of Equation 5.9 does
not enable differentiation between these
processes. NA rate constants estimated in
this way consequently incorporate all mass
flux reducing factors. It is furthermore
assumed that the dissolution from the source
iIs not a function of time, so that the
observed mass flux reductions are mainly
due to NA processes and not caused by time
variant dissolution rates from the source,
which might occur a some sites.

Dilution (eg. due to recharge) and
dispersion do not affect the results because
of the gpatia integration inherent to the
mass flux egtimation using the IGIM.
McAllister and Chiang (1994) reported
that volatilization of the more volatile
BTEX-compounds generaly accounts for
only 5 to 10 percent of mass reduction at
most sites. Eiswirth et al. (1998) demon-
strated that for the field site studied here,
volatilization of organic contaminants is
not significant.

Because the contaminant plume at the
field site is between 60 and 130 years old,
we assume equilibrium conditions with
regard to sorption for the target compounds
in this study. Degradation of the target
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compounds is therefore regarded as the
dominating mass flux reducing process.

5.45 Concentration data

For the application of the different point
scale and integral investigation approaches
used in this study, three distinctive data
sets have been used.

Data set 1 shown in row (a) in Table
5.1 and Table 5.2 consist of conventional
point scale concentrations measurements
from al wells situated at the three control
planes (CP) shown in Figure 1, apart from
wells B72 and B73 situated at CP 2. These
wells were ingtalled only after the
completion of the first sampling campaign,
which was conducted 8 months prior to the
subsequent integral site investigation. The
estimation of natura attenuation rates
based on the “centreline® method
(Equation 5.1) used data set 1.

Data set 2 shown in row (b) in Table
5.1 and Table 5.2 includes point concen-
tration measurements taken simultaneously
with the integral site investigation at CP 1
and CP 2. Measurements were determined
during the pumping for the integral
groundwater investigation after approxi-
mately three borehole volumes were
purged. Data sets 1 and 2 thus represent
point concentration measurement snap-
shots of the site at different times. For al
point scale mass flux estimation at CP
2,data from data set 2 was used for the
wells B72 and B73. This follows the as-
sumption of a relatively constant contami-
nant discharge from the source.

Data set 3 consists of the complete
concentration-time series recorded during
the two to six day pumping test periods at
CP 1 and CP 2. More detals about the
integral site investigation and the docu-
mentation of the concentration-time series
is given by Bockelmann et al. (2001a).

Table 5.1: Point scale concentration measurements of BTEX and other hydrocarbon compounds during two

sampling campaigns.

135 124 123

[ugl] Benz Tol E-Benz p-Xyl o-Xyl Iso-PB PB. TMB TMB TMB Indane Indene
B27 a) 742 024 353 146 087 883 104 006 020 041 n.d. 6.18
B28 a) 2143 054 507 131 052 104 235 012 030 048 004 121
B29 a nd 011 015 034 nd. 042 013 012 018 0.08 n.d. 0.27
B30 ag nd 012 017 038 nd. 053 010 010 017 0.07 n.d. 0.29
B42 a) 267 034 377 063 005 38 072 006 015 0.06 n.d. 1.35
by nd 142 008 022 nd 045 0214 004 0.03 n.d. n.d. 0.52

P2 a nd nd 009 011 nd. 012 nd 003 007 0.03 n.d. 0.10
by 085 207 175 434 173 059 024 192 312 097 589 165

B41 a nd 007 013 012 nd. nd. nd 002 0.05 n.d. n.d. n.d.
PL a nd 016 010 010 nd. nd. nd nd n.d. n.d. 1.05 n.d.
NTOla) 014 014 022 033 007 056 005 007 017 006 015 024
by nd 006 004 021 nd 052 008 008 007 0.03 n.d. 0.10

B73 b) nd nd nd 002 nd 002 nd nd n.d. n.d. n.d. 0.03
B72 b) 003 015 006 017 008 nd. nd 0.01 n.d. n.d. n.d. 0.02
2069 a nd nd 009 007 nd nd nd nd 0.03 n.d. 0.04 n.d.
b)) nd 003 nd 004 003 nd nd nd n.d. n.d. n.d. n.d.

Benzene (Benz), Toluene (Tol), Ethylbenzene (E-Benz), p-Xylene (p-xyl), o-Xylene (o-xyl), Isopropylbenzene (Iso-PB),

Propylbenzene (PB),

Trimethylbenzenes (TMB)

a) Point measurements (conventional sampling), data set 1
b) Early time data during pumping, data set2

n.d. = not detectable
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Table 5.2: Point scale concentration measurements of low molecular weight PAH during two sampling

campaigns
[ugl]  Nap Acy Ace Flr Phe Ant Fin
B27 a) 0.72 4.31 99.4 3.65 0.14 0.15 n.d.
B28 a) 0.72 5.34 210.2 1.16 0.32 0.35 0.13
B29 a) 053 8.63 324.4 0.23 0.24 0.26 0.12
B30 a) 052 4.05 207.6 0.11 n.d. n.d. n.d.
B42 a) 0.38 3.77 158.2 0.20 0.19 0.21 n.d.
b) 0.46 3.93 154.6 n.d. 0.06 0.33 0.11
P2 a) 0.41 1.59 62.2 n.d. n.d. n.d. n.d.
b) 156.6 4.24 92.6 2.70 2.29 0.52 0.36
B41 a) 0.50 n.d. 0.10 n.d. n.d. n.d. n.d.
b) 0.03 0.12 4.46 n.d. 0.09 0.03 0.12
PL a) 0.47 n.d. 0.15 n.d. n.d. n.d. n.d.
b) 1.06 0.18 1.74 0.06 0.13 0.02 n.d.
NTOl1a) 0.38 3.66 182.6 0.14 n.d. 0.11 n.d.
b) 0.30 5.06 184.8 0.19 0.37 0.30 0.11
B73 b 111 0.09 291 0.19 0.38 n.d. 0.04
B72 b) 094 0.08 1.30 0.16 0.74 n.d. 0.24
2069 a) 0.38 n.d. 0.15 n.d. n.d. n.d. n.d.
b) 0.52 0.08 1.58 0.09 0.51 n.d. 0.07

Naphthalene (Nap), Acenaphthylene (Acy), Acenaphthene (Ace), Fluorine (FIr), Phenanthrene (Phe),

Anthracene (Ant), Fluoranthene (FIn)

a) Point measurements (conventional sampling), data set 1
b) Early time data during pumping, data set 2

n.d. = not detectable

5.5 Resultsand Discussion

55.1 Massfluxesderived from
conventional point scale
sampling

The concentration data sets 1 and 2
were used for the quantification of conta-
minant mass fluxes based on Equations 5.2
to 5.4 and using the hydraulic parameters
shown in Table 5.3. The results illustrate
that the main contaminant plume migrates
approximately paradlel to the valley
boundary. At CP 1 and CP 2 the main con-
taminant plume was therefore only inter-
cepted by two of the four wells along the
control planes. Obvioudly, this information
became available only after the installation
and sampling of the monitoring wells.
Mass flux estimations for CP 0, where al
four wells are located within the main con-
taminant plume are therefore comparably
reliable, whereas the results for the other
two control planes can be interpreted as

Table 5.3: Input parameters for point scale mass
flux calculations

Aquifer Hydraulic
thickness conductivity Hydraulic

Well [m] [ms']  gradient* []
B27 1.85 0.00053 0.00078
B28 5.70 0.00142 0.0067
B29 3.85 0.0026 0.0056
B30 2.50 0.00068 0.0027
B42 4.00 0.0020 0.0020
P2 3.80 0.0008 0.0012
B41 2.96 0.0105 0.0015
P1 3.35 0.0084 0.0013
NTO1 0.90 0.0058 0.0013
B73 0.80 0.0050 0.0016
B72 0.30 0.0200 0.0006
2069 1.50 0.0100 0.0036

* Derived from hydraulic head differences between
adjacent monitoring wells.

Width of the groundwater fence section at each well at
control plane 0 equa to 30 m.

Width of the groundwater fence section at each well at
control plane 1 and 2 equal to 40 m.
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Table 5.4: Estimated compound-specific mass fluxes across the control planes (CP) shown in Figure 5.1. Mass
fluxes for data sets 1 and 2 (point scale data) were estimated with Equation 5.3, for data set 3 (integral data)

Equation 5.7 was employed for the mass flux quantification.

Data set 1 Data set 2 Data set 3
CPO CP1 CP2 CP1 CP2 CP1 CP2
Mass Mass Mass Mass Mass Mass Mass
flux flux flux flux flux flux flux
[gd™] [gd™] [gd™] [gd™] [gd™] [gd™] [gd™]
Benzene 30.289 1.438 0.004 0.011 0.000 1.815 0.000
Toluene 0.094 0.050 0.005 0.104 0.012 0.040 0.004
Ethylbenzene 7.220 0.238 0.030 0.028 0.002 0.130 0.004
p-Xylene 0.241 0.067 0.029 0.069 0.019 0.045 0.016
o-Xylene 0.076 0.003 0.021 0.023 0.008 0.012 0.001
| sopropylbenzene 1.539 0.210 0.014 0.032 0.013 0.336 0.042
Propylbenzene 0.353 0.039 0.001 0.011 0.002 0.043 0.005
1,3,5-Trimethylbenze 0.036 0.007 0.002 0.028 0.002 0.013 0.006
1,2,4-Trimethylbenze 0.071 0.017 0.012 0.043 0.002 0.011 0.005
1,3,5-Trimethylbenze 0.081 0.004 0.001 0.013 0.001 0.004 0.002
Indane 0.006 0.132 0.014 0.078 n.d. 0.015 0.000
Indene 1.756 0.074 0.007 0.247 0.003 0.048 0.006
Naphthalene 0.186 0.165 0.145 2.242 0.179 0.185 0.024
Acenaphthylene 2.061 0.224 0.089 0.310 0.141 0.653 0.402
Acenaphthene 79.310 9.389 4,404 10.497 4,830 30.658 12.337
Fluorene 0.205 0.011 0.010 0.043 0.034 0.013 0.005
Phenanthrene 0.080 0.010 0.018 0.064 0.160 0.027 0.027
Anthracene 0.087 0.011 0.003 0.032 0.007 0.049 0.014
Fluoranthene 0.036 n.d. 0.004 0.030 0.024 0.008 0.006

n.d. = not detectable

relatively rough estimates due to the large
uncertainty inherent to the regionalization
of the point concentration data.

Nevertheless, based on data set 1 nearly
all target compounds showed a reduction
in mass flux in flow direction. Of the
BTEX and hydrocarbon compounds only
o-xylene and indane displayed an apparent
increase in flux between the control planes
(Table 5.4), which is evidence for the high
uncertainty of the point concentration
based mass flux estimations using the
sparse monitoring network at the site.

The estimation of PAH mass fluxes
based on data set 1 showed unexpected
results for naphthalene, phenanthrene and
fluoranthene (Table 5.4). Although naph-
thalene is generally assumed to be one of
the more biodegradable PAHs (under
aerobic conditions), naphthalene mass flux
was approximately constant at al investi-
gated control planes at around 1 gd™*.
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For phenanthrene, estimated mass
fluxes apparently increased from CP 1 to
CP 2 and fluoranthene was only detected at
CP 0 and CP 3. Consequently, NA rate
constants for these compounds could not
be computed from data set 1.

Due to well positioning at CP 1, the
area A; associated with each monitoring
well (Equation 5.2) had a width of 40 m.
The regionalization of the point scale con
centration data hence resulted in homoge-
neous 40 m wide contaminant stripes or
streamtubes crossing the control plane,
which introduces large uncertainties into
the results.

Focusing on the main contaminants at
the site, i.e. benzene and acenaphthene for
BTEX and PAH, respectively, possible
effects of the regionalization can be inves-
tigated. Although the benzene flux at CP 1
agrees well with the result from the
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integral method, the respective acenaph-
thene flux was underestimated by a factor
of 3 compared to integral mass flux results.
On average, the mass fluxes based on data
set 1 deviated from the integral mass
fluxes by approximately 97% + 108% at
CP 1 and by 143% + 132% at CP 2.

Such regionalization effects are a
function of the well positioning with
regard to the contaminant plume and the
distance between two neighbouring moni-
toring wells. The impact can be reduced by
installing additiona monitoring wells
along the control plane and thereby redu-
cing the scale of the point scale data regio-
nalization. It is generaly difficult to assess
how many monitoring wells are needed for
a reliable flux estimation under hetero-
geneous conditions because the exact
plume geometry is generaly unknown
(Barker et al., 2000). A sufficient level of
certainty can often be achieved by instal-
ling detailed groundwater fences as de-
scribed above, if economically feasible and
applicable under the site specific geolo-
gical conditions.

Mass flux results based on data set 2
illustrate the problem of plume detection
by point scale investigations with few
monitoring wells. The possibility of mis-
sing a contaminant plume in the ground-
water increases with the width of the sus-
pected source zone for any given number
of monitoring wells. The indane plume at
CP 2 (Table 5.4), was not detected during
the sampling for data set 2. In addition, si-
milar to the estimations based on data set
1, phenanthrene showed an apparent in-
crease in mass flux between CP 1 and CP
2, primarily due to the discussed regionali-
zation effects. Compared to the integrd
mass fluxes the results based on data set 2
showed an average deviation of about 22%
+ 18% at CP 1 and 63% + 48% at CP 2,
again highlighting the high uncertainty in
the results introduced by the sparse
monitoring network.
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Figure 5.4: Correlation between mass fluxes
derived from different point scale data at control
planes 1 and 2. Triangles and boxes represent
control plane 1 and 2, respectively.

Mass fluxes estimated with data set 2
were not systematically biased compared
to results from data set 1. The comparison
of the two point data mass fluxes (Figure
5.4) appears to show a smaller spread for
mass fluxes at CP 2. This should be noted
with care, however, as both data sets use
the same concentration measurements at
CP 2 at the wells B72 and B73. Although
the main flux at CP 2 is located around
well NTO1, i.e. thiswell shows the highest
point scale concentrations at CP 2 (Table
5.1 and Table 5.2), the use of the same
concentration data at well B73 increases
the relationship between the point data flux
estimations at CP 2.

One possible reason for the different
flux estimations at CP 1 based on the two
point scale data sets could be a shift in the
plume position at CP 1 leading to different
contaminant concentration distributions at
the monitoring wells. However, such a
significant change in the flow conditions
seems unlikely, as Herfort (2000) reported
no significant changes in the groundwater
flowfield at the site over a three year
period. Alternatively, the observed discre-
pancies in contaminant fluxes at CP 1
could originate from different sampling
times during well operation leading to
different well capture zones and sampling
volumes. With heterogeneous contaminant
distributions in the subsurface this can
significantly influence concentration mea-
surements. During the sampling for data
set 1, pumping rates of 0.6 — 0.7 Is* were
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applied, whereas pumping rates during the
sampling for data set 2 a& CP 1 were
mainly around 4 | s* because the data was
obtained during the pumping for the inte-
gra dite investigation. Mass flux differ-
ences between the two point scale data sets
could be a result of a spatially hetero-
geneous contaminant distribution in the
subsurface.

55.2 Massfluxesderived from the
integral investigation method

The general principle of the integra
groundwater investigation method and a
comparison with standard point scale
sampling is discussed hereafter. Figure 5.5
schematicaly illustrates concentration-
time series typically observed during an
integral site investigation based on differ-
ent contaminant distributions in the subsur-
face indicated by the simplified plumes.
Marked on thetime axisin Figure 6 is also
the typica sampling time for point scale
concentration measurements, after which
the pump is usually switched off. It is ob-
vious from the concentration-time series
shown in scenarios 1 and 3 (Figure 5.5)
that in this example the use of point scale
or early time data for flux estimations
(point scale approach) would lead to an
underestimation of contaminant mass flux
as the average contaminant concentration
is underestimated by early time pumping
data, whereas ealy time data from
scenario 2 would lead to an overestimation
of the respective flux. If regionalized to a
larger control plane width, point scale
measurements yield reliable results only
for homogeneous concentration distribu-
tions in the groundwater (compare scenario
4). If heterogeneous conditions prevalil
(scenarios 1 to 3), it is not possible to
predict whether the point scale approach
will over- or underestimate the mass flux.
This is due to the fact that the real conta-
minant distribution is usually unknown
prior to site investigation.
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Figure 5.5: Scheme of concentration-time series
typically recorded in the discharge of pumping
wells during an integra site investigation.
Scenarios 1 to 3 illustrate different heterogeneous
contaminant distributions in the subsurface,
scenario 4 represents a homogenous case (after
Bockelmann et al., 2001a).

For the integral mass flux quantification
a the study site, an analytical approach
(Bockelmann et a., 2001a) was utilized
(Equations 5.5-5.8). The concentration-
time series determined during the pumping
tests at CP 1 and CP 2 were used for the
compound-specific contaminant mass flux
estimations. The theoretica well capture
zones a the end of the pumping tests
derived from Equation 5.5 areillustrated in
Figure 5.1. Pumping rates at the wells were
based on the maximum yield, illustrating a
variability in the aquifer thickness (Figure
5.2) and transmissivity distribution at the
site. The hydraulic parameters derived
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from the pumping test analysis were used
as effective values for the scope of the
respective well capture zone in the ana
lytical approximation of the groundwater
flow. At CP 1, pumping rates were 1.4 |s*
at well P2 and between 4.1 1s* to 4.8 Is* at
the other wells. At CP 2, well B72 was
pumped at only 0.1 Is*, all other wells at
2.31s*to 3.5Is™. The low pumping rate at
well B72 was due to an aquifer thickness
of only 0.3 m at this location. Due to the
absence of a reliable flow model for the
numerical delineation of the well capture
zones, the wells were *“overpumped”
(pumped for a longer time period) to
increase the width of the investigated
control planes at each well and to increase
the probability of a complete capture of the
mass discharge from the NAPL pool at the
field site (Figure 5.1).

The reiability of the anayticaly
derived mass fluxes depends mainly on an
adequate estimation of the investigated
control plane width and on a good approx-
imation of the groundwater flow within
each well capture zone. A significant
deviation from the theoretical width of the
well capture zones at the well B42 (CP 1)
and well NTO1 (CP 2), could have caused
an incomplete capture of the main conta-
minant plume, i.e. an underestimation of
the total mass discharge across the control
planes, if some part of the mass flux is
migrating close to the valley boundary
(Figure 5.1) although there is an inflow of
groundwater from the valley slopes into
the shallow valey aguifer. Without a
detailed delineation of the well capture
zones and the contaminant distribution in
the groundwater, this uncertainty has to be
acknowledged but cannot be quantified.

Due to the greater sampling volume
employed by the integral site investigation
a the field site, the probability of detecting
the contaminant plumes in the groundwater
is increased, leading to mass flux estima-
tions a a higher level of certainty than
through a small number of point scale in-
vestigations. The results of the IGIM are
therefore used in this paper as the
reference in the comparison with the other

investigation methods. During the integral
investigation all target compounds were
detected at both CPs and in contrast to the
point scale investigation no compound
showed an apparent flux increase in flow
direction. Only phenanthrene exhibited an
apparently conservative, i.e. non-degra-
ding, transport between CP 1 and CP 2
(Table 5.4). Benzene and acenaphthene
could be identified as the maor contami-
nants at the site, with the BTEX flux being
nearly completely attenuated during the
transport between CP 1 and CP 2, whereas
the PAH compounds still exhibited a total
mass flux exceeding 30 gd* at CP 2.
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Figure 5.6: Correlation between mass fluxes
derived from integral (data set 3) and point scale
data (data set 2) at control planes 1 and 2. Triangles
and boxes represent control plane 1 and 2,
respectively.

A comparison based on data set 2 and
the integral data (set 3) illustrates that the
point scale approaches both over- and
underestimated the compound-specific
contaminant fluxes (compared to the
integral reference) at the two CPs (Figure
5.1), which is primarily a result of the
sparse monitoring network at the two CPs.

From the discussed results, it can be
concluded that the limited monitoring, the
level of heterogeneity of the geology,
source zone, and contaminant distribution
in the groundwater encountered at the field
site prevented the reliable application of a
point scale mass flux approach. Only with
an increased number of monitoring wells
along the main contaminant plume should
the point scae mass flux method be
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applied at this field site. Assuming an
average distance of 1 m (e.g. Barker et a.,
1987) to 3 m (e.g. Einarson et a., 2000, in
Einarson and Mackay, 2001) between the
multilevel sampling wells along a closaly-
spaced groundwater fence, 34 to 100
multilevel wells would be needed for a
single control plane along a contaminant
plume of around 100m width as encoun-
tered at this site. For smaller contaminant
plumes such an installation can be
economically feasible, but for larger
plumes this might often not be the case,
especidly if heavy drilling equipment is
required for each sampling well as at our
field site. The distance between the sam-
pling wells could be increased, but thiswill
lead to increased uncertainties in the
results if the site shows higher leves of
heterogeneity as commonly encountered in
coarse grained fluvial sediments. It should
be noted however that the integral investi-
gation method will not provide direct and
detailed information concerning the spatia
distribution of the contaminant concentra-
tions within the well capture zone.

5.5.3 Natura attenuation rate con-
stants based on mass flux data

For the reliable quantification of natural
attenuation (NA) rate constants at field
scale, a complete capture of the contami-
nant plume at all investigated control
planes has to be achieved and the mass
discharge from the source has to be
assumed constant through time. It can then
be concluded that observed mass flux
reductions between two control planes are
primarily caused by NA processes. Due to
the age of the contamination (Grathwohl,
2000), the stability of the groundwater
flowfield (Herfort, 2000), and the minor
influence of mass losses due to volatili-
sation (Eiswirth et al., 1998), the estimated
NA rate constants at the study site were
interpreted as indicators of the biodegra-
dation potential at the study site.

o
s
a

o
=
o

=3
=)
a

0.00

Effective NA rate constant [1/d]

0.15 4

=3 o
=) 2
a S}

Effective NA rate constant [1/d]
o
8

Figure 5.7: Effective natural attenuation rate
constants derived for the transport between control
planes 0 and 1 (solid bar) and control planes 1 and
2 (paetterned bar) based on conventional point
measurements (data set 1). a) BTEX and additional
hydrocarbons, b) low molecular weight PAH.

Effective natura attenuation (NA) rates
calculated for the contaminant transport
between CP 0 and CP 1 and between CP 1
and CP 2 based on data set 1 are shown in
Figure 5.7. Although the estimated mass
fluxes for CP 1 and CP 2 are uncertain, it
can be deduced that the attenuation of the
targeted organic compounds is faster closer
to the source and slower further down-
gradient. Only toluene displays an inverse
behavior. This could indicate that for some
compounds the anaerobic degradation rate
Is concentration dependent or dependent
on the dominant redox conditions which
change with distance from the contaminant
source.

A comparison between the estimated NA
rate constants from data set 2 and the
integral data (data set 3) shows that apart
from benzene and the trimethylbenzenes, the
results agree reasonably well (Figure 5.8).
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Figure 5.8: Effective natural attenuation rate
constants derived for the transport between control
planes 1 and 2 based on point scale (data set 2,
solid bar) and integral (data set 3, patterned bar)
measurements. a8) BTEX and additional hydrocar-
bons, b) low molecular weight PAH.

The difference in the benzene NA rate is
due to an underestimation of the benzene
flux at CP 1 and a respective overestimation
at CP 2 by the point scale approach. At CP 1
this is due to the spatia location of wells
B42 and P 2, which are both situated at the
fringe of the BTEX plume crossing CP 1.
Point data obtained a these wels
consequently lead to an underestimation of
the respective contaminant flux as the
benzene concentration-time series in these
wells followed a type 3 scenario (Figure
5.5). The difference in the NA rates derived
from the point scale and the integra
gpproach is generdly lower than the
respective difference in mass flux because
the estimation of NA rates is based on the
relative change in flux in flow direction and
not on the absolute mass flux va ues.

5.5.4 Natura attenuation rates based
on a centreline approach

Tracer breakthrough curves from a natura
gradient multitracer experiment (Bosel et
al., 2000) were used to localise a single
transport path between CP 0 and CP 2. The
identified transport path incorporated the
wells B28, B42 and NTO1 situated at CP 0,
1, and 2, respectively (Figure 5.1). Thisis
corroborated by the fact that some
heterocyclic compounds behaved conser-
vatively in the plume aong this flowpath
based on point concentration measure-
ments. Dimethyl-benzofuran for example
showed approximately constant concentra-
tions of about 3.5 ug I™* along this flowpath
(Zamfirescu, 2000).

Due to the location of the transport path
in relation to known contaminant sources
a the dte, it was assumed that the
transport path was situated at or close to
the centres of the PAH and BTEX plumes,
which do not entirely overlap due to the
different locations of the former tar pits
and benzene digtilleries at the site. With
the “Centreline’” method previously dis-
cussed, point scale concentration measure-
ments from the three wells aong this
transport path were used to calculate
effective natural attenuation rates for mul-
tiple organic contaminants using Equation
5.1

Figure 5.9 shows the calculated effec-
tive NA rates in comparison to results from
the integra groundwater investigation. It
can be seen that the results agree well with
an average deviation of only 41% + 35%.
The largest differences were recorded for
benzene and toluene. As mentioned before,
it was seen after drilling and sampling that
that well B42 is not situated in the centre,
but at the periphery of the main BTEX
plume crossing CP 1. This may explain
that the benzene and toluene mass fluxes
were underestimated during this point
scale based approach and, consequently,
estimated NA rates based on this data are
lower than the corresponding values from
the integral approach. The PAH plume on
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the other hand was seen to have a greater
width so that well B42 at CP 1 was located
closer to the centre of the plume and point
scale sampling techniques produced more
representative = PAH  concentrations,
resulting in a smaler deviation in the
respective NA rate constants compared to
the integral results.
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Figure 5.9: Effective natural attenuation rates of
selected compounds derived from the point scale
centerline approach (solid bar) and from the
integral investigation (patterned bar). Point scale
results based on Zamfirescu, 2000.

Both methods yielded effectively simi-
lar results with regard to field scae NA
rates at the studied field site. For the suc-
cessful application of the point scale
“Centreline€’ method, a detailed site inves-
tigation including a tracer test was
necessary to identify and localise the
investigated transport path because the
transport direction changed with the
distance from the source (Figure 5.1).
Having identified the transport path, the
estimation of NA rates is easier and faster
to conduct compared to the integral
groundwater investigation method.
However, the latter has the advantage of
estimating the mass discharge (My) at dif-
ferent distances from the source which can
help in the development of remediation
strategies and in conducting environmental
risk assessments.
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5.6 Conclusions

For our site, and for similar sites with a
limited number of monitoring wells, it can
be concluded that mass flux estimations
based on sparse point scale data can be
highly unreliable and that the results
should be carefully interpreted as they can
be subject to a large degree of uncertainty.
If additional wells cannot be installed due
to economic, geological, or other limita
tions, an integral site investigation can be
an alternative for the field scale quantifica-
tion of both contaminant mass fluxes and
natural attenuation rates.

For the study site it was shown that the
integral site investigation yielded more
dependable mass flux results and aso
allowed for the estimation of compound-
specific apparent natural attenuation rates,
which agreed well with attenuation rates
estimated using the “Centreling” point
scale approach which required a long-term
tracer test for the delineation of a contami-
nant transport path.

For the integral mass flux quantification
a smple anaytical solution was used,
which assumes homogeneous conditions in
the aguifer at the scale of the well capture
zones, which may lead to considerable
uncertainties if applied to the heteroge-
neous conditions encountered at our site.

Besides this and other “real world” field
applications, more research is needed
under controlled experimental conditions
to better understand the possibilities and
limitations of the individual field methods
under various geological and contaminant
source configurations. Presently, a field
scale comparison is being conducted at a
field site in Borden, Canada, which
includes a densely spaced groundwater
fence and which will alow for a detailed
comparison of the point scale and integral
mass flux quantification.
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6 Comparison of two mass
flux estimation approaches
at an UST site?

6.1 Abstract

Contaminant mass discharge has been
used to assess contaminant mass loss in
order to demonstrate the occurrence of
natural attenuation at field sites. In this
study, the commonly used approach to
estimate contaminant mass discharge, the
monitoring of multilevel wells, is com-
pared to a more recent approach, the inte-
gral groundwater investigation approach
that makes use of the concentration-time
series obtained from pumping wells.

The two approaches were applied at a
control plane located approximately 40m
downgradient of the source zone at former
site P-52 of Canadian Forces Base Borden,
Ontario, Canada. This hydrocarbon plume
shows evidence of natural bioattenuation.
The methods provided similar estimates of
the mass discharging across the control
plane. The sources of uncertainties in the
mass discharge estimates inherent in each
approach were evaluated and the maxi-
mum uncertainty of either method was
estimated to be about 40% for this specific
situation.

This uncertainty suggests that sources
of uncertainty should be examined and
minimised and that resulting values of
contaminant mass discharge should be
used cautiously. The choice of mass dis-
charge estimation approach will often
depend on the specific site geology, on
specific objectives and on potential reme-
dia actions anticipated for the actua field
situation. For this plume in a shalow,
rather homogeneous sandy aquifer, the
multilevel well approach appeared more

* Based on a manuscript submitted to the Journal of
Contaminant Hydrology

viable as it was cheaper and more easily
and rapidly implemented.

6.2 Introduction

Natural attenuation has emerged as the
approach of choice for remediating
groundwater at many contaminated sites
(Wiedemeier et al., 1999). The use of
natural attenuation as a remedia option is
referred to as monitored natural attenuation
(MNA) by the U.S. Environmental Protec-
tion Agency (U.S. EPA). Demonstrating
that sufficient mass loss is occurring in a
plume is critical for implementing MNA.
To evaluate the efficiency of natural atten-
uation, several authors (Semprini et al.,
1995; Borden et a., 1997; King et 4.,
1999; Wilson et al., 2000; Kao and Wang,
2001) used the contaminant mass dis-
charge approach to estimate contaminant
mass | oss.

Basically the mass discharge approach
compares the mass discharge of the selec-
ted chemical across plang(s) perpendicular
to groundwater flow and interprets differ-
ences in terms of potential mass loss me-
chanisms. Semprini et a. (1995) assessed
the anaerobic transformation of chlorinated
aliphatic hydrocarbons in groundwater.
Borden et al. (1997) estimated the effective
first-order decay coefficients for MTBE
and BTEX in a groundwater plume.
Wilson et a. (2000) estimated the rate of
removal of MTBE under methanogenic
conditions near a subsurface source. King
et al. (1999) quantified the mass loss in a
coa tar creosote plume generated in the
Borden aquifer. Kao and Wang (2001)
used the mass discharge approach to calcu-
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late the apparent biodegradation rates of
BTEX in groundwater plumes. They con-
cluded that mass discharge and in situ
tracer tests were more reliable and straight-
forward in evaluating natural attenuation
and intrinsic biodegradation than micro-
cosm tests, in situ column studies and fate
and transport modeling.

The most common method to establish
contaminant mass discharge is to monitor a
set of multilevel wells positioned on a
control plane perpendicular to the plume,
a different distances from the source
and/or over time (Kao and Wang, 2001,
Borden et a., 1997, Semprini et al., 1995,
King et a., 1999 and, Wilson et a., 2000).
Polygons are drawn around a sampling
point that typically extend half the distance
to the adjacent sampling points. For each
polygon, a value of mass discharge is de-
rived based on the measured agqueous con-
centration and on the local Darcy flux. The
total contaminant mass discharge for a
control plane is then the sum of al indi-
vidual polygon discharges. Because point-
scale concentration and hydraulic conduc-
tivity measurements as well as the hydrau-
lic gradient are assumed constant over the
size of a polygon, the multilevel well
approach is subject to a certain degree of
uncertainty. The larger the spatial and tem-
poral variations in the aquifer properties
and in the contaminant distributions, the
greater the uncertainty in the discharge
estimate may be for any given monitoring
grid.

To overcome the difficulties associated
with the interpolation of a point-scae
measurement, an integral groundwater
approach (Teutsch et al., 2000; Ptak et al.,
20008a) has been used by Bockelmann et al.
(20014a) to estimate contaminant mass dis-
charge. With this approach, the mass dis-
charge is obtained by sampling the dis-
charge of one or more pumping wells
placed along a control plane perpendicular
to the mean groundwater flow direction.
The premise is that the concentrations
measured at a pumping well are represen-
tative of the contaminant distribution
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within the increasing capture zone of the
well. The undisturbed concentration distri-
bution is reconstructed with the use of an
analytical solution (Schwarz, 2001) based
on a time-dependant calculation of iso-
chrones and mass balances for the increa-
sing capture zones. In genera, the analy-
tical solution isasimplified estimation tool
which can be applied to homogeneous or
moderately heterogeneous aquifers to esti-
mate contaminant mass discharges using a
relatively small number of monitoring
wells and without the need for a detailed
groundwater flow and transport model
(Bockelmann et al., 2001a).

Both the multilevel well and the integra
groundwater  investigation  approaches
were applied in an unconfined sand aquifer
contaminated with hydrocarbons and
showing evidence of natura attenuation.
The objective of this study was to compare
the two groundwater investigation approa-
ches and to investigate the uncertainty
associated with their mass discharge esti-
mates.

6.3 Sitecharacterisation

The unconfined, shallow aguifer at the
P-52 site at Canadian Forces Base Borden,
Ontario, Canada was contaminated by
leaded gasoline leaking from underground
storage tanks (USTs). The spill and/or
leaks most probably occurred between
1964 and 1985. The minimum volume was
estimated to be 7500 L. As of 1999, the
zone containing residua hydrocarbon
phase and the hydrocarbon plume were
estimated to extend 60m and 250m down-
gradient of the old USTs respectively.

Table 6.1 presents the aquifer character-
istics.

The dissolved hydrocarbons migrated in
the well-characterised, unconfined Borden
aquifer composed of fine to medium sand.
At the site, the agquifer overlies a discontin
uous sandy silty-clay aquitard. The aquifer
thickness varies from 4.0m to 9.1m over
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Table 6.1: Unconfined aquifer characteristics

Parameter

Value Reference

Radial hydraulic conductivity

Hydraulic gradient

6E-6 to 2E-4 ms™

-0.015t0 -0.010

Sudicky (1986);
Béland-Pelletier (2001b)
Béland-Pelletier (2001b)

Porosity 0.33 Mackay et al. (1986)
Aquifer thickness 4to0>15m Béland-Pelletier (2001b)
Depth to water table 2to4m Béland-Pelletier (2001b)
Saturated thicknessin vicinity of mass 2.8m Béland-Pelletier (2001b)
discharge experiments

Specific yield 0.1 Béland-Pelletier (2001b)
Specific storage 0.005m* Béland-Pelletier (2001b)
Organic carbon content 0.02% Mackay et al. (1986)

the first 200m of the P-52 plume. Beyond
200m, the aguifer thickness increases to
more than 15m as no aquitard material was
intersected to that depth. The groundwater
flow appears to be focused towards the dis-
continuity of the aquitard. The first portion
of the plume, where the mass discharge
approaches were tested, is under the influ-
ence of a northward groundwater flow di-
rection. Figure 6.1 presents the vertically
averaged concentration of total BTEX
obtained from multilevel wells sampled on
August 1999 along with the water table
elevation surveyed on October 1999.

Béland-Pelletier (2001b) provided evi-
dence that natural attenuation of BTEX
was occurring at this site. The BTEX dis-
tributions were much more restricted than
predicted without allowing their biotrans-
formation. The BTEX plume is generaly
anaerobic and electron acceptor utilisation
is evident. Concentrations of dissolved
oxygen (DO), nitrate (NO3) and sulphate
(SO,* are lower and concentrations of fer-
rous iron (Fe’*) and methane (CH.) are
higher in the plume than in background
groundwater.
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Figure 6.1: The BTEX plume originating from leaking USTs at the P-52 site. Contours are of using vertically
averaged total BTEX concentrations (mgl™). Water table elevation (masl) in October, 1999 is based on
measurements in about 20 wells, but only the location of multilevel and pumping wells (blown up area) used in

this comparison are shown.
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6.4 Integral groundwater
investigation method

6.4.1 Approach

The integra groundwater investigation
approach is designed to estimate the mo-
bile mass discharge of a contaminant
plume at a specific transect or control
plane located perpendicular to the ground-
water flow direction, downstream of a
source zone (Teutsch et al., 2000; Ptak et
al., 2000a). The mass discharge is obtained
from sampling contaminant concentrations
over time in one or more pumping wells
placed aong the control plane. The con-
centration-time series measured in ground-
water from the pumping wells under tran-
sient pumping conditions are interpreted in
this study using an analytical solution pre-
sented by Schwarz (2001) (Equation 6.1a).
The solution provides values of concentra-
tions Cx; for each section of the capture
zone defined by the spatial increment dr of
the radius r aong the control plane
between two consecutive sampling events
(see Figure 6.2).

Streamtubes of concentration Cx;

I
/

Isochrones at

b b 4
© > r(m)

Control Plane

Figure 6.2: Spatial distribution of concentrations
derived from the analytical solution (symmetrical
concentration distribution shown)

These sections are referred to as stream-
tubes. The concentration C, measured in
the well for al sampling events except the
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first is always the average concentration of
the intercepted streamtubes. The analytical
solution therefore provides a symmetrical
reconstruction of the concentration distri-
bution i.e. assigns the average (theoretical)
concentration, C,; to the two streamtubes
corresponding to any sampling event as
shown on Figure 6.2.

giox| el o | =l )

(6.13)

with:
Q,t
7bn

r(t) = (6.1b)

e

where Cx; [ML™] represents the average
(theoretical) concentration of the two
streamtubes crossing the control plane
within the investigated well capture zone,
corresponding to the i-th sampling event.
For the first sampling event, Cy; equals Cp;.
Cp: [ML® stands for the concentration
measured at the pumping well at time t;
and r(t) [L] is the radius of the well cap-
ture zone at time t. Qp [L™T] represents
the pumping rateand t [T], k [-], b [L], and
Ne Symbolize the time, the number of the
concentration measurement, the aquifer
thickness, and the effective porosity, re-
spectively.

The analytical solution assumes that
within the well capture zone: (1) the flow
towards the pumping well is radially sym-
metrical, i.e. the natura flow can be
neglected during the pumping test; (2) the
aquifer is homogeneous with regard to po-
rosity, hydraulic conductivity and thick-
ness; and (3) the concentration may vary
from streamtube to streamtube but does not
vary significantly or varies linearly along
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each of the streamtubes at the scale of the
well capture zone (Bockelmann et al.,
2001a).

The groundwater discharge Q; at the
control plane for each streamtube is given
by:

Q =Kibdr (6.2)

where K, i and b represent the hydraulic
conductivity, the hydraulic gradient and
the aquifer thickness representative of a
streamtube, all of which are assumed to be
constant over all streamtubes for the analy-
tical solution. dr; is the width of a stream-
tube. As the reconstructed concentration
distribution, based on the analytical solu-
tion, is symmetrical around the well and Q;
is assumed the same in both streamtubes at
sampling time t;, the integra mass dis-
charge, I, is then equal to twice the sum of
the streamtube concentrations (Cx;) to one
side of the well times the specific stream-
tube discharge (Q;) of these streamtubes as
shownin Figure 6.2. That is:

I =23Qcx (63)

where k represents the number of iso-
chrones or data points in the concentration
time series and is then equa to half the
number of streamtubes.

6.5 Fidld test at the P-52 site

A five-day pumping test was run in
November, 1999. Three pumping wells
positioned approximately 40m downgra
dient of the source zone were used for the
test. The pumping wells, MW1, MW4 and
MWS5 (Figure 6.1), were standard 0.05m
ID (2in) monitoring wells screened over
the entire saturated thickness. MW1 was
located in the centre of the plume and
MW4 and MW5 were located 10m east
and west of MW1 respectively.

The initid pumping rate was 10Lmin™
for all three wells. The wells were sampled
for each anticipated increase of 0.15m in
the idedlised cylindrical capture zone
radius (r) as given by Equation 6.1b. The
sampling intervals ranged from every 30
minutes in the beginning to 6 hours near
the end of the test.

For every sampling round, drawdown
was measured in 17 observation wells
distributed around the pumping wells. The
three wells were pumped at an average
discharge of 10Lmin™ during the entire test
except for MW4 whose pumping rate was
reduced to 5Lmin™ hafway through the
test to avoid excessive drawdown. The pre-
sence of a clay lens, identified in the core
of M12 located less than 1.5m from MW4,
might have contributed to the inefficiency
of MW4.

The concentration-time series measured
a the pumping wells during the test are
presented in Figure 6.3. The analytes were
benzene, toluene, ethylbenzene, p,m-
xylene, o-xylene, the trimethylbenzene iso-
mers (TMBs) and naphthalene. Overal,
MW1 presents the highest concentrations
for all compounds followed by MW5 and
MW4. This is consistent with the location
of the pumping wells with regard to the
plume position. During the first 200 to
300min the concentrations at al three
wells show an abrupt rise followed by a
drop. It is believed that these high varia-
tions at early pumping times are due to the
complex flow in the saturated and unsatur-
ated zone that developed in response to the
pumping of the unconfined aguifer. The
concentrations at MW1 slowly increased
after approximately 2000min. Because
MW1 is located near the centre of the
plume, its capture zone might have exten-
ded towards an area of the plume with
relatively higher contaminant concen-
tration.

Contaminant mass discharges were
derived for each pumping well. The
change in pumping rate a MW4 was
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Table 6.2: Mass discharges (gd™) from the multilevel well monitoring method (“Wells’) and the integral

groundwater investigation method (“Integral”) and their estimated relative uncertainties

Calculated Uncertainty in Physical Uncertainty in
Comparative M easurement (%) Assumptions and | Total Uncertainty
Mass Discharge [Analytical Error Other | Procedures (%) (%)
(gd™) Physical
Compound | Wells | Integral | Wells | Integral | Measure- | Wells | Integral | Wells | Integral
ments
benzene 0.45 0.49 20 10 7 32 38 38 40
toluene 0.81 0.75 10 10 7 32 38 34 40
ethylbenz. 0.59 0.86 10 10 7 32 38 34 40
p,m-xylene 2.05 3.61 10 10 7 32 38 34 40
o-xylene 0.61 1.01 10 10 7 32 38 34 40
1,3,5-TMB 0.17 0.23 10 10 7 32 38 34 40
1,2,4-TMB 0.63 1 10 10 7 32 38 34 40
1,2,3-TMB 0.23 0.39 10 10 7 32 38 34 40
naphthalene 0.11 0.19 20 15 7 32 38 38 41
treated as two different stress periods. The gradient across the control plane was

hydraulic input parameters used by the
analytical solution were n = 0.33, i = -
0.012, Kx = Ky = 4.00E-05 ms*, and b =
2.8m. Table 6.2 shows the integral mass
discharge for the control plane cover by al
three wells for each compound.

6.6 Multilevel well method

6.6.1 Approach

For the mass discharge quantification
based on a multilevel well approach, the
point-scale concentration measurement
(Ci) obtained from the sampling port of a
multilevel well is extrapolated over an area
(Ay) of the polygon that extends to half the
distance to the adjacent sampling ports.
During the multilevel well installation, soil
samples are collected and analysed for
hydraulic conductivity (K;). Theirregularly
distributed K; values are interpolated onto
a grid with dimensions equal to those of
the sampling port network to obtained a
interpolated hydraulic conductivity value
K; for each polygon. A hydraulic gradient
(i) is caculated from observation points
located up and downgradient of the multi-
level wells control plane. A uniform

assumed. The groundwater discharge for
each polygon is then: Q=K *i*A| =g*Ai.
The total mass discharge (F) is the sum of
al the individual mass discharges (F)
going through each polygon (Equation

6.4).
F=3F=>CaA

(6.4)
i=1 i=1
To obtain a meaningful estimate of
mass discharge from the multilevel well al
the contaminant plume should be captured
by the monitoring network. Extrapolation
of the instantaneous mass discharge in time
may need to make assumptions about
tempora variability of source strength or
flow velocity and flow direction. Note also
that the total mass discharge is obtained
using either the multilevel well or the
integral groundwater investigation method.
The dispersive mass discharge is usually
small relative to the advective discharge
and so can be neglected. Further, the
sorption between the aquifer solids and the
agueous phase is assumed to be at equili-
brium so no change in mass discharge is
attributed to sorption processes.

73



Chapter 6: Evauation of two mass flux quantification techniques at an UST site

6.6.2 Multilevel wel installation and
measurements

Ten (10) multilevel wells were installed
perpendicular to the flow direction
(labelled M9 to M18 in Figure 6.1), 1.5m
upgradient of the pumping wells MW1,
MW4 and MWS5. The multilevel wells
were 5.0m apart and had eight 0.0016m ID
(1/16in) Teflon tubing sampling ports stag-
gered 0.40m aong a0.013m ID (¥2n) PVC
centre stock. This generated a sampling
grid of 8 sampling ports by 10 multilevel
wells. The multilevel wells were sampled
in August 1999. At that time, the hydraulic
gradient measured between two fully
screened piezometers located less than
40m from the multilevel wells control
plane was —0.013. The soil samples collec-
ted during the installation of the multilevel
wells were analysed by faling head
permeameter for hydraulic conductivity.
The 52 hydraulic conductivity vaues
obtained from the permeameter test were
interpolated on the 8 by 10 sampling grid
using linear Kriging with no drift. This
interpolation technique was found to give
the most realistic distribution of hydraulic
conductivity with a variance and a mean
close to the range observed for the Borden
sand aquifer on site and about 200m
upgradient (Sudicky, 1986).

The drawdown in the pumping wells of
the shallow unconfined aquifer limited the
pumping rate to 10L/min and, even with
three wells operating for 5 days, the total
cross-sectional area covered by the pum-
ping wells was less than the one covered
by the multilevel wells. Hence, for the
comparison of the two approaches, it was
necessary to modify the cross-sectional
area covered by the multilevel wells to
assure that both approaches represented the
same aquifer control plane. The limits of
the 5-day capture zone of the pumping
wells were obtained from MODPATH
particle tracking and were projected onto
the multilevel wells sampling grid. In this
way, only the polygons that lay within the
limits of the capture zone were used to
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caculate the multilevel well mass
discharge. The polygons were truncated
when necessary. The “corrected” multi-
level well mass discharge obtained for
each individual compound is presented on
Table 6.2.

6.7 Uncertainty in massdischarge
estimates

6.7.1 Uncertainty in multilevel well
mass discharge estimate

The uncertainty in the multilevel well
mass discharge estimate is generated by
the uncertainties in the input parameters
for Equation 6.4: hydraulic conductivity,
hydraulic gradient, concentration measure-
ments and area of interpolation. These
uncertainties were of two types: first, the
uncertainties in the physical measurements
of the input parameters and second, the
uncertainties inherent to the underlying
assumptions and procedures. The relative
uncertainty values were propagated to the
multilevel well mass discharge estimate
using Equation 6.5, adapted from
Bevington and Robinson (1992), assuming
a Gaussian data distribution. According to
this equation, the uncertainty in the mass
discharge estimate (E) is equd to:

E= / z E? (6.5)

where E is the individua redative
uncertainty.

This procedure for summing the relative
uncertainty is statistically correct for the
relative uncertainties in the physical
measurements which are multiplied in the
multilevel well mass discharge equation
(Equation 6.4). However, the second
category of uncertainties, the relative un-
certainties inherent to the approach and to
the underlying assumptions, are not part of
asingle equation and are therefore difficult
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to evaluate using conventional statistics. In
this study the uncertainty in the mass
discharge estimate inherent to the approach
and to the underlying assumptions was
evaluated by comparison between a set of
reasonable scenarios for the resolution of
the mass discharge estimate and the chosen
scenario (see details below). The second
category uncertainties were then expressed
as a relative difference between the mass
discharge estimates of the tested scenarios
and the chosen mass discharge estimate
value. Because more weight should be
attributed to the higher uncertainties and to
keep the same procedure throughout the
analysis, Equation 6.5 was also used to
propagate the second category relative
uncertainties to the multilevel well mass
discharge estimate.

The relative uncertainty in the analytical
measurement of concentration was up to
20% for benzene and naphthalene and up
to 10% for the remaining compounds
(toluene, ethylbenzene, xylenes and
TMBSs). The tota relative uncertainty in
the physical measurements of length, time
and elevation used to derive the individua
K, i and A values summed to 7% accor-
ding to Equation 6.5. The uncertainty in
the mass discharge estimate attributed to
the physica measurement uncertainties
was, accordingly, mostly a function of the
uncertainty of the concentration measure-
ments and was estimated to be up to 21%
for benzene and naphthalene and 12% for
the remaining compounds (toluene, ethyl-
benzene, xylenes and TMBS) by Equation
6.5.

The true mass discharge for one given
control plane is defined as being the mass
discharge obtained when an infinite num-
ber of concentration sampling points and
associated groundwater fluxes are avail-
able. Since such a distribution is impos-
sible to obtain, the true mass discharge has
to be approximated, with the multilevel
well approach, from point-scale measure-
ments that are interpolated over a certain
area (polygon). In this study, it was

assumed that the sampling grid density of
approximately 0.7 sampling points per m?
adequately captured the spatia variability
of the contaminant distribution of the
studied control plane. In other words, it
was assumed that the point-scale concen-
tration and hydraulic properties measure-
ments were representative of the respective
polygon area (A;) to which they were
assigned and that the sampling grid density
provided a good estimate of the true mass
discharge at the control plane. To test this
assumption, a sampling grid density
analysis was performed on a higher density
sampling grid, fence 7A of King et a
(1999), located in the same Borden aquifer
but about 300m further upgradient and the
results were applied to the P-52 sampling
grid.

King et al. (1999) used a set of multi-
level well fences in the Borden sand pit
research area to monitor a dissolved coa
tar creosote plume including naphthalene.
One of the fences used, fence 7A, had a
sampling grid density of 4.2 sampling
points per m? (7 multilevel wells about
1.5m apart, each with 14 points spaced
20cm apart). The density of fence 7A
being 6 times higher than the P-52 one, it
was assumed that the discretization of
fence 7A was small enough to provide a
close estimate of the true discharge of the
creosote plume. It was then decided to
assess the impact of a less extensive
monitoring network on the naphthalene
mass discharge of fence 7A. To do that, it
was assumed that the concentration of any
given point within the limit of fence 7A
could be obtained by performing a bilinear
interpolation on the four closest measured
points or “real points’. Several mass dis-
charges were computed using 98 different
grid configurations corresponding to a
range of sampling grid density between 0.1
and 4.2 sampling pointsm®. To be consis-
tent with common practices, the horizontal
and vertical spacing of the sampling points
within one grid were kept constant. Also,
the groundwater discharge was assumed
constant throughout the fence areato
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Figure 6.4: Variation of mass flux of naphthalene (ngs®) versus monitoring fence density using fence 7A from

King et al. (1999)

simplify the analysis. This was reasonable
given the homogeneity of the Borden
aquifer.

The mass discharge estimates were
plotted against their respective densities
(Figure 6.4). The results illustrated the
uncertainty in the mass discharge estimate
generated by the grid density. The lower
the density, the larger the difference
between the range of mass discharge
estimates and the true mass discharge
value. From Figure 6.4, it can be deduced
that, using a sampling density of 0.7
sampling pointsm? (F1 and F2 fences at
the P-52 dite), the mass discharge
caculated at site P-52 could differ from
the true mass discharge by up to 25%. The
sampling grid density of 0.7 sampling
pointsm® hence generated a reative
uncertainty in the mass discharge estimate
of up to 25%.

The nature of the contamination and the
aquifer properties at both the P-52 and the
King et a. (1999) sites are sufficiently
similar to support this inference about the
uncertainties due to sampling grid density.
Both plumes consisted of LNAPL
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contaminant; both plumes migrated in the
unconfined Borden sand aguifer; both
plumes were generated by source zones
that presented a relatively uniform
contaminant distribution; and both plumes
present a similar degree of contaminant
distribution heterogeneity as illustrated by
the similarity of their cross-sectional shape
(Figure 6.5).

The multilevel well mass discharge
estimation involved the interpolation of
point-scale hydraulic conductivity mea-
surements onto the 8 x 10 sampling grid by
Kriging. This interpolation technique was
found to best match the observed hydraulic
conductivity distribution. Because the
interpolated hydraulic conductivity distri-
bution remains an estimate of the true
distribution, the sensitivity of the mass dis-
charge estimate to the chosen interpolated
distribution was tested. In order to do so,
the mass discharge was derived for four
different distributions. Three distribution
were generated by different interpolation
techniques: linear Kriging, Inverse Dis
tance to a Power, and quadratic surface
Polynomial Regression, and one distri-
bution by the use of a uniform hydraulic
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conductivity vaue for the entire grid
corresponding to the geometric mean of
the observed hydraulic conductivity mea-
surements. The difference in  mass
discharge estimates between al four
distributions was expressed relatively to
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Figure 6.5: Cross sectiona views of the
naphthalene plume at fence 7A of King et al.
(1999) above and of the benzene plume from fence
1 at the P-52 site below. Concentrations are shown
inmgl™

the mass discharge estimate derived from
the Kriging distribution. The difference
between the Kriging distribution and geo-
metric mean distribution was the highest at
14%. This was assumed to be the relative
uncertainty in the mass discharge estimate
generated by the choice of the interpolation
technique. This uncertainty is relatively
low compared to other sources of uncer-
tainty and is likely the results of the homo-
geneity of the Borden aquifer.

In this procedure a uniform hydraulic
gradient was assigned to the control plane.
The hydraulic gradient was observed to
fluctuate over time. Since the results from
this approach need to be extrapolated to
the time of the pumping test to allow com-
parison of the two approaches, a relative
uncertainty needs to be assigned to this
temporaly variable hydraulic gradient.
Within one month of the multilevel samp-
ling round, the gradient was observed to
fluctuate between -0.012 and -0.013.
Since the gradient is assumed constant
over the control plane, the difference in
hydraulic gradient attributed to temporal
variation, 8%, corresponds to the uncer-
tainty in the mass discharge estimate
generated by the chosen magnitude of the
hydraulic gradient.

Finally, as mentioned before, the cap-
ture zone limits had to be approximated in
order to sub-sample the multilevel well
sampling grid to provide a similar control
plane for the comparison between the two
mass discharge approaches. The capture
zone was approximated by applying the
MODPATH particle tracking option of the
MODFLOW groundwater flow model. The
model, with a normalised Root Mean
Squared error (RMS) below 7% for the
entire simulation time, was well calibrated
to the hydraulic head surveyed during the
5-day pumping test. Certain limitations of
MODFLOW, especialy the assumption of
strictly saturated flow and the need to turn
nodes above the water table inactive in the
pumping wells, generated an uncertainty in
the delineation of the upper limits of the
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capture zone. These two aspects accen-
tuated the influence of the vertical gradient
in the upper part of the aquifer causing the
capture zone radius to be narrower at the
top (Figure 6.6). However, the delineation
of the capture zone in the lower part of the
aquifer is thought to be a good
approximation because the model was
calibrated with hydraulic heads measured
in that portion. Hence, the best
approximation of the capture zone extent is
thought to be between the one provided by
MODFLOW (Figure 6.6) and one that
would have a constant radius over the
whole thickness equal to the one cal cul ated
by MODFLOW for the lower portion of
the aguifer. These two capture zone extent
scenarios generated mass discharge
estimates that differed by 11% and
therefore the relative uncertainty in the
mass discharge estimate attributed to the
capture zone delineation was estimated to
be 11%.
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Figure 6.6: Modelled capture zones at the end of
the 5-day pumping test. Capture zones for pumping
wells were simulated with MODFLOW and
MODPATH.

It was shown that the rédative
uncertainty in the multilevel well mass
discharge estimate generated by the
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uncertainties in the physical measurements
was up to 21%. The different K
distribution, the tempora fluctuations in
the hydraulic gradient and the adequacy of
the sampling grid density generated a
relative uncertainty in the mass discharge
estimate of up to 14%, 8% and 25%,
respectively. The overal reative
uncertainty in the multilevel well mass
discharge estimate is then 37% according
to Equation 6.5.

6.8 Uncertainty in theintegral
approach mass discharge
estimate

As it was the case for the multilevel
well mass discharge estimate, an
uncertainty is attributed to the physical
measurements of the terms of the integral
approach mass discharge equations. The
measurements are: the pumping rate (Qp),
the pump discharge concentration (Cp), the
hydraulic conductivity (K), the hydraulic
gradient (i), the saturated thickness (b), the
porosity (n) and the time (t). It was seen
that, except for the analytical error in the
concentration measurements, all physica
measurements involved in the multilevel
well approach generated an uncertainty of
7% in the mass discharge estimate. This
turned out to be negligible when compared
to the other sources of uncertainties.
Because of that, it was decided not to
recalculate the physical measurement
uncertainties of the integral approach,
except for the analytical error. Rather, the
relative uncertainty in these aspects was
assumed to be smilar to the estimated total
uncertainty of the physical measurements
of the multilevel well approach - 7%. This
was further supported by the common use
of some of the physical measurements by
both techniques. Also the uncertainties
atributed to the underlying assumptions
described below were expected to be
significantly higher than the uncertainty in
the physical measurements and therefore it
appeared logical to focus on the
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uncertainties in the underlying assump-
tions.

The relative error for the analysis of the
pumping test samples was up to 15% for
naphthalene and up to 10% for the
remaining compounds (benzene, toluene,
ethylbenzene, xylenes and TMBs). This
anaytical error was summed with the 7%
uncertainty in Q,, K, i, b, n and t using
Equation 6.5 and a relative uncertainty in
the integral approach mass discharge esti-
mate of up to 17% for naphthalene and up
to 12% for the remaining compounds.

The integra approach aso carries
uncertainties generated by its underlying
assumptions. The presence of a ground-
water gradient at the site induced a
deviation from the first assumption of
radially symmetrical flow to the pumping
wells. As a result, the control plane used
by the integral groundwater investigation
method was larger than the one used for
the multilevel well mass discharge
estimation as shown in Figure 6.6. The
control plane for the integral groundwater
investigation method was given by the
pumping rate and the total duration of the
test according to the cylindrical capture
zone model (Equation 6.1b). The control
plane for the multilevel well approach was
obtained by modelling the response of the
aquifer to the pumping wells and was
based on the observed head distribution
over the duration of the test. Hence, the
control plane and accordingly the ground-
water discharge used for the integra
groundwater investigation method s
approximately 37% larger than the one
used for the multilevel well approach.
Hence, the relative uncertainty in the
integral approach control plane area is up
to 37%.

The second assumption of a homoge-
neous aquifer with regard to porosity,
hydraulic conductivity and thickness was
considered valid at the site. The homoge-
neous aquifer properties were supported by
previous research in the Borden aquifer

(e.g., Sudicky, 1986), by hydrogeologic
characterization of site P-52 and by the
radialy symmetrical drawdown cone
measured during the pumping test. A
numerical simulation was done to derive
the hydraulic parameter vaues for the
integral approach mass discharge calcu-
lation. The model simulated the flow in
response to pumping in a homogeneous
aquifer. The model was considered well
calibrated when the normalised Root Mean
Squared error (RMS), which represents the
difference between the simulated and
observed hydraulic head expressed as a
percentage of total head loss, stayed below
7% for the entire simulation time.
Although aRMS below 7% is considered a
good fit, the difference between the
observed and ssimulated head of 7% might
indicate a problem with the conceptual
model of the site. Two factors linked to the
homogeneous aquifer assumption could be
responsible for the 7% difference between
the observed and simulated head. First, the
hydraulic property values used in the
model are inexact and, second, the aquifer
is not perfectly homogeneous. In any case
the calibration criterion, RMS of 7%, can
be used as an estimate of the uncertainty
associated to the homogeneous aquifer
assumption.

Because evidence of natural attenuation
was found at the site, a certain concentra-
tion gradient exists aong the flow direc-
tion at all scales. Consequently, the third
assumption of negligible or linearly chang-
ing concentrations along the flow direction
may not be entirely fulfilled. The concen-
tration gradient within the well capture
zones was not quantified during this study.
However, the relatively constant concen-
tration-time series suggest a fairly uniform
concentration distribution within the well
capture zones and the possible deviation
from the third assumption was assumed to
be minor.

For the integra approach the propaga-
tion of the uncertainties inherent in the
physical measurements and in the under-
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lying assumptions presented a challenge.
The uncertainties generated by the under-
lying assumptions affected the integral
mass discharge solution at different levels.
For example, the uncertainty in the capture
zone delineation could affect both the
discharge through the control plane and the
reconstruction of  the  contaminant
distribution within the well capture zones.
For that reason it was difficult to know
what these uncertainties represented
statistically and what propagation error
equation to apply. Furthermore, the
uncertainties were expressed relatively to
different measurements. to the physica
measurement (17%), to the control plane
area (37%) and to the head loss in the
domain (7%). Because the uncertainty in
the integral approach mass discharge
estimate is needed in order to compare that
estimate to the multilevel well mass
discharge estimate, it was decided to
follow the error propagation procedure
established for the multilevel well mass
discharge estimate. In order to do so, the
above uncertainties were assumed to
represent a relative uncertainty in the
integral approach mass discharge estimate.
These uncertainties were then summed
using Equation 6.5. The total relative
uncertainty in the integral mass discharge
estimate using the simplified anaytica
solution is hence 41% at this Site.

6.9 Comparison of theresultsof the
two methods

The calculated mass discharges at fence
F2 are shown in Table 6.3. The mass
discharges caculated from the integral
groundwater investigation method using
three pumping wells are shown in Table
6.2. For most analytes, the integra
approach produced lower estimates of
mass discharge. When the total analyte
mass discharge is summed for both
methods, the integral method total analyte
mass discharge of 8.5 gd™ is only about
5% less than the summed mass discharge
of 8.9 gd* via the multilevel well method.
As pointed out above, the control plan for
the integral method did not extend across
the whole plume width and so the multi-
level well control plane was recal culated to
include asimilar coverage.

Figure 6.6 shows the compound specific
mass discharges derived from the two
investigation approaches with the muilti-
level well approach “corrected” as discus-
sed previoudly. In genera, the integra
groundwater investigation approach yiel-
ded larger mass discharges.

Table 6.3: Mass discharge for aromatic compounds at upgradient fence F1 and downgradient fence F2 in the
dissolved plume at the P-52 site, CFB Borden, ON. Differences in mass discharge greater than the uncertainty in

estimation are in bold

Discharge (gd™) Uncertainty in Chargein
Compound F1 F2 discharge (%) discharge (%)
benzene 0.72 0.69 37 -4
toluene 3.47 1.23 32 - 65
ethylbenzene 0.75 0.94 32 +25
p-, m-xylene 2.99 3.23 32 +8
o-xylene 1.39 1.03 32 -26
1,35-TMB 0.48 0.24 32 - 50
1,2,4-TMB 11 0.98 32 -11
1,2,3-TMB 0.42 0.36 32 -14
naphthalene 0.20 0.16 37 -20
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Figure 6.7: Mass discharge estimated by the integral groundwater investigation method (black bar) and by the
multilevel well method using the “corrected” control plane (structured bar) and for the whole control plane or
fence (white bar). Error bars reflect total uncertainty from Table 6.2.

The total anayte mass discharges
obtained from the integrad and the
multilevel well approaches were 8.5 gd™
and 5.7 gd™ respectively. The total analyte
mass discharge from the *“corrected”
multilevel well approach is hence 33%
higher than the discharge derived from the
integral groundwater investigation
approach. Since the difference in ground-
water discharges between the two
approaches was estimated to be 37%, it
appears that the deviation from the cylin-
drical assumption could be mainly respon-
sible for the relatively higher integral
groundwater investigation mass dis
charges.

The 33% difference is not observed for
al compounds. During the anaysis, a
correlation between the difference in mass
discharges from the two approaches and
the smoothness of the concentration time
series measured was observed for some
compounds. For example, Figure 6.3
shows a relatively large variation of p-,m-

xylene concentrations at MW1 and MW4
and the integral (1.85 gd! a& MW1 and
0.62 gd™ at MW4) and multilevel (0.75gd™
a MW1 and 0.27 gd* at MW4) approach
discharges for those compounds at those
wells differed by more than 120%. This
suggested that when the concentration
distribution is uniform, the assumption of a
negligible concentration gradient inherent
in both approaches is more likely to be
fulfilled and the mass discharge estimates
from each technique will be more similar.
However, the observed correlation does
not provide information regarding which
of the two techniques, or if both, fall to
meet the assumption.

The relative uncertainty in the integral
approach was estimated to be between
40%-41% and the uncertainty in the
multilevel well was estimated to be
between 34%-38% depending on the
compound. Figure 6.7 shows the mass
discharge estimate along with their relative
uncertainty. The figure demonstrates that
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the range of discharge values overlap for
all compounds. Overall, this suggests that
both approaches provided similar estimates
of the contaminant mass discharge at the
control plane.

6.10 Discussion

It should be noted that the two
approaches did not sample exactly the
same aquifer thickness. The multilevel
well sampling ports were al positioned
below the water table whereas the pumping
wells captured water from both below and
above the water table (capillary fringe
zone). Although the capillary fringe was
captured by the pumping wells, the analy-
tical solution used in the interpretation of
the integral approach did not account for
that groundwater flow. Hence, both tech-
niques neglected the mass discharge of the
capillary fringe. For the control plane
studied here there was no evidence of con-
taminant mass in the capillary fringe and it
was likely that the contaminant mass
discharge at the capillary fringe was indeed
negligible (see Figure 6.5). Nonetheless,
before implementing these mass discharge
approaches, the contaminant distribution in
the capillary fringe should be investigated
and taken into account if judge potentially
significant.

The overal research cost including the
planning, instalation of wells, execution,
laboratory analysis and interpretation was
estimated as $7500 for the multilevel well
approach and $14200 for the integra
approach. Both techniques required the
definition of the plume width at the control
plane which was provided by the site
characterization work. Both techniques
also required an estimate of the Darcy flux;
that is, an estimate of the hydraulic gra
dient and of the hydraulic conductivity at
the control plane. The hydraulic gradient
was obtained from the observation wells
installed during the initiad site charac-
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terization. The multilevel well approach
made used of the soil retrieved during the
installation of the multilevel well to obtain
material from which a detailed hydraulic
conductivity distribution was derived from
falling head permeameter tests performed
on 51 soil samples. The integral approach
required a unique value of hydraulic
conductivity representative of the control
plane. That value was obtained from
calibrating a groundwater flow modd to
the time-drawdown curves of 17 obser-
vation wells monitored during the pumping
test. In this shalow unconfined aquifer the
pumping test included a well efficiency
test to plan the number of wells and
pumping rates and duration needed to
cover the studied control plane. The cost
for estimating the hydraulic conductivity
for the integral approach ($1500) was
approximately 1.5 times the cost for the
multilevel well approach ($900) at this
site. Alternatively, an effective K value can
be obtained from the drawdown data
recorded during the long-term pumping
test or from the recovery phase of the
pumping test.

The concentration distribution at the
control plane for the multilevel well
approach was obtained from 60 water
samples. To represent the same control
plane, the integral approach used 99
concentration measurements. The cost for
sampling and analyses were estimated as
$3800 for the multilevel well approach and
$7500 for the integral approach. At other
sites (e.g., Ptak et al., 2000a; Bockelmann
et a., 2001a) larger dr increments were
found to yield reliable mass discharge
estimates and the smoothness of the con-
centration-time series suggest, in hindsight,
fewer samples could have been collected at
thissite.

A total of 18 days was needed to com-
plete the interpretation of the multilevel
well mass discharge and 26 days were
needed to calculate the integral approach
mass discharge.
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Because the volume of water purged
was significant during the pumping test, a
strategy for the disposal of the effluent
water had to be defined prior to the start of
the test. This was not necessary for the
multilevel well approach since the volume
of water purged was minima during the
sampling of the multilevel wells. Because
permission to infiltrate the effluent water
over the source zone was obtained, the
disposal of the contaminated effluent water
a the site turned out to be simple and
cheap. In other circumstances however, the
disposal of the contaminated water from
the integral approach might induce an
important stress on the budget. For
example, the likely cost of treating the
contaminated water on site with activated
carbon was estimated to be $10 000.

Because no single factor could explain
the difference between the mass discharge
estimates derived from the two approaches,
it is not possible to confirm which
approach provided the best accuracy. How-
ever, since the range of mass discharge
estimates by both approaches overlaps, it is
believed that the two approaches similarly
represented the contaminant  mass
discharge of the studied control plane. For
this aguifer and contaminant plume condi-
tions, it was shown that the multilevel well
approach was cheaper and faster than the
integral approach. The above analysis of
the density of sampling points required for
the multilevel well approach suggested that
savings that could have been obtained by
using fewer wells or points would have
been gained at a cost in quality of the mass
discharge estimate. However, because of
the relatively smooth concentration-time
series distributions observed at the pum-
ping wells, it would be possible to optimise
a subsequent pumping test at the site by
decreasing the sampling frequency. In this
way, fewer samples would be collected
and the cost of the integral approach would
decrease.

The choice of mass discharge esti-
mation approach is not generally obvious

and so should be specific for each
situation. For example, if inexpensive
multilevel wells or groundwater concentra-
tion profiling (e.g., Wilson et a., 2000)
cannot be used, the high cost of multilevel
wells could easlly leave the integra
groundwater investigation much less ex-
pensive. Also, as the heterogeneity of the
aquifer increases, the accuracy of the inter-
polation of the point-scale concentration
measurements decreases and with it the
accuracy of the multilevel well mass dis-
charge. Because the increase in heteroge-
neity would likely induce a deviation from
the cylindrical capture zone assumption,
the accuracy of the integra method mass
discharge as derived by the analytical solu-
tion will also decrease with an increase in
heterogeneity. However, a numerical solu-
tion for the integral groundwater investi-
gation method is available (Schwarz, 2001)
and has been successfully applied at a
landfill site in Southern Germany (Ptak et
al., 2000a). Through the utilization of a
numerical model, the numerical solution of
the integra groundwater investigation
method approach accounts for aquifer
heterogeneities and asymmetrica well
capture zones and might be a better inves-
tigation approach for heterogeneous aqui-
fer conditions provided the heterogeneities
are adequately characterized.

In addition, the questions to be
answered or the remediation technique to
be implemented at a should be taken into
consideration when choosing between the
two approaches. For instance, because the
multilevel well approach provides a spatia
distribution of concentration and aquifer
properties it is better suited for the design
of some permeable reactive barriers in
which mixing of influent water is mini-
mised (e.g., Morkin et a., 2000). However,
when a spatia integration of the mass
discharge is needed such as for the design
of a pump-and-treat system, many reactive
barriers or for the estimation of the conta-
minant mass discharge to enter the capture
zone of a water supply well, the integral
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groundwater investigation method is more
appropriate.

The uncertainty of about 40% inherent
in each mass discharge estimation indicate
that values of contaminant mass discharge
should be used cautiously. Mass discharge
estimates should be presented with their
associated uncertainties and conclusions
based on the mass loss of contaminant
should only be drawn if the decrease in
mass is higher than the uncertainty in the
result. For example, Table 6.3 shows the
mass discharge calculated for the
upgradient (F1) and downgradient (F2)
fences placed downgradient of the

apparent source zone at the P-52 site. For
some analytes (e.g., p-,m-xylene) the mass
discharges apparently increases a the
downgradient fence. Note, however, that
these changes in mass discharge are less
than the estimated uncertainty. Only for
toluene and 1,3,5-TMB is the upgradient
versus downgradient difference in mass
discharge greater than the estimated
uncertainty of about 40%. For both
analytes, mass discharge is reduced at the
downgradient fence, supporting natural
attenuation for at least toluene and 1,3,5-
TMB inthis plume.
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7 Theintegral groundwater
Investigation method
(IGIM): Comparison of
analytical and numerical
results’

7.1 Abstract

Compound-specific mass fluxes and
attenuation rate constants for benzene,
toluene, ethylbenzene, and xylenes
(BTEX), aswell asfor selected low molec-
ular weight polyaromatic hydrocarbon
(PAH) compounds were estimated at a
former manufactured gas plant using an
integral groundwater investigation method
(IGIM). This method utilizes long term
pumping tests at control planes situated
perpendicular to the mean groundwater
flow direction to estimate contaminant
mass fluxes and contaminant distribution
in the groundwater at the control planes.
For this reason contaminant concentrations
at each pumping well are measured as a
function of time. These concentration-time
series (CT-series) can be assessed using a
simplified analytical procedure assuming
homogeneous aquifer properties at the
scale of the respective well capture zone,
or by employing a numerica flow and
transport model.

This study compares the results of the
analytica and numerical inversion of the
CT-series data at a heterogeneous field
site. Both inversion methods allowed to
identify the major contaminants at the site.
Although the transmissivity in the aquifer
varied by orders of magnitude, the
differences between the analytically and
numerically derived mass fluxes were only
20% + 12% for BTEX and 74% + 60% for
PAH compounds. The faster and easier
analytical inversion of the integral CT-
series data can therefore be an alternative

® Based on a manuscript for Groundwater and on
Bockelmann et a., 2001b.

method for the field scale quantification of
contaminant mass fluxes, if the site is
effectively homogeneous or if in a first
step of the site investigation a simplified
anaytica mass flux estimation is
sufficient.

7.2 Introduction

The literature is abundant with reports
demonstrating the possibility of in-situ or
intrinsic bioremediation and natura atten-
uation of benzene, toluene, ethylbenzene,
and the xylenes (BTEX) (e.g., Barker et
al., 1987; Edwards and Grbic-Galic, 1994;
Burland and Edwards, 1999; Anderson and
Lovley, 2000) and polyaromatic hydro-
carbons (PAH) compounds (e.g., McNally
et a., 1998, Rockne and Strand, 1998;
Meckenstock et al., 2000) in contaminated
groundwater under various hydrogeo-
chemica conditions. Key processes con-
trolling the efficiency of natural atten-
uation are diffusion, sorption and biodegra-
dation (Karapanagioti et al., 2001). Volati-
lization of organic contaminants has
typicaly only a minor to negligible in-
fluence on the overall contaminant atten-
uation (Chiang et a., 1989; Wiedemeier et
al., 1999).

For the demonstration and documen-
tation of natural attenuation at field sites
and for the assessment of groundwater
contamination hazards, the development of
reliable methods for the quantification of
contaminant mass fluxes in groundwater is
critical (Eggleston and Rojstaczer, 2000).
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The most common method to establish
contaminant mass flux in groundwater is to
monitor a set of multilevel wells positioned
a a control plane or groundwater fence
perpendicular to the plume, at different
distances and/or times from the source
(e.g. Semprini et al., 1995, Borden et d.,
1997, King et a., 1999, Wilson et a.,
2000, Kao and Wang, 2001; Einarson and
Mackay, 2001). In this method polygons
around each sampling location are defined,
which generaly extend half the distance to
the adjacent sampling point. The mass flux
in each polygon is calculated based on the
measured contaminant concentration and
on the local Darcy flux. The total
contaminant mass flux at the control plane
is then equal to the sum over all individual
polygon mass fluxes. As the aquifer
properties within each polygon are
assumed constant, this approach is subject
to a methological uncertainty, which in-
creases for any given monitoring grid with
the spatial and temporal variations in the
aquifer properties.

Although modern direct push techno-
logies have significantly reduced the
installation costs for a detailed monitoring
grid, such an installation is sometimes not
feasible due to buildings, roads or other
infrastructures, which limit the accessi-
bility of the aquifer or because of the local
geology. Coarse fluvial gravel sediments
can lead to difficult drilling conditions and
prevent the use of direct-push sampling
technology. It is therefore important to
develop dternative investigation methods,
which can investigate inaccessible aquifer
locations, and which require only a small
number of monitoring wells for a complete
site investigation. Moreover, these new
investigation methods should be less
susceptible to interpretation errors due to
the uncertainty inherent to the regionali-
sation of point-scale data.

This study reports about the application
of a new Integral Groundwater Investi-
gation Method (IGIM), which was applied
to two control planes situated 140 m and
280 m downgradient from a contaminant
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source zone at a former manufactured gas
plant (MGP) site in south-west Germany.
The IGIM is based on the evaluation of
concentration-time  series  (CT-series)
measured at pumping wells located at
control planes, which are situated ortho-
gonal to the mean groundwater flow
direction, to reconstruct the undisturbed
concentration distribution in the ground-
water prior to the pumping, and to estimate
compound-specific  contaminant  mass
fluxes crossing the control planes. Due to
the increased sampling volume this method
IS not subject to the limitations of data
regionalization and aquifer inaccessibility.

In a first step, the measured CT-series
can be interpreted using a simplified ana-
lytical procedure assuming ideal, homo-
geneous aquifer conditions and a negli-
gible groundwater gradient at the scale of
the individua well capture zones. In a
second step, the CT-series can be inter-
preted using a numerical procedure, which
Is based on a site-specific flow and trans-
port model and can hence account for
gpatial variability in the hydraulic aquifer
parameters, if thisinformation is available.
In addition, the use of a numerical flow
model allows to take a non-stationary
development of well capture zones into
account.

This study presents the results of the
integral site investigation at the MGP site
and compares the analytically and numeri-
cally derived compound-specific mass
fluxes and natura attenuation rates of the
targeted BTEX and PAH compounds.

7.3 Sitecharacterization

The field site is a former manufactured
gas plant (MGP) located in the Neckar
River valey in SW Germany (Figure 7.1).
The local aquifer is situated 3m to 4m
below land surface and mainly consists of
unconsolidated quaternary sand and gravel.
The aguifer thickness varies spatially and
has an average thickness of about 3m.
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Based on pumping tests, the arithmetic
average of the hydraulic conductivity at the
site was estimated as 3.3*10° ms!
(Herfort, 2000).

- Control plane
®  pPumping well

O Existing well

* Groundwater flow
direction from field

scaletracer tests

Figure 7.1: Field site overview

Hydraulic heads a the site were
monitored over a 3-year period with no
indication of significant seasonal changes
or temporaly variable groundwater flow
directions (Herfort, 2000). The steady-state
of the local groundwater flow field is due
to the artificial regulation of the water
level of the river that runs parallel to the
eastern border of the field site. Transport
parameters have been determined in the
field during a large scale natural gradient
multitracer test using fluoresceine, eosine,
sodium naphthionate and sodium bromide
as tracers (Bosdl et a., 2000). From this
test average effective porosity and average
groundwater flow velocity were estimated
as0.13 and 2.0 md™, respectively.

The contaminant source zone shown in
Figure 7.1 comprises different point
sources in which total BTEX concen-
trations in the groundwater range up to 12
mgl™. PAH concentrations in the source
zone are up to 3.2 mg™t (Zamfirescu,
2000). Of the investigated PAHs, only
acenaphthene shows high concentrations of

190 pgl™ at distances of about 280 m
downgradient from the source zone at well
NTO1 (Figure 7.1). Of the BTEX contami-
nants, only p-xylene showed concentra-
tions exceeding 0.2 pg/l at control plane 2
(well B73, Figure 7.1). The age of the
groundwater contamination at the ste is
between 60 and 100 years (Herfort, 2000;
Zamfirescu, 2000).

Pumping testswith concentration | g, [Plot of concentration vs. time during
t pumping tests (compound specific)

Contaminated Control Plane ¢
SiE well 1
(e c c c

=
Ly
G~
Well 2 I'sochrones Well 1 Well 2 /-V;;;
pail —
[ e
.ﬁ? ) - = ty tyt, Ly
Well 3
Sour ce zone
(Location generally unknowr) ‘

Contaminant mass flux and mean Transient inversion algorithm based
concentration at control plane < on anumerical flow and transport
model or an analytical solution

Figure 7.2: Concept of the Integra Groundwater
Investigation Method (IGIM)

7.4 Integral Groundwater
Investigation Method (IGIM)

The concept of the IGIM isillustrated in
Figure 7.2. In this method, one or more
pumping wells are placed along a control
plane perpendicular to the mean ground-
water flow direction and operated simulta-
neoudly, or in subsequent pumping cam-
paigns, downgradient of a suspected pollu-
tant source zone. The well positions, pum-
ping rates and pumping times are chosen to
allow the well capture zones to cover the
overall width of the contaminated site or of
the suspected contaminant source. During
pumping, as the well capture zones
increase, concentrations of groundwater
contaminants are measured as a function of
time (CT-series) at each of the pumping
wells. Since each concentration value
within the measured CT-series is asso-
ciated with a distinct aguifer region
covered by the well capture zone, informa-
tion on the gpatial distribution of both
concentrations and mass fluxes can be
obtained from this method, in addition to
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information on the total mass fluxes of the
investigated compounds.

As afirst step, the determined CT-series
were interpreted using an anaytica
solution (Schwarz, 2001; Teutsch et a.,
2000; Bockelmann et al., 2001a), which
simplifies the problem to a steady-state
situation and assumes that within the
individual well capture zone (1) the flow
towards the abstraction wells is radialy
symmetrical, i.e. the natura groundwater
flow can be neglected during the pumping
test; (2) a this scale the aguifer is
homogeneous with regard to porosity,
hydraulic conductivity and thickness, and
(3) prior to the pumping the concentration
gradient in the well capture zone is linear
or not existent aong each of the
intercepted streamtubes athough it may
vary from streamtube to streamtube
(Figure 7.3a).

The first assumption of the analytical
solution allows to deal with a symmetrical
problem around the respective pumping
well. Together with the second assump-
tions, it is possible to describe the devel op-
ment of the isochrones around the pumping
well and thus the well capture zone along
the control plane, i.e. perpendicular to the
groundwater flow direction, as a function

of time:
r) = |2 (7.1)
zbn,

with r(t), Q, t, b, ne symbolizing the
radius [L] of the well capture zone at time
t, the pumping rate [L3T™], the time [T],
the aquifer thickness [L] and the effective
porosity [-], respectively.

A probable contaminant distribution in
the groundwater prior to any pumping can
then be reconstructed analytically based on
the measured CT-series at the pumping
well. For this reconstruction, the section of
the control plane covered by the isochrones
of a pumping well is separated into
discrete streamtubes. Based on the third
assumption a distinct contaminant concen-
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tration is alocated to each streamtube
(Figure 7.3a). The width of each stream-
tube is defined by the spatial increment Ar
[L] of the radius r [L] aong the control
plane between two consecutive sampling
events as shown in Figure 7.3a. Applying
Equation 7.1, the increment Ar, between
sampling times ti.,and t;, respectively the
width of the intercepted streamtubes, can
be calculated as:

_ [ Q .
Ar, = ﬁneb(ﬁ Jti) (72
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Figure 7.3: Concept of the delineation of the well
capture zone into different streamtubes with
congtant contaminant concentrations at the well
capture zone scale. At every additional sampling
event, two new streamtubes are intercepted by the
increasing well capture zone, one at each side of the
pumping well. Shown is the situation for a pumping
well with six sampling events for A) the individual
concentrations Cg; of the respective streamtubes
and B) for the theoretical average concentration C,
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The width of the streamtubes and the
level of detail of the integral investigation
can therefore be controlled by the chosen
time increment between two consecutive
sampling events.

The total number of streamtubes at each
well is equal to twice the number of data
points in the CT-series because at each
sampling time two streamtubes crossing
the control plane, one at each side of the
well, are intercepted.

The total mass flux MF [MT?] of a
target compound crossing the control plane
at the section investigated by the pumping
test can be estimated as:

MF =30 C,, (7.9

with D [-], @ [L°T?, and Cs; [MLJ]
representing the number of isochrones or
data points in the CT-series, the
groundwater  flux  within  the i-th
streamtube, and the concentration of the i-
th streamtube crossing the control plane,
respectively. The groundwater flux Q; is
given by:

Q =k|Vhbar, (7.4)

where k [LT], [Vh[[-] and b [L] denote

the hydraulic conductivity, hydraulic
gradient and the aguifer thickness, all of
which are assumed to be constant for the
analytical solution.

Figure 7.3 illustrates the generd
approach for a pumping well with six
sampling events. Thetotal mass flux in this
scenario would be the concentration Cs; of
each streamtube (Figure 7.3a) multiplied
by the natural groundwater flux Q; within
each streamtube (see Equation 7.3). In the
analytical solution Q;, the specific
groundwater flux per unit width of the
control plane, is assumed constant. Cs; can
not be measured in the field individually,
as the well capture zone at a sampling time
ti [T] aways intercepts streamtubes on
both sides of the well, as seen from the

control plane. For the flux quantification,
we therefore define a theoretical concen-
tration C,,i [ML] (Figure 7.3b), which is
the average of the concentrations of the
two streamtubes representative of time
[T]:

_ C, (-r)+Cg (+1;)

Cxi
’ 2

(7.5)

Combining Equation 7.3 and 7.5 yields:

MF = iQivai (7.6)

Schwarz (2001) presented a recursive
formulafor the calculation of Cy,i:

300 woued ) -areod 1)

(7.7)

with C,i [ML®] representing the
concentration measured at the pumping
well at time t;. For the first time step, Cx1
equals Cp 1.

Subsequently, it is possible to calculate
an average concentration Cn [ML?] of
solutes crossing the control plane as:

c - _MF (7.8)

2>°Q

with MF [MT? and Q [L3TY repre
senting the total mass flux and the flow
rate in the i-th streamtube, respectively.
Retardation of the contaminants during the
pumping tests is not included in this study.
Retardation due to linear instantaneous
sorption can be introduced into the
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analytical solution by transforming the
time scale of the concentration measure-
ments, i.e. by dividing the time with a
retardation factor R [-] (Bockelmann et al.,
2001a).

In the numerical solution (Schwarz,
2001; Ptak et al., 2000a) used in a second
step of the evauation, we utilized a
groundwater  flow  (MODFLOW-96,
Harbaugh and McDonald, 1996) and a
transport model (MODPATH, Zheng,
1990) to numerically simulate the temporal
and spatial development of the isochrones
around the operated abstraction wells and
to compute the spatialy variable ground-
water flow across the investigated control
planes. It was hence possible to include
spatialy variable aquifer properties and
asymmetrical well capture zones into the
numerica mass flux calculation. Asym-
metrically well capture zones can occur
due to a heterogeneous distribution of the
aquifer properties around the abstraction
well and/or because of the influence of a
significant groundwater gradient at a study
site. The comparison of the analytical and
numerical mass flux results for the study
site illustrates the possibilities and limi-
tations of the analytical mass flux estima
tion at heterogeneous field sites.

The mass flux determined with the
IGIM represents the total mass flux at the
site, if the capture zone widths of the
operated wells together are large enough to
capture the total groundwater flow through
the contaminant source. Thisis usualy the
case when the well capture zone is located
downstream of the contaminant source and
the capture zone width exceeds the width
of the contaminant source.

It should be noted that total mass flux
and average concentration can be simulta-
neously estimated for a number of target
compounds. This may include not only the
original contaminant, but also potential
degradation products or electron acceptors,
e.g. sulfate and nitrate, in case of a biode-
gradable contamination.
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The magor points of concern of this
method are the possible treatment costs of
the extracted groundwater and the transmis-
gvity a the study sSite because the latter
limits the size of the well capture zones that
can be achieved during acceptable pumping
times. In addition, for the numerical solution
of the IGIM a defendable flow and transport
model is required, which requires a detailed
knowledge of the spatia distribution of the
hydraulic parameters at the studied field site.

75 Groundwater flow mode

The groundwater flow model used for
the numerical inversion of the measured
CT-series is based on a regional ground-
water flow model, which is described
elseawhere in more detail (Holder and
Teutsch, 2000).

790m
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Neckar River

Transmissivity
05[m2s1]
01
005
001
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Figure 7.4: Transmissivity distribution in the
groundwater flow model with the location of the
pumping wells operated for the integral
groundwater investigation method

The 2-D groundwater flow model
domain at the MGP site was 790 m x 630
m in x- and y-dimension (Figure 7.4), with
a spatia increment of 5 m x 5 m, which
was refined to 1 m x 1 m in the area
affected by the pumping tests. The
heterogeneous aquifer  thickness (z-
dimension) was obtained from over 60
borehole logs from the study site (Gail3er,
1998). The transmissivity distribution in
the model was derived from more than 50

630m
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pumping test and 25 slug tests. In the flow
model, the transmissivity values observed
in the field were evenly distributed around
the location of each tested borehole leading
to the heterogeneous transmissivity
distribution shown in Figure 7.4. Based on
data from a natural gradient field scale
tracer test (Bosel et a. 2000) a uniform
effective porosity of 0.13 was assumed for
the site. For the transient smulation of the
pumping tests, a uniform specific storage
of 10* m* was used in the simulation,
which corresponds to the average vaue
found in the River Neckar valley (Holder
and Teutsch, 2000).

7.6 Estimation of attenuation rate
constants

The mass fluxes measured with the
IGIM at the two control planes shown in
Figure 1, were used to estimate first-order
attenuation rate constants based on the
decrease in mass flux between the two
control planes. If the compound-specific
total mass fluxes MF [MT™?] across two
control planes (CP) and the average non-
retarded groundwater travel time At [T]
between the CPs are known, it is possible
to quantify compound-specific first-order
attenuation rate constants as:

MFcp ) = MFCP(l)e‘ARAt (7.9
leading to
MF
A=l =@ | L (7.10)
MFepg ) RA

with & [TY], MFcpyy [MTT],  MFerp
[MT™], and R [-] representing the effective
(natural) attenuation rate constant, the
measured compound specific mass fluxes
a CP 1 and CP 2, and the retardation
factor, respectively. If organic compounds
are subject to Kkinetic sorption as a
consequence of diffusion into intraparticle

pores of the aguifer minerals (e.g., Rigner
et a., 1999), with a negligible contribution
of sorption on the outer surface of the
mineral grains, then the retardation factor
may be omitted respectively set to one.
The reason is that biodegradation of
organic compounds can only occur outside
of the intraparticle pores of the aquifer
material if the pore radiusisvery small.

For our MGP site, Rigner et al. (1999)
showed that the typical pore radius of the
aquifer material is generally < 100 nm,
preventing the migration of microbes into
the intraparticle pores. In this case, the
time relevant for degradation is the time
the contaminants spend within the
interparticle pore space, i.e. the time
during which the contaminant molecules
are not absorbed by the minerds.
Assuming a diffusion limited sorption
process into the intraparticle pores of the
aquifer material for all target compounds,
this study therefore assumes a retardation
factor equal to one for the computation of
the natural attenuation rate constants.

7.7 Resultsand Discussion

The comparison of the analytically and
numericaly derived mass fluxes and the
corresponding attenuation rate constants of
the target compounds for the transport
between the operated control planes are
shownin Table 7.1 and Figure 7.5.
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Figure 7.5 Scatter plot of the numerically and
analytically derived mass fluxes of the organic
contaminants at the study site. Straight line denotes
the main diagonal
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Table 7.1: Contaminant mass fluxes and first-order attenuation rate constants (A) across control planes 1 and 2
employing an analytical and a numerical inversion during the integral groundwater investigation method.

Analytical solution Numerical solution
Control plane1 Control plane 2 Control plane1 Control plane 2

Integral flux Integral flux Al Integral flux Integral flux Al

Compound [gd7] [gd7] [d7] [gd”] [gd”] [d7]
Benzene 1.82E+00 1.84E-04 1.31E-01 1.77E+00 6.41E-05 1.46E-01
Ethylbenzene 1.30E-01 3.67E-03 5.10E-02 2.63E-01 6.25E-03 5.34E-02
Toluene 3.97E-02 4.43E-03 3.13E-02 3.94E-02 7.03E-03 2.46E-02
0-Xylene 1.18E-02 8.48E-04 3.76E-02 1.98E-02 4.32E-04 5.46E-02
p-Xylene 4.51E-02 1.64E-02 1.44E-02 6.86E-02 3.12E-02 1.13E-02
Naphthalene 1.85E-01 2.36E-02 2.94E-02 1.76E-01 4.02E-02 2.11E-02
Acenaphtene 3.07E+01 1.23E+01 1.30E-02 3.38E+01 2.40E+01 4.92E-03
Anthracene 4.94E-02 1.43E-02 1.77E-02 7.88E-02 2.96E-02 1.40E-02
Fluoranthene 7.52E-03 5.78E-03 3.77E-03 1.02E-02 6.90E-03 5.53E-03
Pyrene 1.88E-02 2.17E-03 3.08E-02 1.67E-02 5.87E-03 1.50E-02

1 For the transport between the two control planes.

The main contaminants a the Site are
acenaphthene for the PAH and benzene for
the BTEX compounds with mass fluxes of
approximately 33.8 gd™* and 1.8 gd™* across
control plane 1 (Figure 7.1).

It can be seen from Figure 7.5 that the
analytically derived mass fluxes tend to be
smaller with an average deviation of 42%
*+ 41% with the two extremes of around
1% for toluene at control plane 1 and
186% for benzene at control plane 2. Com-
pared to for example uncertainties attri-
buted to hydraulic conductivity estimations
a field sites, which can easily incorporate
an order of magnitude, the deviation of
roughly a factor of 2 between the two
inversion methods seems acceptable.

The differences between the respective
mass flux results were mainly caused by
the assumption of a homogeneous aquifer
and a spatialy constant groundwater flux
across the control planes for the
application of the anaytical inversion of
the CT-series data. Preferential flow paths
and spatially changing groundwater flow
rates across the control planes could only
be incorporated into the contaminant mass
flux quantification by employing the
numerical flow and transport model.

Another reason for the differencesin the
mass flux results were the differences in
the representation of the well isochrones
a the pumping wells in the analytical and
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numerical solution. In the numerical
solution, the well isochrones were
described using a particle backtracking
algorithm using MODPATH (Zheng,
1990). Although the numerically simulated
isochrones at the wells developed radially
at the beginning of the pumping tests, they
became asymmetrical towards the end of
the pumping as shown in Figure 7.6. This
effect is partly artificial and depends on the
model resolution.

Y-coordinate [m]

X:coordmate [m]

X-coordinate [m]

Figure 7.6: Exemplary overviews of the particle
backtracking utilized at well B42 (left) and well P2
(right) for the spatia delineation of the well
isochrones used for the numerical inversion of the
concentration-time series. The close resemblance to
radial conditions minimizes the differences between
the numerical and analytica mass flux
quantification

The asymmetrical capture zone develop-
ment caused a deviation in the width of the
intercepted streamtubes between the analy-
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tic and the numerical solution and
increased the differences between the two
solutions for late time pumping data. The
radial development of the isochronesin the
numerical solution can be attributed to the
fact that the spatia heterogeneity of the
aquifer was, to a certain degree, averaged
out during the development of the
underlying flow model. The transmissivity
values derived from the hydraulic tests
conducted at the site (over 50 pumping and
25 dlug tests) were represented in the
model by a homogeneous transmissivity
field around the respective wel or
borehole forming a heterogeneous pattern
of transmissivity only at a large scae. In
the presence of a smal natura
groundwater gradient, and for pumping
times where the well capture zones did not
extend further than the homogeneous
transmissivity areas around the pumping
wells, the isochrones developed roughly
symmetrical. For later times, however,
aquifer regions with different transmissi-
vities increasingly influenced the pumping
well. This caused a deformation of the
isochrone shapes as seen in Figure 7.6. The
major distinguishing factors between the
analytica and numerical inversion of the
CT-series were hence the spatial distri-
bution of the groundwater flow across the
control planes and the spatial extend as
well as the form of the well capture zones,
especidly for late time pumping data.

The differences in the attenuation rate
constants based on the analytical and nu-
merical mass flux results were on average
20% + 12% for BTEX and 74% + 60% for
the PAH compounds. The relatively high
difference for the PAH compounds was
caused by an underestimation of the total
PAH mass flux by a factor of two at the
second control plane by the analytical
solution. This underestimation was a com-
bined result of the discussed differencesin
the well capture zones and of the differ-
ence in the anaytically and numericaly
estimated groundwater flow within the
respective well capture zones. As seen
from Equations 7.3 and 7.4, uncertainties

Concentration [ug/l]

Concentration [ug/l]

in one of the physical properties of the
aquifer have alinear effect on the resulting
mass flux estimation.

If a defendable groundwater flow and
transport model exists, aquifer heteroge-
neities can be accounted for, but it is
important to check for the quality of the
numerical inversion of the CT-series data.
A first estimation of the quality of the
numerical inversion of the concentration
data can be obtained by comparing the
measured concentration-time series with
the concentration-time series obtained
from the contaminant concentration distri-
bution in the groundwater as derived from
the numerical inversion. In other words,
does a pumping test simulated in the
numericaly derived contaminant distribu-
tion in the groundwater result in a CT-
series similar to the CT-series measured in
the field?

Acenaphthene
Well P2

Naphthalene
Well P2

. ’ s s 10
Sample number or time Sample number or time

Acenaphthene
Well B73

Naphthalene
Well B73

LN

10 is 20 2
Sample number or time Sample number or time

Figure 7.7: Comparison between measured ace-
naphthene (left) and naphthalene (right) concen-
tration-time series (dotted line) with the corres-
ponding concentration-time series obtained from
the numerical inversion of the concentration-time
series (solid ling). Examples shown for well P2 at
control plane 1 and for well B73 at control plane 2.

For this study, Figure 7.7 presents a
comparison between the acenaphthene and
naphthalene  concentration-time  series
measured in the field and the
corresponding concentration-time  series
based on the numerica inversion of the
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concentration data. It can be seen that the
numerical inversion generaly shows a
good agreement with the measured data
and that the numerical inversion yields
acceptable results for different forms of
measured concentration-time series.

Although the transmissivity values in
the flow model (Figure 7.4) varied
significantly, the assumption of aquifer
homogeneity at the scale of the respective
well capture zone, as used by the anal ytical
procedure, alowed for reasonable conta-
minant mass flux results compared to the
numerically derived mass flux estimations.
If this level of certainty is acceptable, for
example during a first screening of
multiple sites to develop a priority list for
further investigations and/or actions, the
application of the faster and easier
analytica procedure is appropriate.
Obvioudly, the analytical solution of the
IGIM is recommended for homogeneous
sites and for sites were not enough data is
available to develop a defendable ground-
water flow and transport model. The
results of the analytical solution, however,
should be interpreted with care and the
uncertainty in the input parameters and
hence in the results should be accounted
for. The same care is aso recommended
for the numerical approach as uncertainties
in the underlying groundwater model
influence the numerica mass flux
estimation.

7.8 Conclusions

We have documented the field scale
application of an integral groundwater
investigation method (IGIM) at a former
manufactured gas plant site utilizing two
control planes situated a increasing
distances from the contaminant source. It
was shown that the analytical solution of
the IGIM is a simple and quick aternative
for homogeneous or moderately hetero-
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geneous field sites and can be used without
a detailed groundwater flow and transport
model. Like all analytical solutions, this
method will suffer from the underlying
simplifying assumptions if used in strongly
heterogeneous conditions. If reliable
assumptions about the natural groundwater
flow and the shape of the well capture zone
during pumping are available, a dite
specific decision can be made, whether an
application of the analytical solution is
satisfying or if a numerical solution has to
be employed. The latter can incorporate
aquifer heterogeneities into the determina-
tion of contaminant mass fluxes by
employing a sSite-specific groundwater
flow and transport model for the deli-
neation of well capture zones with time
and for the computation of spatialy vari-
able groundwater flow across the control
planes.

The determined contaminant mass flux
reductions in flow direction can be used
for the field scale quantification of
compound-specific natural attenuation rate
constants. At our site, benzene exhibited
the fastest and acenaphthene showed the
slowest attenuation rate for the transport
between the two investigated control
planes.

Future work is needed to incorporate
contaminant retardation into the IGIM.
More field work is also needed to compare
IGIM with other field scale methods under
controlled conditions. This would help to
better understand the applicability and
limitations of IGIM under various geolo-
gical settings and source zone geometries.
Moreover, as the IGIM only quantifies
total mass flux reductions without disting-
uishing between the individual mass flux
reducing processes, the combination of the
field scale integral investigation with field
scale reactive transport modelling using
integral input data would be valuable.
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8 Reactivetransport
modelling at a former MGP
site®

8.1 Abstract

Contaminant mass flow rates can be
guantified at field scale by using point-
scale or integral groundwater investigation
methods. In the context of risk assessment
or natural attenuation studies, the observed
mass flow data are often difficult to
interpret because field scae mass flow
measurements document the total effect of
al natural mass flow reducing processes
like degradation, sorption, volatilization,
and dilution.

At a former manufactured gas plant
(MGP) site contaminated with poly-
aromatic hydrocarbons (PAH) and volatile
organic hydrocarbons (BTEX), we com-
bine an integral groundwater investigation
of contaminant mass flow rates with a
reactive contaminant transport model that
accounts for diffusion-limited sorption and
desorption  (“sorption kinetics’) of the
organic contaminants. The objectives are
to (1) quantify the relative importance of
diffusion-limited sorption and degradation
on the observed reduction of mass flows in
flow direction, and (2) to use the site as an
example for investigating numerically to
which extent the results of the integra
groundwater investigation method (IGIM)
are influenced by contaminant plume
displacements during pumping, i.e. to
guantify the impact of the reactive conta-
minant transport towards the pumping well
on the integral mass flow estimations.

Modeling results using acenaphthene,
the dominating contaminant at the field site
as the model compound, illustrate that the
measured mass flow reductions between
the investigated control planes are indi-
cations for ongoing intrinsic biodegra-
dation at the site. The transport simulations

® Based on Bockelmann et al., 2001c and on
Bockelmann et. al, 2002.

furthermore show that diffusion-limited
sorption and desorption of organic con-
taminants during the contaminant transport
towards a pumping well can influence the
integral mass flow quantification if the
studied aquifer has a high organic carbon
content and the target compound is
relatively strongly hydrophobic. In the
simulated scenarios, contaminant plume
displacement influenced the integra mass
flux quantifications by up to 60%. This
influence decreases with the age of the
contamination and increases with the
distance of the wel from the main
contaminant plume.

8.2 Introduction

During the last few vyears, the
investigation of the natural attenuation of
organic contaminants in groundwater has
been a topic of high importance in the
environmental sciences. Numerous studies
have focused on the documentation of
contaminant degradation at both laboratory
and field scae (e.g. Barker et a., 1987,
Rockne and Strand, 1998; Burland and
Edwards, 1999).

Different methods have been devel oped
for the measurement of the change in
contaminant mass flow aong a transport
path. The most common method is to
install a set of multilevel wells perpen-
dicular to the groundwater flow direction
and to measure the target compound
concentrations at each of the sampling
ports as a function of time or distance from
the source (e.g. Borden et a., 1997; Kao
and Wang, 2001; Einarson and Mackay,
2001).

The tota contaminant mass flow
estimated with this method is defined as
the sum of the mass flow rates quantified
for polygons centered around each of the
installed sampling ports. These polygons
usualy extend to half the distance to the
adjacent sampling port. As the contaminant
concentration and the physical aquifer
parameters within each polygon are

95



Chapter 8: Reactive transport modelling at aformer MGP site

assumed to be constant or homogeneous,
this method is subject to a level of
uncertainty that increases with the size of
the individual polygons, i.e. with the
distance between the different sampling
ports and with the change of aquifer
properties and contaminant concentrations
in the groundwater both in space and time.
To reduce this uncertainty, the distance
between monitoring wells should be
minimized. However, for large con-
taminant plumes or under difficult geolo-
gical conditions, the installation of a de-
tailed multilevel monitoring network can
be difficult due to economical constraints.

A more recent alternative for the field
scale mass flux estimation is the integral
groundwater investigation method (IGIM)
(Teutsch et d., 2000; Ptak et a., 2000;
Schwarz, 2002; Bockelmann et a., 2001).
In this method, one or more pumping wells
are operated in paralel or subsequently at
control planes situated downgradient from
the contaminant source so that the com-
bined well capture zones cover the com-
plete width of the suspected source zone or
plume. During pumping, contaminant con-
centrations are measured as a function of
time (concentration-time series, CT series)
at each of the pumping wells.

The obtained information is then used
for the quantification of total contaminant
mass flow rates and average contaminant
concentrations crossing the investigated
control plane(s) using an analytical or
numerical  solution of the inversion
problem.

The advantage of the IGIM is the
increased sampling volume, which reduces
the number of monitoring wells required
for site investigation. In addition, due to
the larger sampling volume, regionali-
zation of point-scale data is unnecessary
and the level of certainty in the results is
increased (Bockelmann et. al, in press).

The magjor points of concern are the
possible treatment costs for the extracted
groundwater and the difficulties in the
exact delineation of the width of the well
capture zones. The expenses associated
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with the IGIM are affected by the trans-
missivity and effective porosity of the field
site, as the transmissivity and effective
porosity control the capture zone width
that can be achieved within reasonable
pumping rates and pumping times.

Both of the discussed mass flow
estimation methods can only measure the
combined effects of all mass flow reducing
processes occurring at an investigated field
site. However, especialy in the context of
risk assessment and natural attenuation
studies it is important to differentiate
between processes such as sorption and
degradation because apart from volatiliza-
tion, which has typicaly only a minor to
negligible influence on the overall conta-
minant attenuation (Chiang et al., 1989;
Wiedemeier et al., 1999), degradation is
the only process that effectively removes
contaminant mass from the groundwater.

In an accompanying study (Bockelmann
et al., 2001, Chapter 4), we reported about
the application of the IGIM at two control
planes situated downgradient from a
contaminant source at a former MGP site
in south west Germany. The results of the
IGIM study are used in the present paper
as input for (1) the simulation of the
reactive contaminant transport between the
investigated control planes and (2) for the
numerical investigation of the impact of
plume displacement, as it occurs during
application of the IGIM, on the results of
the IGIM.

The objectives of this study are to
guantify the relative importance of
diffusion-limited sorption and degradation
on the measured mass flow reduction and
hence to obtain an indication of ongoing
biodegradation of the organic contaminants
a the fied dite, and, secondly, to
investigate the sengitivity of the IGIM on
the placement of the pumping wells with
regard to the position of the contaminant
plume in the groundwater.

To this am, a Monte Carlo type
modeling approach is applied and the
contaminant transport between the two
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investigated control planes is simulated
using acenaphthene, the dominating
groundwater contaminant at the site, as a
model compound. The characteristic aqui-
fer redlizations and contaminant plume
modeling results are subsequently used for
the numerical simulation of 5-day IGIM
pumping tests at two monitoring wells
situated 90 m downgradient from the
source and 30 m apart from each other.

8.3 Transport modeling approach

8.3.1 Site characterization and modedl
setup

The field site is a former manufactured
gas plant (MGP) located in the Neckar
River valey in south-west Germany
(Figure 8.1). The local aquifer is situated 3
to 4 m below land surface and consists
mainly of unconsolidated Quaternary sand
and coarse gravel deposits. The aguifer
thickness varies spatialy with an average
of about 3 m. Based on pumping tests, the
arithmetic average of the hydraulic con-
ductivity at the site was estimated as
3.3*10” m/s (Herfort et al., 1998; Herfort,
2000). Hydraulic heads at the site were
monitored over a 3-year period with no
indication of significant seasonal changes
or temporaly variable groundwater flow
directions (Herfort, 2000). The average
effective porosity and average groundwater
flow velocity were estimated during a field
scale tracer test as 0.13 and 2.0 m/d,
respectively (Bosdl, 1998; Bosd et al.,
2000).

The site is predominantly contaminated
with acenaphthene and benzene. An inte-
gra mass flow quantification at two
control planes (Bockelmann et al., 2001)
(Figure 8.1) yielded at control plane 1 an
acenaphthene flux of about 34 g/d, which
decreased to about 24 g/d at control plane
2. The acenaphthene flow rate at control
plane 1 was used as the input flow rate for

the transport modeling conducted in this
study. The age of the groundwater
contamination at the site lies between 60
and more than 100 years (Herfort, 2000;
Zamfirescu, 2000). A more detailed site
description is given elsewhere (Herfort et
al., 1998, Bockelmann et al., 2001).

i Control plane
Pumping well
Existing well

Flow direction from

— O @

tracer tests

Reactive transport
model domain

Figure 8.1: Site overview with the location of the
control planes and the corresponding pumping
wells, as well as the geometry and location of the
model domain (Figure 8.2) used for reactive
transport modelling

The transport model domain shown in
Figure 8.1 comprises the local aquifer
between the two operated control planes,
which is represented in the model as a 3-D
heterogeneous 140 m long, 200 m wide
and 3 m thick confined aguifer with cell
increments of 1 m in the x- and z-dimen-
sion and 2 m in the y-dimension yielding
43200 model cells.

The hydraulic heads observed in the
field are used as the initial hydraulic heads
in the model, with a downgradient constant
head boundary and an upgradient genera
head boundary. The remaining two boun-
daries match no-flow conditions.

Contaminant plume development is
simulated under steady-state flow condi-
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Figure 8.2: Typical facies distribution in the geostatistical aquifer realizations. Layer 1 denotes the top and

Layer 3 the bottom of the aquifer.

tions. Pumping tests are smulated under
transient flow conditions. Due to its domi-
nating mass flow at the study site
(Bockelmann et a., 2001), acenaphthene is
chosen as the model contaminant.

Table 8.1: Observed aquifer facies and their litholo-
gical composition

Lithological composition

Facies Share G eff' Limestone Quarz [%]

0 (%] (%]
G 337 100 - -
Gm 590 - 67.4 326
S 73 - 14.7 85.3

! G-eff isthe artificial description of the facies G
with areduced number of effective grain sizesas
described by Herfort (2000)

At the MGP site three distinctive
geologica facies were identified (Herfort
et al., 1998; Herfort, 2000) (Table 8.1): a
unimodal gravel without matrix (G, mass
share of 33.7%), a bimodal gravel with a
sandy matrix (Gm, mass share of 59.0%),
and a pure sand facies (S, mass share of
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7.3%). A typical distribution of the indivi-
dua facies in the three transport model
layersis shownin Figure 8.2.

The identified geological facies are cor-
related with hydraulic and physico-che-
mical properties, thus pursuing a statistical
facies modeling approach as described by
Ptak (1997). The relevant input parameters
for each facies, as used by the MT3D-IPD
transport model described below, were
obtained through sieve analyses (Herfort et
al., 1998; Herfort, 2000) and sorption
batch experiments (Grathwohl and Klein-
eidam, 1995; Kleineidam et al., 19993, b;
Schith and Grathwohl, 1994; Rugner et
al., 1999). Acenaphthene sorption parame-
ters for the different facies are shown in
Table 8.2.

Hydraulic conductivities of the indivi-
dua geological facies a the site were
estimated by Herfort (2000) using Beyer’'s
(1964) empirical relationship between
hydraulic conductivity and gran size
distribution:
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Table 8.2: Physical and chemical parameters of the lithological components used in the transport simulations.

Freundlich parameters are given for acenaphthene.

Lithology g [-] w[-] plgem?® Kg[lkg' LUN[] Retardation factor”[-]
G_eff! 0.013 61.8 2.72 19.00 0.83 42.8
Limestone? 0.012 59.0 2.73 10.86 0.83 16.6
Quartz® 0.0005 9.0 2.65 0.07 1.00 39

€. intraparticle porosity, t: tortuosity; p: bulk density; K, Freundlich coefficient, determined for concentrations in ug/l; 1/N:
Freundlich exponent. Physical datafrom: * Herfort (2000); 2 Riigner et al. 1997; 3 Grathwohl and Kleineidam, 1995
4 For acenaphthene under equilibrium conditions as derived from Equation 8.7.

K = c(u) d’10 (8.1)

where c(u) is an empirical constant defined
as dgo/dho and dip and dgp are the diameters
of the grains, where 90% respective 40%
of the sample mass are retained in a sieve
anaysis.

8.3.2 Quantification of mass flow
reduction

Contaminant mass flow reduction
between the two control planes is mainly
due to retardation and degradation. The
simultaneous impact of both attenuation
processes is reflected by the mass flow
rates reported above in Section 8.3.1. In
the present modeling study, mass flow
reduction due to retardation is quantified
by employing a process-oriented approach
accounting for non-equilibrium physico-
chemica interactions between organic
contaminants and the aquifer material. The
impact of degradation is decoupled and can
be derived from the differences between
measured and simulated mass flow rates.

A growing number of studies have
shown that non-equilibrium physico-
chemical interactions of organic contami-
nants with aquifer materia (sorption
kinetics) is caused by the release and
uptake of contaminants by intra-particle
pores through a diffusive process. In
addition, equilibrium sorption is found to

be active within the intra-particle pores
(e.g. Luthy et a. 1997; Grathwohl, 1998;
Rugner et a., 1999; Karapanagioti et al.,
2001). This intra-particle sorption process
follows an isotherm, which can be highly
non-linear (Rugner et a., 1997; Klen-
eidam et a., 1999).

In this study, the combined process is
termed diffusion-limited sorption. It is
incorporated through the use of the MT3D-
IPD transport model package (Liedl and
Ptak, in review). This transport model
package utilizes the conventiona MT3D
code (Zheng, 1990) and a newly added
IPD code (Jaeger and Liedl, 2000), which
accounts for intra-particle diffusion and
intracparticle  equilibrium  sorption. In
MT3D-IPD, contaminant uptake by or
rdlease from the aguifer materia is
therefore modeled at the grain scale.

The apparent diffusion coefficient D,
[L>TY, which accounts for the non-
linearly retarded diffusive transport of
contaminants inside the grains, is reduced
as compared to the aqueous diffusion
coefficient, due to the size and shape of
intrarparticle pores, and due to the
equilibrium sorption of solutes within
intra-particle pores. Employing a Freund-
lich isotherm, to quantify non-linear
equilibrium sorption within the intra-
particle pores, D, is defined as (Rugner et
al., 1999):

D&
D, = i_l (8.2
(e + K Cn r/]O)Tf

Fr
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1
where  (e+ K CM™ 1nﬁ) denotes  the
Fr
capacity factor a. p, €, 11 and Dy are the
bulk density of the mineral grains [ML™],
the intra-particle porosity [-], the tortuosity
factor [-] and the agueous diffusion
coefficient [L2T™Y], respectively.

Kee [(LBM™YY™] and Une, [-] are the
parameters of the Freundlich sorption
isotherm. C [ML™] denotes intra-particle
solute concentration, which depends on
time and radial distance from the center of
the grains. C is determined within the
MT3D-IPD simulations.

In Equation 8.2, t; is the only para
meter, which cannot be directly measured.
However, due to the similarities between
electrica  conductivity and agueous
diffusion in porous media, a relationship
similar to Archie’'s law can predict the
tortousity t; based on the intra-particle
porosity € alone (Rugner et al., 1999):

—— (8:3)

with m representing an empirical exponent
which is around 2 in sedimentary rocks
(Wakao and Smith, 1962; Grathwohl,
1998).

It is therefore possible to rely only on
measurable input parameters for the
reactive transport model, avoiding fitting
parameters like rate coefficients of first-
order kinetics for example.

Recent studies have also shown that
different source rocks and different grain
sizes of the aquifer material influence the
interaction of reactive compounds with the
aquifer material (Grathwohl and Klein-
eidam, 1995; Grathwohl, 1998; Klein-
eidam et a., 1999b, Rugner et al., 1998).

The MT3D-IPD package therefore
alows to consider physico-chemical
aquifer heterogeneities caused by different
intra-particle sorption and diffusion para
meters of different lithological components
of the aquifer facies. Aquifer facies, like
gravel or sand for example, can be
separated into different grain size fractions,
100

which can consist of different lithological
components like limestone, sandstone or
quartz, each associated with an individua
set of physico-chemical parameters, e.g.
sorption capacity, intra-particle porosity,
tortousity, and sorption isotherms among
others.

The quantification of the rdative
importance of diffusion-limited sorption
and biodegradation to the observed
contaminant mass flow reduction between
the two investigated control planesis based
on a mass balance approach.

Assuming that biodegradation and
diffusion-limited sorption of the organic
contaminants are the major attenuation
processes at the site and simplifying in a
first step the problem by decoupling these
two processes, it is possible to determine
the importance of biodegradation by
modeling the reactive transport of a
contaminant accounting for diffusion-
limited sorption only.

The reduction in contaminant mass flux,
AMF [MT?] between two investigated
control planes using the IGIM, can then be
described as:

AMF = AMFs+ AMF,  (8.4)
leading to:
AMF, = AMF - AMF; (8.5)

with AMFs [MT™] denoting the reduction
in contaminant mass flow due to diffusion-
limited sorption, and AMF, [MT7
representing the biodegraded contaminant
mass flow.

At sites with old contaminant sources,
AMF; is often very small because physico-
chemical equilibrium between the immo-
bile and the mobile contaminant phase is
approached. Under such conditions, and if
other mass flow reducing processes like
volatilization are not significantly contri-
buting to the measured mass flow reduc-
tion, the measured reduction in conta-
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minant mass flows can directly indicate the
intrinsic biodegradation potential at the
studied site.

To be able to quantify this potentia at
our site, the reactive transport modeling
between the two investigated control
planes ams at the quantification of AMFs.
Neglecting degradation processes, the
model simulations therefore allow to
identify the minimum timeframe, in which
the diffusion-limited contaminant sorption
is significantly contributing to the atten-
uation process for the contaminant trans-
port between the control planes.

This is investigated by evauating the
modeled integral mass flow for the
downgradient control plane 2. From the
transport model, the integral mass flow
across the control plane can be calculated
according to

k

l:plane = Zfo,i Cw,i (86)

i=1

where Foae [MTY, k, Qx; [L3TY], and
Cwi [ML™] denote the tota mass flow
across the control plane, the number of
cells aong the control plane, the
volumetric groundwater flux across the
front face of the i-th model cell, and the
solute concentration in the i-th cell,
respectively.

At the beginning of the conducted
transport simulations, the aquifer material
is assumed to be uncontaminated and a
time-invariant input flux of acenaphthene
is used as a boundary condition. The input
flux and its spatial distribution across the
upgradient boundary is given by the
acenaphthene flux measured at control
plane 1 (compare Section 8.3.1).

8.3.3 Ranking of aquifer realizations

The plume development within the
model domain is mainly controlled by the
gpatial distribution of the physico-chemical
aquifer properties, i.e. by the spatid
distribution of the geological facies. Asthe
true facies distribution within the model

domain is known only at the location of the
individual monitoring wells, a ssimplified
Monte Carlo approach, based on the appli-
cation of a replacement transfer function
(RTF), as suggested by Journel (1989) and
applied by Teutsch (1990), is employed to
account for different equiprobable facies
distributions.

In this approach, the generated aquifer
realizations (parameter fields) are ranked,
followed by the utilization of only a
reduced number of aquifer realizations for
the time intensive numerical reactive trans-
port modeling. The ranking process
thereby reduces the tota computational
effort. The type of RTF employed for the
ranking and the subset chosen from the
ranked aquifer realizations closely depend
on the investigated hypothesis.

In our case, the RTF is obtained by
reactive particle tracking because the
objective in this study is to provide
insights into the possible extremes of the
mass flow breakthrough at the down-
gradient control plane 2 (Figure 8.1), being
correlated with preferential flowpaths in
which contaminant mass is quickly
transported towards the downgradient
control plane.

The individual aquifer redlizations are
generated using SISIMPDF, a sequential
indicator simulation code from the GSLIB
program library (Deutsch and Journel,
1992). The geostatistical parameters of the
experimental and theoretical variograms
shown in Table 83 are based on a
geostatistical site characterization, which
employed 1420 data points from drilling
logs and 120 sieve analyses of aguifer
material (Peter, 2002).

The different realizations are spatialy
conditioned based on the facies distri-
bution encountered during the drilling of
the monitoring network at the control
planes. Because the hydraulic conductivity
distribution varies with the spatial facies
distribution in each aguifer realization,
using effective porosities from Bosel et al.
(2000), facies  specific  hydraulic
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Table 8.3: Parameters of the experimental and theoretical variograms for each lithofacies. (Idis: lag distance; Itol:
lag tolerance; n: nugget; s: dill; r: range) (Peter, 2001).

- LithofaciesG LithofaciesGm LithofaciesS

% Exp. Vario. Theor. Vario. Exp. Vario. Theor. Vario. Exp. Vario. Theor. Vario.
.‘D: Idis Itol n s r Idis  Itol n s r Idis Itol n s r
1 25 125 006 022 58 20 10 005 026 45 20 10 0006 0046 60
2 25 125 “ “ 48 20 10 “ “ 38 20 10 “ “ 40
3 0.2 0.1 “ “ 5 0.2 0.1 “ “ 5 0.2 0.1 “ “ 2

T Investigated directions are (1) 112.5° east from north, (2) 22.5° east from north and (3) vertical direction

conductivities are calibrated in each
realization to match the observed average
field scale groundwater velocity of 2 m/d.
Calibration is done by multiplying al K;s
values from an individua realization with
an appropriate factor. Its average value is
0.37+0.12.

Due to the spatial conditioning of the
aquifer realizations and the relatively small
model domain, only 30 out of 200
generated aguifer realizations show less
than 10 percent deviation between the
facies mass shares in the respective
realization compared to the input values
(Table 8.1). To minimize the possible error
induced by large deviations from the input
facies shares, only these 30 aquifer reali-
zations are used for the RTF ranking. The
average differences between the input
mass shares of the respective facies and the
mass shares in the 30 remaining aquifer
realizations are 5.7% * 3.4% for facies G,
3.2% + 1.6% for facies Gm, and 5.9% +
2.8% for facies S.

The RTF ranks the 30 aquifer
realizations based on the median of the
reactive particle travel times assuming
equilibrium sorption. For the RTF proce-
dure, the travel time of a conservative
particle moving through a modd cell is
multiplied by the equilibrium retardation
factor of the facies located in the specific
model cell to yield the travel time of a
reactive particle undergoing equilibrium
sorption. The effective retardation factor
102

for each facies (Table 8.1) is calculated as
(e.g. Freeze and Cherry, 1979):

R=1+22K, (8.7)
n

with pp [MLZ], n [], and Kq [L’MT
denoting the bulk mass density of the
aquifer material, porosity and the distri-
bution coefficient, respectively.

The distribution coefficient of a single
facies is assumed to be the (mass share)
weighted sum of the distribution coeffi-
cients of its individual lithological compo-
nents. The distribution coefficient of each
component under equilibrium conditions
can be caculated using the Freundlich
model as (e.g. Domenico and Schwartz,
1990):

1

c,”

K, =K,C, (8.8)

with C, [ML® representing the
concentration of solute in bulk solution.

As the physico-chemica parameters are
correlated to the facies, the resulting
retardation factor distribution matches the
(heterogeneous) facies distribution in each
realization.
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8.4 Transport modeling resultsand
discussion

8.4.1 Implicationsfor natura
attenuation at the MGP site

As explained before, field scale mass
flow rates of acenaphthene measured at the
upgradient control plane 1 are used as
time-invariant input for the reactive
transport modeling to estimate the influ-
ence of diffusion-limited sorption on the
contaminant attenuation with time. To
better understand the combined impact of
diffusion-limited sorption of the facies
distribution found at the test site, model
simulations for individual facies (physico-
chemically homogeneous aquifer) with the
same hydraulic transport properties as at
the studied site are conducted first.

1.0 4

0.8
0.6
0.4

0.2 4

Relative integral flux

0.0 T T 1
0 10 20 30

Time [years]

Figure 8.3: Relative integral flux of acenaphthene
at control plane 2 for three single-facies aquifer
realizations. Constant contaminant input of 0.3
[g1™] occurred in a homogeneous 50m wide source
zone in all three model layers at control plane 1.
Sorption parameters for the different facies are
shown in Table 8.2.

Breakthrough curves for individua
facies are shown in Figure 8.3. The pure
sand aquifer exhibits the fastest break-
through at control plane 2 caused by the
very small Freundlich coefficient of the
controlling lithocomponent quartz (Table
8.1 and Table 8.2).

The small Freundlich coefficient
indicates a small sorption capacity and a
fast approach to equilibrium conditions
(large apparent diffusion coefficient).
Compared to the other two facies, the
influence of diffusion-limited sorption on
long-term mass flow reductions can be

expected to be the smallest for a pure sand
aquifer. For the measurements of CT series
in pumped wells within short time intervals
(e.g., in the order of days), however, the
sand facies is highly important due to the
fast sorptive uptake and release of
contaminants.

The homogeneous gravel aquifer, on the
other hand, attenuates about two thirds of
the input flow after 10 years of time-
invariant flow input at control plane 1
(Figure 8.3). This is due to the high
limestone content of the gravel facies
(Herfort, 2000) and its high sorption
capacity for acenaphthene denoted by a
Freundlich coefficient of 19 I/kg (Table
8.2). The bimodal gravel facies is a
mixture of the other two facies and
therefore exhibits intermediate sorption
characteristics.

For the reactive particle tracking of the
30 equiprobable facies distributions
(agquifer redizations) it is assumed that the
distribution and transport of the con-
taminant flux in groundwater is correlated
to the groundwater flux in the aquifer in a
way that most of the mass is transported in
the preferential flow paths. Each cell and
flow path is therefore represented in the
particle tracking based on its share of the
overall groundwater flow.

The average of the median of the
reactive particle travel times over al
realizations is 1385 days + 425 days. Table
8.4 presents the two fastest (F4 and F20)
and the two dlowest (F1 and F18)
redlizations that are chosen for the
transport modeling and the pumping test
simulations. By using these two groups of
realizations, the spread in the transport
times of all 30 readlizations is represented
in the modeling approach.

The normalized breakthroughs with
time of the acenaphthene mass flows at
control plane 2 in the four aquifer
realizations F1, F4, F18, and F20 are
shown in Figure 4. In all realisations, the
diffusion-limited sorption of acenaphthene
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Table 8.4: Transport times of the reactive particles in the four aquifer realizations utilized for transport

modelling

Realisation Peak arrival Number of

time [d] particles

Recovery rate  Median arrival

Number of particles per cell proportional to the groundwater flow in the cell

F1 1215 5136
F4 335 9726
F18 705 8614
F20 645 8424

[%] time [d]
100 2843
100 1157
100 1788
100 1035

is a key attenuation process during the first
10 to 20 years of the contamination,
assuming a time-invariant contaminant
input at control plane 1 and a decoupling
of  diffuson-limited  sorption and
degradation. The latter is not included in
the simulation.

For later times the importance of
diffusion-limited sorption decreases. Only
F1, the slowest realization according to the
flux-weighted reactive particle tracking,
shows a relative integral mass flow of less
than 90% of the input flow at control plane
2 after 30 years of simulated plume
development. All  other redlizations
demonstrate arelative integral flow of over
90% after 30 years of plume development
(Figure 8.4). It can therefore be concluded
that nowadays, after up to 100 years of
contamination a the MGP site, diffusion-
limited sorption is not significantly
attenuating the contaminant flow. Snap-
shots of the dissolved acenaphthene con-
centrations after 10 and 30 years of plume
development are provided in Figure 8.5 for
the four agquifer realizations considered in
this study.

For the assessment of naturd
attenuation, it is important to point out that
the transport model assumes a time-
invariant contaminant input, which is
based on the assumption of a constant
contaminant dissolution from the source
and a steady-state groundwater flow field.
The 30 years timeframe in which sorption
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losses have to be accounted for at this site
has to be interpreted as a minimum
timeframe because biodegradation is not
included in the ssimulation. Biodegradation
of the contaminants might lead to an
extenson of the timeframe in which
sorption is an important attenuation
process because it extends the time needed
for the aquifer material to approach
equilibrium with the dissolved contaminant
concentration phase by reducing the
dissolved contaminant mass in the system.
This slows down the migration of the
contaminant plume front.

Relative integral flux

0 10 2‘0
Time [Years]

Figure 8.4: Modelled relative integral mass flux of
acenaphthene at control plane 2 situated 140m
downgradient from the modelled source at control
plane 1. Simulation started with an uncontaminated
aquifer and accounted for intra-particle diffusion
and non-linear sorption of acenaphthene. The
differences between the realizations F1 (circles), F4
(triangles), F18 (sguares), and F20 (crosses) decline
with time as the partitioning of acenaphthene
approaches equilibrium.
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Figure 8.5: Snapshots of the agueous phase acenaphthene distribution in the first model layer of aquifer
realizations F1, F4, F18, and F20 after 10 years (left column) and 30 years (right column) of constant
contaminant input at the downgradient boundary. The different contaminant plumes were used for the simulation
of independent pumping tests at the two well locations indicated in the figures. Circles delineate the last
(analytically derived) isochrone of the pumping tests. Acenaphthene concentrations shown in [mgl™]. The
distribution of the constant input concentrations at the upgradient boundary were calibrated to represent the mass
flux measured at the study site across control plane 1 (Figure 8.1).
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Although  biodegradation is not
accounted for, the transport simulation
results suggest that nowadays AMF, the
reduction of contaminant mass flow due to
diffusion-limited sorption, is very small for
the transport between the investigated
control planes taking into account the 60 to
more than 100 years of continuous conta-
minant dissolution from the NAPL pool at
the site.

This implies that the observed reduction
in mass flow at the site is primarily aresult
of biodegradation of the contaminants
(assuming a complete capture of the conta-
minant plume a both control planes).
Other mass flux reducing processes,
which, according to the present state of
knowledge, are assumed to be insignificant
at our site. The potential for microbial
contaminant degradation of most of the
groundwater contaminants at the site has
recently been shown by microcosm studies
conducted with contaminated aquifer
material (Althoff et al., 2001).

The implications for the other ground-
water contaminants at the site depend on
their physico-chemical properties. With a
water solubility of around 3.5 mg/l
(Mackay and Shiu, 1977) and a logK, of
around 4 (Yakowsky and Vavani, 1979;
Miller et al., 1985) acenaphthene has a
much higher sorption affinity to the aquifer
material than, for example, volatile organic
compounds like benzene, toluene, ethyl-
benzene, and xylenes (BTEX). For BTEX,
water solubilities range from 170 mgl™ to
1780 mgl ™, and logK o values are between
2.1 to 3.2 (Verschueren, 1983) illustrating
a greater mobility in groundwater. The
timeframe, in which BTEX compounds are
attenuated through kinetic sorption is
therefore significantly smaller compared to
acenaphthene. It is concluded that intrinsic
biodegradation is nowadays the key atten-
uation process responsible for the decrease
in BTEX fluxes between the two
investigated control planes.

For PAH compounds with a strongly
hydrophobic character, however, sorption
can still be significantly contributing to the
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determined mass flow reduction. The
relative importance of sorption to the
reduction in mass flow should thereby
increase with the logKy, of the target
compound. For pyrene, for example, with a
logKow Of around 5.2 (Yakowsky and
Vavani, 1979), diffusion-limited sorption
is likely to be a key attenuation process in
the field despite the age of the groundwater
contamination.

8.4.2 Sensitivity of the IGIM to
reactive transport processes

As mentioned before, the application of
the IGIM results in a displacement of the
contaminant plume in the subsurface.
During the extended pumping test of the
IGIM, adistant contaminant plume may be
pulled towards the pumping well into a
formerly uncontaminated aguifer region,
giving rise to diffusion-limited uptake of
contaminants by the previously uncontami-
nated aquifer material and the dissolved
contaminant phase.

On the other hand, a narrow contami-
nant plume centered around the pumping
well is quickly and completely captured by
the increasing well capture zone.
Continued pumping will then pull ground-
water from less contaminated aquifer
regions through the contaminated aquifer
regions towards the pumping well. This
may initiate a diffusion-limited release of
contaminants from the aquifer materia
into the dissolved phase, thus effectively
increasing the total dissolved contaminant
flow.

Both effects (uptake and release)
influence the measurement of CT series in
a pumping well and impact the IGIM.
Because the exact contaminant distribution
in the dissolved and sorbed phase is
generally unknown, it is only possible to
numerically investigate the impact of
diffusion-limited sorption/desorption pro-
cesses on the IGIM in different plume
scenarios.

For the investigation of these effects,
the acenaphthene plume scenarios after 10
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years and 30 years of plume development,
that were generated during the plume
development modeling, are used as initial
contaminant distribution. The pumping
wells in each scenario are situated 30 m
apart and 90 m downgradient from the
source. At these wells independent 5-day
pumping tests are simulated. The well
locations and the size of the well capture
zones at the end of the pumping in the
different redlizations are shown in Figure
8.5. It can be seen that in al plume
scenarios the easterly well is aways
outside of the main contaminant plume,
whereas the westerly well is mostly located
in the main contaminant plume.

To study the influence of diffusion-
limited sorption on the measurement of CT
series in the pumping wells two pumping
tests are smulated at each pumping well
for every aquifer/plume age redlization.
Both simulations use the same starting
conditions, but deviate from each other in
the transport characteristics of the
contaminant. In particular, the mass flow
rates are identical.

In a first step, pumping tests are
simulated assuming non-reactive contami-
nant transport towards the pumping well
for each scenario (case 1). In a second step,
the pumping test simulations are repeated
assuming diffusion-limited reactive conta-
minant transport towards the pumping well
as is expected under field conditions (case
2). This case accounts for changes in the
mobile contaminant mass flow within the
well capture zone due to diffusion-limited
uptake / release processes and will there-
fore result in CT series being different
from the CT series obtained by the non-
reactive simulations.

Mass flows at the investigated wells are
back-calculated for al CT series by
applying the anaytical transient inversion
algorithm developed by Schwarz (2002)
and used by Bockelmann et al. (2001). It
has to be noted that this algorithm does not
account for physico-chemical reactions,
i.e. perfect estimates of mass flow rates
can at best be expected for case 1. Mass

flow deviations encountered for case 2,
therefore, provide a measure for the impact
of diffusion-limited sorption / desorption
on the IGIM.

The results of the pumping test
simulations for all plume scenarios shown
in Figure 8.5 are summarized in Table 8.5.
Contaminant mass flow rates are
calculated using the analytical solution of
the IGIM (Schwarz, 2002; Bockelmann et
al., 2001). As expected, the influence of
reactive contaminant transport towards a
pumping well is smallest for awell located
within the main contaminant plume. Apart
from redlization F1, al plume scenarios
show a mass flow deviation between 0%
and 8% due to sorption / desorption. This
deviation declines with the age of the
contaminant plume as the contaminant
partitioning within the well capture zone
approaches equilibrium with time. In
realization F1, the westerly well is close to
the plume fringe, and a more hetero-
geneous spatial contaminant distribution is
encountered around the well compared to
other aquifer realizations, which increases
the difference between the non-reactive
and reactive mass flow to around 23%.

If the pumping well islocated outside of
the main contaminant plume the reactive
contaminant transport induces a higher
difference in the mass flow results
compared to the results from the non-
reactive scenarios of around 0% to 59%
depending on the aquifer realization.

The differences between the aguifer
realizations are caused by the different
gpatial facies distributions, which control
the hydraulic parameter distribution on the
one hand, i.e. the plume location, and the
gpatial  distribution of the sorption
parameters on the other hand, i.e. the
sorption capacities and diffusive uptake /
release rates. In redlization F1 for example
(Figure 8.5), the easterly well is located
within a sand lens with fast sorption
kinetics (Figure 8.4 and Table 8.2) which
leads to a significant reduction in the
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Table 8.5: Mass flux results based on simulated concentration-time series recorded during 5-day pumping tests
in different aquifer redizations. For each well and plume scenario, the contaminant transport towards the
pumping well was modelled for non-reactive and reactive (kinetic sorption / desorption) conditions. Mass fluxes
are shown for 10 years and 30 years of plume development prior to the pumping. Model contaminant was
acenaphthene. Reactive transport conditions assumed a kinetic sorption by intraparticle diffusion with a non-
linear Freundlich sorption isotherm. Sorption parameters are listed in Error! Reference sour ce not found.. Well
locations in relation to the acenaphthene plumes prior to the pumping are shown in Figure 8.5.

Non-reactivetransport Reactivetransport

during pumping

during pumping

Realization Age of plume Mass flux [gd™] Mass flux [ d*] Difference' [%]
Well located in the plume

F1 10 years 7.91 9.69 225+ 0.6
30 years 8.32 10.34 24.3+23

F4 10 years 2.99 3.23 8.0+ 0.12
30 years 4.89 4.61 57+15

F18 10 years 8.12 8.26 1.7+30
30 years 8.59 8.69 12+31

F20 10 years 7.09 7.00 13+01
30 years 7.60 7.61 <0.0+19

Well located outside of the plume

F1 10 years 2.03 0.86 576+6.4
30 years 2.15 0.88 59.1+2.6

F4 10 years 2.34 164 29.9+0.1
30 years 2.74 2.49 9.1+17

F18 10 years 7.37 3.92 46.8+0.2
30 years 7.56 419 446 + 35

F20 10 years 3.52 3.46 1.7+<0.0
30 years 3.87 3.76 29+19

! Uncertainty represents the mass balance error of the kinetic transport model

dissolved contaminant mass during the
transport towards the pumping well. Asthe
plume is pulled through the sand lens, the
formerly uncontaminated sand matrix is
quickly sorbing a significant fraction of the
dissolved contaminant mass. This induces
the relatively high difference of about 59%
between the mass flow results from the
non-reactive transport and the reactive
transport scenario.

Compared to other uncertainties
encountered at “real-world” field sites, for
example uncertainties associated with the
distribution of hydraulic conductivity and
porosity in the aquifer, the observed
discrepancies appear small in comparison
but should not be totally neglected. It is
noteworthy that this discrepancy is highly
dependent on the physico-chemical proper-
ties of the studied aquifer and the target
contaminant. As seen from Figure 8.3, a
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sand aquifer generally has a very low
organic carbon content and a small sorp-
tion capacity, but often shows fast sorptive
uptake. The displacement of a contaminant
plume into a formerly uncontaminated
sand lens can therefore significantly
influence the mass flow results of the
IGIM.

This effect would be less pronounced in
a gravel aquifer consisting mainly of lime-
stone with a higher organic carbon content
and a higher sorption capacity, but gener-
ally much slower uptake rates. Obviously
the importance of diffusion-limited sorp-
tion during plume displacement would
decrease with increasing slowness of sorp-
tion kineticsin the investigated aquifer.

It is noteworthy, that the difference in
the mass flow results of the IGIM can be
two-sided. If sorption processes prevail,
the mass flow might be underestimated,
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whereas desorption processes would lead
to an overestimation of the contaminant
mass flow. The latter can, for example,
occur, if a pumping well is located in the
center of a narrow plume and clean
groundwater is pulled through the
contaminated aquifer region towards the
pumping well (realization F18 in Table
8.5).

The transport results discussed here are
al based on acenaphthene as the model
contaminant. BTEX compounds would
show a much smaller deviation in the flow
guantifications because of their less hydro-
phobic nature, i.e. smaller K,,, values com-
pared to acenaphthene. For high molecular
weight PAH compounds, however, the
situation is opposite to that of the BTEX
compounds and the influence of sorption
on the mass flow estimations could be
more pronounced compared to acenaph-
thene.

85 Conclusions

In this study we expand a novel integral
groundwater investigation approach by
integrating a reactive transport model into
the dite investigation. The measured
contaminant mass flow rates can be used
as input parameters for the transport model
simulating the contaminant transport at the
study site. For our site it is shown that the
observed mass flow reduction of the BTEX
compounds is associated with intrinsic
biodegradation of the contaminants,
whereas for higher molecular weight PAH
compounds the attenuation rate constants
are still influenced by sorption of the
contaminants during transport.

The simulation of pumping tests under
different contaminant plume conditions
demonstrate that at the study site the
influence of kinetic contaminant sorption /
desorption on the measurement of concen-
tration-time series in a pumping well is

negligibly small, if the well is located in
the man contaminant plume. If the
pumping well is located a the edge or
outside of the main contaminated aquifer
region, the influence decreases with the
age of the plume and with decreasing
sorptive uptake rates of the investigated
aquifer.

However, for aquifers with a higher
organic carbon content, which is associated
with larger uptake rates, the diffusion-
limited sorption / desorption of strongly
hydrophobic contaminants can introduce
significant errors into the pumping test
based integra mass flow quantification.
Nevertheless, for acenaphthene at our site,
the largest uncertainty caused by diffusion-
limited sorption / desorption processes was
around 60%. This effect is small compared
to the average uncertainty attributed to the
determination of relevant hydraulic para-
meters at afield site.

Future work is needed to include biode-
gradation and compound interactions like
preferential sorption / degradation into the
transport model simulation and to combine
the mass flow results of the integral
groundwater investigation method with
Langrangian transport model tools like
SMART (Finkel et al., 1999). These
models are also based on an integra
control plane approach and can directly
incorporate integral mass flow rates into
the transport model simulation. Moreover,
additional simulations with various geo-
logical situations and contaminants would
be valuable to assess the possible uncer-
tainties of integra mass flow quanti-
fication methods under different field
conditions.
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9 Conclusion

This thesis focused on the field scale
guantification and modelling of contami-
nant mass fluxes in porous media. Com-
pound-specific contaminant mass fluxes
were quantified at two field sites using
integral and point-scale investigation ap-
proaches. At one field site, the integral site
investigation was coupled to the field scale
modelling of acenaphthene as the model
contaminant.

Integral groundwater investigation.
At aformer MGP site, the integral ground-
water investigation method (IGIM) was
extended by investigating two control
planes located at increasing distances from
the contaminant source. Measured concen-
tration-time series (CT-series) were inter-
preted using an anaytica and numerical
approach.

Without the need for a detailed flow and
transport model, the simplified analytical
interpretation of the CT-series alowed for
a fast and easy quantification of contami-
nant mass fluxes at the field site. With the
simplified analytical approach, it was pos-
sible to identify acenaphthene and benzene
as the main contaminants at the site, as
well as localise the aguifer areas most
likely located within the contaminant
plumes.

The numerical mass flux estimation re-
quired a site specific flow and transport
model for the inversion of the CT-series.
To be able to reliably simulate pumping
test, the flow model had to be able to simu-
late transient flow conditions. With the nu-
merical approach it was possible to incor-
porate aquifer heterogeneities and asym-
metrical well capture zones into the mass
flux estimation process.

Assuming that the numerical approach
quantified the “true” contaminant mass

flux at the MGP site, the analytical appr-
oach was seen to be afair approximation.

The analytically derived contaminant
mass fluxes displayed an average deviation
of 42% + 41% to the numerical mass flux
results. The total spread in the contaminant
mass flux results was between 1% and
186%.

Looking at the relative change in mass
flux of individual contaminants between
the two control planes, a relatively good
agreement in the results of the two
inversion approaches was found. The
average discrepancy between the ana ytical
and numerical mass flux approach in this
context was only 23% + 31%.

In the absence of areliable flow model,
which usually requires a detailed know-
ledge of the aguifer heterogeneities at a
field site, it was shown in this thesis that at
the former MGP site, the ssimplified analy-
tical inversion of the CT-series alowed for
the identification of the man conta
minants, and for the localisation of the
contaminated aquifer regions. Applied at
two control planes situated at increasing
distances  downgradient  from  the
contaminant source, it also alowed for the
guantification of the relative reduction in
contaminant mass flux in flow direction
with an acceptable degree of certainty.

If the higher level of certainty provided
by the numerical solution is not required or
if not enough data on aquifer heterogene-
ities is available for the development of a
dependable flow model, it is concluded
that the analytical inversion approach is an
easy to use tool for the integral estimation
of contaminant mass fluxes at field scale, if
the inherent assumptions of circular
isochrones during the pumping, non-
existent or linear concentration gradients
within the well capture zones, and
effective aguifer homogeneity at the scale
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of the well capture zones are met at the
respective field site.

The overal advantages of the integral
groundwater investigation method include
the possibility of a complete site investiga-
tion with only alimited number of monito-
ring wells, the ability to investigate inac-
cessible aquifer regions, e.g. below buil-
dings, the mass flux estimation without the
need for data regionalization, and the
opportunity for quantifying natural atten-
uation rate constants directly at field scale.
The latter requires the investigation at two
or more control planes located at different
distances from the contaminant source in
the groundwater flow direction. Especially
at sites with difficult drilling conditions,
where modern direct push technologies
like Geoprobe™ cannot be applied, or at
sites with very wide contaminant plumes,
the IGIM is the appropriate field scale
mass flux estimation method.

The magor disadvantages and limita
tions of the IGIM are the potentially high
treatment costs for the pumped conta
minated groundwater, the dependency on
the local aquifer transmissivity and
porosity for acceptable capture zone
widths in reasonable pumping times, the
inherent problem, especially under hetero-
geneous aquifer conditions, to define the
exact extend of individua well capture
zones, the loss of detailed information on
the vertical contaminant distribution in the
investigated aquifer, and the neglect of the
contaminant retardation in the inversion of
the CT-series. Moreover, in aquifer
settings with a large natural groundwater
flow, the technical limitations on the
pumping rate can limit the applicability of
the approach.

By neglecting the contaminant retarda-
tion during the inversion process, the
reconstructed contaminant concentration
field prior to the pumping can be incorrect.
For the mass flux estimation, the derived
concentration field, i.e. the concentrations
in the streamtubes, is multiplied with the
groundwater flow in each streamtube. As
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the respective streamtube concentration
might be erroneous and might not repre-
sent the true situation prior to the pumping,
the resulting mass flux estimation can be
incorrect, too.

This effect most likely decreases with
the age of the contaminant plume because
the effects of retardation (i.e. sorption) de-
creases in importance with time as the
sorbed and dissolved contaminant phase in
an aquifer approach equilibrium.

Nevertheless, this effect increases with
the distance of the well location from the
main contaminant plume because of
reactive transport processes during the
transport of the dissolved contaminant
mass towards the pumping well.

The further investigation of this effect
and the implementation of the contaminant
retardation into the inversion algorithm
could be an important objective for future
work. It would help to compute reliable
gpatial contaminant distributions which
could be used for the estimation of the
environmental hazard, as well as for the
estimation of contaminant mass fluxes.

Natural attenuation (NA) rate
constants. The utilization of the IGIM at
two control planes located at increasing
distances from the contaminant source
enabled the direct field scale quantification
of contaminant natural attenuation rate
constants. These attenuation rate constants,
however, incorporate the effects of all
mass flux reducing processes occurring at
the field site and have to be interpreted
accordingly.

The quantification of NA rate constants
a the MGP site illustrated a high
attenuation of BTEX compounds and a less
pronounced attenuation of PAH com-
pounds between the two control planes.
The reduction in contaminant mass flux
occurred simultaneously with an increase
in reduced electron acceptors (e.g.,
dissolved Fe(11)), indicating ongoing anae-
robic biodegradation.
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A comparison of the results with NA
rate quantifications using other field inves-
tigation approaches showed a good agree-
ment in the different results, demonstrating
the applicability of the integral NA rate
constant approach.

High detail method comparison. At a
benzene contaminated homogeneous field
site in Borden, Canada, the IGIM was
compared with a conventional multilevel
sampling screen or groundwater fence
approach using a high detail sampling
procedure and an intensive infrastructure.
For the IGIM, samples frequencies were in
accordance with theoretical streamtube
widths of 0.15m. Multilevel sampling slots
were placed 0.4m apart along 10 multilevel
wells situated 5m apart, yielding a 8x10
sampling grid.

The analytically derived integral mass
flux estimates were effectively similar to
the mass fluxes quantified through the
multilevel point-scale approach. The close
fit in the results highlights the applicability
of the anaytica IGIM approach under
homogeneous field conditions. However,
for thin plumes and homogeneous, easy to
drill aguifers, the multilevel point-scale
approach can be cheaper than the IGIM.

Reactive transport modelling. At the
former MGP site, the integral site investi-
gation was extended by a reactive
modelling of the contaminant transport
between the two control planes. For this
objective a new transport modelling code
was used that incorporates the diffusion
limited intra-particle sorption of the target
compounds into the transport modelling
process.

Based on a geostatistical description of
the field site, equiprobable aquifer realisa-
tions were generated. To reduce the com-
putational effort, these realisations were
ranked with a fast replacement transfer
function (RTF). It was seen that the
median of the travel times of reactive
particles in the aquifer realisations can be

used as aranking parameter to describe the
long term sorption characteristics of the
aquifer realisations.

The transport modelling results demon-
strated that the simulated acenaphthene
plumes, approached equilibrium in the
modelled aquifer region after approxi-
mately 30 years of constant contaminant
input. The input flux was chosen to repre-
sent the measured acenaphthene flux
guantified at the upgradient control plane
during the field investigation.

As a consequence it could be concluded
for the MGP site that the quantified mass
flux reductions of BTEX and low
molecular weight PAH compounds are
mainly a result of microbia degradation
processes. For high molecular weight PAH
compounds however, sorption might still
be an important attenuation factor even
after up to 100 years of plume develop-
ment. One reason for this is the high
limestone and organic carbon content of
the local agquifer sediments, which provides
effective  sorption sites for these
compounds. The effective retardation
factors of these compounds is hence orders
of magnitude higher compared to
compound classes with a higher water
solubility, like BTEX for example.

The simulated plume scenarios were
subsequently used for the simulation of
long-term pumping tests to investigate the
sengitivity of the IGIM on reactive trans-
port processes during the pumping of
monitoring wells.

The results of multiple plume and
aguifer scenarios suggest that the IGIM is
influenced by the reactive contaminant
transport towards a pumping well because
sorption / desorption processes can change
the mobile contaminant phase that is
transported towards a pumping well. The
maximum effect observed in the smula-
tions was around 60% change in mass flux
due to reactive transport processes.
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It was also seen from the simulations
that these effects decrease in importance
with the age of the contaminant plume and
increase with the distance of the pumping
well from the main contaminated aquifer
region, i.e. with the distance from the
contaminant plume.

Future work. As this thesis docu-
mented the first field scale implementation
of the IGIM in the context of a natural
attenuation study, more data from other
field sites would be valuable to confirm the
applicability of the approach for different
aquifer and contaminant plume conditions.

As the neglect of the contaminant retar-
dation was seen to adversely effect the
integral mass flux quantification under
certain conditions, future work should
implement reactive contaminant transport
and retardation into the inversion algo-
rithms.

It would also be vauable to get
information on the vertical contaminant
distribution during the integra site
investigation. In a first step, this could be
achieved by a multilevel pumping in the
monitoring wells, followed by the indi-
vidual interpretation of the concentration-
time series obtained at different aquifer
depths. However, the numerical simulation
of the hydraulic interchanges between
aquifer layers during pumping might be
challenging.

The simulation of the contaminant
transport using a discrete transport model
was seen to be very time intensive a the
field scale. The coupling of the integral

114

field scale mass flux quantification with
“integral”, control plane based, Lagrangian
transport models should be an objective of
future work to develop a tool box that
allows the integral site investigation and
the identification of mass flux reducing
processes by numerical modelling of the
contaminant transport. Using a control
plane based modelling approach, the
measured contaminant mass fluxes would
not be required to be discretized again, but
could be used as direct input parameters
for the transport simulation.

In the scope of this thesis, the analytical
IGIM was compared with a traditional
groundwater fence approach at a relatively
homogeneous field site. Future work
should include the comparison of the
numerical IGIM both at homogeneous and
heterogeneous field site to investigate the
relative advantages and limitations of
different field investigation approaches
under various conditions.

Finally, the further investigation of the
sengitivity of the IGIM on the reactive
contaminant transport towards an abstac-
tion well could yield valuable insights into
the possible uncertainty in field scale mass
flux estimations. In this thesis, the investi-
gation was limited to the encountered
aquifer and facies conditions and only one
model compound was investigated. Further
modelling work including multiple
compounds and aguifer settings would
therefore be very valuable.
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11 Appendix —Field data

This appendix presents the field data
(organic solutes, inorganic solutes, physi-
cal groundwater parameters) which was
measured at the former manufactured gas
plant “Testfeld Sud” located in SW-Ger-
many during the field experiments conduc-
ted for this thesis. The data shown is used
for the mass flux and natural attenuation
quantifications discussed in Chapters 4 and
5 of this thesis. The numerical mass flux
guantification based on this data can be
found in Chapter 7, whereas the reactive
transport modelling at the MGP site is
documented in Chapter 8.

Table 11.1 gives an overview of the du-
ration and pumping rate of the pumping
test, which were performed in two conse-
cutive pumping campaigns in November
1999 and April 2000.

Table 11.1: Overview of the pumping tests

Well Start End  Duration Pumping

rate

[h] [m®s7]

B42 06/11/99 12/11/99 144 4.08E-03
10:00 10:00

B41 16/11/99 20/11/98 96 4.16E-03
10:00 10:00

P2  23/11/99 27/11/98 96 1.44E-03
11:30 11:30

P1  30/11/98 04/12/98 96 4.85E-03
11:00 11:00

NTO1! 13/04/99 16/04/99 615 2.95E-03
11:00 00:30

B72 21/04/99 23/04/99 49.25 1.03E-04
11:00 12:15

B73 27/04/99 30/04/99 72.83 2.33E-03
11:00 11:50

B2069 03/05/99 08/05/99 120.25 2.52E-03
11:45 12:00

NTO1? 10/05/99 15/05/99 120.83 3.46E-03
11:15 12:05

T First pumping campaign
2 Second pumping campaign performed 24 days
after the first

At well NTO1 two pumping campaigns
were conducted to investigate the influence
of the extended pumping test on the geo-
chemica conditions and contaminant dis-
tributions in the investigated aquifer sys-
tem as discussed in more detail in Chapter
4 of thisthesis.
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| Detection limit | <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <001 <001 <0.01 <0.01
. Pumpingtime | Benzene @ Toluene  Ethylbenzene p-Xylene @ o-Xylene |so-PB PB 135TMB| 124-TMB| BF 123-TMB| Indane | Indane
-1 -1 -1 -1 -1 -1 -1 -1 -1 -1 -1 -1 -1
[s] ol ] | [pgl] [ugl ] ugl] | [ugl]  pgl] ' [ugl] | [ugl] gl ] fugl ] [ugl] | [ugl] @ [ugl]
300 n.d. 142 0.08 0.22 n.d. 0.45 0.14 0.04 0.03 n.d. n.d. n.d. 0.52
2700 n.d. 0.34 0.07 0.17 n.d. 0.57 0.17 0.04 0.02 n.d. 0.38 n.d. 0.37
5400 n.d. 0.27 0.06 0.19 n.d. 0.76 0.18 0.05 0.03 n.d. 0.40 n.d. 0.40
12600 0.19 0.78 0.09 0.17 0.05 143 0.18 0.07 0.05 n.d. 0.01 n.d. 0.42
21600 0.37 0.74 0.10 0.18 0.05 2.26 021 0.08 0.05 n.d. n.d. n.d. 0.43
36000 0.79 0.75 0.09 0.20 n.d. 2.49 0.20 0.07 0.05 n.d. 0.01 n.d. 0.39
48600 1.30 0.67 0.09 0.17 n.d. 2.78 021 0.07 0.05 n.d. n.d. n.d. 0.39
68400 2.24 0.66 0.10 0.19 n.d. 3.20 0.22 0.08 0.05 n.d. n.d. n.d. 0.39
86400 322 0.67 0.10 0.20 0.08 3.33 0.23 0.08 0.06 n.d. n.d. n.d. 041
111600 4.61 0.65 0.10 0.20 0.08 3.62 0.26 0.10 0.07 n.d. n.d. n.d. 0.36
136800 6.09 0.66 0.12 0.20 0.09 3.80 0.26 0.09 0.07 n.d. n.d. n.d. 0.42
165600 8.18 0.69 0.18 0.25 0.09 4.26 0.28 0.10 0.08 n.d. n.d. n.d. 0.40
194400 8.25 0.13 0.16 0.22 0.08 351 0.24 0.09 0.07 n.d. n.d. n.d. 0.37
226800 10.60 0.14 0.24 0.24 0.05 3.65 0.26 0.10 0.07 n.d. n.d. n.d. 0.38
259200 12.11 0.13 0.32 0.27 0.09 341 031 0.10 0.08 n.d. n.d. n.d. 0.37
298800 15.09 0.15 0.52 0.30 0.10 3.44 0.33 0.10 0.07 n.d. n.d. n.d. 0.34
338400 16.56 0.15 0.75 0.34 0.08 3.35 0.35 0.09 0.06 n.d. n.d. n.d. 0.29
385200 19.11 0.13 1.09 041 0.11 3.35 0.32 0.10 0.07 n.d. n.d. n.d. 0.33
432000 22.27 0.13 157 0.46 0.14 3.13 0.38 0.10 0.08 n.d. 0.02 n.d. 0.36
468900 23.81 0.12 1.93 0.48 0.12 341 0.42 0.10 0.07 n.d. 0.02 n.d. 0.39
518400 25.00 013 2.34 0.50 0.12 3.03 0.71 0.15 0.11 n.d. 0.03 n.d. 0.07
n.d. = no detect
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Detection limit < 0.02 < 0.02 < 0.02 <0.02 <0.02 <0.02 <0.02 <0.02 <0.02 <0.02 <002 <002 <002 <002 <002
Pumpingtime. NAP  ACY ACE FLR PHE ANT FLN PYR B(aA CHR B(bk)F B(aP Indeno D(ah)A B(ghi)P

YXAN

[ (g 1] [ug "] [wg ™ [wg "] [ug ] [ug 1] [ug "] [ug 1] [ug ] [ug 1] [pg "] [ug1™] [ug1™] [ugI™] [ugl™]
300 046 393 15456 n.d. 006 033 011 0.08 | 005 0.07 n.d. n.d. n.d. n.d. n.d.
2700 012 466 18849 n.d. 005 040 0.06 0.03 n.d. n.d. n.d. n.d. n.d. n.d. n.d.
5400 011 491 197.86 n.d. 004 044 005 0.03 nd. n.d. n.d. n.d. n.d. n.d. n.d.
12600 011 500 19999 n.d. 004 044 005 0.03 nd. n.d. n.d. n.d. n.d. n.d. n.d.
21600 013 524 21360 n.d. 004 046 006 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.
36000 012 568 22415 n.d. 003 047 006 002  nd. n.d. n.d. n.d. n.d. n.d. n.d.
48600 013 551 231.36 n.d. 004 048 006 0.03 n.d. n.d. n.d. n.d. n.d. n.d. n.d.
68400 013 566 231.32 n.d. 004 050 006 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
86400 0.13 597 24537 n.d. 005 050 006 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
111600 0.13  5.86 248.37 n.d. 005 047 0.07 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
136800 014 558 251.00 n.d. 0.07 047 006 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
165600 014 6.18 260.22 n.d. 003 049 0.07 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.
194400 014 4838 246.25 n.d. 004 040 006 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
226800 014 479 251.87 n.d. 003 040 006 0.02 nd. n.d. 0.02 n.d. n.d. n.d. n.d.
259200 015 514 24891 n.d. 005 042 0.07 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
298800 015 521 25365 n.d. 004 043 0.07 002 nd. n.d. 0.01 n.d. n.d. n.d. n.d.
338400 015 513 251.25 n.d. 006 041 0.07 0.02 nd. n.d. n.d. n.d. n.d. n.d. n.d.
385200 015 526 256.93 n.d. 003 040 0.07 0.02  nd. n.d. 0.01 n.d. n.d. n.d. n.d.
432000 0.15  4.83 24408 n.d. 005 038 007 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.
468900 015 519 24961 n.d. 005 039 007 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.
518400 0.16 @ 5.19 261.76 n.d. 0.06 040 0.07 0.02 n.d. n.d. n.d. n.d. n.d. n.d. n.d.
n.d. = no detect
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Detection limit <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01 <0.01
Pumpingtime  Benzene Toluene | Ethylbenzene p-Xylene o-Xylene |s0-PB PB 1,35-TMB | 124TMB BF 1,2,3-TMB Indane Indane
Ei (g I"] (kg "] g "] o] g "] [bg "] o] (kg ] [bg "] g "] [bg "] (kg "] [ug "]
300 0.85 2.07 1.75 4.34 1.73 0.59 0.24 1.92 3.12 2.66 0.97 5.89 16.53
7200 0.42 0.95 0.66 1.77 0.64 0.52 0.17 0.83 1.16 1.07 0.40 2.63 6.28
14400 0.60 0.78 0.44 1.22 0.51 0.53 0.15 0.59 0.95 0.74 0.29 1.87 4.45
28800 247 0.46 0.35 0.90 0.39 0.62 0.17 0.45 0.66 0.51 0.19 1.45 291
57600 6.52 0.37 0.37 0.76 0.23 0.87 0.19 0.33 0.45 0.36 0.13 1.10 212
86400 8.85 0.20 0.43 0.44 0.24 0.93 0.27 0.26 0.32 0.19 0.09 0.77 1.20
122400 12.57 0.21 0.61 0.56 0.17 1.27 0.20 0.17 0.24 0.20 0.07 0.68 1.13
172800 16.28 0.28 0.98 0.62 0.14 1.47 0.27 0.19 0.20 0.21 0.07 0.64 1.16
223200 19.19 0.30 1.35 0.66 0.18 1.90 0.25 0.15 0.17 0.15 0.05 1.40 0.91
284400 20.54 0.29 1.62 0.68 0.16 1.94 0.39 0.16 0.17 0.18 0.06 151 0.88
345600 21.43 0.24 1.75 0.69 0.21 2.25 0.31 0.11 0.13 0.13 0.05 1.37 0.80
n.d. = no detect

Detection limit| <0.02 | <0.02 <0.02 <002 <002 <002 <002 <002 <002 <002 <002 <002 <002 <002 <0.02
Pumpingtime NAP = ACY ACE FLR | PHE ANT  FLN PYR B(@A CHR B(b.k)F B(@P  Indeno D(ah)A B(ghi)P

[s] [ug ™ [ug!™ [ugl™ [ug!™l [ugl™ [ug™l [ugl™ [ug!™ [ugl™ [ug!™] [ugl™l [ugl™ [ugl™] [ugl™] [ugl’]
300 156.64 4.24 92.58 2.70 2.29 0.52 0.36 0.22 0.05 0.05 0.06 n.d. n.d. n.d. n.d.
7200 47.82 540 21131 149 1.19 0.33 0.26 0.15 0.12 0.13 0.28 0.17 n.d. n.d. 0.13
14400 38.56 6.24 26791/ 1.30 0.96 0.27 0.13 0.06 0.03 0.04 0.07 0.06 n.d. n.d. n.d.
28800 23.70 | 6.34 28353 111 0.80 0.27 0.12 0.05 n.d. n.d. 0.06 n.d. n.d. n.d. n.d.
57600 14.28 6.57 29272 0.74 0.66 0.26 0.11 0.04 n.d. n.d. n.d. n.d. n.d. n.d. n.d.
86400 9.82 6.20 @ 295.29/ 0.60 0.60 0.25 0.10 0.04 n.d. n.d. n.d. n.d. n.d. n.d. n.d.

122400 770 | 644 30029/ 052 | 055 | 026 010 003 nd. n.d. n.d. n.d. n.d. n.d. n.d.

172800 593 | 690 29827 044 @ 044 024 007 002 | nd. n.d. n.d. n.d. n.d. n.d. n.d.

223200 465 | 634 | 29321 040 040 @ 023 009 | 002 | nd. n.d. n.d. n.d. n.d. n.d. n.d.

284400 382 | 617 296.00/ 039 | 037 | 023 008 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.

345600 321 | 603 29644 040 @ 031 | 020 @ 0.09 @ 002 nd. n.d. n.d. n.d. n.d. n.d. n.d.
n.d. = no detect

BP PPH - XIpueddy 1T RIdet)
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Detection limit | <0.02 | <0.02 | <0.02

<0.02 <002 |<0.02 <002 <0.02 <0.02 <002 <002 <002 <0.02)<0.02 <0.02

Pumpingtime| NAP = ACY | ACE A FLR A PHE | ANT | FLN | PYR | B(a)A  CHR B(b.k)F B(a)P | Indeno D(ah)A B(ghi)P

[s]

300 0.03 0.12 4.46 n.d. 0.09 0.03 0.12 0.11 0.04 0.10 n.d. n.d. n.d. n.d. n.d.
1800 0.02 0.07 2.40 n.d. 0.03 0.01 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
4500 0.03 0.07 2.11 n.d. 0.03 0.01 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
10800 0.03 0.06 2.03 n.d. 0.02 0.01 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
17100 0.03 0.06 210 n.d. 0.02 0.02 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
28800 0.03 0.06 210 n.d. 0.02 0.02 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
37800 0.03 0.07 219 n.d. 0.02 0.02 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
50400 0.03 0.07 2.23 n.d. 0.02 0.01 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
68400 0.03 0.07 2.33 n.d. 0.03 0.01 n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d. n.d.
86400 0.03 0.08 2.64 n