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 Abstract 

 

The number of anthropogenic organic chemicals is continuously increasing and with 

it their substantial use in, for instance, industrial and domestic applications, agriculture 

and medical use. Many of these compounds are intentionally synthesized to be 

persistent (e.g., flame retardants, coatings) or bioactive (e.g., pesticides, 

pharmaceuticals), with some exhibiting the unintended characteristic of being 

bioaccumulative (e.g., polycyclic aromatic hydrocarbons, per- and polyfluoroalkyl 

substances). Thus, they pose an imminent risk to the environment with potentially far-

reaching implications. Organic micropollutants are released into the aquatic 

environment through various input sources such as surface runoff, wastewater 

treatment plant effluents, combined sewer overflows, industrial sites or are, in the case 

of pesticides, intentionally dispersed into the environment. Inputs can be point or 

diffuse sources that are often not easy to identify and characterize. Rivers act as a 

conduit for micropollutant transport, integrating diffuse and point sources within their 

entire catchment and hosting important transformation processes. Therefore, the 

present work aimed to gain a detailed understanding of the occurrence and (toxic) 

effects of organic micropollutants in rivers that is required to predict their fate in the 

environment. 

In this doctoral thesis, I investigated the chemical and toxicological profile of the 

Ammer River, in Southwest Germany, under varying hydrological conditions. The 

Ammer River is representative of small rivers in karstic systems and in densely 

populated temperate climate regions. I characterized input sources and the fate of 

organic micropollutants at the scale of the Ammer catchment via a combination of 

chemical analysis (liquid chromatography–mass spectrometry) and environmentally 

relevant in-vitro bioassays, during a series of field sampling campaigns. Organic 

indicator chemicals were selected based on their application, environmental relevance, 

occurrence in previous studies and degradability in order to indicate different input 

sources and in-stream processes. The bioanalytical test battery was further improved 

and complemented by the development of a novel in-vitro bioassay (Oxygen 

Consumption Rate assay) that can account for two different modes of action of 

mitochondrial toxicity in environmental samples. 

Under dry weather conditions and using chemical analysis and in-vitro bioassays, I 

identified a wastewater treatment plant as the major input source of organic 

micropollutants governing the chemical and toxicological profile of the Ammer River. 

Organic micropollutants were uncovered to be discharged from different input sources, 

with the wastewater treatment plant as the dominant input source of pharmaceuticals, 

industrial and household chemicals and biocides. In an 8 km long section of the 

Ammer, downstream of the wastewater treatment plant, compound concentrations and 

biological effects decreased and dilution and loss processes were uncovered. The 

tributaries in that river section contributed little to the overall load of compounds and 

mixture effects in the Ammer due to their relatively low discharge, but showed a 

different chemical and toxicological profile.  
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During a storm event, the chemical and toxicological profile of the Ammer 

significantly changed. The numbers, concentrations and fluxes of organic 

micropollutants and associated effects were generally higher and suspended 

particulate matter turned out to be an important transport vector for effects and for 

hydrophobic target compounds. Organic micropollutants discharged from agricultural 

and urban areas, combined sewer overflow and the wastewater treatment plant. Thus, 

changing hydrological conditions may trigger the occurrence and the increase of 

organic micropollutant concentrations, mass fluxes, associated effects and the 

importance of particle-facilitated transport in rivers, which can pose a risk to the aquatic 

environment and are, at present, not considered in risk assessment and management 

options. Although both approaches, chemical analysis and in-vitro bioassays, are 

complementary as they cover different compounds and compound classes, they 

showed a similar pollution profile of the Ammer. 

In this thesis I showed that the chemical and toxicological profile of a river is highly 

variable in time and space, specifically driven by varying hydrological conditions that 

act to partition input sources of organic micropollutants, and thus their individual mass-

flux contribution. It is therefore important for the investigation of the fate of organic 

micropollutants in rivers, of factors driving in-stream processes (e.g., degradation, 

sorption) and for future regulatory monitoring efforts to consider and properly capture 

these spatiotemporal variations. 
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 Zusammenfassung 

 

Die Anzahl anthropogener organischer Chemikalien nimmt kontinuierlich zu und 

damit auch ihre reichhaltigen Anwendungen in, beispielsweise, industriellen und 

häuslichen Anwendungen, der Landwirtschaft und medizinischen Gebrauch. Viele 

dieser Verbindungen sind persistent (e.g., Flammschutzmittel, Beschichtungen), 

bioaktiv (e.g., Pestizide, Arzneimittel) oder bioakkumulierend (e.g., polyzyklische 

aromatische Kohlenwasserstoffe, per- und polyfluorierte Alkylverbindungen) und 

stellen somit ein Risiko für die Umwelt mit potentiell weitreichenden Folgen dar. Diese 

organischen Mikroschadstoffe können über verschieden Quellen in die Umwelt 

eingetragen werden, wie beispielsweise dem Abfluss von landwirtschaftlichen, 

urbanen und industriellen Oberflächen, Kläranlagen, Überlauf von 

Regenrückhaltebecken oder werden gar absichtlich in der Umwelt verbreitet, wie im 

Falle von Pestiziden. Diese Quellen können einen punktuellen oder eher diffusen 

Eintrag aufweisen und sind oftmals nicht einfach auszumachen und zu 

charakterisieren. Flüsse integrieren punktuelle und diffuse Eintragsquellen in ihrem 

gesamten Einzugsgebiet und beherbergen darüber hinaus wichtige Transport- und 

Transformationsprozesse. Ziel der vorliegenden Arbeit war es daher, ein detailliertes 

Verständnis des Auftretens und der (toxischen) Auswirkungen organischer 

Mikroverunreinigungen in Flüssen zu erlangen, das zur Vorhersage ihres Schicksals 

in der Umwelt erforderlich ist. 

In dieser Doktorarbeit untersuchte ich das chemische und toxikologische Profil der 

Ammer in Süd-Deutschland, unter verschiedenen hydrologischen Bedingungen. Die 

Ammer ist charakteristisch für kleine Flüsse in Karstsystemen dicht besiedelter Länder 

der gemäßigten Klimazone. In Feldstudien habe ich mit einer Kombination aus 

chemischer Analytik (Flüssigchromatographie mit Massenspektrometrie-Kopplung) 

und umweltrelevanten in-vitro Biotests, Eintragsquellen und das Schicksal organischer 

Mikroschadstoffe auf Einzugsgebietsebene identifiziert und charakterisiert. Um 

verschiedene Eintragsquellen und Prozesse im Fluss kenntlich zu machen wurden 

organischer Indikatorverbindungen, basierend auf Anwendung, Umweltrelevanz, 

Auftreten in ähnlichen Studien und Abbaubarkeit, ausgewählt. Die angewandte, 

bioanalytische Test-Batterie wurde ferner durch die Entwicklung eines in-vitro Biotests, 

welcher zwei verschiedene Wirkmechanismen der Mitochondrientoxizität in 

Umweltproben zu messen vermag, ergänzt. 

Unter Trockenwetter-Bedingungen identifizierte ich mittels chemischer Analytik und 

in-vitro Biotests eine Kläranlage als die Haupteintragsquelle organsicher 

Mikroschadstoffe, welche das chemische und toxikologische Profil der Ammer 

dominierte. Unterschiedliche Eintragsquellen organischer Mikroschadstoffe wurden 

aufgedeckt, dominiert von der Kläranlage als Haupteintragsquelle von Arzneimitteln, 

Bioziden und Chemikalien aus industriellen und häuslichen Anwendungen. In einem 8 

km langem Teilstück der Ammer, unterhalb der Kläranlage, sanken die 

Konzentrationen der detektierten Verbindungen und die biologischen Effekte und es 

wurden Verdünnungs- und Verlustprozesse enthüllt. Aufgrund ihres geringen 
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Abflusses erbrachten die Zuflüsse nur einen geringen Beitrag zum Gesamtfluss der 

detektierten Verbindungen und der Mischungseffekte. Darüber hinaus zeigten sie ein 

unterschiedliches chemisches und toxikologisches Profil. 

Während eines Regenereignisses zeigte die Ammer ein gänzlich anderes 

chemisches und toxikologisches Profil. Die Anzahl, Konzentrationen und 

Massenflüsse organischer Mikroschadstoffe und damit einhergehender Effekte waren 

wesentlich höher als unter Trockenwetter-Bedingungen. Suspendierte Partikel stellten 

sich während eines Regenereignisses als wichtige Transportvektoren, von Effekten 

und von hydrophoben Zielsubstanzen heraus. Der Eintrag organischer 

Mikroschadstoffe konnte dabei auf Regenrückhaltebeckenüberlauf, landwirtschaftliche 

und urbane Gebieten und die Kläranlage zurückgeführt werden. Demzufolge können 

Änderungen der hydrologischen Bedingungen das Auftreten und eine Erhöhung der 

Schadstoffkonzentrationen, -massenflüsse und damit einhergehender Effekte und 

eine steigende Bedeutung des Partikel-vermittelten Transports hervorrufen, welche ein 

Risiko für die aquatische Umwelt darstellen können und in der gegenwärtigen 

Risikobewertung und -bewältigung nicht berücksichtigt werden. Obwohl beide 

Ansätze, chemische Analytik und Biotests, unterschiedliche Verbindungen und 

Verbindungsklassen abdecken zeigten sie ein ähnliches Belastungsprofil der Ammer. 

In dieser Arbeit habe ich gezeigt, dass das chemische und toxikologische Profil eines 

Flusses zeitlich und räumlich sehr unterschiedlich ist, insbesondere aufgrund 

unterschiedlicher hydrologischer Bedingungen, die die Eingangsquellen organischer 

Mikroschadstoffe und damit ihren individuellen Massenflussbeitrag gewichten. Es ist 

daher wichtig für die Untersuchung des Schicksals organischer Mikroschadstoffe in 

Flüssen, von Faktoren, die In-Stream-Prozesse antreiben (z. B. Abbau, Sorption), und 

für zukünftige regulatorische Überwachungsbemühungen, diese räumlich-zeitlichen 

Variationen zu berücksichtigen und richtig zu erfassen. 
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1.1. Organic micropollutants in the aquatic environment 

One of the major problems humanity is facing at present and in the future is the 

availability of clean and safe drinking water (Connor 2015). In August 2020 more than 

22000 unique substances were registered under the European legislation REACH 

(Registration, Evaluation, Authorisation and Restriction of Chemicals) by the European 

Chemicals Agency for use on the European market (ECHA 2020) and more than 160 

million compounds were registered in the Chemical Abstract Service (CAS 2020). A 

substantial portion of anthropogenic compounds is constantly, intentionally or 

unintentionally, emitted into the environment. In industrialized countries most 

anthropogenic compounds for industrial and household applications, such as 

protection and cleaning agents, pharmaceuticals and personal care products, make 

their way into municipal sewerage systems. To the detriment of our environment, many 

of the aforementioned compounds are designed to be persistent in order to meet their 

requirements. That means, for instance, flame retardants and protection agents are 

required to have a long life-expectancy (Li et al. 2012; Roosens et al. 2010). Also 

pharmaceuticals can be poorly degradable as they need to reach their target site 

before being metabolized (Glassmeyer et al. 2008). Such anthropogenic compounds, 

that are poorly degradable in wastewater treatment, may thus enter rivers via 

wastewater treatment effluents (point source). Veterinary drugs can enter the 

environment by dispersion as manure (diffuse source), (Sarmah et al. 2006). In 

addition, direct runoff from urban and industrial areas or wastewater bypassing 

municipal sewerage systems constitute important diffuse and point pollutant sources 

worldwide, owing to missing infrastructure or combined sewer overflow (CSO), (Shao 

et al. 2006; Singh et al. 2004). Other anthropogenic compounds such as pesticides are 

directly dispersed into the environment. 

Once in rivers, these organic micropollutants partition from water to the 

environmental compartments air, water, biota and suspended materials (Figure 1). 

Their behavior and distribution is determined by their (1) compound-specific 

physicochemical properties (polarity, water solubility, lipid solubility, adsorption 

capacity, vapor pressure, degradability and molecular structure), (2) the system 

properties of the receiving environment (pH, temperature, flow rates, redox potential, 

salinity, suspended materials, solar radiation) and their (3) input characteristics and 

quantities (Schwarzenbach et al. 2016). Hence, the different partitioning behavior of 
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these compounds leads to different transport pathways in environmental 

compartments. Organic micropollutants that tend to adsorb onto mineral surfaces or to 

organic carbon of soil particles, in, for instance, agricultural areas, can be introduced 

into rivers by erosion (Giménez et al. 2012; Liu 2019). Or if adsorbed to sediment 

particles in rivers, they may be released and become bioavailable during sediment 

disturbance events, such as storm events and floods (Eggleton and Thomas 2004). 

Furthermore, micropollutants associated to sewage sludge can enter rivers in cases of 

CSO (Eganhouse and Sherblom 2001). Therefore, suspended particulate matter 

(SPM) can act as an important vector of micropollutant transport in rivers (Aminot et 

al. 2018; Boulard et al. 2019; da Silva et al. 2011). 

 

 

Figure 1: Conceptual graph of different input sources, their characteristics and the 

distribution of organic micropollutants between the compartments air, water, biota and 

suspended materials in rivers. 
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As a consequence, organic micropollutants are regularly detected in surface waters 

all around the globe (Bradley et al. 2020; Casado et al. 2019; Heeb et al. 2012; Loos 

et al. 2009) and (may) pose a risk to the aquatic environment (Fent 2013). Their input 

sources into rivers, be it point sources like treated or untreated wastewaters or diffuse 

sources such as runoff and leachate from agricultural and urban areas, are often 

challenging to track (Schwarzenbach et al. 2010). Their vast number and great variety 

of physicochemical properties is the major challenge in assessing their occurrence and 

fate in the environment (Schwarzenbach et al. 2016). Thus, to obtain a comprehensive 

picture of the pollution profile in surface waters, sophisticated screening approaches 

and methods are required that cover a broad range of organic micropollutants. 
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1.2. Environmental analysis of organic micropollutants 

 

1.2.1. Chemical analysis 

Liquid chromatography coupled to mass spectrometry (LC-MS) is a commonly used 

analytical approach to qualify and quantify pollutants in environmental samples. A 

simplified and conceptual illustration of LC-MS is given in Figure 2. Sample analytes 

in a mobile phase (eluent) are chromatographically separated based on their 

interaction to a stationary phase (column). Before entering the mass spectrometer, 

they pass the ion source in which they become transferred in the gaseous phase in an 

ionized form. Drawn into the mass spectrometer by electrostatic attraction, ions are 

further separated based on their mass to charge ratio before being detected. In high 

resolution mass spectrometry (HRMS) different ions with same nominal masses can 

be distinguished allowing the identification of their atomic compositions. 

 

Figure 2: Conceptual illustration of liquid chromatography coupled to mass spectrometry 

(LC-MS). First, analytes in a sample are chromatographically separated. In a second 

step, analytes are transferred in the gaseous phase in an ionized form, separated by 

their mass to charge ratio and subsequently detected. 

A powerful approach to quantify analytes in a sample and in the lower ng L-1 range 

is the target screening, using for instance an LC coupled to a triple quadrupole (QQQ) 

mass spectrometer by electrospray ionization (ESI), which requires a piori analyte 

selection and, ideally, analytical standards for identity confirmation. A high resolution 

time-of-flight (TOF) mass spectrometer can overcome this limitation with high mass 

accuracy (<3 ppm) and high resolving power (>20000 at m/z ≈ 300) in full scan mode. 
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With information on the exact mass of the suspect (suspect screening) or without any 

information prior to the measurement (non-target screening) analytes can be further 

verified by the aid of analytical standard solutions, chromatographic retention time, 

fragmentation and isotope patterns (Krauss et al. 2010; Moschet et al. 2013b; Zedda 

and Zwiener 2012). These mass spectrometric applications are among the draught 

horses of environmental analysis (Casado et al. 2019; Ccanccapa-Cartagena et al. 

2019; Lege et al. 2019; Ruff et al. 2015; Tisler and Zwiener 2018). 

 

1.2.2. Bioanalytical tools 

Although LC-MS yields valuable information on analyte identity, quantity and to some 

extend physicochemical properties, the data acquisition does not provide information 

on the toxicity of mixtures of chemicals in a sample. For the latter, effect-based 

screening tools come into play, generating an integrated signal of all compounds 

affecting the same endpoint. This is very useful if pollution in a particular environmental 

compartment is suspected but the triggers are unknown or may not be analyzed, as it 

can give a hint on whether further action is needed or not. The principle of so-called 

bioassay relies on the exposure of a biological organism against a compound or a 

compound mixture that generates a measurable lethal response, also referred to as 

endpoints. Endpoints can be, for instance, algal growth inhibition, immobilization of 

daphnids (usually Daphnia magna) (OECD 2004) or impaired zebrafish embryo 

development (Legler et al. 2000). 

High throughput in-vitro bioassays are a cost-efficient alternative to animal testing, 

they cover toxic transformation products and mixture effects, such as concentration 

addition, synergism or antagonism by combined exposure of organic micropollutants 

in environmental samples (Altenburger et al. 2018; Pomati et al. 2006). Hence, 

providing insights into the mixture toxicity of a sample, and allowing to estimate the 

potential associated risk of exposure to compound mixtures by using model-based 

extrapolation to whole organisms or communities (Brinkmann et al. 2014; Rostami-

Hodjegan and Tucker 2007). Thus, in-vitro bioassays have become an attractive 

alternative to complement chemical analysis in risk assessment (Brack et al. 2018). 

In-vitro bioassays mostly use reporter gene cell lines indicative of a specific mode of 

action (MoA). These MoAs can be adaptive stress response (Welch 1993), binding to 

hormone receptor or receptors involved in metabolic pathways, such as the 
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peroxisome proliferator-activated receptor (Neale et al. 2017a). Activation of the 

associated nuclear receptors or transcription factors initiate the expression of a 

reporter protein, for instance, a fluorescent protein or the enzyme luciferase, yielding 

a measurable signal (upper half of Figure 3). This measurable signal enables the 

derivation of a concentration-response curve and finally an effect concentration (EC). 

ECs can be transferred into effect units (EU, reciprocal of the effect concentration), for 

an easier understanding as high EUs relate to high effects. Aside from the analytes 

acting according to a specific MoA, every compound in a sample contributes in a 

specific or unspecific way to cell viability (e.g., physico-chemical disruption of 

membranes or proteins, induction of mitochondrial disruption, apoptosis, oxidative 

stress or heat shock response) and therewith to cytotoxicity (lower half of Figure 3). 

Such cytotoxic interference can mask the specific effects, lead to false positive results 

and needs to be measured in parallel (Escher et al. 2020; Fay et al. 2018; Judson et 

al. 2016). The cytotoxic concentration (IC) can provide information on the overall 

chemical load of a sample. Effect concentrations derived from in-vitro bioassays with 

environmentally relevant MoAs can be converted into bioanalytical equivalent 

concentrations (BEQbio), describing the concentration of a well understood single 

compound exerting the same effect as measured in the sample. 

 

Figure 3: Conceptual illustration of a reporter gene bioassay. Reporter protein 

expression is initiated by receptor binding or induction of transcription factors by sample 

analytes acting according to the mode of action of the assay (illustrated in the upper half 

of the cell). The synthesized reporter protein mediates a measurable signal allowing 

derivation of effect concentrations (EC). All compounds in a sample specifically or 

unspecifically affect cell viability (illustrated in the lower half of the cell) that is 

measurable, for instance, as cell growth inhibition allowing derivation of cytotoxic 

concentrations (IC). 
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Not all important modes of action can be quantified by reporter gene assays, among 

them is the interference with energy metabolism in mitochondria. Mitochondrial toxicity 

is a commonly exerted MoA of pesticides, such as substituted phenols which act as 

uncouplers of oxidative phosphorylation (Terada 1990) like bromoxynil or the fungicide 

family of strobilurines target the inhibition of the fungal electron transport chain (Bartlett 

et al. 2002). Since oxidative phosphorylation in mitochondria is the main energy 

supplier in almost all eukaryotic organisms (Dykens et al. 1999; McBride et al. 2006), 

its disturbance can ultimately result in cell death and consequently high environmental 

relevance can be attributed. Pesticides are intentionally distributed in the environment 

in order to provoke adverse effects. Thus, one aim of this work was to develop a new 

in-vitro bioassay that can quantitatively detect pesticide classes that induce disruption 

of oxidative phosphorylation and other mitochondrial toxic compounds in 

environmental samples. 

For mitochondrial toxicants oxidative phosphorylation offers essentially three main 

target sites: ATP-synthase, the inner mitochondrial membrane and the electron 

transport chain (Figure 4). In-vitro test systems such as the mitochondrial membrane 

potential assay (MPP) (Sakamuru et al. 2016) can reflect oxidative phosphorylation 

activity, however, they fail to yield more precise information on the disturbed target 

sites.  

 

Figure 4: Conceptual graph of the main components, ATP-synthase, inner mitochondrial 

membrane and the electron transport chain, in oxidative phosphorylation. ATP-synthase 

may be inhibited by oligomycin, the membrane uncoupled by the herbicide bromoxynil 

and the electron transport chain inhibited by the fungicides azoxystrobin and 

pyraclostrobin. Figure adapted from Müller et al. (2019). 
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Monitoring the cellular oxygen consumption rate (OCR), however, allows further 

characterization of the toxicant’s MoA as the OCR can increase, decrease or remain 

constant (Attene-Ramos et al. 2013).Therefore, I hypothesized that by measuring the 

oxygen consumption rate in-vitro, using the Agilent Seahorse XFe96 Extracellular Flux 

Analyzer, different modes of action of micropollutants and micropollutant mixtures may 

be identified and quantified. This assay was developed and integrated in an existing 

test battery of reporter gene assays for water quality assessment. 

 

1.2.3. Combining chemical analysis with in-vitro bioassays 

As with every other analytical screening technique, both chemical analysis and in-

vitro bioassays are limited to a certain analytical window, determined by sample 

preparation, chromatography or ionization technique and the bioavailability of the 

analytes. Their analytical windows may overlap and both approaches have to be 

considered as complementary, providing a more complete picture of the pollution 

profile of a sample. 

A way to link chemical analysis with in-vitro bioassays is to model the expected 

cumulative effect based on the concentrations and effects of the individual compounds 

detected in a sample (König et al. 2017; Neale et al. 2015). The more the effect 

measured in a sample can be explained by the effect caused by the detected analytes 

the greater the overlap of the detection windows of chemical analysis and in-vitro 

bioassay. However, this presupposes the absence of mixture effects (Jonker et al. 

2016), but as extensive experiments with more than 200 realistic environmental 

mixtures have shown, the assumption of additivity is justified (Neale et al. 2020). This 

type of modelling is also referred to as “Iceberg Modelling”. Helpful tools to estimate 

poor quality of surface water are environmental quality standards (EQS) set by the 

Water framework Directive. These EQSs are concentration thresholds of individual 

compounds, that distinguish between acceptable and unacceptable surface water 

quality. Escher et al. (2018) proposed an algorithm that translates EQS into their 

corresponding effect-based trigger value (EBT). These EBTs represent effect 

threshold levels to differentiate between good and poor surface water quality. In this 

thesis, in-vitro bioassays were applied, primarily as bioanalytical tools to identify input 

sources and transport vectors of organic micropollutants and to trace changes of water 

quality. 
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The complementary combination of chemical analysis and in-vitro bioassays has 

previously been used for example to assess surface water quality of large streams 

(Neale et al. 2015), wastewaters and their impact on river water quality (Farré and 

Barceló 2003; König et al. 2017; Neale et al. 2017b), to track pesticides in agricultural 

areas (Lundqvist et al. 2019b) and waste- and drinking water treatment (Jia et al. 2015; 

Lundqvist et al. 2019a; Neale et al. 2012; Nivala et al. 2018). 
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1.3. Indicator chemicals and -effects 

A very effective and commonly utilized approach in environmental analysis is to trace 

organic indicator chemicals, not only to characterize input sources of organic 

micropollutants (Tran et al. 2019), but also water treatment efficiency (Jin and Peldszus 

2012), attenuation processes (Guillet et al. 2019; Jaeger et al. 2019; Jobelius et al. 

2010) and potable reuse (Salgot et al. 2006). Depending on the study purpose these 

indicator chemicals must meet certain criteria, e.g., partitioning properties, 

degradability, emission characteristics and local regulatory frameworks (Jekel et al. 

2015). The indicator chemicals used within the present work were used to represent 

either input sources or in-stream processes. 

In order to reflect inputs from wastewater treatment plants into rivers (point source), 

an indicator chemical should stem from applications that finally lead it into the municipal 

sewerage systems. It should be poorly degradable during wastewater treatment and 

be continuously emitted by the WWTP effluent into the receiving river (Clara et al. 

2004). These requirements are often met by pharmaceuticals (e.g., carbamazepine, 

hydrochlorothiazide, sulfamethoxazole). 

Emissions from agricultural areas (diffuse source) may be reflected by pesticides 

used for widely cultivated crops (e.g., bentazone, azoxystrobin). However, the 

application of pesticides in agriculture varies seasonally and regionally (Vryzas et al. 

2009). This together with the additional use of many pesticides as biocides in urban 

areas, may limit their representativeness and hamper input source identification. 

Micropollutant input into rivers by urban run-off may be reflected by, for instance, 

biocides used in building materials and facades to prevent root penetration and algal 

growth (e.g., mecoprop, terbutryn) or flame retardants and plasticizers from rubber and 

plastic materials (e.g., tris(1-chloro-2-propyl) phosphate, triphenylphosphate), (Bucheli 

et al. 1998; Burant et al. 2018; Burkhardt et al. 2011). 

To reflect in-stream processes (e.g., photolysis, biodegradation) an organic indicator 

chemicals should exhibit a defined reactivity towards the considered process (Jekel et 

al. 2015). 

Along with organic indicator chemicals, in-vitro bioassays allow to assess input 

sources of organic micropollutants, e.g., hormonal effects in treated wastewater or 

manure (Lorenzen et al. 2004; Peterson et al. 2000). 
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1.4. Study site 

The Ammer River in Southwest Germany was chosen as the study site for this work. 

The Ammer receives organic micropollutants from various input sources, spanning 

both point and diffuse contributions, such as WWTPs, agricultural, forestry and urban 

areas. In addition, it is representative for small rivers in karstic systems and in densely 

populated areas of temperate climate. Covering an area of approximately 238 km² the 

Ammer catchment is embedded in the upper Neckar River Basin, between the Swabian 

Alb in the Southeast and the Black Forest in the West. Under base flow conditions the 

river is mainly fed by gypsum and limestone aquifers and treated wastewater from one 

WWTP (WWTP1) upstream of Altingen with 80,000 person equivalents and a second 

smaller one (WWTP2) between Hailfingen and Tailfingen with 9,000 person 

equivalents, see Figure 5. The catchment upstream of the gauge in Pfäffingen, is 

dominated by agricultural (71%), urban (17%) and forestry (12%) land use (Grathwohl 

et al. 2013). The average annual flow is 0.44 m³ s-1 at the gauge in Pfäffingen (orange 

house in Figure 5). In this work a Lagrangian sampling was performed by following the 

same water parcel as it flows downstream (Antweiler et al. 2014). 

 

 

Figure 5: Ammer River catchment, in Southwestern Germany, its land use, the gauge in 

Pfäffingen and the two wastewater treatment plants, WWTP1 and WWTP2. The Ammer 

main stem from source to mouth is highlighted in light blue and bifurcates into the Ammer 

Canal (purple line) in Tübingen. Purple dots indicate sites where automated sampling 

was performed. Figure adapted from Müller et al. (2018). 
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1.5. Applied analytical methods 

To assess the chemical profile of the Ammer River, target and suspect screening 

was applied on a set of compounds from different compound classes, such as 

herbicides, fungicides, insecticides, pharmaceuticals and industrial and household 

chemicals (Table S4 of Publication 4). These compounds were selected based on their 

application, occurrence in previous studies (Loos et al. 2009; Moschet et al. 2014) and 

environmental relevance. They may serve as indicator chemicals for different input 

sources and represent different degrees of degradability under environmental 

conditions. This set of compounds was continuously increased throughout the three 

field studies performed in this work (Figure 6). Compounds detected by suspect 

screening during the first field study were later included in the target screening. 

 

 

Figure 6: Conceptual graph of the number of screened targets (left pyramid, *suspects) 

in chemical analysis and of the number of applied in-vitro bioassays (right pyramid), during 

the three field studies. 

 

To get an inventory of active mixtures present in the Ammer River a test battery of 

seven in-vitro bioassays with environmentally relevant MoAs, through different toxicity 

pathways, was applied. The MoAs screened for covered aryl hydrocarbon receptor 

induction (AhR-CALUX) and peroxisome proliferator activated receptor activity 

(PPARγ-Bla), both involved in cell metabolism (Brennan et al. 2015; Neale et al. 

2017a). Cellular stress response was examined by oxidative stress response 

(AREc32), (Escher et al. 2012; Escher et al. 2013; Welch 1993). Binding to hormone 
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receptors was represented by examining estrogenicity (ER-Bla), glucocorticogenic 

activity (GR-Bla), androgenicity (AR-Bla) and progestagenic activity (PR-Bla), (Huang 

et al. 2011; Invitrogen 2007; 2010; König et al. 2017). To identify possible antagonists 

present in the samples that suppress the effect of an agonist, the assays for 

androgenicity and progestagenic activity were additionally performed in antagonistic 

mode (Anti AR-Bla and Anti PR-Bla). Over the three field studies performed in this 

work, this test battery was reduced to assays that were most relevant for the research 

question addressed and the test battery was further complemented by the Oxygen 

Consumption Rate assay (OCR) developed within this work. 

 

1.6. Scientific context and relevance 

Understanding of fate and behavior of organic micropollutants on the catchment 

scale is especially relevant in small rivers which are more prone to chemical pollution 

as a result of relatively smaller dilution ratios (Lorenz et al. 2017). Rivers integrate 

organic micropollutants within their entire catchments and host important 

transformation and transport processes. While prominent transformation processes 

and the fate of organic micropollutants have been comprehensively studied under 

controlled laboratory conditions, bench-scale findings are poorly transferable to natural 

systems. Results from laboratory studies do not adequately account for the 

environmental (dynamic) boundary conditions characteristic of surface water systems. 

Turbidity, average water depth, chemical composition of the river water and sediment, 

sorption and sedimentation, radiation, canopy shading, temperature and water 

exchange between hyporheic zone and stream channel, among others, may all in 

parallel determine the fate and effects of micropollutants in rivers. A deeper 

understanding of the distribution and behavior of organic micropollutants on the 

catchment scale is the underlying motivation for developing models capable of 

predicting future trends in water quality. Therefore, analytical methods and approaches 

are required that can appropriately identify and characterize input sources of organic 

micropollutants and trace changes of the water quality in rivers. 

It is further important to improve and develop new effect-based screening tools to 

capture compound classes that may not be covered by chemical analysis alone and 

that allow to link chemical contamination with ecological effects in future works. So far 

effect-based screening tools are not implemented in a regulatory context and 
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governmental monitoring efforts but there are several recommendations concerning 

the revision of the Water Framework Directive in the European Union (Altenburger et 

al. 2019; Brack et al. 2019a; Brack et al. 2019b; Brack et al. 2016; Brack et al. 2017; 

Brack et al. 2018; EU 2013/39; van Gils et al. 2019). 

 

1.7. Objectives and scope of the thesis 

The objectives of the present work were to (1) improve and develop environmental 

screening techniques and (2) to investigate input sources, occurrence and fate of 

organic micropollutants in a small river catchment under different hydrological 

conditions. To this end, the following questions were addressed: 

- Can the combination of the two complementary screening approaches chemical 

analysis and in-vitro bioassays be used to identify input sources of organic 

micropollutants and changes of the water quality in a river, on a catchment 

scale? 

- Can mitochondrial toxicity serve as an additional and more specific endpoint for 

the screening of commonly used pesticide classes? 

- What is the influence of diffuse input sources such as agricultural land use 

compared to point sources such as treated wastewater on the micropollutant 

and effect profile of a small river under dry (baseflow) weather conditions? 

- What are the dynamics of micropollutant concentrations and mass fluxes and 

associated effects during a storm event? 

- To what extend is suspended particulate matter involved in transport of 

micropollutants and micropollutant mixtures during a storm event? 

 

The objectives of the present work were tackled during three field studies at the Ammer 

River: 

 

Study 1: Grab samples from the main stem and tributaries of the Ammer River and 

one sample of the Goldersbach River, as reference, were collected and characterized 

by chemical analysis and a battery of seven environmentally relevant in-vitro 

bioassays. Selected target compounds and the average cytotoxicity were used to 

reflect in-stream processes (Publication 1). 



 

17 
 

Study 2: Lagrangian sampling of the Ammer and time-resolved sampling at three 

sampling sites (AS1, AS2 and AS3, see Figure 5) was performed in a 7.7 km long river 

section, downstream of WWTP1, plus grab samples of all tributaries in that river 

stretch. All samples were analyzed by chemical analysis and four in-vitro bioassays. 

(Publication 3). Moreover, four six-hour composite samples were collected upstream 

and downstream of the first reach (AS1 and AS2, see Figure 5) using large volume-

solid phase extraction devices (LV-SPE). These samples were used to examine a new 

multi-endpoint mitochondrial toxicity assay developed within this thesis (Publication 2). 

 

Study 3: Time resolved sampling of river water samples was performed at two 

sampling sites (AS81 and AS2, see Figure 5) during a storm event. Suspended 

particulate matter was separated from the water phase by filtration. Both phases were 

extracted and measured by chemical analysis and two in-vitro bioassays. This study 

served to elucidate the role of particulate matter for the fate and transport of organic 

micropollutants (Publication 4). 
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2.  Summary of the three field studies 
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2.1. Analysis of organic micropollutants and associated effects 

on the catchment scale 

As a first inventory of input sources and loss and dilution processes of organic 

micropollutants along the entire length of the Ammer River, the combination of 

chemical analysis and bioanalytical tools (in-vitro bioassays) was applied in a field 

study on July 2017 (Study 1, Publication 1). Samples were collected at nine sampling 

sites of the Ammer River, from source to mouth, at three sites from two Ammer 

tributaries and at one site of the Kleiner Goldersbach, in the Goldersbach catchment 

(Figure 7). 

 

 

Figure 7: Sampling sites (purple dots) in the Ammer (A) and Goldersbach (G) catchment. 

Pie charts show the average cytotoxicity (chart size) and the toxicological patterns (chart 

colors) revealed by the in-vitro bioassays. Red and white houses represent the 

wastewater treatment plants located in the Ammer catchment. Figure adapted from 

Müller et al. (2018). 

The sample extracts were screened for 79 suspect and target compounds from 

different compound classes (i.e., herbicides, fungicides, insecticides, pharmaceuticals 

and industrial and household chemicals, see Table S1 &2 of Publication 1). The sample 

extracts were also measured in the in-vitro bioassays battery described in chapter 1.5. 
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21 out of 79 suspect and target analytes were detected in the samples taken from 

the Ammer River and its tributaries Schönbrunnen and Mühlbach. The detected 

analytes were assigned to the concentration classes depicted in Figure 8 and included 

14 pharmaceuticals, 4 herbicides (bentazone, isoproturon, diuron and fluconazone) 

the insecticide thiamethoxam, the herbicide metabolite atrazine-desethyl and the 

pharmaceutical metabolite metoprolol acid. 

 

Figure 8: Detected suspect and target compounds in the extracts of the samples 

collected along the Ammer main stem (1 to 9), from the tributaries Schönbrunnen (SB) 

and Mühlbach (MS) and from the Kleiner Goldersbach (G) creek in the Goldersbach 

catchment. Concentration of hydrochlorothiazide at site 4 was 1.9 µg L-1, colored in dark 

red as it was exceeding the concentration scale. LOQ = limit of quantification. Figure 

adapted from Müller et al. (2018). 

For all compounds, except for bentazone and atrazine-desethyl, highest 

concentrations were measured at site 4 downstream of the effluent of WWTP1. For 

these compounds the WWTP1 effluent can be considered as the main input source, 

which is not surprising as had a contribution of 81% to the Ammer by the time of 

sampling. Upstream of WWTP1 bentazone and atrazine-desethyl and the 

pharmaceuticals acetaminophen, carbamazepine, hydrochlorothiazide and lamotrigine 

were detected in the Ammer and are indicative for further input sources. The four 

mentioned pharmaceuticals suggest the impact of wastewater, for instance, from 

leaking sewers or contaminated groundwater from the city of Herrenberg. The 

herbicide and the herbicide metabolite atrazine-desethyl were the only compounds that 

were also detected in the Ammer source and point towards contamination from 
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agricultural land use. In the samples taken from the Schönbrunnen, that is surrounded 

by agricultural areas, only atrazine-desethyl was detected suggesting the former use 

of the herbicide atrazine in this area. Between sampling site 6 and 9 some compounds 

indicated a rather conservative behavior, i.e. the pharmaceuticals carbamazepine and 

sulfamethoxazole as supported by previous literature (Clara et al. 2004; Martindale 

1993; Zhou and Moore 1994). Therefore, both compounds were selected as indicator 

chemicals to reflect dilution. In comparison to carbamazepine and sulfamethoxazole, 

the pharmaceuticals sotalol and tramadol showed a faster concentration decreased 

between site 4 and 9. Since sotalol is moderately degradable by indirect photolysis, 

hydrolysis and biodegradation (Letzel 2008; Piram et al. 2008) and tramadol is 

moderately photolabile (Bergheim et al. 2012), both compounds indicate potential in-

stream processes occurring between site 4 and 9. 

For a better understanding of the toxicological profile of the Ammer River, measured 

effects and cytotoxicity were visualized by pie charts included into the map of the 

catchment (Figure 7). Each pie chart shows the effect profile (displayed by the EUs) 

and the average cytotoxicity (pie chart size) measured in the assays. Highest effects 

and cytotoxicity in all assays for agonistic endpoints, except for progestagenic activity 

(PR-Bla), were measured in the sample taken at site 4 (Table 3 of Publication 1), 

downstream of WWTP1 which dominated the toxicity pattern of the samples taken 

further downstream at sites 5 to 9. The toxicological profile of the Ammer changed after 

passing WWTP1 and showed additional hormonal effects measured in AR-Bla, ER-

Bal and GR-Bla. This reveals the input of hormones by the effluent of WWTP1. The 

presence of hormones upstream of WWTP1 at site 3 was suggested by estrogenicity 

measured in ER-Bla, pointing towards additional input sources. This could be for 

example the potential impact by wastewater, as already suggested by the detected 

compounds, or animal manures used in agriculture that had been described as sources 

of hormones in literature (Lorenzen et al. 2004). Between site 4 and 5 the cytotoxicity 

and specific effects in all agonistic assays declined. In that stretch the course of the 

average cytotoxicity aligned between the concentration courses of the indicator 

chemicals carbamazepine and sotalol and can thus be mainly ascribed to dilution. 

From site 6 to 9 the concentrations of the indicator chemicals carbamazepine, 

sulfamethoxazole, tramadol and sotalol and the average cytotoxicity only slightly 

decreased and the effect pattern marginally changed. Thus, no substantial inputs of 
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additional water, organic micropollutants or degradation can be assumed in this river 

stretch. 

The information provided by the chemical analysis and the in-vitro bioassays are 

complementary. For example, herbicides detected by the chemical analysis may not 

be specifically covered by the applied bioassays. On the other hand, no hormones 

detectable by the assays AR, ER, GR and PR and no hydrophobic compounds, such 

as polycyclic aromatic hydrocarbon, detectable in the AhR assay were included in the 

target and suspect list. For example, the sample from the Kleiner Goldersbach showed 

effects in AhR-Bla, AREc32 and PPARγ-Bla and cytotoxicity that was similar to the 

Ammer River, although none of the compounds screened for was detected. It becomes 

clear that it is important to combine different screening approaches to cover the 

broadest possible spectrum of different compounds and compound classes. 

In the course of developing and improving analytical screening techniques for 

environmental pollutants, with focus on pesticides, a new in-vitro bioassay for 

mitochondrial toxicity, using the Seahorse XFe96 Extracellular Flux Analyzer, was 

developed within this work (Publication 2). The method is based on measuring the 

oxygen consumption rate (OCR) in cells over time, whilst consecutively applying 

reference compounds for ATP-synthase inhibition (oligomycin), uncoupling of the 

mitochondrial membrane (2,4-dinitrophenol) and inhibition of the electron transport 

chain (mix of rotenone and antimycin A). In parallel measurements, one of the 

reference compounds was replaced by the sample or a negative control (buffer). The 

OCR decrease or increase, respectively, induced by the sample and normalized to the 

basal respiration in comparison to the reference compound and the negative control 

allows quantification and subsequent derivation of an effect concentration (EC). 

Hence, this approach allows one to use three individual experimental designs that 

target the MoAs ATP-synthase inhibition, uncoupling of the mitochondrial membrane 

and inhibition of the electron transport chain. All three experimental designs were 

validated with single chemicals of known mechanism and achieved Z-factors (Zhang 

et al. 1999) above 0.6 indicating precise and reproducible data acquisition. 

One aspect of the following field study in 2018 (Study 2) was to collect water extracts 

to investigate the occurrence of mitochondrial toxic chemicals in the environment. Four 

six-hour composite samples at the two sampling sites AS1 and AS2 (Figure 5), located 

approximately 3 km apart, were generated using LV-SPE devices (Publication 2). The 

upstream sampling site AS1 was located around 500 m downstream of WWTP1 and 
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the sampling at AS2 (located in Reusten) was delayed for 133 minutes to account for 

the travel time of each water parcel (mean flow velocity = 0.39 m s-1). In Publication 2, 

AS1 is denoted as SS1 and AS2 is denoted as SS2. The water LV-SPE extracts of 

AS1 and AS2 were then tested in the OCR assay in the experimental designs for 

uncoupling and electron transport chain inhibition (Figure 9 A & B). 

 

 

Figure 9: LV-SPE extracts of the four six hours composite samples A, B, C and D taken 

at AS1 (A) and AS2 (B) and measured in the experimental designs for uncoupling (upper 

half of each graph) and electron transport chain inhibition (lower half of each graph). The 

measured effects are expressed as effect units (EU, reciprocal of the derived effect 

concentration causing 10% effect EC10), since high EUs relate to high effects. 

In the first two composite samples from AS1 uncoupling activity was detected, whereas 

in all other composite samples electron transport chain inhibition was observed. 

Interestingly, at AS1 a transition from uncoupling activity to electron transport chain 

inhibition occurred within 24 hours. Another transition was observed from uncoupling 

activity at AS1 to electron transport chain inhibition at AS2 within the first 12 hours. It 

indicates degradation of uncouplers or additional input of electron transport chain 

inhibitors between both sampling sites. Importantly, the EC10 values of the samples 

AS1-C (1.84 ± 0.17 REF), AS2-A (9.34 ± 1.77 REF) and AS2-C (2.76 ± 0.42 REF) for 

electron transport chain inhibition were below an enrichment factor of 10 emphasizing 
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the environmental relevance of chemicals that disrupt mitochondrial functions and can 

thus damage a cell to death (Meyer et al. 2013). 

Performed in the experimental designs for uncoupling and electron transport chain 

inhibition, binary mixture experiments with chemicals of known mechanism confirmed 

the environmental samples´ dominant MoAs. With the developed OCR assay 

uncoupling of the mitochondrial membrane and electron transport chain inhibition 

against a background of numerous nonspecifically acting compounds in environmental 

samples were quantified and changes of the water quality over time and space were 

revealed in the Ammer River. 

In Publication 2 it was highlighted that the developed OCR assay reaches its limits 

when it comes to mixtures of components with different MoAs or compounds with 

multiple target sites in the oxidative phosphorylation. Uncoupling was experimentally 

shown to be masked by electron transport chain inhibition. ATP-synthase inhibition 

would be masked by uncouplers, since an inhibited ATP-synthase would be bypassed 

by the uncoupler resulting in a decreasing electro chemical gradient and with it an 

upregulated oxygen consumption (Hatefi 1985). Electron transport chain inhibitors 

would mask ATP-synthase inhibition too, as in both cases the OCR decreases. 
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2.2. Characterization of emission sources 

The highest spatial differences of micropollutant concentrations, effects and average 

cytotoxicity were observed between WWTP1 and the Pfäffingen gauge in Study 1. To 

characterize input sources of organic micropollutants and to assess the influence of 

tributaries on the chemical and toxicological profile of the Ammer, the following field 

study (Study 2) focused exclusively on that defined stretch (Publication 3). Study 2 

was performed in June 2018 after a longer dry weather period and under base flow 

conditions (743 L s-1 at the gauge in Pfäffingen). Between several meters upstream of 

the WWTP1 effluent and the gauge Pfäffingen, Lagrangian sampling was performed 

by collecting grab samples of the Ammer main stem upstream of each tributary inlet 

(Figure 10). 

 

 

Figure 10: Conceptual illustration of the studied river section of the Ammer. Sampling 

sites are highlighted by green (grab samples), red (autosamplers) and yellow (LV-SPE) 

dots. Tributaries, except for the Kochhart Creek, Schönbrunnen Creek and Käsbach 

Creek, are highlighted by blue arrows. Grab samples from the tributaries are named after 

the tributary. Grab samples from the Ammer main stem are named according to the next 

downstream tributary. Figure adapted from Müller et al. (2020a). 

Using autosamplers, hourly composite samples were collected at three sampling sites 

(AS1, AS2 and AS3), dividing the study site into two river reaches (reach 1: 3.6km, 
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reach 2: 4.1 km). Grab samples of each tributary were collected as well. The extracts 

of the water samples were analyzed by target screening for an extended number of 83 

compounds, including the same compounds considered in the previous chapter 

(chapter 2.1.). The water extracts were moreover measured in four in-vitro bioassays 

covering the MoAs aryl hydrocarbon receptor induction (AhR-CALUX), peroxisome 

proliferator activated receptor activity (PPARγ-Bla), oxidative stress response 

(AREc32) and estrogenicity (ER-Bla). 

In the Ammer River and its tributaries 28 of the target compounds (9 pesticides, 13 

pharmaceuticals and 6 industrial and household chemicals [IHCs]) were detected and 

assigned to the concentration classes in Figure 11 A. A hierarchical cluster analysis 

revealed different compound profiles of the samples from the main stem downstream 

of WWTP1 and the samples from the tributaries. Upstream of WWTP1, at Am-T0, only 

the pharmaceutical carbamazepine the IHC 4&5-methylbenzotriazole and the 

herbicide bentazone were detected, similar to Study 1. In the WWTP1 effluent, which 

contributed to 51% to the Ammer discharge at AS1, 13 pharmaceuticals, 5 IHCs and 

4 pesticides were detected (Table S5 of Publication 3). The concentrations of 

azoxystrobin, tris(2-butoxyethyl)phosphate (TBEP) and triphenylphosphate (TPP), 

detected in the WWTP1 effluent, had decreased below the limit of quantification by 

>70% in the Ammer main stem at the next downstream sampling site (Am-T1). Since 

biodegradation is not a reasonable removal process due to the travel time of about 5 

minutes, sorption to organic carbon of sediment or SPM and sedimentation may be 

considerable attenuation processes given the relatively high octanol-water partitioning 

constants (5.1 for azoxystrobin, 4.3 for TBEP and 4.1 for TPP, predicted from 

ACD/Labs (2020)). 10 pharmaceuticals, 3 pesticides and 3 IHCs were transported 

throughout the studied river section as they still occurred at the most downstream 

sampling site Am-T15. In the tributary T8 (Kochhart Creek), which receives the effluent 

of WWTP2, 11 pharmaceuticals, 5 pesticides and 5 IHCs were detected, whereas the 

compound composition and concentrations were different to the WWTP1 effluent. The 

tributaries T9 and T10 appeared to be impacted by the WWTP2 effluent as well. 

Benzotriazole, carbamazepine, irbesartan and lamotrigine were found in T9 and 4&5-

methylbenzotriazole, metoprolol and lamotrigine were found in T10, all of which are 

typical wastewater pollutants. A possible explanation could be that water from T8 

percolated into the karstic groundwater and introduced T9 and T10 further 

downstream, as described in a previous study (Harreß 1973). 
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Figure 11: (A) Concentrations of target analytes detected in the grab samples. 

Similarities of the samples´ compound profiles, expressed as the Euclidean distance, are 

visualized in a hierarchical cluster analysis with the unweighted pair-group method using 

arithmetic averages. (B) Mass flux increases (∆Ji, increase in percentage) of selected 

compounds in the Ammer main stem caused by the respective tributary. Am-T = Ammer 

tributary; KC = Käsbach Creek; SC = Schönbrunnen Creek; 4&5-MTB = 4&5-

methylbenzotriazole; O-DV = O-desmethylvenlafaxine; TA2H = terbuthylazine-2-

hydroxy; TBEP = tris(2-butoxyethyl)phosphate; TCPP = tris(1-chloro-2-

propyl)phosphate; LOQ = limit of quantification. Figure adapted from Müller et al. 

(2020a). 

 

In the samples of T15 and its tributaries Schönbrunnen Creek and Käsbach Creek the 

herbicide bentazone and the degradation product atrazine-desethyl were detected, 

suggesting contamination from agricultural land use. None of the target compounds 

were detected in the tributaries T1, T2, T3, T4, T11 and T12. To assess the influence 

of the tributaries on the abundance of compounds in the main stem, the mass flux 

increase of selected compounds caused by the tributaries was calculated and depicted 

in Figure 11 B. These compounds represent different compound classes and 

applications and thus point (e.g., lamotrigine via wastewater) and diffuse (e.g., 

bentazone used in agriculture) input sources. The influence of the tributaries on the 

mass fluxes in the Ammer was generally insignificant (≤10%). Highest mass flux 

increase (10.4%) was caused by T15, which is surrounded by agricultural land use, for 

the herbicide bentazone. As bentazone was not detected in the WWTP1 effluent and 

the wastewater impacted T8, wastewater was no significant input pathway of this 

herbicide. A likely input pathway into the Ammer is the use of bentazone in agriculture. 
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The samples of the Ammer and its tributaries showed effects in the in-vitro bioassays 

for aryl hydrocarbon receptor induction (AhR-CALUX), peroxisome proliferator 

activated receptor activity (PPARγ-Bla), oxidative stress response (AREc32) and 

estrogenicity (ER-Bla), see Figure 12 A. The samples of the Ammer downstream of 

WWTP1 and the effects of the samples from the tributaries showed a different effect 

profile in a hierarchical cluster analysis, similar to the compound profiles. In the Ammer 

upstream of WWTP1 effects were measured in all applied assays, though relatively 

low (Table S6 of Publication 3). The WWTP1 effluent showed the highest effects in the 

assays for aryl hydrocarbon receptor induction (AhR-CALUX), peroxisome proliferator 

activated receptor activity (PPARγ-Bla) and estrogenicity (ER-Bla) and appeared to 

dominate the effect profile in the Ammer further downstream, regarding these 

endpoints. The tributaries had an insignificant influence (<10%) on the effect fluxes in 

the Ammer (Figure 12 B). Highest effect flux increase was caused by T2, T3 and T4 

together in the ER-Bla. Input from T8 and T10 increased the effect fluxes in the Ammer, 

measured in AhR-Bla, ER-Bla and PPARγ-Bla, by approximately 1 to 5%. Thus, the 

tributaries had little influence on the compound and effect profile of the Ammer, due to 

their low discharge. 

 

Figure 12: (A) Effects measured in the assays AhR-CALUX, ER-Bla, PPARγ-Bla and 

AREc32, expressed as effect units. Similarities of the samples´ effect profiles, expressed 

as the Euclidean distance, are visualized in a hierarchical cluster analysis with the 

unweighted pair-group method using arithmetic averages. (B) Effect flux increases (∆Ji, 

increase in percentage) of effects in AhR-CALUX, ER-Bla and PPARγ-Bla in the Ammer 

main stem caused by the respective tributary. Am-T = Ammer tributary; KC = Käsbach 

Creek; SC = Schönbrunnen Creek. Figure adapted from Müller et al. (2020a). 
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The Lagrangian sampling over 24 hours at AS1, AS2 and AS3 uncovered a 

decreasing temporal variability of the overall chemical burden and the average 

cytotoxicity with increasing distance from the most dominant input source WWTP1 

(Figure 13 A & B), mainly driven by dilution. The variations in the chemical profiles at 

AS1, AS2 and AS3 were driven by compounds that showed no significant 

concentration decrease along the river flow path (e.g., benzotriazole, 4- & 5-

methylbenzotriazole and TCPP) and compounds that dissipated from the water phase 

more readily (e.g., diclofenac and hydrochlorothiazide). In reach 1 and reach 2 

(Figure 13 B) the average cytotoxicity attenuated for 12.3 and 17.8% which was mainly 

attributed to dilution (reach 1: 10.3%, reach 2: 22.7%). 

 

 

Figure 13: (A) Overall chemical burden, expressed as the sum of normalized mass 

fluxes of detected compounds, in the Ammer at AS1, AS2 and AS3 over 24 hours. 

(B) Average cytotoxicity TUaverage measured in the assays AhR-CALUX, ER-Bla, PPARγ-

Bla and AREc32 at AS1, AS2 and AS3 over 24 hours. The discharge of the WWTP1 

effluent is displayed on the right vertical axis. Figure reprinted from Müller et al. (2020a). 

 

The compound and effect profile of the Ammer and its tributaries were very similar 

in that river section, although only at maximum 0.12% of the measured effects (in AhR-

Bla, ER-Bla, PPARγ-Bla and AREc32) could be explained by the detected target 

compounds based on iceberg modelling (see Supplemental Information, 

chapter 6.1). A comparison to effect-based trigger values revealed threshold 

exceedance in the Ammer main stem at AS1, AS2 and AS3 in all assays, except for 

AREc32 (Table S10 & S11 of Publication 3). The samples of many tributaries and the 

Ammer upstream of WWTP1 were compliant with EBTs. Although, no target 

compounds were detected, T1, T2 and KC exceeded the EBT in ER and T12 the EBT 

in AREc32, again underlining the complementarity of both chemical analysis and 

bioassays. 



32 
 

To further explore the changes of the water quality in reach 1 (between AS1 and 

AS2) observed in the OCR assay (Figure 9), extracts of the intermediate tributaries 

T1, T2, T3 and T4 were measured for electron transport chain inhibition at one 

concentration level (40 REF, n=2, Figure 14). Although the WWTP1 effluent and T3 

pointed towards electron transport chain inhibition, in two independent experiments, 

the measured effect levels were below the limit of detection of 9.6 % effect. 

 

Figure 14: Extracts of the WWTP1 effluent and the tributaries T1, T2, T3 and T4 between 

AS1 and AS2 measured for electron transport chain inhibition at REF 40. 

The target compounds diclofenac, lamotrigine and carbamazepine were detected in 

the Ammer River at the time of sampling (Figure 11 A). The latter compounds have 

been shown to impair mitochondrial oxidative phosphorylation by other researchers 

(Berger et al. 2010; Syed et al. 2016). Therefore, they were measured as single 

compounds for electron transport chain inhibition (Figure 15 A-D). Benzotriazole was 

also tested on account of the relatively high concentrations (6 µg L-1) measured in the 

water samples. Electron transport chain inhibition was shown for diclofenac, 

lamotrigine and benzotriazole. None of the tested compounds showed changes in cell 

viability during the OCR experiment. However, their effect concentrations (EC10) were 

far above (~100000x) the concentrations measured in the Ammer River, so that at 

maximum only 0.06% (in AS1-D) of the electron transport chain inhibition measured in 

the Ammer could be explained by diclofenac, lamotrigine and benzotriazole (see 

Supplemental Information, chapter 6.1). 
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Figure 15: Single compounds diclofenac, lamotrigine, benzotriazole and carbamazepine 

measured for electron transport chain inhibition. 
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2.3. Storm event-driven occurrence and transport of organic 

micropollutants and associated effects 

In order to assess the impact of changes in hydrological conditions on the occurrence 

of organic micropollutants and associated effects in a river and the role of SPM in 

micropollutant transport, river water was sampled during a storm event (Study 3), 

Publication 4. A thunder cell came from southwest and passed the upper Ammer 

catchment during the night of 27th to 28th of July 2019, from 18:30 to 22:45 (all times 

are given as Central European Summer Time, UTC+2h), with precipitation up to 80 

mm h-1 and a maximum discharge of 8603 L s-1 at the gauge the investigated storm 

event almost reached the HQ2 classification (11650 L s-1) of a biennial flood (LUBW 

2020), see Figure 16. At the two sampling sites AS81, under the A81 highway bridge 

upstream of the WWTP1, and at AS3 at the gauge station in Pfäffingen (Figure 16) 

autosamplers collected one liter of river water every 30 minutes during a six-hour 

period. The sampling at AS3 was delayed for 53 minutes. In Publication 4 AS81 is 

denoted as AS1 and AS3 is denoted as AS2. SPM was separated from the river water 

by filtration and both phases were then individually extracted. 

 

 

Figure 16: Locations of the sampling sites AS81 and AS3 in the Ammer catchment. 

Discharge Q and suspended particulate matter (SPM) flux in the Ammer River at AS3, 

during the storm event of Study 3. Figure adapted from Müller et al. (2018). 
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SPM and water extracts were analyzed by target screening for 97 compounds, 

including the compounds considered in Study 1 and 2, and two in-vitro bioassays 

indicative for oxidative stress response (AREc32), and for aryl hydrocarbon receptor 

induction (AhR-CALUX). 

At AS81 27 target compounds (11 pesticides, 9 pharmaceuticals and 7 IHCs) and at 

AS3 33 target compounds (10 pesticides, 17 pharmaceuticals and 6 IHCs) were 

detected in the water extracts (Table S11 of Publication 4), with 25 compounds 

detected at both sites. PFHxA (perfluorohexanoic acid) and propiconazole 

disappeared between both sites and 8 additional compounds were found at AS2. In 

Study 1 and Study 2, during dry weather conditions, 9 and 15 of these compounds 

were below the limit of quantification. Thus, a higher number of compounds was 

detected during the storm event than under dry weather conditions, in Study 1 and 

Study 2. 

Potential input sources upstream of AS81 and between AS3 were characterized 

based on the usages, applications and mass flux dynamics of the detected 

compounds. The compounds´ mass flux dynamics can be subdivided into three groups 

(Figure 17, Table S13 of Publication 4). Compounds of Group 1 showed higher or 

equally high average mass fluxes at AS81 compared to AS3. Group 2 compounds 

showed a ten times higher average mass flux at AS3 than at AS81. Compounds of 

Group 3 were detected at AS81 and showed average mass fluxes at AS3 that had 

increased by a factor less than 10. 

For Group 1 compounds it can be assumed that they were mainly introduced from 

different input sources of the upper Ammer catchment, upstream of AS81. The 

anthropogenic markers for untreated wastewater caffeine and paracetamol (Buerge et 

al. 2003; Kasprzyk-Hordern et al. 2009) suggest input from combined sewer overflow 

(CSO, Figure 17 A & B). The biocides carbendazim and diuron are used to preserve 

outdoor materials and façades and indicate input from urban areas. 

Group 2 comprises pharmaceuticals and IHCs (Figure 17 C & D) that typically find 

their way into the environment through treated wastewater. For the dynamics of these 

compounds a major impact by WWTP1 can be assumed. The mass fluxes of selected 

Group 2 compounds at AS3 increased during the storm event and followed the 

discharge. 
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Figure 17: Mass fluxes (μg s-1) of selected compounds in water during the storm event 

that fell into three groups: Group 1) those that showed a higher or equally high average 

mass flux at AS81 (A) compared to AS3 (B); Group 2) showed a 10x higher average 

mass flux at AS3 (D) than at AS81 (C); Group 3) detected at AS81 (E) with moderately 

increased average mass fluxes (below a factor of 10) at AS3 (F). Mass fluxes are 

depicted on the left vertical axis, while discharge is depicted as light blue area and on 

the right vertical axis. MCPA: (4-chloro-2-methylphenoxy)acetic acid. Figure reprinted 

from Müller et al. (2020b). 



38 
 

For Group 3 compounds input upstream of AS81, as they were detected at AS81, 

and input between AS81 and AS3, as their mass fluxes had increased between both 

sites, can be assumed. The pesticides azoxystrobin, bentazone and mecoprop, which 

are commonly used in agriculture, and the pesticide transformation product 

terbutylazine-2-hydroxy suggest input from agricultural areas. Mecoprop is moreover 

incorporated in roof sealings and felts to prevent root penetration and terbutryn in 

façade paintings. Both compounds may become washed off by rainfall and thus enter 

rivers (Bucheli et al. 1998; Burkhardt et al. 2011). 

Compared to the base flow and dry weather condition during Study 2, generally 

higher concentrations and mass fluxes of organic micropollutants were observed 

during the storm event conditions of Study 3. For example, concentrations were by 

factors of 4 for benzotriazole, 7 for TCPP, 3 for 4&5-methylbenzotriazole, 3 for 

carbamazepine, 2 for isoproturon and 3 for bentazone higher under storm event 

conditions. The mass fluxes, however, had increased by factors of 26 for benzotriazole, 

77 for TCPP, 26 for 4&5-methylbenzotriazole, 17 for carbamazepine, 15 for isoproturon 

and 18 for bentazone. The absolute total mass of all compounds, that were detected 

in both Study 2 and Study 3, passing AS3 over 12 h was accounted for 122 g during 

Study 2 and 1028 g in Study 3. Although this estimation is based on only 18 

compounds, a pollutant load difference of one order of magnitude between dry and wet 

weather conditions can be assumed. 

In the SPM extracts a total number of 16 compounds (10 pesticides, 2 

pharmaceuticals and 4 IHCs) were detected. These included pesticides used in 

agriculture (e.g., azoxystrobin, bixafen, diflufenican, prochloraz) or to preserve outdoor 

materials (e.g., isoproturon, terbutryn) and indicate inputs from agricultural and urban 

areas. The widely used plasticizer and flame retardant triphenylphosphate was 

detected at AS81 (upstream of WWTP1) and may stemmed from urban runoff and/or 

CSO, as already suggested by the organic indicator chemicals detected in the water 

extracts. However, it remains unclear whether these micropollutants sorbed onto SPM 

in the Ammer River or were transported into the Ammer in a particle-facilitated manner. 

The micropollutants azoxystrobin, isoproturon and the organophosphates 

triphenylphosphate, tris(1-chloro-2-propyl) phosphate and (tris(2-butoxyethyl) 

phosphate were detected in both water and on SPM. These compounds are neutral at 

pH 7.4, have octanol-water partition coefficients logKow above 4, except for isoproturon 

with 2.8 (Table S10 of Publication 4), and predominantly partition to the organic carbon 
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of SPM (Kim et al. 2017; Kodešová et al. 2011; Worrall et al. 1996). At both sampling 

sites, the observed concentration ratio between water and SPM (Ri) agreed well with 

the concentration ration between water and organic carbon at equilibrium (Kd), see 

Figure 18. Albeit the environmental conditions and parameters (e.g., ion-, dissolved 

organic carbon- and SPM concentrations) may change rapidly in a river during a storm 

event the results indicate that compound concentrations on SPM and in water could 

be equilibrated. For triphenylphosphate, tris(1-chloro-2-propyl) phosphate, (tris(2-

butoxyethyl) phosphate and isoproturon, even at relatively low SPM concentrations, 

more than 15% of the total mass flux was attributed to SPM. 

 

 

Figure 18: Observed concentration ratio (Ri in L kg-1) versus the partition constant (Kd) 

between water and organic carbon of SPM during the storm event, for the compounds 

azoxystrobin, isoproturon, TPP (triphenylphosphate), TBEP (tris(2-butoxyethyl) 

phosphate) and TCPP (tris(1-chloro-2-propyl) phosphate), at AS81 (filled symbols) and 

AS3 (empty symbols). Figure adapted from Müller et al. (2020b). 

 

The effect equivalents in the water extracts measured in AREc32 and AhR-CALUX 

were higher than under dry weather and base flow conditions (Table S17 & S18 of 

Publication 4). During the storm event the effects in water, measured in AREc32, varied 

at maximum by a factor of 1.9 at AS81 and by a factor of 2.8 at AS3 (Figure 19 A & B). 

The tentative effect-based trigger value for AREc32 is 140 μgdichlorvos L-1 and was 

exceeded in all water samples during the actual storm event. In the SPM extracts from 

AS81 and AS3 the measured effects remained constant and increased only after the 

event (Figure 19 A & B). The effect equivalents in the water and the SPM extracts 
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measured in AhR-CALUX followed the water and SPM discharge at AS81 and, with a 

slight delay, at AS3 (Figure 19 C & D). The tentative effect-based trigger value for 

AhR-CALUX is 4.3 ngbenzo[a]pyrene L-1 and was exceeded in all water samples. Thus, the 

comparison to EBTs pointed towards poor overall water quality with respect to the 

mixture effect endpoints of oxidative stress response and aryl hydrocarbon receptor 

induction. The distribution ratio (RBEQ) of effects in water and associated to SPM varied 

between 103 and 104 in AREc32 and between 103 and 105 in AhR-CALUX, at both 

sampling sites (Figure S3 of Publication 4). This indicates that micropollutants causing 

the effects in the respective assay were mainly associated to SPM. 

 

 

Figure 19: Effects in water and on SPM at AS81 and AS3, measured in AREc32 (A & B, 

dichlorvos-EQ) and AhR-CALUX (C & D, B[a]P-EQ), over time. Effect-based trigger 

values for AREc32 and AhR-CALUX, updated by Neale et al. (2020), are visualized by 

dotted lines. Figure adapted from Müller et al. (2020b). 

 

The bioanalytical effect fluxes (BEF) in water and on SPM, measured in AREc32 and 

in AhR-CALUX, increased during the storm event at AS81 and AS3(Figure 20 A-D). 

In both assays and at both sites the BEFSPM followed the SPM flux and the BEFwater 

followed the discharge with a slight delay. Although the mass of SPM was ~1000 times 
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lower than the mass of water, the BEFSPM was as high or even higher than BEFwater 

because the measured BEQs of SPM were much higher than the BEQs of water. 

Hence, highlighting the significant contribution of SPM to water quality following a 

storm event. 

In summary, during the investigated storm event micropollutant numbers, 

concentrations, mass fluxes, effects and effect fluxes increased and were generally 

higher than under dry weather conditions and SPM was shown to play an important 

role in effect transport. 

 

 

Figure 20: Time courses if the bioanalytical effect fluxes at AS81 and AS3, in water 

(BEFwater) and associated to SPM (BEFSPM), measured in AREc32 (A & B) and AhR-

CALUX (C & D) and displayed on the left vertical axes. Discharges of water (blue area) 

and SPM (brown area) are displayed on the right vertical axes. Figure adapted from 

Müller et al. (2020b). 
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3.  General discussion 
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In this chapter, the research questions raised in chapter 1.5 are revisited and the 

relevance of the results and implications for environmental research and monitoring 

are critically discussed and evaluated. 

 

3.1. Environmental trace analysis 

3.1.1. The “Analytical Window” 

In this thesis, I showed that the combination of chemical analysis and a battery of 

environmentally relevant in-vitro bioassays, including a newly-developed bioassay that 

quantifies mitochondrial toxicity, can reflect changes in water quality and identify and 

characterize input sources of organic micropollutants in a small river on the catchment 

scale. 

Previous studies on the occurrence of organic micropollutants in rivers on the 

catchment scale primarily used chemical analysis alone (Berenzen et al. 2005; Boulard 

et al. 2019; Moschet et al. 2013a; Ruff et al. 2015) but often screened for much higher 

numbers of target compounds in environmental samples (Chiaia-Hernandez et al. 

2012; Gago-Ferrero et al. 2019; Moschet et al. 2014; Munz et al. 2017; Tousova et al. 

2017). Screening for more compounds is costly, but allows for a more comprehensive 

assessment of the chemical profile. In this work, the number of screened target 

compounds had chronologically increased to a final number of 97. However, besides 

target screening the application of suspect screening helped to achieve a more 

complete picture of the chemical profile in Study 1 (Hollender et al. 2017; Moschet et 

al. 2013b). 

In this work chemical analysis and in-vitro bioassays revealed a very similar pollution 

profile, although they covered different compounds and compound classes (see 

Supplemental Information, chapter 6.1). An explanation could be that the detected 

target compounds and the effect causing compounds had the same input sources or 

the same driving forces. A hierarchical cluster analysis revealed the similarities of 

detected compound classes (pesticides, pharmaceuticals, IHCs) and measured effects 

during Study 2, under base flow conditions (Figure 21). Pesticides and 

pharmaceuticals were most similar, likely because for most pesticides and 

pharmaceuticals the WWTP1 effluent was the major input source. Greatest similarities 

between a compound class and effects were found for IHCs and aryl hydrocarbon 
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receptor induction (AhR-CALUX). Although their analytical windows hardly overlapped 

(at maximum 0.12%), the detected IHCs and the compounds active in AhR-CALUX 

showed a similar profile in the Ammer and they maybe had similar input sources or 

driving forces. Little similarity was observed for compound classes and estrogenicity 

(ER-Bla). There is also little similarity of compound classes and oxidative stress 

(AREc32), however, which is also attributed due to the fact that most samples showed 

no effects because of cytotoxic interference. 

 

 

Figure 21: Similarities between the compound classes pesticides, pharmaceuticals and 

industrial and houshold chemicals (IHCs) and aryl hydrocarbon receptor induction 

(AhR-CALUX), estrogenicity (ER-Bla), oxidative stress response (AREc32) and 

peroxisome proliferator activated receptor activity (PPARγ-Bla) represented in a 

hierarchical cluster analysis with the unweighted pair-group method using arithmetic 

averages. Differences between compound classes and bioassays are expressed by the 

Euclidean distance. Results were generated in Study 2. 

 

It is difficult to explain which chemicals are responsible for the effects observed in 

the bioassays if the analytical windows of chemical analysis and bioassays hardly 

overlap. In other studies, up to 80, 71% of the activity in ER and AhR and even up to 
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100% of the activity in AR-Bla, anti AR-Bla, anti GR-Bla and photosystem II inhibition 

could be explained by detected compounds, under the assumption of concentration 

addition, and in many cases the majority of the explained fraction was attributed to only 

a few compounds (Könemann et al. 2018; König et al. 2017; Neale et al. 2015; Neale 

et al. 2017b). But this requires extensive single compound testing and it is not sufficient 

to test only the most promising compounds according to their chemical structure. As 

an example, the pesticides propiconazole and terbuthylazine were unexpectedly 

uncovered to be active in AhR (Neale et al. 2017b) and Lundqvist et al. (2019b) found 

co-occurrence of pesticides and AhR activation in river samples from agricultural 

areas. 

To identify input sources of organic micropollutants and changes of the water quality 

in a river, it is not absolutely necessary to be capable of explaining which compounds 

are responsible for the occurring effects. It is more important to capture a broad 

spectrum of compounds and compound classes. Therefore, a diverse list of target or 

suspect compounds and in-vitro bioassays covering diverse endpoints are 

advantageous. For this purpose, adaptive stress response pathways (e.g., oxidative 

stress response) are beneficial as they are crucial to cell viability and may become 

activated by a broad range of various stressors (Simmons et al. 2009), other than the 

rather selective receptor mediated endpoints. 

In the water samples collected during Study 1 no or only little glucocorticoid activity 

(GR-Bla), androgenicity (AR-Bla), anti androgenicity (Anti AR-Bla), progestagenic 

activity (PR-Bla) and anti progestagenic activity (Anti PR-Bla) was measured, all of 

which capture hormonal effects. A similar effect signature was reflected by a European-

wide demonstration program for effect-based monitoring of surface waters, in which 

Tousova et al. (2017) took water samples in four European river basins at 18 sampling 

sites. In this study, glucocorticoid activity in 22%, androgenicity in 11%, anti 

androgenicity in 0% of the neutral sorbent (Chromabond HR-X) extracts of all samples. 

Whereas, estrogenicity was measured in 78% of the samples. Estrogenic compounds 

were measured in surface waters worldwide (Adeel et al. 2017), are incompletely 

removed during wastewater treatment (Völker et al. 2019) and estrogenicity is among 

the most frequently observed hormonal effects (Tousova et al. 2017). Of the hormonal 

effects measured in the Ammer, estrogenicity was highest. Thus, it was deemed 

suitable to represent hormonal effects in the subsequent studies, while the assays GR-

Bla, AR-Bla, Anti AR-Bla, PR-Bla and Anti PR-Bla were not further considered. 
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Cytotoxicity was defined by cell growth inhibition and was measured as a side 

parameter, concurrent to the effect in every bioassay, to avoid false positive results 

due to cytotoxic interferences. Although the dosing for measuring cytotoxicity was not 

purposively conducted, in Study 1 and Study 2 the average cytotoxicity (expressed in 

toxic units TU) downstream of WWTP1, which governed the toxicological and chemical 

profile of the Ammer, declined along the river flow and mirrored dilution. Other studies 

showed that cytotoxicity can be used as an endpoint to evaluate the pollution profile of 

surface water (Sousa et al. 2017; Yuan et al. 2005) and settling particulate matter 

during a flood event (Hollert et al. 2000) and bioremediation efficiency (Sun et al. 2017). 

Results herein, showed that cytotoxicity can be used as a surrogate for the overall 

chemical burden along a river. 

 

3.1.2. Indicator chemicals and -effects 

In the present work organic indicator chemicals were shown to be very useful tools 

to identify and characterize input sources of organic micropollutants. However, their 

use in different applications, for example as pesticides in agriculture and as biocides 

in urban areas, together with regional and seasonal variations can make it difficult to 

trace back their origin and thus may limit their representativeness. This also goes along 

with a limited applicability on other study sites. For the selection of appropriate indicator 

chemicals, I therefore recommend to first acquire a comprehensive chemical inventory, 

of the studied environmental compartment, covering different compounds and 

compound classes. From this inventory compounds that most satisfy the requirements 

outlined in chapter 1.3. are selected. 

Aside from organic indicator chemicals in-vitro bioassays can indicate input sources 

of organic micropollutants as well. In Study 1 the WWTP1 was shown to be the major 

input source of the hormonal effects androgenicity (AR-Bla) and glucocorticogenic 

activity (GR-Bla) in the Ammer catchment. Thus, these hormonal endpoints may serve 

as indicators for input of wastewater into rivers in future studies. WWTP1 was also the 

major input source of estrogenicity (ER-Bla), however, estrogenicity was shown in 

previous studies to be introduced from agricultural areas as well (Lorenzen et al. 2004; 

Peterson et al. 2000; Scott et al. 2018). 
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3.1.3. Oxygen Consumption Rate (OCR) assay 

Disturbance of the oxidative phosphorylation may be caused by a broad spectrum of 

micropollutants pertaining to different compound classes, and may not be restricted to 

a single specific compound. Hence, the developed OCR assay can be used to assess 

mitochondrial toxicity in environmental samples and trace changes of the water quality 

along a river, while the measured effects cannot be dedicated to a specific class of 

micropollutants. 

The Seahorse XFe96 Extracellular Flux Analyzer used in the OCR assay was applied 

by other researchers to measure environmental samples (Probert et al. 2018) and 

micropollutants (Attene-Ramos et al. 2013). However, previous applications have not 

been able to quantitatively distinguish between different MoAs, nor account for the 

absolute effect of a sample relative to a reference compound. Compared to other 

methodologies, following the OCR does not require isolation of mitochondria and 

addition of labels, reporters or dyes. Nevertheless, mitochondria as major energy 

suppliers in eukaryotic cells, their crucial involvement in cell metabolism (McBride et 

al. 2006) and their disturbance may ultimately lead to cell death make it to an endpoint 

of high environmental relevance and should thus be focus of further environmental 

research. 
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3.2. Impacts of changes in hydrological conditions 

Under dry weather conditions the chemical and toxicological profile of the Ammer 

River was governed by the WWTP1 in Altingen. In Study 1 and 2 WWTP1 contributed 

to 81 and 51% of the Ammer discharge and the proposed effect-based trigger values 

for estrogenicity and activation of PPARγ were not compliant with samples taken 

downstream of WWTP1 while being compliant with effects in samples taken upstream. 

In a number of wastewater impacted rivers Kolpin et al. (2004) and Loraine and 

Pettigrove (2006) found generally higher numbers and concentrations of organic 

wastewater contaminants, such as pharmaceuticals and personal care products, under 

low flow conditions, and thus a higher portion of treated wastewater, compared to 

normal and high flow conditions. In Study 2 tributaries from agricultural and urban 

areas were found to have only minor influence on the mass and effect fluxes in the 

Ammer. In the same river section and during a storm event (Study 3) numbers, 

concentrations and fluxes of micropollutants and associated effects in the water phase 

had increased many times over. This agrees with Ccanccapa et al. (2016), Vryzas et 

al. (2009), Szöcs et al. (2017) and (Neale et al. 2020). Szöcs et al. (2017) and Neale 

et al. (2020) recorded a high spatial and temporal variability of the chemical and effect 

profile in water of small German rivers, mostly influenced by agriculture and/or 

wastewater, following rainfall. Neale et al. (2020) found a generally higher 

micropollutant burden under rain event conditions, by comparing in-vitro effect data to 

studies of other small rivers under dry weather conditions. In the present work it was 

observed that the increase of the mass fluxes of detected compounds in water was 

more pronounced than the increase of concentrations. In similar studies concentrations 

were highest right at the beginning of a storm event and then decreased as dilution 

kicked in (Benotti and Brownawell 2007; Madoux-Humery et al. 2013; Phillips et al. 

2012). The findings of this work were based on comparing the chemical and effect 

profile of the Ammer River between dry weather conditions and a storm event, which 

was relatively intense but lasted only several hours until the discharge had returned 

back to almost base flow conditions. In agricultural tributaries of the Ammer River, Zarfl 

et al. (2020) showed an increasing mass flux of the herbicide metamitron during a 

storm event, lasting for several days, while the majority of the detected herbicides 

showed highest mass fluxes at the beginning of the rain event. If lasting longer, for 
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instance several days or weeks, a storm event may elevate compounds that are not 

rapidly mobilized. 

Since the many factors influencing transport, erosion, remobilization and deposition 

of particulate matter can vary between events, even if hydrograph shapes are similar 

(Eder et al. 2014; Giménez et al. 2012; Soler et al. 2008), the significance of SPM in 

micropollutants transport may vary as well. In the past, most studies focused on 

hydrophobic organic compounds in sediments and SPM, such as polycyclic aromatic 

hydrocarbons and halogenated aromatic hydrocarbons (McCready et al. 2006; Van 

Metre and Mahler 2005). However, biodegradability, bioavailability and mobility 

affecting sorption also accounts for hydrophilic organic compounds (Schwarzenbach 

et al. 2006). The compounds detected in the SPM extracts of Study 3 comprised 

hydrophobic and hydrophilic compounds. Thus, SPM poses a transport vector also for 

hydrophilic compounds. This finding is in agreement with Boulard et al. (2019), da Silva 

et al. (2011) and Martínez-Hernández et al. (2014). In Study 1 and 2 the river water 

was visually very clear and micropollutant transport via SPM was thus neglected. 

Considering micropollutant transport via SPM during dry weather conditions would 

have required larger sample volumes to obtain sufficient SPM for analysis. In a 

previous study, Boulard et al. (2019) found that numbers and concentrations of 

pharmaceuticals bound to SPM increased with an increasing wastewater portion. It 

would therefore be interesting to assess the role of SPM in micropollutant transport 

under dry weather conditions and over longer monitoring time scales.  

The present work showed that changes of hydrological conditions during storm 

events have considerable impact on the compound and effect profile of rivers. 

Compared to dry weather conditions, during storm events organic micropollutants may 

become mobilized from agricultural and urban runoff (Burant et al. 2018; Tran et al. 

2019; Zgheib et al. 2011a), introduced by combined sewer overflow (Gasperi et al. 

2008) and due to reduced residence time in WWTPs (Figure 22). In the past, storm 

events had caused severe ecological and human health problems such as the 

Cryptosporidium hominis pest in Sweden 2010/2011 (Ridderstedt et al. 2018; 

Smittskyddsinstitutet 2011). The identification of toxicity drivers, in rivers during storm 

events, by priority substances alone, outlined by the European Water Framework 

Directive (EU 2013/39), is insufficient, environmental parameters (e.g., pH, 

temperature, flow rates, redox potential, salinity, turbidity, suspended materials) and 

the chemical composition may change in a relatively short time, hampering the 
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determination of travel times of water packages. Although the micropollutant burden 

was generally higher during storm event conditions, dry weather conditions after longer 

dry periods may pose a risk to the aquatic environment as well due to the relatively 

high portion of treated wastewater. It is therefore important to elucidate chemical 

pollution in rivers and in-steam processes during different and changing hydrological 

condition. 

 

 

Figure 22: Conceptual illustration of the influence of micropollutant inputs from urban 

(left arrows) and agricultural (right arrows) areas and of treated wastewater (central 

arrow) under dry weather (upper half) and storm event (lower half) conditions, visualized 

by the arrow thickness. 
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3.3. Transferability of results 

Catchment scale monitoring of organic micropollutant fate and transport is a 

challenging task. A comprehensive assessment of the environmental fate of organic 

micropollutants in rivers requires that a range of hydrogeological parameters, such as 

travel times, advection and dispersion of the river water, groundwater inflow and 

hyporheic exchange are considered (Glaser et al. 2019; Lawrence et al. 2013; 

Manamsa et al. 2016; Schmadel et al. 2016). In some cases, sampling strategies can 

improve the comparability of studies in different river segments and catchments. 

Meteorological conditions together with the regional application and consumption 

behavior of pesticides, pharmaceuticals and IHCs determine input sources and 

characteristics (Boulard et al. 2019; Burant et al. 2018; McKee et al. 2017; Wittmer et 

al. 2010) and should be considered as well. 

In anthropogenically influenced catchments, field studies on the fate of 

micropollutants can generate transferrable information (from site to site) on the 

downstream propagation of compounds and effects in both the water column and SPM 

in rivers. Most importantly, the influence of dynamic hydrology provides valuable 

information on the chemical and toxicological response of systems to environmental 

changes, on the scale of single precipitation events (see Publication 4). 

When it comes to the individual consideration of particulate matter and water, the 

separation cutoff, that is, the operational definition between particulate and dissolved 

phases can limit the comparability of different studies. For instance, various studies 

investigating the contamination of SPM used filtration with different pore sizes 

(Baborowski et al. 2004; Kim and Sansalone 2008; Zgheib et al. 2011b), applied 

centrifugation (Heemken et al. 2000) or used traps for assessing the settleable particle 

fraction (Boulard et al. 2019; Hollert et al. 2000). In some cases, no clear information 

on the cutoff between water and particulate matter is provided (Álvarez-Ruiz et al. 

2015). It is noteworthy that contaminants associated to particulate matter below the 

“particulate”-cutoff would be ascribed to the aqueous phase. Therefore, it would be 

beneficial for the transferability of results to use a standardized separation procedure 

with a small cutoff, such as the DIN (38409-2) with a cutoff at 1.5 µm, in future 

investigations. 
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4.  Conclusion & Outlook 
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In this thesis I showed that the chemical and toxicological profile of a river is driven 

by varying hydrological conditions, that control input sources of organic 

micropollutants, and thus their individual mass-flux contribution, and is highly variable 

in time and space. It is therefore important to consider and properly capture these 

spatiotemporal variations to investigate the fate of organic micropollutants in rivers, to 

examine factors driving in-stream processes (e.g., sorption, degradation) and for future 

regulatory monitoring efforts. 

During the investigated storm event, additional micropollutant transport via SPM 

played an important role. As micropollutant mixtures associated to SPM can potentially 

exhibit toxicity it is important to further examine what compounds and effects are 

associated to SPM and how they are linked to particle properties and particle origin. 

To what extend can SPM act as a sink or source and what are the sorption kinetics 

and the bioavailability of organic micropollutants and effects associated to SPM? The 

latter is an important question that should be central to future research that builds on 

the work outlined herein. 

Although during the investigated storm event the total micropollutant load over 12 h 

in the Ammer River water was around a magnitude higher compared to base flow 

conditions, further research is needed to assess the annual proportion of the storm 

event driven micropollutant loads. Also, after longer dry weather periods and in densely 

populated areas, treated wastewater can represent a major volume fraction of the 

discharge in smaller rivers potentially leading to adverse effects on the aquatic 

environment and drinking water quality. It is therefore important to elucidate the impact 

of different hydrological conditions on the chemical and toxicological profile of a river 

and to assess their influence on the aquatic environment on the long term. 

Chemical analysis combined with effect data from a river catchment may provide the 

basis to develop models that can predict in-stream processes and hazardous situations 

without extensive sampling and analytical effort. In light of sustaining a “good chemical 

status” according to the European water framework directive (EU 2013/39) chemical 

analysis could be complemented with selected bioassays in the future to obtain a first 

impression of the compound, effect inventory, dominant input sources (by the aid of 

organic indicator chemicals and indicator effects) and characteristics of a river 

catchment. Future monitoring efforts, should then focus on previously identified hot 

spots or hot moments for environmental risk assessment and management. 
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6.1. Iceberg modeling (Study 2) 

To evaluate the overlap of the detected target compounds and the applied in-vitro 

bioassays during Study 2 iceberg modelling was applied. The cumulative effect 

BEQchem induced by the detected target compounds were predicted and calculated 

based on the concentration of a quantified target compound and its effect or cytotoxicity 

data, according to König et al. (2017). Therefore, the relative effect potencies (REPi) 

were computed by Equation S1, based on the effect data of the detected chemicals 

(EC10 [i]) and the reference compound (EC10 [reference]). 

REPi = 
EC10 (reference)

EC10 (i)
         (S1) 

Effect data for single chemicals was obtained from Escher et al. (2018), Escher et al. 

(2020) and Neale et al. (2020). Metaphorically speaking, the effect of a sample 

measured in a bioassay (BEQbio) stands for the entire body of an iceberg, whereas the 

effect that can be explained by the quantified target compounds (BEQchem) represents 

the uncovered tip of the iceberg visible above the surface. BEQchem was calculated 

using Equation S2. 

BEQchem = ∑ REPi × Ci
n
i=i          (S2) 

The more effect is explained by the detected target analytes the greater the overlap of 

the detection windows of chemical analysis and in-vitro bioassay. In the grab samples 

and the temporally resolved samples at AS1, AS2 and AS3 at maximum only three of 

27 detected target analytes were found to be active in the applied in-vitro bioassays 

and the effects explained were in all samples and assays below 0.12%, see Figure SI 

1 and 2. Since here only little of the measured effects could be explained, the analytical 

windows of the chemical analysis and the four in-vitro bioassays appear to hardly 

overlap. Hence, the application of chemical analysis and the in-vitro bioassays is a 

complementary combination. 

The electron transport chain inhibition measured in the LV-SPE samples of Study 2 

was explained by at maximum 0.06%, by the detected target compounds diclofenac, 

lamotrigine and benzotriazole (Figure S3). 
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Figure SI 1: % Activation or induction of the grab samples measured in the in-vitro 

bioassays AhR-CALUX (A), PPAR-Bla (B) and AREc32 (C) explained by the quantified 

target compounds. 
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Figure SI 2: % Activation or induction of the temporally resolved taken samples at AS1 (A, D and G), AS2 (B, E and H) and AS3 (C, F and I) measured in 

the in-vitro bioassays AhR-CALUX (A to C), PPAR-Bla (D to F) and AREc32 (G to I) explained by the quantified target compounds. 
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Figure SI 3: % Electron transport chain inhibition, measured in the LV-SPE samples of 

Study 2, explained by the detected target compounds benzotriazole, lamotrigine and 

diclofenac. 
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RESEARCH

Combining in vitro reporter gene 
bioassays with chemical analysis to assess 
changes in the water quality along the Ammer 
River, Southwestern Germany
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and Christian Zwiener1*

Abstract 

Background:  Rivers receive water and associated organic micropollutants from their entire catchment, including 
from urban, agricultural and natural sources, and constitute an important environmental component for catalyzing 
pollutant turnover. Environmental removal processes were extensively investigated under laboratory conditions in 
the past but there is still a lack of information on how organic micropollutants attenuate on the catchment scale. The 
aim of this study was to describe the chemical and toxicological profile of a 4th order river and to characterize in-
stream processes. We propose indicator chemicals and indicator in vitro bioassays as screening methods to evaluate 
micropollutant input and transport and transformation processes of the chemical burden in a river. Carbamazepine 
and sulfamethoxazole were selected as indicators for dilution processes and the moderately degradable chemicals 
tramadol and sotalol as indicators for potential in-stream attenuation processes. The battery of bioassays covers seven 
environmentally relevant modes of action, namely estrogenicity, glucocorticogenic activity, androgenicity progesta-
genic activity and oxidative stress response, as well as activation of the peroxisome proliferator-activated receptor and 
the aryl hydrocarbon receptor, using the GeneBLAzer test battery and the AhR-CALUX and AREc32 assays.

Results:  Both approaches, targeted chemical analysis and in vitro bioassays, identified a wastewater treatment plant 
(WWTP) as a major input source of organic micropollutants that dominantly influenced the water quality of the river. 
Downstream of the WWTP the amount of detected chemicals and biological effects decreased along the river flow. 
The organic indicator chemicals of known degradability uncovered dilution and potential loss processes in certain 
river stretches. The average cytotoxic potency of the river water decreased in a similar fashion as compounds of 
medium degradability such as the pharmaceutical sotalol.

Conclusions:  This study showed that the indicator chemical/indicator bioassay approach is suitable for identifying 
input sources of a mixture of organic micropollutants and to trace changes in the water quality along small rivers. This 
method forms the necessary basis for evaluating the natural attenuation processes of organic micropollutants on a 
catchment scale, especially when combined with enhanced sampling strategies in future studies.

Keywords:  LC–MS analysis, In vitro bioassays, Bioanalytical equivalent concentration, Organic indicator chemicals, 
Catchment scale, Wastewater
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Background
Rivers collect water, sediments and solute fluxes, and 
integrate the input of chemicals within their entire catch-
ment. The chemical burden of an anthropogenically 
impacted river is mostly governed by pharmaceuticals, 
pesticides, chemicals of industrial use and their transfor-
mation products [1, 2]. Their input sources can be point 
sources such as wastewater effluents or diffuse sources 
such as runoff and leaching from agricultural and urban 
regions [3]. Surface waters are environmental compart-
ments that host important transport and transforma-
tion processes of organic micropollutants. Sophisticated 
screening methods are needed to characterize the input 
sources of organic micropollutants and their natural 
attenuation on the catchment scale. Targeted chemical 
analysis is typically used in water quality monitoring pro-
grams [4] and provides important information about the 
concentration of selected compounds, but is often insuf-
ficient to reflect the large number of different chemicals 
present in a sample [5]. Moreover, the analytical window 
of detectable chemicals is limited due to their physico-
chemical properties. In vitro bioassays that are based on 
reporter gene cell lines that mediate a measurable signal 
(effect) when exposed to a chemical can be a comple-
mentary analytical tool as they detect micropollutants, 
transformation products and their mixtures, which may 
not be covered by the chemical analysis [6]. A combined 
chemical and toxicological approach has the potential 
for a comprehensive assessment of water quality [7] and 
it has been proposed to complement the chemical status 
assessment with effect-based methods, for instance in 
the Water Framework Directive [5, 8]. Besides the spe-
cific effect in a bioassay, cytotoxicity can give information 
about the total chemical load of a sample.

In previous studies, diverse batteries of in vitro bioas-
says were used to assess the chemical burden of wastewa-
ter, recycled water, surface water and drinking water (e.g., 
from Australia [9], the US [10], Europe (multinational) 
[11], the Netherlands [12], Slovenia [13], France [14]), the 
impact of untreated wastewater on surface waters [15] 
and the efficiency of nature-based [16], conventional [17] 
and advanced [18] wastewater treatment technologies.

Effect-based methods have also been applied together 
with chemical analysis to characterize the surface waters 
of larger river systems such as the Danube river [19], 
but little work has been done on the catchment scale in 
smaller order rivers and creeks.

The use of indicator chemicals that are indicative for 
certain input sources or biotic and abiotic transforma-
tion processes can be applied to interpret the results 
from chemical analysis. Organic indicator chemicals have 
been used previously for studying drinking water treat-
ment [20], evaluating the impact of sewer leakages on 

groundwater [21], natural attenuation processes in con-
taminated groundwater [22], surveilling hospital effluents 
[23] and potable reuse [24]. A chemical that is used as an 
indicator must meet certain criteria that will depend on 
the study purpose [25], e.g., emission, degradability and 
partitioning properties [26].

The aim of this study was to investigate a 4th order 
stream using a combination of bioanalytical tools and 
chemical analytics and test their power in characterizing 
input sources and dilution and loss processes of organic 
chemicals in rivers. The Ammer River is a tributary of the 
Neckar River located in Southwestern Germany, close 
to Tübingen, that receives input from wastewater treat-
ment plants (WWTP) and flows through urban and agri-
cultural areas. The water quality of the Ammer River was 
monitored at nine sampling sites from the source to the 
mouth, where it flows into the Neckar River, using LC–
HRMS targeting 79 known pollutants that may serve as 
indicator chemicals. We considered chemicals from dif-
ferent compound classes and input sources, like phar-
maceuticals, insecticides, fungicides, herbicides and 
household chemicals. These compounds also represent 
different degrees of degradability under environmental 
conditions, like the rather persistent carbamazepine and 
sulfamethoxazole, the biodegradable sotalol and venla-
faxine, or diclofenac which is also photodegraded. We 
also applied a test battery of seven in vitro bioassays cov-
ering seven environmentally relevant modes of action, 
namely estrogenicity [15], glucocorticogenic activity 
[27], androgenicity [15], progestagenic activity [15], oxi-
dative stress response [28, 29], peroxisome proliferator-
activated receptor activity [30] and aryl hydrocarbon 
receptor induction [31]. The assays for androgenicity and 
progestagenic activity were also performed in antagonis-
tic mode to identify possible antagonists present in the 
samples that suppress the effect of an agonist.

Methods
Chemicals and reagents
Methanol, acetonitrile, water, formic acid and acetic acid 
were all LC/MS grade and purchased from Optima®, 
Thermo Fisher Scientific (Waltham, US-MA). Ethyl ace-
tate was provided by Acros Organics, Thermo Fisher Sci-
entific (Waltham, US-MA). 79 chemicals were monitored 
including pharmaceuticals, herbicides, fungicides, insec-
ticides, antibiotics and other substances of anthropogenic 
origin (for details see Additional file 1: Tables S1 and S2).

Sampling sites
The Ammer River with a catchment size of approximately 
238 km2 is located in Southwestern Germany, and flows 
over a distance of approximately 22  km from Herren-
berg to Tübingen, where it flows into the river Neckar. At 
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the time of sampling (July 18th, 2017), the Ammer River 
was mainly fed by karstic springs emerging from lime-
stone and gypsum aquifers and treated wastewater. All 
sampling sites are listed in Table 1. With a discharge of 
0.40 m3 s−1 at the gauge Pfäffingen (sampling site 5), the 
flow was below the average annual low flow (0.44 m3 s−1). 
The pump station Herrenberg uses water from a lime-
stone spring for drinking water treatment. Five kilome-
ters downstream of the spring the Ammer River receives 
effluent from the catchment’s largest WWTP [80,000 
PE (population equivalent)]. The contribution of treated 
wastewater at site 4 was estimated to be 81% based 
on electrical conductivity measurements (see Addi-
tional file 1: Section S1 and Table S3). The Ammer River 
receives input from a second WWTP (9000 PE) located 
between the villages Hailfingen and Tailfingen through 
the small Kochart Creek, which plays a minor role in 
water and chemical input due to its size.

Six sampling sites along the main stem and three sam-
pling sites along the Ammer Canal were chosen to char-
acterize and identify input sources that affect the water 
quality (Table  1, Fig.  1). The samples were taken within 
8  h along the flow direction, starting at the Ammer 
source, in order to reduce the effects of transient flow. 
Furthermore, samples were taken from the “Kleiner 
Goldersbach (G)”, a remote tributary within a nature 
reserve that was expected to be unaffected by domestic 
and industrial wastewaters, and the tributaries Schönb-
runnen (SB) and Mühlbach (MS).

Sampling and sample preparation
Grab samples of water were collected at each sampling 
site, from the middle of the water body at half depth on 
July 18th 2017. Solid phase extraction (SPE) was used for 
analyte preconcentration. 500  mg Oasis HLB (waters) 
cartridges were preconditioned with 10  mL methanol 
and 10  mL ethyl acetate. Two liters of river water from 
each sampling site were passed through the extraction 
cartridges using a vacuum manifold (Phenomenex®). 
After extraction, the sorbents were aspirated to dry-
ness by vacuum and stored at − 20  °C until they were 
eluted with 10  mL methanol and 10  mL ethyl acetate. 
The eluates were combined and passed through a 0.2 µm 
polyethersulfone filter (PES, 0.2 µm, Agilent Captiva Pre-
mium Syringe filter) to remove any remaining solid parti-
cles. Subsequently, the extracts were reduced to dryness 
by a gentle stream of nitrogen at 40  °C (Barkey Vapo-
therm basis mobil II) and reconstituted in methanol to 
achieve an enrichment factor of 1000. The extracts were 
stored at − 20°C until measurement. To check for back-
ground signals caused by the SPE procedure, a blank was 
provided by extracting 2 L of MilliQ (Thermo Fisher Sci-
entific, GenPure Pro UV-TOC).

Chemical analysis
Target screening analysis of the sample extracts was 
performed by liquid chromatography (Agilent 1290 LC) 
coupled to high resolution mass spectrometry (Agi-
lent 6550 iFunnel Q-TOF-MS). Analyte separation was 
achieved by an Agilent Poroshell 120 EC-C18 column 
(2.7  µm particle size, 4.6  ×  150  mm) and a gradient 
program using water/acetonitrile both with 0.1% formic 
acid in the case of positive ESI or with 0.1% acetic acid 
in the case of negative ESI. External calibration solu-
tions were prepared for identification and quantitation. 
Reference standard solutions were first measured in an 
All-Ion Fragmentation (AIF) mode, which allows acqui-
sition of mass fragmentation data without precursor 
selection. Data analysis and evaluation were performed 
by Mass Hunter Qualitative Analysis B.07.00 and Mass 
Hunter Quantitative Analysis software B.06.00 (Agi-
lent Technologies, CA, USA). The data acquired by 
AIF were evaluated by the Find by Formula (FBF) algo-
rithm to identify target compounds based on accurate 
mass, retention time and accurate mass fragments to 
reduce the number of false positives. To assess matrix 
effects on quantification, standard addition of all ana-
lytes at about 30 µg L−1 was used exemplarily for sam-
ples from sites 2 (pump station Herrenberg), 4 (Ammer 
downstream WWTP) and 8 (Ammer canal Nonnen-
haus). Signal suppression or enhancement of the target 
compounds in the Ammer main stem was calculated 
and considered for quantification based on the follow-
ing scheme: matrix effect of sample 2 was considered 
for samples 1, 2 and 3, matrix effect of sample 4 was 

Table 1  Numbering and  description of  the  sampling 
locations, in accordance with Fig. 1

Index Sampling site location Geographic coordinates

1 Ammer source 48°35’03.4″N 8°51’17.7″E

2 Pump station Herrenberg 48°35′02.7″N 8°51′48.5″E

3 Ammer upstream of WWTP 48°34′04.7″N 8°53′30.7″E

4 Ammer downstream of WWTP 48°33′48.8″N 8°54′00.6″E

5 Ammer downstream of Käsbach 
mouth

48°31′34.7″N 8°57′50.9″E

6 Ammer canal downstream of Mühl-
bach mouth

48°31′12.7″N 9°00′18.9″E

7 Ammer canal 48°31′10.0″N 9°01′24.1″E

8 Ammer canal at Nonnenhaus 48°31′17.9″N 9°03′20.2″E

9 Ammer upstream of Goldersbach 
mouth

48°31′37.7″N 9°04′28.8″E

G Kleiner Goldersbach creek 48°34′33.5″N 9°02′06.0″E

SB W1 Schönbrunnen weir 1 48°32′37.1″N 8°57′54.3″E

SB W2 Schönbrunnen weir 2 48°32′21.4″N 8°57′41.9″E

MS Mühlbach source 48°31′04.8″N 8°58′43.3″E
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considered for samples 4 and 5, and matrix effect of 
sample 8 was considered for samples 6, 7, 8 and 9.

In vitro bioassays
In this current study, seven in  vitro reporter gene bio-
assays covering nine different endpoints were applied 
(Table  2). The ERα-GeneBLAzer [15], GR-GeneBLAzer 
[27, 32], AR-GeneBLAzer [15, 33] and PR-GeneBLAzer 
[15, 34] are reporter gene cell lines that generate a hor-
mone receptor-mediated response when exposed to 
chemicals that trigger the estrogen receptor (ERα), the 
androgen receptor (AR), the glucocorticoid receptor 
(GR) and the progestagenic receptor (PR), respectively. 
The AR-GeneBLAzer and PR-GeneBLAzer were also 
measured in antagonistic mode to detect chemicals caus-
ing suppression of the effect of an agonist added at a con-
stant concentration in the bioassay. The AhR-CALUX 
[31] mediates a measurable signal in the presence of 
chemicals having an affinity for the aryl hydrocarbon 
receptor (AhR), such as dioxin-like compounds. The 
PPARγ-GeneBLAzer [30] responds to chemicals bind-
ing to the peroxisome proliferator-activated receptor 

γ (PPARγ), a molecular target of several drugs that is 
involved in many cell metabolism pathways. The AREc32 
[28, 29] indicates the activation of the oxidative stress 
response triggered by stressors like electrophilic chemi-
cals or reactive oxygen species and is mediated via the 
antioxidant response element (ARE).

The experimental procedures of the bioassays are 
described in [15, 30]. All concentrations were expressed 
in units of relative enrichment factor (REF) which take 
the enrichment by SPE and the dilution in the assay into 
account [6]. The maximum concentration applied was 
REF 100.

Data treatment and presentation
The concentration-effect curve for cell viability was fit-
ted with a log-sigmoidal model (Eq.  1), using slope of 
the curve and the inhibitory concentration causing 50% 
reduction in cell viability (IC50) as the fit parameters.

(1)

Cell viability =
1

1+ 10slope ·(logIC50−log concentration)

Fig. 1  Catchments of the river Ammer (A) and its tributary Goldersbach (G). From source (cyan diamond at sampling site 1) to mouth (AM, cyan 
diamond downstream of sampling site 9), the Ammer River flows over 22 km; numbers in red circles indicate sampling sites (Table 1). Downstream 
of site 6 the Ammer bifurcates, only the Canal (purple line) was sampled. Before site 9, the canal and the stream merge again. The pie charts present 
the bioassay results at each sampling site and show the toxicological patterns (chart colors) and average cytotoxicity (chart size). The colors within 
the map illustrate urban areas (pale red), agricultural areas (yellow) and woodland (green)
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The concentration causing 10% cell death (IC10) was 
calculated according to Eq. (2).

For evaluation of the activation of the nuclear recep-
tors and transcription factors, only concentrations 
below the IC10 for cytotoxicity were used. For the 
antagonistic mode of the AR and PR assays, concentra-
tions above the IC01 were excluded to avoid false-pos-
itive antagonistic effects. Effect data above 40% or an 
induction ratio (IR) greater than 5 were also excluded 
to ensure linearity of the concentration-effect curves 
[9]. From the linear concentration-effect curves, the 
following effect concentrations (EC) were derived: 
the concentration causing 10% of the maximum effect 
(EC10, Eq.  3), the concentration causing an induction 
ratio of 1.5 (ECIR1.5, Eq.  4) or the concentration caus-
ing 20% suppression of the effects elicited by a constant 
concentration of the agonists R1881 (8.81·10−8 M) in 
Anti-AR and promegestone (8.10·10−9 M) in Anti-PR 
(ECSR0.2, Eq. 5).

(2)

logIC10 = logIC50 −

(

1

slope

)

log

(

10%

100%− 10%

)

(3)EC10 =
10%

slope

(4)ECIR1.5 =
0.5

slope

(5)ECSR0.2 =
0.2

slope

The standard errors (SE) of the EC10, ECIR1.5 and 
ECSR0.2 were calculated according to Eqs.  (6), (7) and 
(8).

The IC10 and EC values were transformed into toxic 
units (TU) because TU can better visualize toxicity as 
a high TU relates to a high effect. The cytotoxicity of a 
sample was expressed as TUcytotoxicity according to Eq. (9).

The specific effects of the bioassays (EC10, ECIR1.5 and 
ECSR0.2) were expressed as TUspecific.effects (Eq. 10).

To achieve a measure comparable to other surface 
water case studies, the bioanalytical equivalent concen-
tration (BEQ) was calculated with Eq. (11):

(6)SE(EC10) =
10%

slope2
∗ SEslope

(7)SE(ECIR1.5) =
0.5

slope2
∗ SEslope

(8)SE(ECSR0.2) =
0.2

slope2
∗ SEslope

(9)TUcytotoxicity =
1

IC10i

(10)TUspecific effects =
1

EC10
or

1

ECIR1.5
or

1

ECSR0.2

Table 2  Overview of  the  in  vitro bioassays, endpoints, reference compounds, EC values and  literature source 
of the methods [EC10: Concentration causing 10% effect relative to the maximum triggered by a positive control (Eq. 3); 
ECIR1.5: Concentration causing an induction ratio of 1.5 (Eq. 4); ECSR0.2: Concentration causing a suppression ratio of 0.2 
in the presence of the agonist (Eq. 5)]

Assays Mode of action Reference compound EC value Reference method

ERα-GeneBLAzer Estrogenicity 17β-Estradiol (E2) EC10 [15]

GR-GeneBLAzer Glucocorticogenic activity Dexamethasone EC10 [27, 32]

AR-GeneBLAzer Androgenicity Metribolone (R1881) EC10 [15, 33]

Anti AR-GeneBLAzer Anti androgenicity Cyproterone acetate (antagonist)
Metribolone R1881 (agonist)

ECSR0.2 [15, 33]

PR-GeneBLAzer Progestagenic activity Promegestone EC10 [15, 34]

Anti PR-GeneBLAzer Anti progestagenic activity Mifepristone RU-486 (antagonist)
Promegestone (agonist)

ECSR0.2 [15, 34]

AREc32 Oxidative stress response (adaptive 
stress response)

t-Butyl-hydroquinone (tBHQ) ECIR1.5 [28, 29]

PPARγ-GeneBLAzer Peroxisome proliferation activation Rosiglitazone EC10 [30]

AhR-CALUX Aryl hydrocarbon receptor induction 2,3,7,8-Tetrachlorodibenzodioxin (TCDD) EC10 [31] with modifications of [16]
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The error of the BEQ (SE(BEQ)) was calculated by error 
propagation with Eq. (12).

Results
In vitro bioassays
The concentrations causing cytotoxicity and effect 
IC10 and EC10 in the in  vitro bioassays are presented in 
Table 3 and all concentration-effect curves, as well as the 
EC10 values of the reference compounds, are depicted 
in the Additional file  1: Table  S4 and Figures  S1–S7, 
respectively. All agonistic endpoints except for the PR-
GeneBLAzer were triggered by at least one of the tested 
samples. The bioassays indicative of the hormone recep-
tors AR-GeneBLAzer and PR-GeneBLAzer were also 
evaluated in antagonistic mode, i.e., in the presence of a 
constant concentration of agonist causing approximately 
80% of the maximum effect, but showed no antagonis-
tic effects (ECSR0.2) (Additional file 1: Figures S3 and S4). 
The solvent blank caused no measurable response in 
any assay (Additional file 1: Figures S1–S7). The PPARγ-
GeneBLAzer and AhR-CALUX were the most responsive 
assays, with activation observed in all samples and at very 
low EC10 values for the samples from sites 4 to 9 (appear-
ing at a REF 1 to 6) compared to all other bioassays.

At site 1, no cytotoxicity was observed up to the high-
est tested REF of 100 with low effects in PPARy-Gene-
BLAzer and AhR-CALUX. At site 2, with the exception 
of AhR-CALUX, all assays caused 10% cell death within 
the applied concentration range. With the exception of 
AR-GeneBLAzer and PPARγ-GeneBLAzer, cytotoxicity 
was detected in all assays along with low effects in ERα-
GeneBLAzer, AREc32, PPARγ-GeneBLAzer and AhR-
CALUX at site 3, upstream of the WWTP. The samples 
taken downstream of the WWTP at site 4 showed cyto-
toxicity and activation in all agonistic assays, except for 
PR-GeneBLAzer, and yielded the lowest IC10 and EC10 
values of all samples from the Ammer River. This is not 
surprising as this WWTP effluent was already shown to 
have a distinct impact on the water quality of the Ammer 
River in an earlier study [35]. To gain a better understand-
ing of the overall toxicological profile of the Ammer River, 
the results of the in vitro bioassays are visualized as pie 
charts integrated into the map of the catchment (Fig. 1). 

(11)

BEQ =

EC10(reference)

EC10(sample)
or

ECIR1.5(reference)

ECIR1.5(sample)

or
ECSR0.2(reference)

ECSR0.2(sample)

(12)SE(BEQ) =

√

√

√

√

(

1

ECsample

)2

SE(ECreference)
2
+

(

ECreference

EC2
sample

)2

SE
(

ECsample

)2

The size of the pie charts represents the average cytotox-
icity (average TUcytotoxicity) of the samples and shows the 
toxicological patterns by displaying the TUspecific effects of 
all tested bioassays (Eq. 10). Sampling site 4, downstream 
of the WWTP, revealed the highest average cytotoxicity 
(average TUcytotoxicity) and dominated the toxicity pattern 
of all downstream samples (sites 5–9). From site 5–9, 

only a slight decrease in the cytotoxicity (pie chart size), 
along with a rather marginally alteration of the effect 
pattern, was observed. In all agonistic assays, cytotox-
icity and specific effects decreased at site 5. Within the 
stretch from site 6–9, the PPARγ and AhR assays did not 
show any distinct changes in their responses, while the 
response of AR slightly decreased. The assay for oxidative 
stress response AREc32 was not triggered continuously 
downstream of the WWTP but led to slight changes in 
the overall effect pattern at sampling sites 5, 7 and 9. 
After passing the WWTP, the toxicological pattern of the 
Ammer River shifted and included the newly activated 
assays ER, GR and AR for hormonal effects. This clearly 
reflects the input of estrogens and other hormones by 
the WWTP effluent. The bioanalytical response of ERα-
GeneBLAzer and GR-GeneBLAzer attenuated from site 
4 to 5 and only AR-GeneBLAzer was activated from site 
6 on. Although these seven bioassay covering different 
toxicological pathways differ in sensitivity, it becomes 
apparent how important it is to combine different assays 
indicative of different endpoints to cover the largest pos-
sible number of organic micropollutants governing the 
water quality. Besides the main stem of the Ammer River, 
the samples from the tributaries Schönbrunnen (SB) and 
Mühlbach (MS) were measured as well, for detailed loca-
tion see Table 1. Their effect patterns clearly differ from 
those of the main stem, which identified the WWTP as 
the dominant parameter determining the toxicologi-
cal profile of the Ammer River, see Fig. 1. The small and 
remote Kleiner Goldersbach (G) creek located in the 
Schönbuch nature reserve was sampled as a potential 
control site. Although this creek is unaffected by domes-
tic and industrial wastewaters, the impact of forest activi-
ties and ubiquitous dry and wet deposition needs to be 
considered. The bioassays revealed that cytotoxicity was 
similar to the Ammer River at sites 6–9, but with a dif-
ferent effect pattern. The most responsive bioassays 
were PPARγ-GeneBLAzer, AhR-CALUX and AREc32. 
Furthermore, the Kleiner Goldersbach creek caused the 
highest response in the AREc32 assay.
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In some samples, no specific effects were observed, for 
instance in the PR assay (see Table  3), but the IC10 val-
ues could still be derived within the applied concentra-
tion range of REF 0.1 to 100. This turns cytotoxicity into 
an additional and valuable measure in evaluating changes 
in the water quality within a stream such as the Ammer 
River.

Chemical analysis
A total of 79 compounds were selected based on their 
environmental relevance, suitability as indicator chemi-
cals and occurrence in previous studies [1, 36], including 
50 substances present in European River systems with 
hazard quotients > 10−4 as estimated by Busch et al. [37]. 
The hazard quotient is defined as the quotient of a meas-
ured environmental concentration and an effect concen-
tration (EC).

In the samples taken at sites 1 to 9 of the Ammer 
River and the tributaries Schönbrunnen (SB) and Müh-
lbach (MS), 21 out of the 79 target analytes could be 
detected in at least one sample and these were assigned 
to the concentration classes shown in Fig. 2 (concentra-
tions are given in Additional file  1: Table  S5). Among 
them, 14 pharmaceuticals (including three commonly 
applied antibiotics: sulfamethoxazole, trimethoprim, 
metronidazole), the pharmaceutical metabolite metopro-
lol acid, the insecticide thiamethoxam, four herbicides 
(isoproturon, fluconazole, diuron, bentazone), and the 

herbicide metabolite atrazine-desethyl were detected. 
Except for atrazine-desethyl and bentazone, all target 
compounds occurred downstream of the WWTP at 
sites 4 to 9. Eight pharmaceuticals including metoprolol 
acid representing the most abundant class of substances 
with a concentration range between 0.26 and 1.9 µg L−1. 
Only hydrochlorothiazide, a diuretic and antihyperten-
sive drug, occurred at a concentration above 1  µg  L−1. 
With the exception of atrazine-desethyl and bentazone, 
the maximum concentration levels of the 19 remain-
ing analytes were detected at site 4 and showed a more 
or less decreasing trend between sites 4 and 6. Lamo-
trigine, irbesartan, sulfamethoxazole, and carbamazepine 
showed rather constant concentration levels between 
sites 6 and 9 indicating a rather conservative behavior 
along this river stretch. Hydrochlorothiazide, tramadol, 
venlafaxine, thiamethoxam, sotalol, and acetaminophen 
showed a decreasing trend between sites 4 and 9, which 
indicates compound attenuation. Other compounds 
like oxcarbazepine, isoproturon, trimethoprim, flucona-
zole, gabapentin, atenolol, and metronidazole were only 
detected at site 4. A few pharmaceuticals (hydrochlo-
rothiazide, lamotrigine, carbamazepine and acetami-
nophen), bentazone, and atrazine-desethyl also occurred 
upstream of the WWTP, indicating further input sources. 
Except for atrazine-desethyl, none of the target chemicals 
were detected in the tributaries SB and MS.

Fig. 2  Detected target pollutants from sampling sites 1 to 9 along the Ammer River, the tributaries Schönbrunnen (SB) and Mühlbach (MS) 
and from one sample of the Kleiner Goldersbach (G) creek. The concentration of hydrochlorothiazide at site 4 was 1.9 µg L−1 which exceeds the 
concentration scale and is colored in dark red
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Discussion
Evaluation of bioassay results with effect‑based trigger 
values and benchmarking against other water samples
To evaluate the mixture risk of the Ammer River, the 
BEQ values for each sample in each bioassay were cal-
culated (Additional file  1: Table  S6) and compared to 
other studies on wastewater and surface water, as well 
as to tentative effect-based trigger values (EBT) for sur-
face water. The EBTs were derived from Environmental 
Quality Standards (EQS) of the European Union by read 
across and mixture toxicity considerations [38]. These 
EBTs represent levels of effect that differentiate accept-
able from unacceptable water quality and can, there-
fore, serve to estimate the environmental risk of organic 
micropollutants in water. The EBTs listed in Additional 
file  1: Table  S4 are preliminary as they were derived 
from an insufficient dataset in some cases, but at least 
for the estrogenic effect they provide a fairly robust esti-
mate [38]. The estradiol equivalent concentrations EEQ 
directly downstream of the WWTP, 2.19 ngE2 L−1 at site 
4 and 0.44 ngE2 L−1 at site 5, exceeded the proposed EBT-
EEQ of 0.34 ngE2 L−1 for the ERα-GeneBLAzer assay by 
factors of 6.4 and 1.3, respectively. The EEQ-level was 
of no concern in all tributaries, and downstream of site 
5 the estrogenic effect was masked by cytotoxicity. The 
EEQs in the river were similar to those for agricultural 
and WWTP impacted surface waters in Australia [39]. 
Another Australian river in South East Queensland was 
characterized by EEQ values that were up to a factor of 6 
lower than measured downstream of the WWTP in the 
Ammer River [9].

No EBT could be derived for the GR assay because 
none of the regulated chemicals in the EU were active in 
this assay and, hence, there were no EQS available for the 
read across. Jia et al. [40] derived bioanalytical equivalent 
concentrations based on dexamethasone as the reference 
compound (Dexa-EQ) in the GR-GeneBLAzer of 39 to 
155 ngdexamethasone  L−1 for four WWTP effluents in the 
US, which is within the same range as the value measured 
downstream of the WWTP at site 4.

For AREc32, the preliminary EBT was based on dichlo-
rvos with an EBT-dichlorvos-EQ of 156  µgdichlorvos  L−1. 
All samples tested here would have been compliant with 
this EBT for oxidative stress response. The dichlorvos-
EQs detected in this study were also substantially lower 
than in previous studies on WWTPs and surface water 
[9, 16, 28].

For PPARγ-GeneBLAzer, the proposed EBT-rosglita-
zone-EQ was 36 ngrosiglitazone L−1. While the Ammer River 
at site 3, upstream of the WWTP, complied with this EBT, 
all sites in the Ammer River downstream of the WWTP 
were just around the EBT, with only samples SB W1 and 
SB W2 and G being lower than the EBT-rosglitazone-EQ. 

Previous work identified similar ranges in the Danube 
River, where the rosglitazone-EQ was 67 ngrosiglitazone L−1 
at a site where untreated wastewater was introduced, but 
a value far below the EBT was observed a couple of km 
up- and downstream of the discharge site [15].

The BEQs in the AhR-CALUX assay were presented 
in an earlier study as benzo(a)pyrene equivalents (B(a)
P-EQ) and the EBT-B(a)P-EQ for surface water was pro-
posed as 6.36 ng L−1. This EBT is much smaller than any 
B(a)P-EQ encountered in this study (Additional file  1: 
Table  S6). An earlier study on the treatment efficacy of 
conventional and intensified treatment wetlands reported 
a B(a)P-EQ of 130 ngB(a)P L−1 for an WWTP effluent at 
the same time of the year as the current study (July) [16], 
which is higher than what we detected in the sample of 
site 4, downstream of the WWTP.

In summary, site 4 with the highest BEQs in all bioas-
says, except for AREc32, would not comply with the pro-
posed EBTs for estrogenicity, and activation of PPARγ 
and AhR. This is not astonishing given that 81% of the 
water volume at site 4 stemmed from the WWTP (Addi-
tional file 1: Section S1).

Chemical analysis
In the sample of the Ammer source, only the herbicide 
bentazone and the metabolite atrazine-desethyl were 
detected among all target compounds. The occurrence 
of the pharmaceuticals hydrochlorothiazide, lamotrigine, 
and carbamazepine at site 2, downstream of the pump 
station in Herrenberg, and furthermore acetaminophen 
at site 3 indicates the impact of wastewater, for example, 
from contaminated groundwater from the city of Her-
renberg, storm water overflows or leaking sewers that 
are installed parallel to the Ammer. Interestingly, the 
herbicide diuron was detected only at and downstream 
of site 4 at concentrations up to 8 ng L−1, indicating its 
use in urban areas presumably for protection of facades 
and other construction materials. Its use as a herbicide in 
agriculture is no longer authorized by the German gov-
ernment since 2008 [41]. However, atrazine-desethyl, the 
major degradation product of atrazine, was measured at 
concentrations ranging from 2 to 3  ng  L−1 in the main 
stem and 33 to 56 ng L−1 in the tributaries Schönbrunnen 
(SB) and Mühlbach (MS). Atrazine, which was banned in 
the European Union in 2004 [42], was not detected in any 
sample. The relatively higher concentrations of atrazine-
desethyl in the tributaries, which are located in agricul-
tural areas, point to the previous use of atrazine at these 
sites. As atrazine-desethyl was the only target compound 
detected in the tributaries SB and MS, no major impact 
by agriculture on the water quality of the Ammer River is 
concluded. None of the detected chemicals listed in the 
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Water Framework Directive [4] (bentazone, diuron, iso-
proturon) exceeded the EQS.

To reflect changes of the water quality along the River 
Ammer, five pharmaceuticals, carbamazepine (CAR), 
sulfamethoxazole (SUL), tramadol (TRA), sotalol (SOT) 
and venlafaxine (VEN), were selected as indicator chemi-
cals with WWTP effluents as predominant input source. 
Their concentrations along the river relative to their max-
imum concentration, expressed as Ci/Cmax, are depicted 
in Fig.  3. CAR and SUL were selected as indicators for 
dilution processes, because both are expected to show a 
rather conservative behavior in surface water. CAR shows 
environmental persistence, high water solubility and 
negligible sorption to the sediment [43]. The antibiotic 
SUL is rather stable during wastewater treatment and 
against photodegradation under neutral pH conditions 
[44] and it also prevents bacterial growth [45]. Figure  3 
shows a significant decrease of 63 and 55% of CAR and 
SUL, respectively, between sites 4 and 6 indicating dilu-
tion processes within this stretch under the assumption 
of a more or less constant input function over time if not 
the same parcel of water is sampled. Further downstream 
of site 6 towards the river mouth the concentrations of 
CAR and SUL are rather unchanged (− 3 and + 2%, 
respectively) suggesting no further dilution or additional 
sources. The drug TRA is rather persistent but mod-
erately photolabile [46], whereas SOT is prone to slow 
biodegradation, hydrolysis and indirect photolysis [47, 
48]. Between sites 4 and 6, the concentrations of TRA 
and SOT drop faster than CAR and SUL by 87 and 78%, 

respectively (Fig.  3). Both TRA and SOT are less stable 
than CAR and SUL but stable enough to pass the distance 
from sampling site 6 to 9 without any further dissipa-
tion. VEN is even better degradable and dissipates faster 
from the water phase than all other indicator chemicals 
(Fig.  3). Therefore, TRA and SOT can be considered as 
degradable tracer compounds in this study, indicating 
potential in-stream attenuation processes.

Comparison of chemical analysis and bioassays
Similar to the results from the bioassays, the target 
screening also identified the WWTP in the Ammer River 
as a dominant source of pollutants considerably affecting 
the river water quality. The information obtained from 
the list of detected target compounds and the effects 
found by bioassays are complementary. For example, no 
hormones or nonpolar compounds detectable by the bio-
assays ER, GR, AR, PR and AhR have been included in 
the target screening. Herbicides from the target list are, 
on the contrary, not detected specifically by the bioas-
says. Moreover, none of the target compounds were 
found in the Kleiner Goldersbach even though the bioas-
says revealed that cytotoxicity was similar to the Ammer 
River, which underlines the complementarity of both 
approaches.

The average cytotoxicity of all bioassays (average 
TUcytotoxicity) at each sampling site was plotted together 
with the five indicator chemicals in Fig. 3. Interestingly, 
the cytotoxicity curve aligns between CAR and SOT; 
thus, the decrease in cytotoxicity between sites 4 and 6 
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Fig. 3  Concentrations of carbamazepine (CAR), sulfamethoxazole (SUL), tramadol (TRA), sotalol (SOL) and venlafaxine (VEN) and the cytotoxicity 
expressed as TUcytotoxicity relative to the maximum concentration and maximum cytotoxicity, respectively, along the Ammer River
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(69%) can be mainly attributed to dilution effects. Fur-
thermore, similar to the indicator chemicals, the cytotox-
icity remains rather stable from site 6 to 9. Further work 
is required to show whether the changes in the toxicolog-
ical profile or the average cytotoxicity, both of which are 
surrogates for the chemical burden, can be explained by 
the use of indicator chemicals.

Conclusions
Both approaches, in vitro bioassays and targeted chemi-
cal analysis, identified the WWTP as a major input 
source of organic micropollutants dominantly influenc-
ing the water quality of the Ammer River. Hence, this 
method could also be used to characterize the impact 
and influence of WWTP effluents and possibly also agri-
cultural and industrial activities on a catchment in sur-
veillance monitoring. Further, the application of tentative 
EBTs forms an innovative way to account for mixture 
toxicity and toxicologically relevant pollutants that are 
not regulated yet.

Specifically, the combination of target analysis and 
in  vitro bioassays uncovered (1) a reduction in cyto-
toxic potential between sampling site 4 and 6 mainly 
attributed to dilution by additional water inputs, (2) no 
substantial dilution and only little or no loss occurred 
between sampling sites 6 and 9, suggesting that (3) the 
consistent effect patterns and cytotoxic potential at the 
sampling sites 6, 7, 8 and 9 was primarily caused by the 
discharge of poorly degradable substances from the 
WWTP. This study showed the combination of these 
two complementary approaches to be a suitable way to 
identify input sources of organic micropollutants and 
to trace changes in the water quality along the Ammer 
River. Furthermore, the implementation of this com-
bined approach into comprehensive, mass flux-based 
investigations of reactive transport may be promising 
to further elucidate and distinguish between differ-
ent in-stream transformation and loss processes. The 
Ammer river is a 4th order stream with an extraordi-
narily high base flow. Hence, the water quality situation 
is very much dependent on local and possibly highly 
fluctuating inputs. It is likely that seasonal changes will 
impact on the input of pesticides and the WWTP efflu-
ent may have a higher contribution to the overall flow 
under dry summer conditions. Such seasonal effects 
will be investigated in future studies. Benchmarking 
against other surface water studies and comparison 
with tentative EBTs already provides an indication that 
we need to pay more attention to lower order streams 
because unlike in large higher order streams like the 
Danube river, where even the release of untreated sew-
age hardly results in the exceedance of EBTs due to the 

high dilution factor [15]; in the Ammer, the impact of 
the WWTP was still noticeable at a few sampling sites 
below the inflow. Despite being situated in an active 
agricultural area, this study has not registered a major 
chemical impact from agriculture. This might be par-
tially due to sampling in late summer after the end of 
the major spraying activities but also because the bio-
assays targeted more effluent-derived micropollutants. 
Herbicide- and insecticide-specific bioassays should 
complement the test battery for a better differentiation 
between urban and agricultural impact.
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Abstract: Some environmental pollutants impair mitochondria, which are of vital importance as energy factories in eukaryotic
cells. Mitochondrial toxicity was quantified by measuring the change of the oxygen consumption rate (OCR) of HepG2 cells
with the Agilent Seahorse XFe96 Analyzer. Various mechanisms of mitochondrial toxicity, including inhibition of the electron
transport chain or adenosine triphosphate (ATP) synthase as well as uncoupling of oxidative phosphorylation, were differ-
entiated by dosing the sample in parallel with reference compounds following the OCR over time. These time–OCR traces
were used to derive effect concentrations for 10% inhibition of the electron transport chain or 10% of uncoupling. The low
effect level of 10% was necessary because environmental mixtures contain thousands of chemicals; only few of them interfere
with mitochondria, but the others cause cytotoxicity. The OCR bioassay was validated with environmental pollutants of
known mechanism of mitochondrial toxicity. Binary mixtures of uncouplers or inhibitors acted according to the mixture model
of concentration addition. Uncoupling and/or inhibitory effects were detected in extracts of river water samples without
apparent cytotoxicity. Uncoupling effects could only be quantified in water samples if inhibitory effects occurred at lower
concentrations because no uncoupling can be detected without an appreciable membrane potential built up. The OCR
bioassay can thus complement chemical analysis and in vitro bioassays for monitoring micropollutants in water. Environ
Toxicol Chem 2019;38:1000–1011. © 2019 SETAC

Keywords: Oxidative phosphorylation; Uncoupling; Inhibition of electron transport; Inhibition of ATP synthesis; Seahorse
XFe96 Analyzer; In vitro bioassay

INTRODUCTION
Mitochondria are ubiquitous in most eukaryotic organisms

and play an important role in cellular physiology. Mitochondria
are responsible for the majority of the cellular energy produc-
tion by generating adenosine triphosphate (ATP) through oxi-
dative phosphorylation (Dykens et al. 1999; McBride et al.
2006) and are also a crucial component in many important
metabolic processes, such as regulation of apoptosis, synthesis
of macromolecules, and generation of intracellular messengers
such as Ca2+ and reactive oxygen species. Hence, there are
plenty of processes in mitochondria that can be disrupted and
lead to mitochondrial dysfunction. These disruptions of

mitochondrial respiration are triggered by many pesticides
such as the fungicide group of strobilurins, which inhibit the
fungal electron transport chain (Bartlett et al. 2002), or sub-
stituted phenols such as bromoxynil, which act as uncouplers
(Terada 1990). Furthermore, many pharmaceuticals introduced
by treated wastewater into environmental water bodies inter-
fere with mitochondrial functions (Sahdeo et al. 2014), for
example, the analgesic diclofenac (Syed et al. 2016), the anti-
epileptics lamotrigine and carbamazepine (Berger et al. 2010),
and the antidiabetic agent metformin (Thakur et al. 2018), all of
which were detected in surface waters (Müller et al. 2018;
Singer et al. 2010; Tisler and Zwiener 2018). Detection meth-
odologies for mitochondrial toxicity in environmental samples
are by no means straightforward (Divakaruni et al. 2014).
Because micropollutants that disturb mitochondrial functions
by different modes of action (MoA) share the common out-
come of an altered oxygen consumption rate (OCR), we
hypothesized that the modes of action can be identified and
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quantified by measuring cellular oxygen consumption in vitro
using the Agilent Seahorse XFe96 Extracellular Flux Analyzer.

Besides addressing cell metabolism and physiology in
medical and health‐care efforts (Beeson et al. 2010; Gupta
et al. 2016; Nonnenmacher et al. 2017; Shah‐Simpson et al.
2016), the Seahorse XFe96 was used to assess effects of en-
vironmentally relevant drugs (Sahdeo et al. 2014; Zhang et al.
2017) and micropollutants (Attene‐Ramos et al. 2013) on cells,
as well as polycyclic aromatic hydrocarbons (Raftery et al. 2017)
and biocides such as triclosan (Shim et al. 2016) in zebrafish
embryos and larvae. The Seahorse XFe96 was also applied on
environmental samples such as soil extracts (Probert et al.
2018) but not in a quantitative way that accounts for the ab-
solute effect of a sample relative to a reference chemical and
distinguishes between different modes of action.

Oxidative phosphorylation in mitochondria has 3 main
components that alter the OCR of cells to a measurable extent
when interacting with a disruptor (Figure 1). The first com-
ponent comprises several protein complexes that are involved
in the electron transport chain and build up the electro-
chemical gradient. If the electron transport chain is partly or
completely inhibited (e.g., by a mix of rotenone and antimycin
A [Rot/AA]), the proton gradient cannot be built up com-
pletely, which is directly associated with a decrease in the
OCR. The second component is the membrane itself, forming
the barrier necessary for an electrochemical proton gradient.
Chemicals that uncouple the inner and outer mitochondrial
membrane (e.g., 2,4‐dinitrophenol [2,4‐DNP]) break down this
gradient as they transport the protons across the membrane
and thereby short‐circuit ATP production. To rebuild the
electrochemical proton gradient, the mitochondrial respira-
tion is up‐regulated in response to uncouplers, and thus the
OCR is increasing to its maximum. The third component is the
ATP synthase protein complex. Chemicals that inhibit this
protein complex (e.g., oligomycin) inhibit ATP production,
which leads to an increasing proton gradient in the inter-
membrane space and induces a decreasing OCR as the cell
tries to maintain a constant electrochemical proton gradient
(Nicholls and Ferguson 2002).

We present 3 different experimental designs with which one
can quantify the potency of a sample to 1) inhibit ATP synthase,
2) uncouple the mitochondrial membrane potential, or 3) in-
hibit the electron transport chain based on measuring the ex-
tracellular oxygen flux of HepG2 cells with a Seahorse XFe96
Analyzer.

These experimental designs were used to characterize en-
vironmental pollutants that are known to occur in river water,
including the herbicide bromoxynil; the fungicides fluazinam,
azoxystrobin, and pyraclostrobin; and the biocide tributyltin.
Moreover, water extracts from a small river near Tübingen,
Germany, were collected 0.5 and 3.5 km downstream of a
wastewater‐treatment plant and tested for uncoupling and in-
hibition of the electron transport chain. Finally, the measured
effects of the water extracts were validated with binary mixture
experiments. The hypothesis of the mixture experiments was
that 2 chemicals that show activity in one of the OCR bioassay
designs act together according to concentration addition,

which is the mixture toxicity concept applicable to mixtures of
chemicals with the same modes of action (Backhaus and Faust
2012). In a binary mixture with an environmental sample that
shows the OCR trace typical for uncouplers, such a con-
centration addition mixture effect would be a confirmation that
the complex mixture behaves as if it has one mode of action
only, despite the fact that complex environmental mixtures
contain hundreds of thousands of chemicals with presumably
hundreds of modes of action.

THEORY
Experimental designs for differentiating modes
of action

To differentiate the 3 mechanisms of mitochondrial toxicity
(ATP synthase inhibition, uncoupling, electron transport chain
inhibition; Figure 1) by OCR measurements, we registered
time‐resolved traces of OCR measurements and consecutively
applied reference compounds for inhibition of ATP synthase
(oligomycin), uncoupling (2,4‐DNP), and inhibition of the elec-
tron transport chain (Rot/AA). The OCR traces were generated
by consecutive measurement cycles involving the lowering of
the sensor probes to obtain a small chamber, measuring the
OCR for 3min, followed by 3min of aeration and mixing.
These traces were finally compared to parallel measurements,
where one of the reference compounds was replaced by the
sample or by a negative control (buffer; Supplemental Data,
Figure S1).

Figure 2 provides a conceptual scheme of the OCR profiles
measured for the 3 detection methods for inhibition of ATP
synthase, uncoupling, and electron transport chain inhibition.
Importantly, this OCR change was normalized to the basal
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FIGURE 1: Illustration of the main components involved in oxidative
phosphorylation, which are the inner mitochondrial membrane that
contains the electron transport chain and adenosine triphosphate (ATP)
synthase. The ATP synthase can be inhibited by the reference chemical
oligomycin and the electron transport chain by a mix of rotenone and
antimycin A. 2,4‐Dinitrophenol is used as the reference chemical for
uncoupling the proton gradient by allowing protons to pass the
membrane barrier without ATP production. 2,4‐DNP= 2,4‐dini-
trophenol.
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respiration of the respective well to reduce variability attribu-
table to variations in cell numbers.

ATP synthase inhibition. To assess the potency of a sample
to interfere with ATP synthase, the sample (dashed red line) was
injected in parallel to assay medium only (green line, negative
control) and to oligomycin at 1 µM (black line, positive control),
after the basal respiration was measured for 3 measurement cy-
cles, as illustrated in Figure 2A. After injection, the OCR was
measured for 9 measurement cycles, corresponding to an in-
cubation time of 54min. This is a longer incubation time than for
most routine Seahorse applications but was chosen to increase
the robustness of the assay and to assure sufficient time for cel-
lular uptake kinetics (Fischer et al. 2018). At the next stage, the
uncoupler 2,4‐DNP was added to the cells (previously exposed to
either sample, medium, or oligomycin) at 80 µM (causing 95% of
maximum OCR), and the OCR was measured for 3 measurement
cycles. Subsequently, Rot/AA (0.5 µM), completely inhibiting the
electron transport chain, was added and the OCR measured for
another 3 measurement cycles.

The dynamic range indicated in Figure 2A ranges from 0%
inhibition set at the OCR of cells that underwent an injection of
medium and 100% inhibition by 1 µM oligomycin, which com-
pletely inhibits ATP synthase. Because inhibition of the electron
transport chain would also lead to a decrease in OCR, the
specificity of the inhibitory effect on ATP synthase was assessed
by subsequently injecting 80 µM of 2,4‐DNP. If the cells ex-
posed to the sample did not reach an increased OCR with
80 µM 2,4‐DNP as high as in the negative control, the sample
inhibits the electron transport chain rather than the ATP syn-
thase. If the electron transport chain is inhibited, the electro-
chemical gradient cannot be built up and consequently cannot
be uncoupled. Hence, the cells would be unable to reach their
maximum respiration rate.

Uncoupling. For the quantitative assessment of the potency
of a chemical to uncouple the mitochondrial membrane, the

OCR was brought down by 1 µM oligomycin after the basal
respiration was measured in 3 measurement cycles, to in-
crease the dynamic range (Figure 2B). After 3 measurement
cycles, the cells were exposed to the sample (dashed red
line). In parallel, 80 µM of 2,4‐DNP marked the upper effect
level (positive control, black line) and assay medium marked
the no‐effect level (negative control, green line). A negative
control is indispensable because the OCR is gradually re-
covering back to basal respiration (green line in Figures 1B
and 3) after the oligomycin injection. Subsequent to the
sample–2,4‐DNP–medium injection, the OCR was measured
in 9 measurement cycles for a total period of 54 min. At last
0.5 µM Rot/AA was injected to the cells and measured in 3
measurement cycles.

© 2019 SETAC wileyonlinelibrary.com/ETC

FIGURE 2: Oxygen consumption rate (OCR) profiles over time in the experimental test designs for (A) adenosine triphosphate (ATP) synthase
inhibition, (B) uncoupling, and (C) electron transport chain inhibition. The OCR profiles of the positive control (injection of oligomycin, followed by
2,4‐dinitrophenol and then rotenone and antimycin A (Rot/AA), black arrows) is illustrated as a black line. The OCR profile of the negative control is
displayed as a green line. The OCR profile of a sample tested for the given mode of action is depicted as a dashed red line. The dynamic range of
each experiment is indicated by the red vertical line. Each experimental design is separated into 4 time segments, illustrated by the blue brackets.
2,4‐DNP= 2,4‐dinitrophenol; Rot/AA= rotenone and antimycin A.

FIGURE 3: Oxygen consumption rate (OCR) profile over time (ex-
pressed as number of measurements) in the experimental design for
measuring the uncoupling activity, OCR ratiouncoupling, of a sample
(100 µM bromoxynil, red lines) relative to the positive control (80 µM
2,4‐dinitrophenol, black line) and the negative control (medium, green
line). Each line represents the OCR of one single well. All wells had the
same treatment with oligomycin (after measurement 3) and rotenone
and antimycin A (after measurement 15) and differed only in
the treatment after measurement 6. Bold black brackets indicate time
segments 1, 2, 3, and 4 (OCRsegment 1, OCRsegment 2, OCRsegment 3,
OCRsegment 4). 2,4‐DNP= 2,4‐dinitrophenol; Rot/AA= rotenone and
antimycin A.
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Electron transport chain inhibition. For testing chemicals
that interfere with the electron transport chain, basal respira-
tion was measured in 3 measurement cycles. Then, 1 µM oli-
gomycin was added to the cells to ensure an OCR decrease
after sample addition not being caused by ATP synthase in-
hibition. After 3 measurement cycles, the OCR was brought up
by injecting 80 µM 2,4‐DNP to increase the dynamic range,
followed by another 3 measurement cycles. Finally, the cells
were exposed either to the sample, to 0.5 µM Rot/AA, or to
medium (Figure 2C). The decreased OCR caused by Rot/AA
marks 100% electron transport chain inhibition (positive con-
trol, black line in Figure 2C), and the OCR after medium in-
jection marks the no‐effect level (negative control, green line in
Figure 2C). Again, a medium control is indispensable because
the OCR is gradually recovering back to basal resiration after
exposure to 2,4‐DNP (green line in Figure 2C).

Data evaluation
OCR measurements. As the first step in quantitatively asses-
sing the activity of a sample, the OCR–time profile was separated
into 4 time segments (Figure 2), compiling the 3 to 9 OCR
measurements made while measuring the basal respiration or
between 2 injections. The data evaluation procedure is illustrated
in the example of the uncoupling activity, OCR ratiouncoupling, of
100 µM bromoxynil as sample in Figure 3. For each well the
OCR values measured within a time segment were averaged
(OCRsegment 1, OCRsegment 2, OCRsegment 3, OCRsegment 4).

For each well the OCR change induced by the sample, ne-
gative or positive control (for uncoupling the difference be-
tween the OCRsegment 2 and OCRsegment 3, see Figure 3), was
normalized to the basal respiration (OCRsegment 1) in that well
and expressed as ΔOCR. For the experimental designs ATP
synthase inhibition, uncoupling, and e–‐chain inhibition the
ΔOCR values were calculated according to Equations 1–3, re-
spectively, with i referring to the wells for the sample or ne-
gative control or positive controls (oligomycin for ATP synthase
inhibition, 2,4‐DNP for uncoupling, and Rot/AA for electron
transport chain inhibition). The ΔOCR values of the same
treatment were then averaged. For ATP synthase inhibition:

∆ =
–

OCR
OCR OCR

OCR
i

segment 1 segment 2

segment 1
(1)

For uncoupling:

∆ =
–

OCR
OCR OCR

OCR
i

segment 3 segment 2

segment 1
(2)

For electron transport chain inhibition:

∆ =
–

OCR
OCR OCR

OCR
i

segment 3 segment 4

segment 1
(3)

OCR ratios for each modes of action were subsequently cal-
culated by Equation 4 using the ΔOCRi of the appropriate
modes of action according to Equation 1, 2, or 3.

∆ ∆

∆ ∆
=

–
–

OCR ratio
OCR OCR

OCR OCR
MoA

sample negative control

positive control negative control

(4)

For all wells belonging to the same treatment the average and
standard deviation of this OCR ratio were derived. The stan-
dard deviation of the OCR ratio was derived according to the
Gauss law of error propagation, reflected in Equation 5:

Concentration–response curves. The full concentration–
response curves (CRCs) showed a typical sigmoidal shape
and can be fitted using logarithmic concentrations and a
2‐parameter logistic fit from 0 and 100% effect (Equation 6).

=
+ ( – )OCR ratio 

100%
1 10slope logEC50 log concentration

(6)

In Equation 6 EC50 is the median effect concentration.
Because the activation in a bioassay by an environmental
sample that contains many different compounds can be
masked and attenuated by cytotoxicity and other nonspecific
effects, concentrations above the maximum effect of the
sample causing concentration and revealing <80% of the
maximum effect within an experiment were excluded from the
fit. For environmental samples the exclusion of cytotoxic con-
centrations leads in many cases to a CRC that does not even
reach 50% of maximum effect. Hence, we focused on the lower
portion of the CRC for the data evaluation, where CRCs on a
linear concentration scale exhibit an approximately linear be-
havior up to 40% of the maximum effect level (Escher et al.
2018), described by Equation 7.

= ×OCR ratio  slope  concentration (7)

The EC10 was calculated with Equation 8 from the slope of the
linear regression of concentration versus the percent effect.

=EC10 
10%
slope

(8)

The standard error of the EC10 was calculated according to
Equation 9:

( ) = ×SE EC10   
10%

slope
SE

2 slope (9)
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MATERIALS AND METHODS

Cell line
We used a modified HepG2 cell line, the CellSensor® ARE‐

bla HepG2 cell line, for the OCR experiments. To avoid the
cells growing in multiple layers and as a compromise between
cell viability and a suitable oxygen consumption, 15 000 cells
per well, which attained an average OCR of 75 pmol min–1,
were seeded onto XF96 Cell Culture Microplates that were
previously coated with poly‐D‐lysine. After seeding, the cells
were incubated between 18 and 24 h at 37 °C and 5% CO2. A
detailed workflow is described in König et al. (2017). To avoid
any misinterpretations attributable to cytotoxicity, all samples
tested in the present study were checked for cytotoxicity after
an incubation time of 24 h in the applied concentration ranges
based on measuring the cell area coverage (Escher et al. 2018).

Assay
Hydration, media exchange, and cell imaging. The XFe96
sensor cartridges were incubated in sterile water overnight in a
humidified non‐CO2 incubator at 37 °C. At least 1 h before the
experiment the sterile water was exchanged with XF calibrant
solution, and the sensor cartridge was incubated until the
measurement under the same conditions. The medium was
exchanged with the Seahorse XF assay medium prior to the
measurement. The culture medium was aspirated using a
BioTek® 405 TS washer, leaving 20 µL in each well. Each well
was refilled to a final volume of 180 µL with prewarmed Sea-
horse XF Assay Medium (Agilent Technologies) supplemented
with 10mM glucose, 1mM pyruvate, 2mM glutamine, and
5mM HEPES and adjusted to pH 7.4. After this step was re-
peated 3 times, the microplate was incubated at 37 °C in a non‐
CO2 incubator for at minimum of 1 h and a maximum of 2 h.
Prior and subsequent to every experiment the cells were
visually checked by microscopy with a Leica DMi1 for mor-
phological alterations, such as cell rounding and loss of ad-
herence, that go along with changes in cell viability (Rello
et al. 2005).

Loading the XFe96 sensor cartridge. In every experiment
irrespective of the experimental design a reference test profile
(positive control) was performed by injecting the reference
chemicals oligomycin (10 µM), 2,4‐DNP (0.8mM), and Rot/AA
(5 µM) as follows: port A→ port B→ port C. These positive
controls were prepared and injected in 10 times concentra-
tions. This combination causes complete ATP synthase inhibi-
tion, 95% uncoupling (Supplemental Data, Figure S2), and
complete electron transport chain inhibition and serves as the
reference, to which all samples were compared. To characterize
the potency of a chemical to inhibit the mitochondrial ATP
synthase, the chemical or sample of interest was loaded into
port A in the desired concentration instead of oligomycin. To
evaluate the potency of a chemical to uncouple the mi-
tochondrial membrane, the sample was loaded into port B in
the desired concentration instead of 2,4‐DNP. To assess the

potency of a compound to inhibit the mitochondrial electron
transport chain, the sample was loaded into port C instead of
Rot/AA. Because the OCR went back to basal respiration over
time, a negative control was added on the same plate. For the
negative control, the Seahorse assay medium was loaded into
port A, port B, or port C instead of oligomycin, 2,4‐DNP, or
Rot/AA, respectively. Finally, the plate contained the following
treatments: positive control (port A, oligomycin; port B, 2,
4‐DNP; port C, Rot/AA), negative control (medium filled into
port A, B or C instead of oligomycin, 2,4‐DNP, or Rot/AA, re-
spectively), sample (loaded into either port A, B, or C instead of
oligomycin, 2,4‐DNP, or Rot/AA, respectively), background
(wells containing no cells but treated equally to the positive
control), and medium background (medium loaded into ports
A, B, and C). After injection of the sample as well as in parallel
the positive and negative controls, the OCR was measured in 9
measurement cycles for a total period of 54min to provide
enough time for the sample to enter the cells and cause an
effect, which is important especially for environmental samples.
One measurement cycle consisted of 3min of measuring the
cellular OCR and 3min of mixing by lifting the sensors up and
down. All other injections were only measured by 3 measure-
ment cycles. As a trade‐off between sufficient statistical effect
size and a high number of samples on one microplate, 4 re-
plicates for each sample were found to be a pragmatic choice.
To assure the robustness of the test system, the replicates for
the positive control, negative control, and backgrounds (cells
exposed to medium only and no cells exposed to the positive
control) were set at a number of 8. Wells that underwent an
unsuccessful injection, apparent from incompletely emptied
injection ports, or a premature injection attributable to the pi-
petting procedure were declared technical outliers and dis-
carded. Wells attaining a basal respiration ≤ 40 pmol min–1

were also excluded from the data evaluation.
To assess the assays’ performance, we derived the Z factor

(Zhang et al. 1999) for every experimental design according to
Equation 10, based on the OCR ratios and standard deviations
of the positive and negative controls:

∆ ∆

∆ ∆

= –
+

–
Z  1 

3SD OCR  3SD OCR

mean OCR  mean OCR

positive control negative control

positive control negative control

(10)

Every performed experiment was taken into consideration
using all replicates of the positive control (n= 8) and the ne-
gative control (n= 8) unless they fell under the criteria of
technical outliers.

Testing of water samples
In June 2018, river water samples from a German river

(see Müller et al. 2018) were enriched with large‐volume
solid‐phase extraction (LV‐SPE; Maxx Meß‐ und Probe-
nahmetechnik) according to Schulze et al. (2017) with minor
modifications. Each water extract integrated 20 L of river
water sampled over 6 h using an HR‐X sorbent (Chroma-
bond®; Macherey‐Nagel) with a sorbent to sample ratio of
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0.2 g L–1. The exact geographical coordinates are 48°33′
40.9"N 8°54′10.7"E for sampling site 1 (SS1), approxi-
mately 500 m downstream of a wastewater‐treatment plant,
and 48°32′28.8"N 8°55′15.4"E for sampling site 2 (SS2),
which is located approximately 3 km downstream of SS1.
The sampling was conducted in 2 intervals, A and B. At SS1
sampling interval A (SS1‐A) was performed from 12:00 to
18:00 and sampling interval B (SS1‐B) from 18:00 to 24:00.
At SS2 the sampling was 2 h and 13 min (SS2‐A and SS2‐B)
delayed because the water needed that time to pass the
distance from SS1 to SS2. The concentrations of water are
reported in units of relative enrichment factor (REF; Escher
et al. 2009).

Binary mixtures
In environmental samples chemicals are present in and act

as mixtures. The conventional wisdom for mixture toxicity is
that chemicals that act according to the same modes of action
act by concentration addition in mixtures (Backhaus and Faust
2012). For binary mixtures the concordance or deviation from
the concept of concentration addition can easily be tested and
visualized by an isobologram (Altenburger et al. 1990). For this
purpose, the toxic units (TUs) of mixture components A (TUA)
and B (TUB) are plotted against each other. Components A and
B can be single compounds or environmental samples, and
they can also have different concentration scales because the
units for the concentrations CA and CB and the respective effect
concentrations (EC10A and EC10B) cancel out in the equation
for toxic unit (Equation 11).

= =TU
C

EC10
and TU

C
EC10

A
A

A
B

B

B
(11)

The mixtures were designed in such a way that on one
plate 2 concentrations of each component A and B was dosed
(to confirm the earlier single‐component CRC) and then 3 dif-
ferent mixture ratios constituting at the highest dose 75% of
the EC30 of A with 25% of the EC30 of B, 50% of the EC30 of A
with 50% of the EC30 of B, and 25% of the EC30 of A with 75%
of the EC30 of B. For each mixture a CRC was constructed by
plotting the sum of the concentrations of components A and B
in the chosen concentration ratio (dilution of a mixture) against
the measured effect. The EC10mix was derived from the linear
CRC, using Equation 8. The mixture designs were planned with
slightly different EC10 values but then evaluated with all final
data together. The final toxic unit in the mixture was then cal-
culated with Equation 12, where the fraction fA of component A
in a mixture is the concentration of the component relative to
the sum of the concentrations of all components and likewise
for B.

= × = ×
TU

f EC10
EC10

and TU
f EC10

EC10
A

A mix

A
B

B mix

B
(12)

The model of concentration addition holds if the sum of
both toxic units of A and B in the mixture, which is expressed

as sumTU and calculated according to Equation 13, is equal
to 1.

= × + ×
sumTU

f EC10
EC10

f EC10
EC10

A mix

A

B mix

B
(13)

If sumTU ≫ 1, then the mixture acts antagonistically; if sumTU
≪ 1, then the mixture acts synergistically.

RESULTS AND DISCUSSION
Assay performance

For all 3 experimental designs excellent Z factors as a
measure of statistical effect size and for the assay performance
were derived (Table 1), justifying their applicability as bioassays
for the detection of mitochondrial toxicity. The Z factor reflects
the separation of negative and positive control and can vary
between 0 and 1, with a value between 0.5 and 1 identifying an
assay as performant (Zhang et al. 1999).

The limit of detection of effect (LOD, percentage) was de-
fined as 3 times the standard deviation of the negative controls
(0% effect) averaged over all experiments with reference che-
micals (Table 1). To derive robust EC10 values from the linear
CRCs, the maximum measured effects must be higher than the
LOD, and the CRC must show a monotonous upward trend.
The LODs approximately 10% were obtained for OCR ratioe‐‐
chain inhibition and OCR ratiouncoupling (Table 1), which is within the
linear range of the CRC up to 40%, allowing a robust derivation
of EC10 values. In contrast, the LOD for OCR ratioATP‐synthase

was 16.6%, which renders the window for the linear CRC rather
small. Although for OCR ratioATP‐synthase a robust derivation of
an EC10 is in principle possible, we do not deem it appropriate
for screening of environmental samples given the rather small
window of the linear CRC.

Visually checking the cell morphology immediately before
and after every experiment by microscopy did not uncover
any changes in cell viability in all experiments performed in
the present study. Given an incubation time of approximately
2 h, the morphological alterations of dying cells might not be
detected as such. During an OCR assay experiment cyto-
toxicity caused by a sample would result in a decrease of the
OCR. Consequently, the effect of cytotoxic samples was
underestimated in the experimental design for uncoupling
and overestimated or misinterpreted in the experimental

wileyonlinelibrary.com/ETC © 2019 SETAC

TABLE 1: Assay performance of the experimental designs for asses-
sing ATP synthase inhibition, uncoupling and e–‐chain inhibition de-
scribed by the Z factor according to Zhang et al. (1999) and the limits of
detection related to the reference chemicals

Experimental
design

OCR ratio
ATP synthase

inhibition

OCR ratio
uncoupling

OCR ratio
e‐‐chain inhibition

Reference
chemical

Oligomycin 2,4‐DNP Rot/AA

Z factor 0.64± 0.15 0.61± 0.12 0.69± 0.10
LOD (% effect) 16.6% 11.3% 9.6%

2,4‐DNP= 2,4‐dinitrophenol; LOD= limit of detection; Rot/AA= rotenone and
antimycin A.
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designs for ATP synthase inhibition and electron transport
chain inhibition. In that regard, all single and reference
chemicals were, in addition, applied to the same cell line
separately and incubated for 24 h. Changes in cell viability
after 24 h are depicted in Supplemental Data, Figure S3. The
reference chemical rotenone had a 10% inhibition con-
centration (IC10) value below the concentration used in the
assay, whereas antimycin A and oligomycin exhibited 10%
cell death in concentrations slightly higher than those used in
the assay. Because the IC10 is dependent on the incubation
time, cytotoxicity is only of concern if it occurs within the
duration of the experiment. For instance, in our proposed
assay Rot/AA needed to be applied in a concentration of
0.5 µM to achieve complete inhibition of the electron trans-
port chain. During the incubation time of 54 min in the OCR
assay, the OCR level provoked by this mix stayed rather
consistent with no further decrease that may be attributed to
cell death (Supplemental Data, Figure S1), but declining cell
viability was detected after an incubation time of 24 h (Sup-
plemental Data, Figure S3).

Quantitative assessment of environmentally relevant
single chemicals

Uncouplers. The chemicals 2,4‐DNP, bromoxynil, and flua-
zinam—representative of environmentally relevant chemicals that
uncouple the mitochondrial membrane—were chosen to validate
the presented experimental design for testing uncouplers. Flua-
zinam is described in Supplemental Data, Figure S4.

New reference compound (2,4‐DNP) for testing of
uncoupling activity—The compound 2,4‐DNP was chosen as
the reference chemical for testing samples for uncoupling ac-
tivity because it held the increased OCR over the entire testing
period of segment 3 (Figure 3). Exposing the cells to con-
centrations exceeding the maximum uncoupling effect resulted
in an attenuated increase of the OCR. Even though no im-
mediate changes in cell viability were observed at 2,4‐DNP
concentrations above the one that causes maximum respira-
tion, they led to lower OCR of the cells (Supplemental Data,
Figure S2). To achieve a dynamic range as wide as possible in
testing uncouplers and to avoid “oversaturation,” the con-
centration of 2,4‐DNP as the reference chemical was set to
80 µM, which triggers an uncoupling effect of 95% (Supple-
mental Data, Figure S2). The EC10 derived from the linear
portion of the CRC (Figure 4A) was 6.46± 0.83 µM.

Bromoxynil is a widely used postemergence herbicide that
interferes with photosynthetic electron transport and un-
couples the oxidative phosphorylation in mitochondria (Droppa
et al. 1981). In Germany it was used in quantities of 25 to 100 t
reported for the year 2017 (Federal Office of Consumer Pro-
tection and Food Safety 2017) and therefore can potentially be
present in the aquatic environment. A full CRC for bromoxynil
ranging from 1 to 130 µM was determined, and there was an
excellent overlap of 5 independent repetitions of the experi-
ment at different concentrations (Supplemental Data, Figure
S5). Before bromoxynil reached the maximum uncoupling ef-
fect (as set by the effect of 80 µM 2,4 DNP), the effects declined
again, possibly by other, inhibitory effects or cytotoxicity

© 2019 SETAC wileyonlinelibrary.com/ETC

FIGURE 4: Oxygen consumption rate ratios of environmentally relevant single chemicals in the experimental designs for (A, B) uncoupling,
(C, D) electron transport chain inhibition, and (E, F) adenosine triphosphate (ATP) synthase inhibition. Error bars indicate the standard deviation. 2,
4‐DNP= 2,4‐dinitrophenol; OCR= oxygen consumption rate; TBT= tributyltin.
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(Supplemental Data, Figure S5). The EC10 derived from the
linear portion of the CRC (Figure 4B) was 4.06± 0.09 µM.

Inhibitors of the electron transport chain in oxidative
phosphorylation. For validation of the experimental design,
the commonly used strobilurin fungicides azoxystrobin and
pyraclostrobin were tested for inhibitory activity of the electron
transport chain. In addition, the organotin compound tributyltin
was tested for electron transport chain inhibition as well as
inhibition of ATP synthase because it is known that tributyltin
affects protein complexes and acts as an uncoupler (Hunziker
et al. 2002).

A full CRC of azoxystrobin is depicted in Supplemental Data,
Figure S6, with an e–‐chain inhibition activity beyond 95% re-
lative to Rot/AA at concentrations> 79 µM. The EC10 derived
from the linear portion of the CRC (Figure 4C) was
2.61± 0.13 µM. Pyraclostrobin is described in Supplemental
Data, Figure S7. The EC10 derived from the linear portion of
the CRC was 1.18± 0.11 µM. Azoxystrobin and pyraclostrobin
belong to the strobilurins a group of agrochemical fungicides.
Strobilurins inhibit complex III of the oxidative phosphorylation
because they impede the electron transport from ubiquinol to
cytochrome c by binding to the ubiquinol oxydation center of
cytochrome b (Mansfield and Wiggins 1990). The selectivity of
strobilurins is based on differences in degradation and pene-
tration in various organisms rather than on their general modes
of action. Thus, they can potentially be toxic to a broad range
of nontarget organisms (Maltby et al. 2009). Liess and Von Der
Ohe (2005) and Berenzen et al. (2005) found maximum con-
centrations of 11.1 and 29.7 µg L–1 azoxystrobin in German river
waters; hence, with an EC10 of 1105 µg L–1 it could in principle
be detected in environmental samples at a REF of 100. Also,
pyraclostrobin can potentially occur in environmental com-
partments such as surface waters and rivers (European Food
Safety Authority 2010).

Organotin compounds such as tributyltin were widely used
as biocides, especially as antifouling paintings for ships and
fishing nets (Almeida et al. 2007). Among other inorganic
compounds, tributyltin interferes with the oxidative phos-
phorylation in mitochondria in a number of ways simulta-
neously (Hunziker et al. 2002). They inhibit electron transport
(Aldridge 1958; Saxena 1987), uncouple the mitochondrial
membrane (Bragadin et al. 2003), and inhibit ATP synthase
(Aldridge and Street 1964; Matsuno‐Yagi and Hatefi 1993).
Tributyltin was tested in the assay for electron transport chain
inhibition, and the EC10 was 1.38± 0.26 µM (Figure 4D). The
full logarithmic CRC of tributyltin is depicted in Supplemental
Data, Figure S8.

Inhibitors of ATP synthase. Inhibition of the ATP synthase
of tributyltin was assessed relative to 1 µM oligomycin (Figure
4E,F). At concentrations > 1.50 µM a maximum effect level of
approximately 50% appears to be reached and not exceeded.
The EC10 was 0.71 ± 0.33 µM. After tributyltin was added to
the cells and an incubation time of 54 min, 80 or 100 µM 2,
4‐DNP, respectively, was added to test if ATP synthase is in-
hibited and maximum respiration would still be possible to

achieve. The OCR ratiouncoupling decreased in a dose‐depen-
dent manner (blue data points in Figure 4F). Even at tributyltin
concentrations that already reached a plateau of OCR ratioATP

synthase inhibition at 50%, OCR ratiouncoupling continued to de-
crease with increasing tributyltin concentrations. This ob-
servation is consistent with our previous findings that tribu-
tyltin can, in addition, act as an inhibitor of the electron
transport chain.

Summary of environmentally relevant single chemicals
and cytotoxicity. A summary of the effect concentrations of
the tested environmentally relevant single chemicals is given in
Supplemental Data, Table S1. The EC10 values derived from
the linear portion of the CRC are within the 95% confidence
interval of the EC10 derived from the sigmoidal logarithmic
CRC. This confirms that the linear CRC evaluation is appro-
priate despite the LOD being around or slightly above 10%
effect. Linear CRCs for EC10 derivation are advantageous for
environmental samples because they require only the 0 to 40%
effect range, and the sample is less prone to interference by
nonspecific effects (Escher et al. 2018). Bromoxynil, 2,4‐DNP,
azoxystrobin, and pyraclostrobin showed high precision and
reproducibility and confirmed the experimental designs OCR
ratioe‐‐chain inhibition and OCR ratiouncoupling applicable for the
assessment of single chemicals (Supplemental Data, Table S1).
The results of tributyltin tested in the experimental designs
on OCR ratioATP synthase inhibition and OCR ratioe‐‐chain inhibition
showed that the OCR assay reached its limits when it comes to
chemicals targeting multiple sites in mitochondrial respiration
or samples that include multiple components exhibiting dif-
ferent modes of action. The experimental design OCR ratioATP

synthase inhibition cannot distinguish between chemicals that in-
hibit ATP synthase and those that inhibit the electron transport
chain because in both cases the OCR decreases. On the other
hand, ATP synthase inhibitors do not interfere with the ex-
perimental design on OCR ratioe‐‐chain inhibition because ATP
synthase is already inhibited by oligomycin and protons pre-
dominantly pass the membrane barrier by 2,4‐DNP carriage.
The experimental design OCR ratioATP synthase inhibition showed a
relatively high LOD of 16.6%, which makes it difficult to derive
robust EC10 values. Moreover, even though it has been proven
by other researchers that tributyltin uncouples the mitochon-
drial membrane, this effect is masked by inhibition of the
electron transport chain and therefore cannot be detected by
measuring the extracellular oxygen flux. The absolute level of
the membrane potential is also affected by inhibitors; hence, to
differentiate uncoupling from inhibition, one needs to perform
kinetic measurements of the decay of the membrane potential,
as in the work by Hunziker et al. (2002).

The binary mixture experiments listed in Supplemental
Data, Table S2, showed the OCR ratioe‐‐chain inhibition and OCR
ratiouncoupling of 2 mixtures of the inhibitor azoxystrobin and the
uncoupler bromoxynil in different concentration ratios. In both
mixtures the uncoupling effect was completely masked by the
electron transport chain inhibition that revealed effects in the
same range as in the single‐chemical experiments with azox-
ystrobin. Thus, if the electron and proton gradients are not built
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up, they cannot be destroyed by uncoupling. Thus, inhibitors
will always mask uncouplers in the OCR bioassay. In contrast,
inhibitors have the same effect regardless of whether an un-
coupler is present. An alternative measure to shed light on the
interference of chemicals with different modes of action pre-
sent in a sample could be the extracellular acidification rate
(ECAR; see Supplemental Data). The OCR measurements in the
present study were performed in the presence of buffer to
stabilize the OCR, and consequently the ECAR did not change
much in the presence of uncouplers (Supplemental Data,
Figure S9). The energy maps plotting OCR versus ECAR
(Supplemental Data, Figure S10) also serve only as a diagnostic
tool but cannot be used to derive CRCs and effect con-
centrations for the different modes of action of mitochondrial
toxicity.

Environmental samples
Water extracts. The water extracts SS1‐A, SS2‐A, SS1‐B, and
SS2‐B were measured in the experimental designs for un-
coupling and for electron transport chain inhibition. A back-
ground control of the LV‐SPE devices was tested for un-
coupling and for electron transport chain–inhibiting activity.
The effects were below the effect threshold of 10% up to a REF
of 200 (the results are described in Supplemental Data,
Figure S11).

Water extract SS1‐A exhibited an uncoupling activity in 4
independent experiments, displayed in Figure 5A. An EC10
value of 97.9± 12.4 REF was determined based on the linear
portion of the CRC. The highest uncoupling activity of 29%
relative to 80 µM 2,4‐DNP was obtained at a REF of 200 in the
first experiment. In 2 experiments (diamond and square sym-
bols in Figure 5A) the sample was tested at REF 194 and 97 in 2
independent binary mixture experiments that will be described
in more detail in the following. In these 2 experiments, a REF of

97 caused OCR ratiouncoupling of 7.74± 4.81 and 11.3± 2.9%,
which is consistent with the full CRC of the 2 first experiments.
However, exposing the cells to REF 194 did not exceed 10%
OCR ratiouncoupling in these 2 experiments.

Water extract SS1‐A was also tested in the experimental
design for electron transport chain inhibition but did not
have any activity (Figure 5B). Water extract SS2‐A acted as
an inhibitor of the electron transport chain (Figure 5D) but
did not show any uncoupling activity in the applied con-
centration range (Figure 5C). The EC10 for inhibition of the
electron transport chain derived from the linear portion of
the CRC was 9.34 ± 1.77 REF. Importantly, causing a 10%
effect when enriched < 10‐fold implies and highlights the
high environmental relevance of mitochondria‐disrupting
chemicals that can sentence a cell to death (Meyer
et al. 2013).

Water extract SS1‐B did not yield effects exceeding 10%
OCR ratiouncoupling in the experimental design for uncouplers
(Figure 5E). However, a linear regression revealed a calculated
EC10 of 179 REF, which is just within the applied concentration
range. In the experimental design for inhibitors of the electron
transport chain, water extract SS1‐B did not exceed the 10%
level either (Figure 5F). The calculated EC10 based on the
linear CRC was 303± 64 REF, which is an extrapolation beyond
the applied concentration range and consequently not reliable.
The second water extract collected during sampling interval B
at SS2, SS2‐B, yielded no uncoupling activity but electron
transport chain inhibition with an EC10 of 23.6± 2.0 REF
(Figure 5G,H).

Within the first sampling interval uncoupling activity was
measured at SS1 that turned into electron transport chain in-
hibition at SS2. These data indicate degradation of uncouplers
or additional inputs of inhibitors between SS1 and SS2. Both
samples at SS2, SS2‐A and SS2‐B, showed only inhibitory
effects.

© 2019 SETAC wileyonlinelibrary.com/ETC

FIGURE 5: Water extracts SS1‐A, SS2‐A, SS1‐B, and SS2‐B tested in the experimental designs for uncoupling (A, C, E, and G) and for electron transport
chain inhibition (B, D, F, and H). (A, D, E, F, and H) represent the linear portion of the concentration–response curve, others are depicted on a logarithmic
concentration scale. Error bars indicate the standard deviation. OCR=oxygen consumption rate; REF= relative enrichment factor; SS= sampling site.
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Cytotoxicity. The water extracts did not show any changes in
cell viability during the OCR experiments, but some cytotoxi-
city was detected after 24 h of incubation (Supplemental Data,
Figure S3). The 24‐h IC10 values within concentration ranges of
the linear portions of the OCR‐CRC were determined only for
water extracts SS1‐A and SS1‐B. In both extracts uncoupling
activity was detected. The detected uncoupling might be
partially a cytotoxicity artifact because nonspecifically acting
compounds can also disturb membrane structure and hence
may lead to proton leakages attributable to baseline toxicity
(narcosis). In fact, as studies on isolated energy‐transducing
membranes have shown, the decay of the membrane potential
is accelerated by uncouplers and baseline toxicants alike, the
latter only at much higher concentrations (Escher et al. 2002).

Mixtures
The binary mixture experiments of bromoxynil with 2,4‐DNP

demonstrated that the 2 uncouplers acted in a concentration‐
additive way (Figure 6A). One of the 3 independent experi-
ments was slightly off toward synergy, but given the small
quantities to be pipetted, this could also be a pipetting error
because the single compound 2,4‐DNP showed in the mixture
experimental plate a slightly enhanced effect level compared
to the CRC (see diamonds in Figure 4A).

Because the uncoupling experiments with the water sam-
ples could not clearly differentiate between specific uncoupling
and a baseline toxic effect, we also tested a combination of
bromoxynil with SS1‐A. Figure 6B shows some variability and a
slight trend toward antagonism, but all mixture ratios were
close to sumTU= 1. Thus, concentration addition is essentially
confirmed, implying that the uncoupler bromoxynil and the
water extract SS1‐A have the same modes of action of un-
coupling.

To confirm the applicability of the experimental design for
electron transport chain inhibition and to assess whether 2
electron transport chain inhibitors act in a concentration‐ad-
ditive way, 2 binary mixture experiments of azoxystrobin with
pyraclostrobin were conducted. Both chemicals belonging to

the strobilurin family inhibit the electron transport chain at the
level of complex III (Mansfield and Wiggins 1990). Both ex-
periments confirmed concentration addition of the 2 compo-
nents acting together (Figure 6C). For one experiment
(diamonds) the concentration addition model perfectly held
because a sumTU of 1.0 was within the error range of all mix-
tures, but also the second experiment (squares) came very
close to a sumTU of 1.0 (Supplemental Data, Figure S12). Thus,
also for inhibitors of the electron transport chain, concentration
addition for binary mixtures can be measured by the proposed
OCR bioassay.

A binary mixture of azoxystrobin with water sample SS2‐A
was also tested to assess whether the electron transport chain–
inhibiting activity measured in water extract SS2‐A was exerted
by the same mode of action as azoxystrobin, which inhibits
complex III. In 2 independent experiments concentration ad-
dition was confirmed (Figure 6D) because the sumTU of 1.0 was
within the error range of all applied mixtures with one outlier
(Supplemental Data, Figure S13). The electron transport chain
involves several protein complexes that are not linearly inter-
acting and can substitute for each other in their function as they
form a complex redox system. Although both azoxystrobin and
SS2‐A caused 100% electron transport chain inhibition when
measured independently, they might act on different sites of
the electron transport chain, or the water sample might have
multiple inhibitory sites.

CONCLUSION
OCR bioassay design

We have presented 2 experimental designs for cellular OCR
measurements, which yielded excellent and statistically
significant effect sizes and with which one can precisely and
reproducibly assess uncoupling and electron transport chain
inhibition.

A third experimental design for assessing ATP synthase in-
hibition was presented but revealed a relatively high detection
limit of 16.6% given the small dynamic range. Because we re-
commend target effect levels up to 40% of maximum effects of

wileyonlinelibrary.com/ETC © 2019 SETAC

FIGURE 6: Binary mixtures of bromoxynil and 2,4‐dinitrophenol (A), bromoxynil and SS1‐A (B), azoxystrobin and pyraclostrobin (C), and azox-
ystrobin and SS2‐A (D). The experiments represented by (A and B) were performed in the experimental design for uncoupling, and the experiments
represented by (C and D) were performed in the experimental design for electron transport chain inhibition. Error bars indicate the standard errors
derived by error propagation. 2,4‐DNP= 2,4‐dinitrophenol; SS= sampling site; TU= toxic unit.
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the reference chemicals to avoid any matrix interference and
cytotoxicity interference as well as to achieve high sensitivity,
the LOD of the experimental design for ATP synthase inhibition
is too high to derive a robust and precise EC10.

The short duration of an OCR experiment has both benefits
and disadvantages. The experiment, which lasts approximately
2 h, is rather short compared with other in vitro bioassays and
therefore allows a higher throughput. However, it simultaneously
hinders an accurate determination of cell viability. Even though
fully destroying energy production sentences a cell ultimately to
death, 2 h may be too short for using cell morphology as a sur-
rogate for cell viability. A decrease in OCR could therefore also be
caused by nonspecific cytotoxicity. Because mitochondria are
crucial for the energy production of almost all eukaryotic organ-
isms, the impairment of their functions by organic micropollutants
is inevitably associated with cell viability and thus highlights the
environmental relevance of such chemicals.

Limitations of the OCR bioassay for application
to environmental samples

For the testing of samples with unknown constituents, we
recommend a tiered approach of the experimental designs in
the order OCR ratioe‐‐chain inhibition→OCR ratiouncoupling→OCR
ratioATP synthase inhibition, to overcome the interference of in-
hibitors of the electron transport chain with ATP synthase in-
hibitors and uncouplers.

If a sample shows significant electron transport chain inhibition
in the first step, no further steps will be necessary because this
inhibitory effect would mask the effect of uncouplers and ATP
synthase inhibitors that may also be present in the sample. If no
electron transport chain inhibition is detected, it is recommended
that the activity of uncouplers be tested subsequently. If the
sample shows uncoupling activity, a further testing for ATP syn-
thase is obsolete because an OCR decrease could not be induced
when the protons can pass the membrane barrier facilitated by an
uncoupler. If neither electron transport chain inhibition nor un-
coupling activity was measured, testing for ATP synthase inhibi-
tion would be possible but, given the small dynamic range, might
be rather limited. With the example of tributyltin we showed that
multiple modes of action cannot be deconvoluted because the
dominant effect will mask the other effects. There are other
methods that directly measure the electron transport chain and
the membrane potential that can quantitatively differentiate be-
tween the 3 modes of action of triorganotin compounds (Hunziker
et al. 2002). Because organotin compounds have been phased
out in agricultural applications and no other ATP synthase in-
hibitors are known to be present in environmental waters, this
endpoint is not expected to be of high environmental relevance.

Applicability of the OCR bioassay to
environmental samples

The proposed OCR bioassay was applicable for environ-
mental samples such as water extracts and identified mi-
tochondrial toxicity against a background of a large quantity of

nonspecifically acting compounds. For 4 water extracts we
uncovered uncoupling or electron transport chain inhibition
with this test system and confirmed the samples’ dominant
modes of action by binary mixture experiments with chemicals
of known modes of action.

We propose this test system as a suitable addition to che-
mical analysis and environmentally relevant in vitro bioassays
(Müller et al. 2018) to identify input sources and trace changes
of organic micropollutants in the environment. Given the high
toxicological relevance of chemicals disrupting mitochondrial
respiration, it is all the more surprising that the most active
measured environmental sample caused 10% OCR ratioe‐‐chain
inhibition when enriched< 10‐fold. In this context, we emphasize
the consideration of mitochondrial respiration–disrupting che-
micals in regulatory monitoring efforts.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at DOI: 10.1002/etc.4396.
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Figure S 1: OCR trace of the positive control in the experimental design for inhibitors of the electron 
transport chain using the reference kit provided by Agilent. The positive control was measured by injecting 
(1.) 1.0 µM oligomycin between the measurements 3 and 4, (2.) 80 µM 2,4-DNP between the 
measurements 6 and 7 and (3.) 0.5 µM of a mixture of rotenone and antimycin A (Rot/AA) between the 
measurements 9 and 10. The reference chemicals were prepared in tenfold concentrations to achieve the 
final concentrations mentioned above. In the experimental design for inhibitors of the electron transport 
chain, in parallel to the positive control, the sample was injected instead of Rot/AA between the 
measurements 9 and 10. In the experimental designs for ATP-synthase inhibition and uncoupling the 
sample would be injected instead of oligomycin between the measurements 3 and 4 and 2,4-DNP 
between the measurements 6 and 7, respectively. 
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Figure S 2: Full CRC of 2,4-DNP with drawn line fitted using Eq. (5), measured in the experimental design 
for testing uncouplers. The concentration 80 µM triggering an uncoupling effect of 95% and used as 
reference in the experimental design for testing uncouplers is indicated by a dashed black line. 
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Cell viability after 24 h exposure 

 

 

Figure S 3: Cell viability of HepG2 cells after the incubation of rotenone, antimycin A, oligomycin, 2,4-
DNP, bromoxynil, fluazinam, azoxystrobin, pyraclostrobin, TBT and the water extracts SS1-A, SS2-A and 
SS1-B for 24 hours. The inhibitory concentrations for 10% reduction of cell numbers IC10 derived from the 
linear portion of the CRC is depicted as a red line. The concentrations of the chemicals of the positive 
control used for the OCR measurements are highlighted by a blue dotted line and the tested concentration 
ranges for the investigated chemicals are highlighted by yellow boxes. 
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Figure S 3 continued. 
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Figure S 3 continued. 
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Figure S 3 continued. 
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Figure S 3 continued. 
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Fluazinam 

Fluazinam was reported to be an extremely potent uncoupler of the oxidative phosphorylation in 

mitochondria (Guo et al. 1991) and in isolated energy-transducing membrane (Spycher et al. 2008), which 

is used as a broad spectrum fungicide in agriculture and also known to affect non-target organisms (Wang 

et al. 2018). Fluazinam did not show any uncoupling effects in the tested concentration ranges (Figure S 

4). Exposing the cells to 5 to 30 µM fluazinam revealed a negative %OCR-ratiouncoupling, which can be an 

indication for electron transport chain inhibition activity, see Figure S 4 B, or cytotoxicity. The cytotoxicity 

IC10 for fluazinam after an incubation time of 24 hours was 1.9 µM, which is in the lower part of the 

applied concentration range. Although visually checking cell viability prior and subsequent to every OCR-

experiment did not show any changes interference of cytotoxicity and an induced OCR increase cannot be 

excluded. Experiments for electron transport chain inhibition were not performed. Guo et. al. (1991) 

observed that fluazinam is metabolized in rat-liver cells, probably by GSH conjugation, which could be an 

explanation for fluazinam not reaching 10% OCR-ratiouncoupling if the used ARE-bla HepG2 cells were 

metabolically active, which is not certain. 

 

 

Figure S 4: CRC for OCR-ratiouncoupling of fluazinam on a logarithmic (A) and a linear (B) concentration 
scale measured in the experimental design for testing uncouplers. 
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Figure S 5: The full CRC of bromoxynil with drawn line fitted using Eq. (5), measured in the experimental 
design for testing uncouplers. 

 

 

 

Figure S 6: The full CRC of azoxystrobin with drawn line fitted using Eq. (5), measured in the experimental 
design for testing inhibitors of the electron transport chain. 
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Pyraclostrobin 

Pyraclostrobin is also a member of the strobilurin group and widely used as fungicide in agriculture (EFSA 

2010). A full CRC was determined within the range of 0.1 and 100 µM and displayed an unusually steep 

slope of 11.3 (Figure S 7A). The CRC on a linear concentration scale up to 30% electron transport chain 

inhibition (Figure S 7B) was used to derive the EC10 at 1.18 ± 0.11 µM. 

 

Figure S 7: (A) Full CRC of Pyraclostrobin with drawn line fitted using Eq. (5). (B) Linear portion of the 
CRC with drawn line fitted using Eq. (6). Pyraclostrobin was measured in the experimental design for 
testing inhibitors of the electron transport chain. 

 

 

Figure S 8: The full CRC of TBT with drawn line fitted using Eq. (5), measured in the experimental design 
for testing inhibitors of the electron transport chain. 
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Table S 1: Summary of the EC50 and EC10 values derived from the sigmoidal-log CRC and the EC10 
values derived from the linear portion of the CRC for the single chemicals. 

 

 

Table S 2: OCR-ratiouncoupling and OCR-ratioe--chain inhibition of the two mixes and the single compounds in the 
same concentrations as in the mixes. Note that this experiments was performed with a preliminary setup 
not considering an extended incubation time of the sample. 

 OCR-ratiouncoupling (%) OCR-ratioe
-
-chain inhibition (%) 

Bromoxynil [30 µM] 55 - 

Azoxystrobin [75 µM] -  28 

Mix 1 -42.9 31.3 

Bromoxynil [75 µM] 88 - 

Azoxystrobin [15 µM] - 25 

Mix 2 -13.1 28.0 

 

Sample Active endpoint 
EC50 [µM]/ 

(sigmoidal-log CRC) 
EC10 [µM] 

(sigmoidal-log CRC) 
EC10 [µM] 

(linear CRC) 

2,4-DNP %OCR-ratio
uncoupling

 24.1  
(95%CI: 21.7 – 26.8) 

9.93  
(95%CI: 7.73 – 12.4) 

6.46 ± 0.83 

Bromoxnil %OCR-ratio
uncoupling

 24.3  
(95%CI: 22.8 – 25.9) 

4.53  
(95%CI: 3.91 – 5.18) 

4.06 ± 0.09 

Fluazinam %OCR-ratio
uncoupling

 - - - 

Azoxystrobin %OCR-ratio
e
-
-chain inhibition

 12.2  
(95%CI: 10.9 – 13.6) 

2.79  
(95%CI: 2.22 – 3.44) 

2.61 ± 0.13 

Pyraclostrobin %OCR-ratio
e
-
-chain inhibition

 1.88  
(95%CI: 1.85 – 1.94) 

1.73  
(95%CI: 1.59 – 1.82) 

1.18 ± 0.11 

TBT %OCR-ratio
e
-
-chain inhibition

 10.7  
(95%CI: 6.54 – 24.2) 

0.50  
(95%CI: 0.14 – 1.08) 

1.38 ± 0.26 

TBT %OCR-ratio
ATP-synthase inhibition

 1.55  
(95%CI: 1.29 – 2.60) 

0.84  
(95%CI: 0.47 – 1.15) 

0.71 ± 0.33 
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Extracellular acidification rate (ECAR) 

Impairment of mitochondrial functions can result in an increased or decreased glycolysis that can be 

detected by the extracellular acidification rate (ECAR). As these changes do not occur as a direct result of 

chemicals that interfere with mitochondrial respiration our primary aim was set on OCR measurements. 

Furthermore, the performance of ECAR measurements require the use of non-buffered assay media 

which is not guaranteeing the measured activity of a sample to be exerted at neutral pH and therewith 

under environmental relevant conditions. An example of an ECAR trace is given in Figure S 9. The 

simultaneous assessment of both, OCR and ECAR, could be a way to check whether two or more 

chemicals with different MoAs are present in a sample and that would mask their effect in the OCR assay 

alone. The energetic states of the cells during assessing the uncoupling activity of 100 µM bromoxynil in 

the experimental design for testing uncouplers are depicted in Figure S 10 by displaying both OCR and 

ECAR. Nonetheless, further research on the combined assessment of OCR and ECAR is necessary.  

 

 

Figure S 9: Extracellular acidification rate (ECAR) over time in the experimental design for measuring the 
uncoupling activity OCR-ratiouncoupling of 100 µM bromoxynil (red line) relative to 80 µM 2,4-DNP (black 
line). Each line represents the ECAR, respectively, of one single well. The ECARs of the negative control 
(medium is injected instead of sample/reference chemical) is represented by a green line. The depicted 
data refers to the OCR data presented in Figure 3 of the main manuscript. 
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Figure S 10: Energy maps reflecting the cellular energetic states during assessing the uncoupling activity 
of 100 µM bromoxynil in the experimental design for testing uncouplers. (A) displays the energetic state of 
the basal respiration, (B) after the ATP-synthase was inhibited by oligomycin at measurement 6, (C) after 
the membrane was uncoupled by applying 2,4-DNP and (D) after complete electron transport chain 
inhibition. Each symbol represent one well with the respective treatment. 
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LV-SPE Blank 

A background control of the LV-SPE devices was tested for uncoupling and for electron transport chain 

inhibiting activity, in each case in three independent experiments (Figure S 11). The LV-SPE Blank had 

no uncoupling activity (with OCR-ratiouncoupling in all three experiments being negative, down to -17.5 ± 2.5 

% OCR-ratiouncoupling). The LV-SPE Blank attained an electron transport chain inhibiting activity in a dose-

dependent manner, see Figure S 11A&B. The EC10 was 150 ± 16.0 REF. Although the LV-SPE Blank 

exhibits an electron transport chain inhibiting potency this is rather small effect compared to the results of 

all other LV-SPE samples that were measured. Thus, the background signal can be neglected. 

 

Figure S 11: (A) OCR-ratiouncoupling of the LV-SPE Blank at REF 400. CRC of OCR-ratioe--chain inhibition (B) 
and its linear portion (C) of the LV-SPE Blank. 
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Mixtures 

 

Figure S 12: Toxic units of the binary mixtures of azoxystrobin and pyraclostrobin. The figure shows the 
concordance and deviation from CA of the sumTU of each mixture. The experiment was performed in the 
experimental design for electron transport chain inhibitors. 

 

 

Figure S 13: Toxic units of the binary mixtures of azoxystrobin and water extract SS2-A. The figure shows 
the concordance and deviation from CA of the sumTU of each mixture. The experiment was performed in 
the experimental design for electron transport chain inhibitors. 
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Abstract: Organic micropollutants of anthropogenic origin in river waters may impair aquatic ecosystem health and drinking
water quality. To evaluate micropollutant fate and turnover on a catchment scale, information on input source characteristics
as well as spatial and temporal variability is required. The influence of tributaries from agricultural and urban areas and the
input of wastewater were investigated by grab and Lagrangian sampling under base flow conditions within a 7.7‐km‐long
stretch of the Ammer River (southwest Germany) using target screening for 83 organic micropollutants and 4 in vitro
bioassays with environmentally relevant modes of action. In total, 9 pesticides and transformation products, 13 pharma-
ceuticals, and 6 industrial and household chemicals were detected. Further, aryl hydrocarbon receptor induction, peroxisome
proliferator–activated receptor activity, estrogenicity, and oxidative stress response were measured in the river. The vast
majority of the compounds and mixture effects were introduced by the effluent of a wastewater‐treatment plant, which
contributed 50% of the total flow rate of the river on the sampling day. The tributaries contributed little to the overall load of
organic micropollutants and mixture effects because of their relatively low discharge but showed a different chemical and
toxicological pattern from the Ammer River, though a comparison to effect‐based trigger values pointed toward un-
acceptable surface water quality in the main stem and in some of the tributaries. Chemical analysis and in vitro bioassays
covered different windows of analyte properties but reflected the same picture. Environ Toxicol Chem 2020;39:1382–1391.
© 2020 The Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf of SETAC.

Keywords: Chemical analysis; Bioassays; Catchment scale; Micropollutant mixtures; Lagrangian sampling

INTRODUCTION
Intentionally and unintentionally released anthropogenic

organic micropollutants may enter the aquatic environment via
different pathways. Most household applications of compounds,
such as pharmaceuticals, protection agents, personal care
products, and flame retardants, are discharged to municipal
sewerage systems. A substantial part of these pollutants is
designed to be rather stable (e.g., pharmaceuticals, flame re-
tardants) and in many cases highly mobile in water, thus
facilitating the passage of pollutants through wastewater‐

treatment plants (WWTPs) into surface waters without complete
removal (Schwarzenbach et al. 2016; Munz et al. 2017). In
densely populated countries of Europe like Germany the impact
of treated wastewater to rivers and small streams is quite
common and dominates pollution input, especially during dry
summer periods (Loos et al. 2009; Bueno et al. 2012; Englert
et al. 2013). Other compounds such as pesticides are introduced
directly into the environment. Thus, runoff and leachate from
agricultural but also urban areas can lead to high micropollutant
concentrations in surface and ground waters (Loos et al. 2009;
Masoner et al. 2014; Kuzmanović et al. 2015; Szöcs et al. 2017;
Lee et al. 2019). These mixtures of organic micropollutants may
pose a risk to environmental organisms, reduce biodiversity, and
affect drinking water quality and environmental services (Alpizar
et al. 2019; European Environment Agency 2019).

The overarching aim of the present study was to identify the
emission sources and the influence of tributaries on the con-
taminant concentrations and loads in a small river, the Ammer
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River in southwest Germany. Chemical analysis and in vitro
bioassays are complementary screening approaches which
capture a broad range of organic micropollutants and have
previously been used to assess the quality of treated and un-
treated wastewater and their impact on river water quality
(Farré and Barceló 2003; König et al. 2017; Neale et al. 2017b)
or to track pesticides in surface water from agricultural areas
(Lundqvist et al. 2019). Whereas chemical analysis provides
information on the identity and quantity of individual micro-
pollutants (Gago‐Ferrero et al. 2019), in vitro bioassays give
information on the combined effect of all bioactive compounds
present in a sample and on their mode of action (Neale
et al. 2017b; Müller et al. 2019). In the present study a
battery of 4 in vitro bioassays was applied that covered the
environmentally relevant modes of action, aryl hydrocarbon
receptor induction (Brennan et al. 2015), peroxisome
proliferator–activated receptor activity (Neale et al. 2017a),
estrogenicity (König et al. 2017), and oxidative stress response
(Escher et al. 2012, 2013b). Because each compound present
in a sample can potentially affect the viability of a cell, the
cytotoxicity measured in the bioassays can reflect the total
chemical load of a sample.

Our hypotheses are that 1) inputs from agricultural and
urban areas show different compound and effect patterns, and
2) organic micropollutant and effect patterns and their tem-
poral variability change with increasing distance from their
input sources. To address hypothesis 1), each tributary and the
main stem were investigated by grab sampling. For hypothesis
2), we followed individual water parcels using a Lagrangian
sampling technique (Writer et al. 2011; Schwientek et al. 2016).

MATERIALS AND METHODS
Study site and sampling

The present study was conducted on 19 June 2018 on a
7.7‐km‐long section of the Ammer River, near Tübingen,
southwest Germany. In this section the Ammer River receives
input from 10 tributaries out of 15 (data on discharge are given
in Table 1) and 2 WWTPs. This allowed comparison of the mi-
cropollutant burden of river water unaffected and affected by
treated wastewater and river water affected by tributaries from
agricultural and/or urban areas (Figure 1). Until the most
downstream sampling site (autosampler 3 [AS3]) the Ammer
catchment integrates an area of 134 km² with agricultural (71%),
urban (17%), and forestry (12%) land use (Grathwohl
et al. 2013). The large WWTP1 with 80 000 person equivalents
is located upstream of Altingen approximately 250m upstream
of AS1 and contributed 50% of the discharge of the Ammer
downstream of the WWTP1 on 19 June 2018 (Table 1). The
much smaller WWTP2 with 9000 person equivalents is located
in Hailfingen, discharging into Kochhart Creek (T8). One‐liter
grab samples were collected from each tributary and the
Ammer River closely upstream of each confluence. All samples
were taken from the middle of the water body 5 cm beneath
the water surface, assuming well‐mixed conditions. Moreover,
1‐h composite samples (250mL every 15min) were collected
over 24 h at 3 sampling sites, AS1, AS2, and AS3, which define

reaches 1 and 2 (Figure 1). To sample the same water parcel at
downstream sites AS2 and AS3, the travel time of water was
considered for sampling similar water parcels and estimated as
described (C. Glaser et al., Center for Applied Geoscience,
University of Tübingen, Germany, unpublished manuscript,
2019a). Travel times were 135min for reach 1 between AS1 and
AS2 and 165min for reach 2 between AS2 and AS3. All sam-
ples were taken in glass bottles, stored at 4 °C, and processed
within 48 h after sampling.

Chemicals and reagents
Methanol, acetonitrile, water, acetic acid, and ammonium

acetate were all liquid chromatography/mass spectrometry
(LC/MS) grade and purchased from Thermo Fisher Scientific.
Ethyl acetate was purchased from Acros Organics, Thermo Fisher
Scientific. The 83 monitored target analytes as well as their
usages and vendors are listed in Supplemental Data, Table S1.

Sample preparation
Water samples were passed through a pleated cellulose filter

(Whatman 595 1/2, pore size 4–7 µm) to remove suspended
particulate matter. Filtrates were enriched by solid‐phase ex-
traction (SPE) using Waters Oasis HLB, 6CC, 200‐mg cartridges
preconditioned with 5mL methanol, 5 mL ethyl acetate, and
5mL ultrapure water. One liter of filtered water sample was
passed through the extraction cartridges using a vacuum
manifold. After this, extraction cartridges were flushed with
5mL ultrapure water and aspirated to dryness by vacuum.
Subsequently, they were eluted with 5mL methanol, followed

TABLE 1: Discharges, in liters per second (Ls−1), of the Ammer River
and its tributariesa

Tributary/sampling site Q (Ls−1)

Ammer (main stem) Am‐T0 270± 20
AS1 540± 34
AS2 577± 30
AS3 743± 23

WWTP1 effluent 274± 38
Tributaries T1 2

T2 16
T3 6
T4 35
T8 8
T9 2
T10 120b

T11 1
T12 1
T15 12

aDischarges were determined as described in C. Glaser et al. (Center for Applied
Geoscience, University of Tübingen, Tübingen, Germany, unpublished manu-
script, 2019a). Discharges at autosamplers AS1, AS2, and AS3 were averaged
over the 24 h of sampling at each site, thus leading to standard deviations (±)
because of the daily discharge fluctuation of the wastewater‐treatment plant
(WWTP). The 24‐h measurement of the WWTP effluent was performed with an
offset of 22min to account for the water travel time to AS1.
bC. Glaser et al. (Center for Applied Geoscience, University of Tübingen,
Tübingen, Germany, unpublished manuscript, 2019b).
Q= discharge; T= tributary; WWTP=wastewater‐treatment plant.
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by 5mL ethyl acetate. Eluates were combined, evaporated
under a gentle stream of nitrogen at 40 °C, and dissolved in
methanol to achieve an enrichment factor of 1000. Final extracts
were filtered (Agilent Captiva Premium Syringe filter, poly-
ethersulfone, 0.2 µm) and stored at –20 °C until measurement.
Blanks were prepared by SPE of 1 L MilliQ (GenPure Pro UV‐
TOC; Thermo Fisher Scientific). Prior to measurements, extracts
were diluted 1:100, to minimize matrix effects (Villagrasa
et al. 2007; Kruve et al. 2009), in water/acetonitrile (98/2 v/v) at
room temperature. All volumes for reuptake and dilution were
determined gravimetrically.

Chemical analysis
Eighty‐three organic micropollutants were quantified by

liquid chromatography (1260 Infinity HP‐LC; Agilent Tech-
nologies) coupled to tandem mass spectrometry (6490 iFunnel
Triple Quadrupole; Agilent Technologies). Separation was
achieved on an Agilent Poroshell 120 EC‐C18 column (2.7 µm
particle size, 4.6 × 150mm) at 40 °C with a gradient elution
program using water with 0.1mM ammonium acetate and
acetonitrile, both with 0.1% formic acid. Positive ionization and
negative ionization of target compounds were achieved by
electrospray ionization. An external calibration with standard
solutions was used for quantification of the target compounds,
for which generally 2 mass transitions (qualifier, quantifier)
were acquired. The lowest external calibration level within
±20% deviation from the method calibration curve was defined
as the limit of quantification (LOQ; signal‐to‐noise ratio ≥10,
quantifier/qualifier ion ratio within ±20% of the average of
calibration standards from the same sequence and target
compound). If analytes were detected in the SPE blank, the
LOQ was defined as the mean blank concentration plus

10 times its standard deviation. Measurement uncertainty was
assessed based on repeated standard solution measurements
(coefficient of variance, n= 10, 5.0 µg L–1 of each analyte).
Matrix effects caused by the WWTP1 effluent were investigated
by standard addition of all target compounds to samples from
all 3 sampling sites of the Ammer (AS1, AS2, AS3) at 3 sampling
times (AS1_1, AS1_12, AS1_24, AS2_1, AS2_12, AS2_24,
AS3_1, AS3_12, and AS_24) each at 2 different spiking levels
(0.24 and 1 µg L–1). Results of target compounds exceeding
20% signal suppression or enhancement were corrected ac-
cording to the following scheme: the mean matrix effect of
samples AS1_1, AS1_12, and AS1_24 was considered for
samples WWTP effluent, Am‐T1, and all samples of AS1, Am‐
T2, Am‐T3, Am‐T4; the mean matrix effect of samples AS2_1,
AS2_12, and AS2_24 was considered for all samples of AS2,
Am‐T8, Am‐T9, Am‐T10, Am‐T11, Am‐T12, and T15; the mean
matrix effect of samples AS3_1, AS3_12, and AS3_24 was
considered for all samples of AS3. Recoveries during the SPE
procedure of the target compounds were assessed by ex-
tracting 1 L MilliQ water spiked with standard solution mix,
including all target compounds, to a final concentration of
100 ng L–1 (n= 2). Results of target compounds with <70% re-
covery were corrected. Information on mass transitions, colli-
sion energies, LOQs, relative standard deviation, recoveries
during the SPE, and matrix effects of the target compounds is
given in Supplemental Data, Tables S2 and S3.

In vitro bioassays
The in vitro bioassays AhR‐CALUX (Brennan et al. 2015),

AREc32 (Escher et al. 2012, 2013b), PPARγ‐GeneBLAzer (Neale
et al. 2017a), and ER‐GeneBLAzer (König et al. 2017) covered
4 different environmentally relevant endpoints. For each

FIGURE 1: Conceptual map of the study site. Autosamplers AS1, AS2, and AS3 were located at the beginning, the center, and the end of the study
site for 24‐h sampling (red dots). Grab samples from the tributaries are marked green and named as the tributary (T2–T4, T8–T12, T15, SC1, SC2,
and KC). Sample names of the grab samples taken from the Ammer River are named according to the adjacent downstream tributary (Am‐T1,
Am‐T4, Am‐T8–Am‐12, Am‐T15), except for Am‐T0 upstream of the wastewater‐treatment plant effluent and AS1. WWTP=wastewater‐treatment
plant.
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bioassay cytotoxicity was measured. More information on their
mode of action, environmental relevance, and experimental
procedures can be found in König et al. (2017) and Neale et al.
(2017a). All effect concentrations (ECs) and cytotoxic inhibition
concentrations (ICs) were expressed in units of relative enrich-
ment factors, taking the enrichment during the extraction
procedure and the dilution in the assay into consideration. A
detailed description on the EC and IC derivation is provided in
the Supplemental Data. The derived concentrations causing a
10% effect (EC10) in AhR‐CALUX, PPARγ‐GeneBLAzer, and ER‐
GeneBLAzer and concentrations causing an induction ratio of
1.5 (ECIR1.5) in AREc32 of each sample were then converted to
bioanalytical equivalent concentration (BEQ; Equation 1) and
effect units (Equation 2). The concentrations causing 10% cell
growth inhibition (IC10) were converted to toxic units (TUs;
Equation 3). This serves for a better visualization because high
BEQ and toxic unit relate to high effects and cytotoxicity and
allow comparison to other surface water case studies.

=
( )

( )

( )

( )
BEQ

EC10 reference
EC10 sample

or
ECIR1.5 reference
ECIR1.5 sample

(1)

=Effect unit
1

EC10
or

1
IR1.5

(2)

=Toxic unit
1

IC10
(3)

A list of the reference chemicals in each assay and their
EC10 values can be found in Supplemental Data, Table S4. The
errors of the BEQ, effect unit, and toxic unit were calculated by
error propagation as described (Escher et al. 2018b).

Calculation of the influence of tributaries on the
spatial effect and micropollutant dynamics in the
main stem

The concentrations (Cdownstream) and effects (BEQdownstream)
in the Ammer downstream of the respective tributary were
obtained using a mass balance approach including concen-
trations and effects in the Ammer upstream of the tributary and
in the tributary (Equations 4 and 5). Discharges (Q in liters per
second, Ls−1) are listed in Table 1, and effects (BEQ in nano-
grams of reference compound per liter) or concentrations (C, in
nanograms per liter) from the Ammer and the tributaries are in
Supplemental Data, Tables S5 and S6.

=
× + ×

+
C

C Q C Q

Q Q
downstream

upstream upstream tributary tributary

upstream tributary
(4)

=
× + ×

+

BEQ
BEQ Q BEQ Q

Q Q

downstream

upstream upstream tributary tributary

upstream tributary
(5)

Because the Ammer River splits into 2 smaller branches
downstream of AS1 which reunite after approximately 900m,
discharges, effects, and concentrations of tributaries T2, T3,
and T4 of both branches were combined and considered as

one unit in reach 1. Consequently, the effects and concen-
trations of target compounds measured in the grab sample at
AS1 were considered as the input of that unit. For each tribu-
tary confluence, the river discharge Qupstream was determined
as the sum of all upstream tributary inputs and the discharge of
the Ammer River Am‐T0 (according to Table 1). To derive
Qdownstream, the respective Qtributary was added. The mass
fluxes Ji of target compounds (i) and the effect fluxes Ea

measured in the bioassays (a) upstream and downstream of the
tributary inlets were calculated with Equations 6 and 7.

= ×J Q Ci i (6)

= ×E Q BEQa a (7)

The mass flux increases of target compounds (ΔJ) and ef-
fects (ΔE) in the Ammer main stem downstream of the tribu-
taries were calculated with Equations 8 and 9.

= –J
J
J

1i,Tx
i,downstream

i,upstream
∆ (8)

= –E
E
E

1a,Tx
a,downstream

a,upstream
∆ (9)

Similarity of either compound or effect profiles among the
grab samples from the Ammer and the tributaries was assessed
by a hierarchical cluster analysis with the unweighted pair‐
group method using arithmetic averages.

To give an equal weight to each individual target com-
pound, their mass fluxes in all hourly water parcels at AS1, AS2,
and AS3 were normalized each to the corresponding mass flux
of water parcel 10 sampled at AS1 (if a target compound was
not detected in AS1_10 the calculation referred to AS1_8 or
AS1_9) according to Equation 10. Sample AS1_10 was used as
a reference because it contained a high number of detected
target compounds.

=
( )

Overall chemical burden
J

J _
i

i, AS1 10
∑ (10)

RESULTS AND DISCUSSION
Impact of tributaries on the micropollutant and
effect patterns in the river

The WWTP effluent had a mean discharge of 274± 38 Ls−1,
which was on average 51% of the Ammer discharge during the
24 h of sampling at AS1 (540± 34 Ls−1). Sample extracts were
screened for 83 target compounds relevant for surface water,
which included 38 pesticides, 28 pharmaceuticals and anti-
biotics, 6 transformation products, and 11 industrial, household
and personal care products (Supplemental Data, Table S1). This
includes pesticides currently used in the Ammer catchment
(personal communication with local farmers), for example,
strobilurine (pyraclostrobin) and triazole fungicides (epox-
iconazole) or the sulfonyl urea herbicide nicosulfuron. In total,
28 compounds were detected in water samples, mostly in the
nanograms per liter range (Supplemental Data, Table S5).
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Among them were 9 pesticides and transformation products
thereof, 13 pharmaceuticals, and 6 industrial, household and
personal care products. The samples from the main stem
downstream of the WWTP and from the tributaries clustered
differently in a hierarchical cluster analysis, indicating clearly
different compound profiles (see Figure 2). The compound
profiles of the WWTP1 effluent and T8 impacted by WWTP2
appeared to be rather unique. Organic micropollutant concen-
trations in the Ammer main stem were considerably impacted by
the input of WWTP1. Upstream of WWTP1 only the wastewater
indicators carbamazepine and 4&5‐methylbenzotriazole and the
herbicide bentazone, which was previously detected in the
Ammer source (Müller et al. 2018), occurred at approximately 20
to 60 ng L–1. In the WWTP effluent 4 pesticides (azoxystrobin,
imidacloprid, isoproturon, and terbutryn), 5 industrial, house-
hold and personal care products (benzotriazole, 4&5‐
methylbenzotriazole, tris[2‐butoxyethyl]phosphate [TBEP], tris[1‐
chloro‐2‐propyl]phosphate [TCPP], and triphenylphosphate
[TPP]), and 13 pharmaceuticals (e.g., carbamazepine,
diclofenac, fluconazole, hydrochlorothiazide, metoprolol,
tramadol) were detected. Concentrations were high for
benzotriazole at 6 µg L–1, O‐demethylvenlafaxine at 2.3 µg L–1,
for 4&5‐methylbenzotriazole at 1 µg L–1, hydrochlorothiazide at
1 µg L–1, diclofenac at 1 µg L–1, and tramadol at 1 µg L–1;
pesticides ranged between 100 and 750 ng L–1 and other
pharmaceuticals between 100 and 900 ng L–1. Only caffeine and

the 5 pesticides atrazine, atrazine‐desethyl, bentazone,
metolachlor, and terbuthylazine‐hydroxy were absent in the
WWTP effluent.

Farther downstream 5 pollutants decreased by >70% to
concentrations below LOQ and did not occur any more at site
Am‐T1: azoxystrobin, imidacloprid, sotalol, TBEP, and TPP.
Biodegradation, however, is not a reasonable process because
of the short travel time of approximately 5 min between the
WWTP1 input and Am‐T1. Therefore, we speculate that sorp-
tion to suspended particulate matter (SPM) in the WWTP ef-
fluent and sedimentation may be considerable removal
processes. This is supported by the relatively high octanol–
water partition constant (log KOW) of 2.5 for azoxystrobin
(European Food Safety Authority 2010), 3.65 for TBEP (Van der
Veen and de Boer 2012), and 4.59 for TPP (Hansch et al. 1995).
Sotalol and imidacloprid have log KOW values of the neutral
species below 1 (ChemSpider 2020), and they are positively
charged at neutral pH and therefore cannot be assessed by the
KOW. Also, charge interaction with negatively charged SPM and
organic matter has to be considered in this case. Dilution and
incomplete mixing can be ruled out based on the results of
other pollutants (e.g., carbamazepine). The antihypertensive
drug hydrochlorothiazide was detected in the river only once
above the LOQ and was therefore not further considered.
Other pollutants were transported throughout the river stretch
and still appeared at Am‐T15, the farthest downstream site:
3 pesticides (terbutryn at 27 ng L–1, bentazone at 13 ng L–1,
isoproturon at 13 ng L–1), 3 industrial, household and
personal care products (benzotriazole at 850 ng L–1, 4&5‐
methylbenzotriazole at 270 ng L–1, TCPP at 140 ng L–1), and 10
pharmaceuticals (e.g., O‐desmethylvenlafaxine at 430 ng L–1,
tramadol at 150 ng L–1, venlafaxine at 140 ng L–1, lamotrigine at
120 ng L–1, carbamazepine at 90 ng L–1; see Supplemental
Data, Table S5).

In tributaries T1, T2, T3, T4, T11, and T12 none of the pol-
lutants could be detected. In T15, which is dominated by agri-
cultural activity, only the herbicide bentazone was detected. A
tributary of T15 (Schönbrunnen Creek) also contained atrazine‐
desethyl, the metabolite of the legacy herbicide atrazine. In T8,
5 pesticides (atrazine, imidacloprid, isoproturon, terbutryn, and
terbuthalazine‐2‐hydroxy), 11 pharmaceuticals (e.g., carbama-
zepine, diclofenac, fluconazole, hydrochlorothiazide, tramadol),
and 5 industrial, household and personal care products (e.g.,
caffeine, benzotriazole, 4&5‐methylbenzotriazole, TCPP) were
found; T8 receives WWTP effluents and inputs from agricultural
land. The highest concentrations were measured for 4&5‐
methylbenzotriazole at 5.2 µg L–1 and benzotriazole at 3.8 µg L–1.
Caffeine, an indicator for untreated wastewater (Buerge
et al. 2003), reached 336 ng L–1. It appears that tributaries T9
and T10 were also impacted by WWTP2 effluent because the
typical wastewater pollutants occurred: in T9, carbamazepine,
irbesartan, lamotrigine, and benzotriazole; in T10, only lamo-
trigine, metoprolol, and 4&5‐methylbenzotriazole. A likely ex-
planation is wastewater from T8 percolating into the karstic
groundwater, which enters farther downstream T9, T10, and the
Ammer River, as shown in an earlier study (Harreß 1973). This is
supported by the input of additional 22 Ls–1 water at AS3 that

FIGURE 2: Target compounds in the Ammer main stem, the tribu-
taries, the wastewater‐treatment plant effluent, and Schönbrunnen
Creek and Käsbach Creek, the tributaries of T15. Pesticides are high-
lighted in green, pharmaceuticals and antibiotics in blue, and industrial
and household chemicals in orange. Similarity of compound profiles
among samples is represented in a hierarchical cluster analysis with the
unweighted pair‐group method using arithmetic averages. Differences
between samples and groups are expressed by the Euclidean distance.
Am‐T=Ammer tributary; IHCs= industrial and household chemicals;
KC= Käsbach Creek; LOQ= limit of quantification; 4&5‐MBT=
4&5‐methylbenzotriazole; O‐DV=O‐desmethylvenlafaxine; SC=
Schönbrunnen Creek; TA2H= terbuthylazine‐2‐hydroxy; TBEP= tris(2‐
butoxyethyl)phosphate; TCPP= tris(1‐chloro‐2‐propyl)phosphate;
WWTP=wastewater‐treatment plant.

1386 Environmental Toxicology and Chemistry, 2020;39:1382–1391—M.E. Müller et al.

© 2020 The Authors wileyonlinelibrary.com/ETC



could not be attributed to any tributaries between AS2 and AS3
(see discharges in Table 1). Pollutants are subjected to dilution
and attenuation processes during seepage passages, leading to
reduced concentrations and the disappearance of compounds
in T9 and T10 compared to T8 (e.g., diclofenac, irbesartan, la-
motrigine, metoprolol, venlafaxine, 4&5‐methylbenzotriazole,
and TCPP).

To assess the influence of the tributaries on the compound
pattern and abundance in the main stem, mass flux increases in
the main stem caused by tributaries were calculated based on
Equation 8 exemplarily for 8 compounds: the herbicides
bentazone, isoproturon, and terbutryn; the pharmaceuticals
metoprolol, lamotrigine, and irbesartan; the flame retardant tris
(2‐chloroisopropyl)phosphate; and the corrosion inhibitor
benzotriazole (Figure 3). These chemicals represent different
applications and thus diffusive (e.g., pesticides) and point source
(via treated wastewater) inputs to the river. The influence of the
tributaries on the compound profile and abundance in the main
stem was generally insignificant apart from T8, T9, T10, and T15,
with the highest mass flux increase for bentazone (10.4%) in T15.
Most of the target compounds in Figure 3 were introduced by
T8 (see Figure 2), though overall T8 had a rather low influence
on the main stem because of its relatively low discharge (see
Table 1). In contrast, T10 had a relatively high discharge but low
compound concentrations except for lamotrigine and thus had
little influence on the main stem as well.

The samples of the tributaries and the Ammer itself
were further analyzed by in vitro bioassays AhR‐CALUX, PPARγ‐
Bla, ER‐Bla, and AREc32 (see Figure 4; Supplemental Data,
Table S6. Similar to the compound profiles, the effect profiles
of the tributaries clustered in a hierarchical cluster analysis as
well as the samples of the Ammer main stem downstream of
WWTP1. The samples that were most similar to the WWTP1
effluent were Am‐T1 and T8. This finding is different from the
chemical analysis but can be rationalized because Am‐T1 and
T8 are strongly influenced by WWTP effluents. The effect

profiles of the Ammer clustered in a similar way as for the
chemical analysis. The influence of the tributaries on the effect
fluxes in the Ammer were generally significant (Figure 5). The
highest effect flux increase in the Ammer was observed in
ER‐Bla, with 6.4% in reach 1 by T2, T3, and T4 together. Effect
fluxes in the Ammer, measured in AhR‐CALUX, PPARγ‐Bla, and
ER‐Bla, increased approximately 1 to 5% by input from T8
and T10.

Although the chemical analysis and the in vitro bioassays
covered different analytes and compound classes, they re-
vealed similar pollution patterns and uncovered the tributaries
as minor input sources of organic micropollutants and

FIGURE 3: Mass flux increases in the Ammer main stem downstream of
the tributaries (ΔJi, increase in percentage) of bentazone, metoprolol,
irbesartan, tris(2‐chloroisopropyl)phosphate, benzotriazole, lamo-
trigine, terbutryn, and isoproturon.

FIGURE 4: Effect units of the extracts from the Ammer main stem, the
tributaries, the wastewater‐treatment plant effluent, and the tribu-
taries of T15, Schönbrunnen Creek and Käsbach Creek, measured in
the in vitro bioassays AhR‐CALUX, PPARγ‐GeneBLAzer, ER‐
GeneBLAzer, and AREc32. Similarities of compound profiles among
samples are represented in a hierarchical cluster analysis with the
unweighted pair‐group method using arithmetic averages. Differ-
ences between samples and groups are expressed by the Euclidean
distance. Am‐T=Ammer tributary; ER‐Bla = ER‐GeneBLAzer; KC=
Käsbach Creek; PPARγ‐Bla = PPARγ‐GeneBLAzer; SC= Schönbrunnen
Creek; WWTP =wastewater‐treatment plant.

FIGURE 5: Effect flux increases in the Ammer main stem downstream
of the tributaries measured in the bioassays AhR‐CALUX, PPARγ‐
GeneBLAzer, and ER‐GeneBLAzer. ER‐Bla= ER‐GeneBLAzer; PPARγ‐
Bla= PPARγ‐GeneBLAzer.
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associated effects. The tributaries had little impact on the
Ammer because of their low discharge.

Temporal and spatial effects, cytotoxicity, and
micropollutant dynamics in the main stem

In hourly composite water samples taken at the autosam-
plers, 23 of the target compounds were detected at AS1, AS2,
and AS3 (Supplemental Data, Table S7). A different pollution
profile at AS1 was found compared to AS2 and AS3, each of
which clustered in a principal component analysis (PCA; see
Supplemental Data, Figure S1A). The separation of the
3 groups occurred along principal component 1 (PC1), which
explained 63.6% of the total variance. The compounds ben-
zotriazole, 4‐&5‐methylbenzotriazole, and TCPP showed dom-
inant negative loadings (Supplemental Data, Figure S1B). All
are highly mobile in water, are rather stable toward degrada-
tion processes, and do not sorb considerably (Hem et al. 2003;
Hart et al. 2004; Meyer and Bester 2004). Therefore, their con-
centrations did not decrease. O‐Desmethylvenlafaxine and di-
clofenac showed dominant positive loadings (see Supplemental
Data, Figure S1B) and consequently dissipated from the
water phase more readily (Supplemental Data, Table S7). Both
compounds are photodegradable under solar irradiation
(Rúa‐Gómez and Püttmann 2013; Baena‐Nogueras et al. 2017).
Principal component 2 explained 13.8% of the total variance and
was mostly affected by the compounds diclofenac and meso-
trione (Supplemental Data, Figure S1C). All of these compounds
usually find their way into the environment by treated waste-
water. Hydrochlorothiazide was not considered in the PCA
because it was barely detected above the relatively high LOQ.

To consider the overall chemical burden of the Ammer
River, normalized mass fluxes of the samples obtained over the
course of 24 h at sampling sites AS1, AS2, and AS3 were
summed up using Equation 10 (Figure 6A; named as “overall
chemical burden”). The WWTP effluent had a high contribution
to the Ammer main stem (51% of the Ammer discharge at AS1),

and the WWTP discharge showed a temporal variability that
cross‐correlated moderately with the overall chemical burden
at AS1 (rs= 0.52). Hence, temporal dynamics of compounds
from WWTPs can partially be explained by the effluent dis-
charge, but the diurnal pattern of each individual target com-
pound is still unknown. The coefficient of variation of the
overall chemical burden over time was 18.7, 15.9 and 7.8% at
AS1, AS2, and AS3, respectively, indicating a damping of
temporal variability with increasing distance from the WWTP.
The average cytotoxicity, TUaverage, acquired from the in vitro
bioassays AhR‐CALUX, PPARγ‐Bla, ER‐Bla, and AREc32 (Sup-
plemental Data, Table S8), was derived by Equation 3 and can
reflect the total chemical load of a sample (Figure 6B). The
average cytotoxicity was declining along the river flow with a
slightly decreasing standard deviation and therewith a slightly
declining variability over time (on average 0.040± 0.006 at
AS1, 0.035± 0.006 at AS2, and 0.029± 0.004 toxic unit at AS3).
The average attenuation of the mean TUaverage was 12.3 and
17.8%, which is mainly a result of dilution (10.3% in reach 1 and
22.7% in reach 2, based on data in Table 1). Similar to the
overall chemical burden at AS1, the discharge of the WWTP
effluent over time cross‐correlated moderately (rs= 0.50)
with the TUaverage at AS1. However, no cross‐correlation was
observed with the TUaverage at AS2 and AS3.

Similar to the target compounds, the effects measured in
the in vitro bioassays AhR‐CALUX, PPARγ‐Bla, ER‐Bla, and
AREc32 (Supplemental Data, Table S9) showed a different effect
profile at AS1 compared to AS3 in a PCA (Supplemental Data,
Figure S2A). The effect profiles of all individual samples ap-
peared to cluster according to sampling sites, and separation
between AS1 and AS3 occurred along the PC2 axis; PC2 ex-
plained 24.9% of the total variance, with strong loadings by AhR‐
CALUX (negative loading) and ER‐Bla (positive loading) and
weak loadings by PPARγ‐Bla (positive loading) and AREc32
(negative loading; see Supplemental Data, Figure S2C). The
differences between the effect profiles at AS1, AS2, and AS3
were mainly driven by the effects measured in AhR‐CALUX and
ER‐Bla, which is in accordance with the data depicted in

FIGURE 6: Overall chemical burden and average cytotoxicity in the Ammer main stem at autosamplers AS1, AS2, and AS3 over 24 h. (A) Sum of
normalized mass fluxes of pollutants (chemical burden) measured by liquid chromatography tandem mass spectrometry. (B) Average cytotoxicity
measured in the assays AhR‐CALUX, PPARγ‐GeneBLAzer, ER‐GeneBLAzer, and AREc32. The discharge of the WWTP1 effluent is displayed on the
second y‐axis. Average cytotoxicity is expressed as toxic unit (see Equation 3), and the overall mass flux is expressed as the sum of the mass fluxes of
each detected compound, normalized to the corresponding mass flux of water parcel 10 at AS1 (∑Ji/Ji,(AS1_10)). Error bars in (B) indicate standard
errors calculated by error propagation. Q= discharge; TU= toxic unit; WWTP=wastewater‐treatment plant.
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Figure 7A and B. The effect fluxes averaged over 24 h increased
in AhR‐CALUX and decreased in ER‐Bla along the river flow. The
effect fluxes measured in AhR‐CALUX, PPARγ‐Bla, and ER‐Bla
(Figure 7A–C) showed temporal dynamics not following the
discharge of the WWTP. Overall dynamics over 24 h were not
large under these base flow conditions for the day of sampling.

The effect‐based data were compared to tentative effect‐
based trigger values (EBT‐BEQ) proposed by (Escher et al.
2018a), representing effect threshold levels for unacceptable
surface water quality. These EBT‐BEQs were derived from

environmental quality standards of the European Union and help
in estimating environmental risks of organic micropollutants. The
EBT‐EQ for benzo[a]pyrene is 6.4 ngbenzo[a]pyreneL

–1 for AhR
CALUX, the EBT‐EQ for 17ß‐estradiol is 0.34 ng17ß‐estradiolL

–1

for ER‐Bla, the EBT‐rosiglitazone‐EQ is 36 ngrosiglitazoneL
–1 for

PPARγ‐Bla, and the EBT‐dichlorvos‐EQ is 156 µgdichlorvosL
–1 for

AREc32 (Escher et al. 2018a). At AS1, AS2, and AS3 these pro-
posed EBT‐BEQs were exceeded in all bioassays except
AREc32, where also in many samples the effects were masked
by cytotoxicity (Supplemental Data, Tables S10 and S11).
Compliant with the EBTs were many of the tributaries and the
Ammer at Am‐T0 (except for the EBT‐EQ for 17ß‐estradiol) prior
to the WWTP effluent coming in. Aside from the wastewater‐
contaminated T8, the proposed EBT‐BEQs were also exceeded
by tributaries T1, T2, T9, T10, and KC in ER‐Bla; T9 and T10 in
PPARγ‐Bla; and T12, T15, KC, and SC2 in AREc32 (see Supple-
mental Data, Table S6). Although only a few or no target com-
pounds were detected in most tributaries, the measured effects
point toward potential problems with the water quality stem-
ming from other sources. One year earlier, in July 2017, the
chemical and effect profiles of the Ammer catchment were in-
vestigated (Müller et al. 2018). The proportion of treated
wastewater deriving from WWTP1 was higher in 2017 with 81%
compared to 50% in 2018, and therefore, the effects measured
in AhR‐CALUX, ER‐Bla, and AREc32 were slightly higher in 2017
than in 2018. Although the EBT‐BEQs exceeded the measured
effects, they were still in the same range as those derived for
similar surface water samples by other research groups (Escher
et al. 2012, 2013a; Scott et al. 2018).

CONCLUSION
The characterization of input sources and pathways of or-

ganic micropollutants in the aquatic environment is important to
assess water quality but also a challenging task. The study site is
representative of other small river systems in densely populated
countries. The present study revealed treated wastewater as the
primary input source of organic micropollutants and associated
effects in rivers during dry weather periods. Tributaries from
agricultural and urban areas carried only a few of the monitored
target compounds but exceeded effect‐based trigger values,
pointing toward unacceptable water quality. However, the
contribution of tributaries to the mass and effect fluxes in the
main river were negligible under base flow conditions. In-
creased discharge during rain events may change this situation.
Increased runoff from agricultural and urban areas may change
the pollution profile, mass and effect fluxes, and therefore the
contribution of tributaries to the main river. We therefore rec-
ommend further catchment‐scale studies to reveal the role of
rain events for the water quality of small rivers.
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the Wiley Online Library at https://doi.org/10.1002/etc.4726.
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Abstract: Storm events lead to agricultural and urban runoff, to mobilization of contaminated particulate matter, and to input
from combined sewer overflows into rivers. We conducted time‐resolved sampling during a storm event at the Ammer River,
southwest Germany, which is representative of small river systems in densely populated areas with a temperate climate.
Suspended particulate matter (SPM) and water from 2 sampling sites were separately analyzed by a multi‐analyte liquid
chromatography–tandem mass spectrometry (LC–MS/MS) method for 97 environmentally relevant organic micropollutants
and with 2 in vitro bioassays. Oxidative stress response (AREc32) may become activated by various stressors covering a
broad range of physicochemical properties and induction of aryl hydrocarbon receptor–chemical‐activated luciferase gene
expression (AhR‐CALUX) by hydrophobic compounds such as dioxins and dioxin‐like molecules. Compound numbers,
concentrations, their mass fluxes, and associated effect fluxes increased substantially during the storm event. Micropollutants
detected in water and on SPM pointed toward inputs from combined sewer overflow (e.g., caffeine, paracetamol), urban
runoff (e.g., mecoprop, terbutryn), and agricultural areas (e.g., azoxystrobin, bentazone). Particle‐facilitated transport of
triphenylphosphate and tris(1‐chloro‐2‐propyl) phosphate accounted for up to 34 and 33% of the total mass flux even though
SPM concentrations were <1 g L–1. Effect fluxes attributed to SPM were similar or higher than in the water phase. The
important role of SPM‐bound transport emphasizes the need to consider not only concentrations but also mass and effect
fluxes for surface water quality assessment and wastewater/stormwater treatment options. Environ Toxicol Chem
2020;00:1–12. © 2020 The Authors. Environmental Toxicology and Chemistry published by Wiley Periodicals LLC on behalf
of SETAC.

Keywords: Storm event; Organic micropollutants; Chemical analysis; In vitro bioassays; Water quality

INTRODUCTION
More and more anthropogenic organic compounds are

being used in a broad range of applications and have become
indispensable to our modern society. Because of high usage
and consumption, they are regularly found in the aquatic
environment (Casado et al. 2019; Bradley et al. 2020). Due to
their use‐specific properties, such as high persistence of flame
retardants or effects of pesticides and pharmaceuticals on

biological organisms (Daughton and Ternes 1999), they may
pose a hazard to ecosystems and drinking water quality
(Alpizar et al. 2019; European Environment Agency 2019).
Ideally, pharmaceuticals and personal care products are col-
lected after application and managed by municipal sewers
and wastewater treatment systems. Other compounds such as
pesticides are directly dispersed in agriculture and urban en-
vironments. Biocides, used to preserve outdoor materials,
facades, and roofs, may leach and be flushed into surface
waters by rainfall (Berenzen et al. 2005; Tran et al. 2019; Spahr
et al. 2020).

The chemical status of surface waters is generally only as-
sessed by snapshots of individual compound concentrations in
regulatory monitoring (Brack et al. 2018). The water quality of
small river systems can be highly dynamic (Jordan and Cassidy
2011), and as a recent study on 128 cumulative water samples
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taken during rain events at 44 different small streams in
Germany demonstrated, each rain event showed a different
chemical and effect profile (Neale et al. 2020). Depending on
their physicochemical properties, organic micropollutants can
sorb to organic carbon or mineral surfaces of soils and sedi-
ments (Schwarzenbach et al. 2016). Micropollutant‐loaded soil
or sediment particles may be released and suspended in rivers
during storm events. With increased river discharge during
storms, suspended particulate matter (SPM) represents a po-
tential transport vector of organic micropollutants in rivers
(Gasperi et al. 2009; Lepom et al. 2009; da Silva et al. 2011;
Zgheib et al. 2011; Boulard et al. 2019). Storm and flood events
can cause combined sewer overflows and thereby the release
of untreated wastewater, including sewage sludge particles,
into surface waters (Phillips et al. 2012; Madoux‐Humery et al.
2013). Furthermore, remobilization of contaminants from
sediments has to be considered (Eggleton and Thomas 2004;
de Weert et al. 2010; Müller et al. 2019).

We investigated the impact of a storm event on the con-
centrations and mass fluxes of dissolved and particle‐
associated micropollutants and their associated effects, in
high temporal resolution at 2 sampling sites at the Ammer River
in southwest Germany. Water and SPM were analyzed sepa-
rately by liquid chromatography–mass spectrometry (LC–MS)
and 2 in vitro bioassays. The chemical analysis targeted
97 environmentally relevant organic micropollutants including
45 pesticides, 31 pharmaceuticals, 12 industrial and household
chemicals, and 9 other compounds, that have been found
regularly in surface waters (Ruff et al. 2015; Casado et al. 2019;
van Gils et al. 2020). Mixture effects of all chemicals in water
and SPM were quantified with 2 in vitro bioassays that cover
the environmentally relevant modes of action of aryl hydro-
carbon receptor (AhR) induction and oxidative stress response.
Induction of AhR may be activated by hydrophobic compounds
such as dioxins and dioxin‐like molecules (i.e., planar poly-
chlorinated biphenyls, polychlorinated dibenzodioxins, and
dibenzofurans), but also by polycyclic aromatic hydrocarbons;
the assay is commonly used to assess sediment quality and
the bioavailability and toxicity of sediment‐associated con-
taminants (Li et al. 2013; Eichbaum et al. 2014; Bräunig
et al. 2016). Oxidative stress response is induced by a broad
range of stressors and has been used for sediment and water
quality assessment (Escher et al. 2012; Li et al. 2013; Bräunig
et al. 2016).

In the present study we addressed the following questions:
1) What are the dynamics of the total organic micropollutant
and effect fluxes in a river during a storm event? 2) How much
does SPM‐facilitated transport contribute to the total flux of
micropollutants and bioactive mixtures? and 3) What is the
concentration ratio between water and SPM for micropollutants
and effects and does it change during the event?

MATERIALS AND METHODS
Sampling

In the night of 27 July 2019, from 18:30 to 22:45 (all times
given as Central European Summer Time, Coordinated

Universal Time [UTC] + 2 h) a thunder cell came from the
southwest and passed the upper Ammer catchment with pre-
cipitation up to 80mm h–1 (Supplemental Data, Figure S1). The
precipitation sum for 27 July 2019 was 29mm at the mete-
orological station in Herrenberg/Gäufelden, Germany (Baden‐
Württemberg State Institute for the Environment, Survey and
Nature Conservation 2020b). With a discharge maximum of
8772 L s–1 at autosampler (AS) AS2 (gauge station in Pfäffingen,
Germany) the investigated storm event almost reached
the German classification of a biennial flood HQ2 (HQ2:≥
11 650 L s–1 at the gauge station in Pfäffingen; Baden‐
Württemberg State Institute for the Environment, Survey and
Nature Conservation 2020a). At 2 sampling sites (AS1 and AS2)
at the Ammer River, which were located upstream and down-
stream of a wastewater treatment plant (WWTP1, 80 000
person equivalents, annual mean flow: 100–120 L s–1) and
7.7 km apart, 1 L of river water was sampled every 30min for a
total period of 6 h using ISCO 3700 autosamplers (Teledyne
ISCO; Figure 1). The first samples taken at AS1 (AS1_1 at
20:09) and at AS2 (AS2_1 at 21:03) were set as origins (0 h) of
the respective time scales (time [h]). A second smaller WWTP
(WWTP2, annual mean flow: 12–15 L s–1) with 9000 person
equivalents discharges into the Kochart Creek, a tributary of
the Ammer River upstream of AS2.

After 14 h, when discharge decreased toward base flow
conditions, 1 L of river water was collected at each sampling
site. The AS2 samples were taken 53min after the AS1 samples
to capture full hydrographs of both sampling sites. All samples
were kept cool at 4 °C and processed within the next 48 h. At
AS1 and AS2, discharges were derived from measured water
levels (using online probes from UIT) and pre‐established rating
curves. Discharges (Q) of 15‐min intervals (Supplemental Data,
Table S1) and amounts of SPM (Supplemental Data, Table S2)
have been reported by Glaser et al. (2020). The SPM amounts
were derived by filtering (250mL of replicate samples, 1.5‐µm
cellulose membrane) according to the German industrial
standard Deutsche Industrienorm 38409‐2 (1987). At both
sampling sites sampling and discharge measurements were not
performed at the exact same time. Therefore, the discharge
corresponding to a given sample of AS1 was estimated by
linear interpolation between the 2 adjacent samples. The dis-
charge for a given sample of AS2 referred to the closest
discharge measurement (Supplemental Data, Table S3). The
SPM fluxes (kgdry weight s

–1) were determined as the SPM
amount (Supplemental Data, Table S2) times the discharge
(Supplemental Data, Table S3).

Chemicals and reagents
All solvents used were LC–MS grade. Acetonitrile was pur-

chased from Honeywell Riedel‐de Haen™. Methanol (Optima®)
and water (Optima®) were obtained from Thermo Fisher
Scientific. Ethyl acetate was purchased from Acros Organics,
Thermo Fisher Scientific. Acetone (SupraSolv®) was obtained
from Merck. A list of all analytical standards is given in the
Supplemental Data, Table S4.
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Sample preparation
Accelerated solvent extraction. The SPM from 1 L of river
water was separated from the water phase using a cellulose
filter (Whatman 595 1/2, pore size: 4–7 µm), frozen at –20 °C
overnight, and then freeze‐dried for 24 h (Alpha 1‐4 LSCplus
freeze drier; Martin Christ). Freeze‐dried cellulose filters with
attached SPM were extracted by accelerated solvent extraction
(ASE; Dionex ASE 300 system, Thermo Fisher Scientific). Ex-
traction was performed with acetone:ethyl acetate (50:50, v/v)
in 2 cycles, each with 5‐min preheat, 10‐min static time at 80 °C
and 100 bar, a flush volume of 60%, and a purge time of 60 s.
More information is provided in the Supplemental Data, S1.
The ASE blanks were derived by extracting freeze‐dried cellu-
lose filters. The ASE extracts were evaporated to dryness using
a rotary evaporator (Rotapovator® R‐215; Büchi) and recon-
stituted with 1mL methanol. The exact final volumes were
determined gravimetrically.

Solid phase extraction. First, 1 L of filtered river water
samples was preconcentrated by a factor of 2000 by solid
phase extraction (SPE) using cartridges with 200mg
hydrophilic–lipophilic balanced material (Oasis HLB 6 cc;
Waters). Further information is provided in the Supplemental
Data, S1. For SPE blanks, pure water was used. Finally, all water
and SPM extracts, blanks, and samples for assessing extraction
recoveries were filtered with a polyethersulfone 0.2‐µm filter
(Agilent Captiva Premium Syringe filter), to avoid clogging of
the high‐performance liquid chromatography (HPLC) system,
and stored at –20 °C until measurement. Exact volumes of all
extracts were determined gravimetrically.

ASE and SPE recoveries
Uncertainty systematically arising from the sample prepara-

tion was considered in the result reported (Barwick and Ellison
2000; Cordeiro et al. 2018; Mateos et al. 2020). Therefore, with
respect to the absence of sufficient sample volume and the
avoidance of internal standards that would lead to signal in-
terference in the bioassays, ASE recovery was assessed by
extracting cellulose filters spiked with standard solutions (50 µL
of 100 µg L–1, n= 3). The SPE recoveries were determined with
pure water (Milli‐Q) spiked with a standard mix including all
target compounds (5 ng L–1, n= 3). It was assumed that the
systematic analyte loss during SPE and ASE was constant
throughout the samples and not affected by the sample matrix.

Chemical analysis
Analyte separation was achieved by a 1260 Infinity HPLC

device (Agilent Technologies) using a Poroshell 120 EC‐C18
column (2.7‐µm particle size, 4.6 × 150mm; Agilent) at 40 °C.
Carrier liquids were water with 0.1mM ammonium acetate and
17.5mM acetic acid (A) and acetonitrile with 17.5mM acetic
acid (B). Chromatographic separation was performed with the
following gradient program: 0 to 17min, 95 to 20% A, 17 to
23min 0% A, 23 to 33min 95% A. Target screening for
97 target compounds was performed by tandem mass spec-
trometry (MS/MS; 6490 iFunnel triple quadrupole mass spec-
trometer; Agilent) using electrospray ionization and 2 mass
transitions/analyte (Supplemental Data, Table S5). For 11 target
compounds, quantification was performed by internal standard

FIGURE 1: Study site in the Ammer catchment near Tübingen, Germany. At 2 sampling sites, autosamplers (AS) AS1 and AS2 (red dots) were
installed, and run during the storm event. AS2 was located at the river water gauge station in Pfäffingen. Wastewater treatment plants are located at
the Ammer main stem downstream of AS1 (WWTP1, 80 000 PE) and at the Kochart Creek (WWTP2, 9000 PE). The meteorological station (blue
house symbol) is located upstream of AS1. The Ammer main stem is highlighted in light blue. Land uses are illustrated in yellow for agriculture, pink
for urban areas, and green for forestry. Figure adapted from Müller et al. (2018).
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calibration (internal standard spiked to the samples to a con-
centration of 5 µg L–1, using an Agilent 1260 Infinity Standard
Autosampler prior to LC–MS/MS measurement). For all
other target compounds, external standard calibration (9‐point
calibration) was applied.

Matrix effects were assessed in representative samples
by standard addition and 2 concentration levels (0.83 and
3.33 µg L–1, n= 1; Supplemental Data, S1 and Table S6). Be-
cause the average relative standard deviation of all target
compounds (Supplemental Data, Table S8) was 7%, correction
for matrix effects of the quantitative results (Supplemental
Data, Table S7) was deemed appropriate if the signal sup-
pression or enhancement was outside a range of ±20%. The
limit of quantification (LOQ) was defined as the lowest cali-
bration level for which the signal‐to‐noise ratio was ≥10 and
for which the quantifier‐to‐qualifier ratio was within ±20% of
the average ratio of analytical standards. If an analyte was
detected in the blank, the 5‐fold blank concentration was used
as the LOQ. Prior to LC–MS/MS measurements, water extracts
were diluted 1:50 in methanol:water (30:70 v/v) to reduce
matrix effects (Villagrasa et al. 2007; Kruve et al. 2009). The
relative standard deviations of ASE and SPE recoveries of all
target compounds were on average 11 and 29%, respectively.
Only concentrations of analytes with recoveries <70% were
corrected (Supplemental Data, Table S8). Analytes with re-
coveries <20% were not further considered. Recoveries of
acesulfame, citalopram, fluoxetin, and gabapentin were
<20%, and these compounds were therefore omitted from
further analysis. The relative standard deviations of replicate
LC–MS measurements, of a standard solution at 5.0 µg L–1, of
each analyte (n= 10) are provided in the Supplemental Data,
Table S8. In addition, analyte concentrations on SPM were
corrected for residual water co‐extracted with the SPM filters
(Supplemental Data, S1).

Given the available amount of 250‐mL sample for de-
termining the SPM concentration (Glaser et al. 2020) and the
high uncertainty resulting from subtracting 2 relatively large
gravimetric values, we omitted data for compound concen-
trations in SPM extracts of water sample with SPM concen-
tration <50mgdry weight L

–1 (AS1_12, AS2_1, AS2_2, AS2_3, and
AS2_12; Supplemental Data, Table S2) because no reliable and
robust results were obtained.

In vitro bioassays
All extracts were tested with 2 in vitro reporter gene

bioassays that were indicative for activation of metabolism
(activation of aryl hydrocarbon receptor–chemical‐activated
luciferase gene expression [AhR‐CALUX]; Brennan et al. 2015)
and activation of oxidative stress response (AREc32; Escher
et al. 2012, 2013). Detailed methods are given in König et al.
(2017) and Neale et al. (2017). The effect concentration ECIR1.5
(concentration in the assay causing an induction ratio (IR) of 1.5
relative to unexposed cells) for AREc32 and the EC10 (con-
centration in the assay causing 10% effect relative to 2,3,7,8‐
tetrachlorodibenzodioxin) for AhR‐CALUX were derived based

on the linear regression of the lower portion (up to an IR of
4 in AREc32 and up to 30% effect in AhR‐CALUX) of the
concentration–response curve, according to Escher et al.
(2018b). For each bioassay, cell growth inhibition was assessed
by measuring the cell area coverage by live cell imaging as
described in Escher et al. (2019) and expressed as concen-
tration causing 10% cell growth inhibition (IC10). The ECIR1.5,
EC10, and IC10 values of water extracts were expressed as
relative enrichment factors (REFs), taking into account the en-
richment during the sample preparation procedure and the
dilution in the assay. The REFs are in units of Lw Lbioassay

–1 for
water extracts and mgdry weight Lbioassay

–1 for SPM extracts. Effect
concentrations were then translated into bioanalytical equiv-
alent concentrations (BEQs) by relating the effect of the extract
to a reference chemical (Escher et al. 2018a), using Equation 1.

=
( )

( )

( )

( )
BEQ

EC10 reference
EC10 sample

or
ECIR1.5 reference
ECIR1.5 sample

(1)

A list of the quality control reference chemicals (tert‐
butylhydroquinone and 2,3,7,8‐tetrachlorodibenzodioxin) and
the reference chemicals dichlorvos and benzo[a]pyrene (BaP) for
derivation of the BEQ (dichlorvos‐EQ and BaP‐EQ) and their ECs
is given in the Supplemental Data, Table S9. Because low effects
were detected in the SPE and ASE blanks, the effects of the
samples were corrected by blank subtraction (BEQ=BEQsample –

BEQblank). During this process, the effects (BEQ) measured in the
SPE and ASE blanks were converted to the matching enrichment
factor of the sample. This was necessary because enrichment
factors of SPM extracts differed widely, resulting in higher rela-
tive background of samples with small SPM amounts. Blanks
showed no cytotoxicity in the bioassays. Analogously to the
chemicals analysis (Supplemental Data, Equation S1), results of
the SPM extracts were corrected for the cytotoxicity using toxic
units (Müller et al. 2018) and effects (BEQ) ascribed to the co‐
extracted water in the SPM filters. Similar to the chemical anal-
ysis, we omitted effect data of SPM extracts from samples with
SPM concentrations <50mgdryweight L

–1.

Calculation of mass and effect fluxes
Mass fluxes were calculated from analyte concentrations in

water (µg L–1) and on SPM (µg gdry weight
–1) by multiplication with

the flow rate Q (L s–1) and the SPM flux (g s–1), respectively
(Equations 2 and 3).

= ×J Q Ci i,water ,water (2)

= ×J CSPM fluxi i,SPM ,SPM (3)

where Ji,water is the mass flux in water and Ji,SPM is the mass flux
attributed to SPM, of compound i. The fraction fSPM describes
the portion of the total mass flux that was attributed to SPM
and was calculated using Equation 4.

=
( + )

f
J

J J
i

i i
SPM

,SPM

,SPM ,water
(4)
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Bioanalytical effect fluxes (BEFs; mass of reference com-
pound equivalent effect in the respective bioassay/second)
were calculated using Equation 5 for water (dichlorvos‐BEFwater
and BaP‐BEFwater) and Equation 6 for SPM (dichlorvos‐BEFSPM
and BaP‐BEFSPM) from the BEQ measured in water (dichlorvos‐
EQwater [µgdichlorvos L

–1] in AREc32, and BaP‐EQwater [ngBaP L
–1]

in AhR‐CALUX) or SPM extracts (dichlorvos‐EQSPM [µgdichlorvos

gdry weight
–1] in AREc32 and BaP‐EQSPM [ngBaP gdry weight

–1] in
AhR‐CALUX).

= ×QBEF BEQwater water (5)

= ×BEF SPM flux BEQSPM SPM (6)

Distribution between micropollutants in water
and on SPM

The concentration ratio (Ri in L kg–1) of a compound i be-
tween water and SPM was calculated using Equation 7, based
on the compound concentration measured in the water (Ci,water

in µg L–1) and on SPM (Ci,SPM in µg kgdry weight
–1) extract.

=R
C
C

i
i

i

,SPM

,water
(7)

The BEQ ratio RBEQ between water and SPM was calculated
analogously to Equation 7. Partitioning of a compound i be-
tween water and organic carbon of SPM at equilibrium (Kd) was
estimated from the octanol/water partition coefficient (KOW),
the organic carbon content of SPM, and an empirical correla-
tion from Karickhoff (1981), using Equation 8. This empirical
correlation only accounts for hydrophobic compounds that are
not ionized and was only applied to compounds that were
shown to predominantly partition to the organic carbon of
SPM. The organic carbon content (fOC) was derived from the
amount of sampled SPM, the dissolved organic carbon (DOC),
which refers to organic carbon after 0.45‐µm filtration, and the
total organic carbon concentration; these data were obtained
from replicate samples as reported in Glaser et al. (2020;
Supplemental Data, Table S2). The KOW values of target com-
pounds detected in water and SPM extracts are provided in the
Supplemental Data, Table S10.

= × = × ×K f K f K0.41d OC OC OC OW (8)

We need to note that the DOC of the water samples was
defined as the organic carbon dissolved in water and on par-
ticles <0.45 µm. The SPM measured by chemical analysis and
bioassays was defined as the particle fraction size in the water
samples >4 to 7 µm. The concentration of SPM measured in the
water samples was defined as the particle fraction size in the
water samples >1.5 µm.

RESULTS AND DISCUSSION
Chemical analysis
Micropollutants in water. At AS1, 27 of 97 target com-
pounds were detected (11 pesticides, 9 pharmaceuticals, and

7 industrial and household chemicals). At AS2, 33 of 97 target
compounds were detected (10 pesticides, 17 pharmaceuticals,
and 6 industrial and household chemicals), with 25 compounds
detected at both sites. Between AS1 and AS2 the compounds
perfluorohexanoic acid and propiconazole disappeared, and
8 additional compounds were detected at AS2, along with
fluconazole, sotalol, oxcarbazepine, sulfamethoxazole, and tri-
methoprim. The latter were demonstrably introduced by
WWTP1 under dry weather conditions (Müller et al. 2020).
Measured concentrations of all target compounds in the
water extracts and quantification limits are provided in the
Supplemental Data, Tables S11 and S12.

For a better understanding and visualization of the mass flux
dynamics and potential input sources, the detected com-
pounds were subdivided into 3 major groups. This division was
made on the basis of their mass flux dynamics at AS1 and AS2
(groups 1, 2, and 3; Supplemental Data, Table S13), and thus
compounds from different groups showed different courses of
mass fluxes over time. Group 1 compounds showed higher or
equally high average mass fluxes at AS1 compared with AS2.
Group 2 compounds showed 10× higher average mass fluxes
at AS2. Group 3 comprised compounds that were detected at
AS1 and showed moderately increased average mass fluxes
(below a factor of 10) at AS2. One‐half of the LOQ was used as
a substitute for all samples with concentrations below the LOQ,
as recommended by the US Environmental Protection Agency
(2000). It is important to note that interpretation of data with
nondetects is generally biased (Helsel 1990; Kayhanian et al.
2002). The mass flux dynamics of the 3 groups are shown in
Figure 2.

Group 1 compounds were more abundant at AS1 compared
with AS2 (Figure 2A and B) and thus were introduced from
different input sources of the upper Ammer catchment, such as
stormwater from agricultural and urban areas and combined
sewer overflows. Storm water input from urban areas is sug-
gested by the biocides carbendazim, diuron, and propicona-
zole, which are used to preserve outdoor materials and
façades. The presence of the plasticizer and flame retardant
triphenyl phosphate (TPP) also indicates input from urban areas
and wastewater. At AS1, caffeine and paracetamol were de-
tected; both are anthropogenic markers for untreated waste-
water (Buerge et al. 2003; Kasprzyk‐Hordern et al. 2009).
Interestingly, the concentrations of caffeine and paracetamol at
AS1 kept increasing throughout the storm event (Supplemental
Data, Figure S2A), indicating an increasing portion of untreated
wastewater in the Ammer, perhaps through combined sewer
overflows.

Many compounds ascribed to group 2 were pharmaceuticals
and industrial and household chemicals, which typically find
their way into rivers by the route of treated wastewater, in-
dicating a major influence of WWTP1 on the dynamics of group
2 compounds. Indeed, flowmeasurements showed that WWTP1
released much more water during the storm event. At 20:00 (27
July 2019), the WWTP1 influent substantially increased and ex-
ceeded the maximum influent capacity (Supplemental Data,
Figure S3), leading to a maximum flow rate of 690 L s–1 through
the WWTP and redirection of the spillover into storm water
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retention basins. At AS1, a few pharmaceuticals had already
appeared due to input from combined sewer overflows. The
mass fluxes of selected compounds at AS1 and AS2 (Figure 2C
and D) increased with increasing discharge and roughly fol-
lowed the hydrograph. Interestingly and considering the con-
centrations, group 2 compounds at AS2 increased even before
the discharge increased (Supplemental Data, Figure S2D). An
explanation could be a “first flush” upstream of AS2, that is,
contaminated storm water leading to high concentrations in
the receiving river, early in the storm hydrograph (Bertrand‐
Krajewski et al. 1998; Lee et al. 2002; Peter et al. 2020). Similar
dynamics were observed by Madoux‐Humery et al. (2013)

and Phillips et al. (2012), who found generally higher pollutant
concentrations in the beginning of storm events when inputs
were high and dilution low, which decreased when dilution
kicked in.

Compounds of group 3 (Supplemental Data, Table S13)
were detected at AS1 and showed moderately increased mass
fluxes at AS2, hinting at inputs upstream of AS1 and between
AS1 and AS2. The corrosion inhibitor benzotriazole showed the
highest mass fluxes of all detected compounds and was likely
introduced by a combined sewer overflow and in large
amounts by WWTP1. Pesticides commonly applied in agri-
culture (bentazone, azoxystrobin, mecoprop) and a pesticide

FIGURE 2: Mass fluxes (µg s–1) of selected compounds in water during the storm event that fell into 3 groups. Chemicals in group 1 showed a higher
or equally high average mass flux at autosampler (AS) AS1 (A) compared with AS2 (B). Group 2 showed a 10× higher average mass flux at AS2 (D)
than at AS1 (C). Group 3 chemicals were detected at AS1 (E) with moderately increased (below a factor of 10) average mass fluxes compared with
AS2 (F). Mass fluxes are depicted on the left vertical axis, and discharge is depicted as light blue area and on the right vertical axis. MCPA=
(4‐chloro‐2‐methylphenoxy)acetic acid.
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transformation product (terbutylazine‐2‐hydroxy), pointed to-
ward inputs from agricultural areas. Szöcs et al. (2017) identi-
fied agricultural land use as a substantial input source of
pesticides in streams and detected a higher number of pesti-
cides following rainfall. Moreover, mecoprop is applied as a
biocide against root penetration in bituminous sealings and
felts on flat roofs, and terbutryn is used in façade paintings.
Rainfall may wash both of them off into surface waters (Bucheli
et al. 1998; Burkhardt et al. 2011). Propiconazole (a group 1
compound) was detected at the maximum discharge at AS1. It
is used as fungicide in wood preservation and has been found
during storm event conditions by other researchers in an urban
catchment (Gasperi et al. 2008). Because mecoprop and pro-
piconazole were not detected in the Ammer River under dry
weather conditions (Müller et al. 2020), they could potentially
be used as storm water indicators in future studies.

Remarkably, the numbers, concentrations, and mass fluxes
of the target compounds investigated in the present study
were generally higher during the storm event compared with
dry weather conditions, according to data from previous
studies at the Ammer River in 2017 (Müller et al. 2018) and
2018 (Müller et al. 2020). At base flow, compounds introduced
by wastewater and/or from agricultural areas occurred at AS2 in
the lower ng L–1 range. These compounds showed higher
concentrations under storm event conditions by factors of 4 for
benzotriazole, 7 for tris(1‐chloro‐2‐propyl) phosphate (TCPP), 3
for 4‐ and 5‐methylbenzotriazole, 3 for carbamazepine, 2 for
isoproturon, and 3 for bentazone. The mass fluxes of the same
compounds, however, increased by factors of 26 for benzo-
triazole, 77 for TCPP, 26 for 4‐ and 5‐methylbenzotriazole, 17
for carbamazepine, 15 for isoproturon, and 18 for bentazone
during the storm event. The absolute total mass of all com-
pounds (detected then and now) passing AS2 over 12 h was
122 g during the same time period in 2018 and during base
flow, but it was 1028 g in the present study, although only
18 compounds were detected then, and now we can estimate a
pollutant load difference of 1 order of magnitude between dry
and wet weather conditions. Moreover, in 2017 and 2018, 9

and 15 of the now detected compounds were in concentrations
below the limit of detection. Thus, during the investigated
storm event, micropollutant numbers and concentrations in-
creased considerably along with a generally even more pro-
nounced mass flux increase.

Micropollutants sorbed to SPM. The compounds iso-
proturon, tebuconazole, and terbutryn were found in the ma-
jority of the SPM samples. Highest concentrations were found
for the organophosphates TPP, TCPP, and tris(2‐butoxyethyl)
phosphate (TBEP; Supplemental Data, Tables S14 and S15). In
total 16 compounds, comprising 10 pesticides, 2 pharma-
ceuticals, and 4 industrial and household chemicals, were
detected in the SPM extracts. Fenofibrate, azoxystrobin, and
carbendazim were exclusively detected in SPM extracts of AS1
and perfluorooctanesulfonic acid (PFOS), atrazine, and pro-
chloraz exclusively in SPM extracts of AS2. The SPM fluxes in
the Ammer River followed the hydrographs at AS1 and
AS2 and were at maximum 7.10 and 2.93 kgdry weight s

–1 (after
1.5 and 3.4 h, respectively; Supplemental Data, Table S3).
Glaser et al. (2020) found a broader discharge function at
AS2 and a particle loss of approximately 13% between both
sampling sites. Again, the target compounds detected in the
SPM extracts from AS1 and AS2 can be subdivided into
3 groups in terms of the mass flux dynamics associated with
SPM, similar to the compounds detected in the water extracts.
In this case, only compounds detected 3 times in a row were
considered.

Among the group 1 compounds, which showed higher or
equally high average particle‐associated mass fluxes at AS1
compared with AS2, was TPP (Figure 3), a typical wastewater
pollutant widely used as a plasticizer and flame retardant
(Meyer and Bester 2004; Kim et al. 2017). The presence of TPP
points toward micropollutant input from a combined sewer
overflow upstream of AS1, as already suggested by organic
indicator chemicals (caffeine and paracetamol) in the water
samples from AS1. Diflufenican is a pesticide commonly used in
agriculture, and isoproturon is a biocide used in domestic

FIGURE 3: Mass fluxes associated with suspended particulate matter (µg s–1) of detected compounds at the autosamplers (AS) AS1 (A) and AS2 (B)
over time. Mass fluxes are depicted on the left vertical axis, and discharge and suspended particulate matter (SPM) flux are depicted on the right
vertical axis as light blue and light brown areas. TCPP= tris(1‐chloro‐2‐propyl) phosphate; TPP= triphenylphosphate; TBEP= tris(2‐butoxyethyl)
phosphate; PFOS= perfluorooctanesulfonic acid.
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applications. This suggests inputs from agricultural and from
urban areas.

Prochloraz, assigned to group 2, is used as fungicide in
agriculture and could thus come from inputs of agricultural
areas between AS1 and AS2, for instance, through the agri-
culturally impacted Käsbach Creek (Figure 1; Müller et al. 2020).

In group 3 the fungicides bixafen and tebuconazole and the
biocide terbutryn were detected, which points to agricultural
(bixafen) and urban input (tebuconzole, terbutryn).

Among all detected compounds, azoxystrobin, isoproturon,
terbutryn, TPP, TCPP, and TBEP were found in, both water and
SPM. A comparison of the mass fluxes in water and SPM of
these compounds revealed dominant transport in water. The
portion of the total mass fluxes attributed to SPM was at
maximum 34% for TPP and TCPP at AS2 (Figure 4). For the
organophosphate TBEP and the herbicide isoproturon, up to
15% of the total mass flux was attributed to SPM.

The log KOW is 2.8 for isoproturon and TCPP, and >4 for
azoxystrobin, TPP, and TBEP (Supplemental Data, Table S10).
These compounds are neutral at pH 7.4 and predominantly
partition to the organic carbon of SPM (Worrall et al. 1996;

Kodešová et al. 2011; Kim et al. 2017). The comparison be-
tween the measured concentration ratios Ri between SPM and
water (Equation 7) and the predicted partition coefficient Kd

(Equation 8) depicted in Figure 5, gives an estimate of whether
equilibrium was reached. For TPP, TBEP, and isoproturon at
AS1 and AS2, the Ri agreed well with the Kd estimated on the
basis of KOW. Because environmental parameters and con-
ditions in rivers (such as DOC and particle and ion concen-
trations) may change very quickly during storm events, it is all
the more surprising that the results indicate that SPM and water
could be equilibrated. An Ri 11 to 29 times higher than Kd was
observed for TCPP, indicating particle‐associated input of TCPP
from particles with higher concentrations than found in the
Ammer River. Azoxystrobin occurred at Ri 47 and 18 times
lower than Kd. Therefore, input of azoxystrobin via the dissolved
phase could be linked to direct agricultural application, espe-
cially because it was only found in AS1. However, this com-
parison should be considered with caution because chemicals
sorbed to small particles below the applied filter cutoff of 4 to
7 µm would be attributed to the water phase. The fitting factor
of 0.41 used in this approximation, empirically determined by
Karickhoff (1981), might not apply to all compounds.

All compounds detected in the SPM extracts have log KOW

values >1.5. These compounds, except for fenpropimorph
and PFOS, are not charged at pH 7.4 (Supplemental Data,

FIGURE 4: Fraction of the total mass flux attributed to suspended
particulate matter (fSPM; Equation 4) at the autosamplers (AS) AS1 (A)
and AS2 (B) of compounds detected in water and SPM extracts.
TCPP= tris(1‐chloro‐2‐propyl) phosphate; TPP= triphenylphosphate;
TBEP= tris(2‐butoxyethyl) phosphate.

FIGURE 5: Observed concentration ratio (Ri in L kg–1; Equation 7)
versus the partition constant (Kd; Equation 8) between water and or-
ganic carbon of suspended particulate matter (SPM) during the storm
event, for the compounds azoxystrobin, isoproturon, TPP (triphenyl-
phosphate), TBEP (tris(2‐butoxyethyl) phosphate), and TCPP (tris(1‐
chloro‐2‐propyl) phosphate), at the autosamplers (AS) AS1 (filled
symbols) and AS2 (empty symbols).
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Table S10) and partition predominantly to the organic carbon
of SPM. Fenpropimorph is positively and PFOS negatively
charged at pH 7.4, and sorption would not be expected to
partition to organic carbon but rather bind via electrostatic
attraction to oppositely charged surface sites.

In vitro bioassays
During the storm event the BEQs measured in the SPM

extracts (Supplemental Data, Table S17) from AS1 in the
AREc32 assay showed variability that increased toward the end
of the event (Figure 6A). The BEQs in SPM extracts from AS2
stayed level before they also increased in the last 2 samples
(Figure 6B). The BEQs measured in the water extracts were
fairly constant, with coefficients of variation of only 32% at AS1
and 34% at AS2 (Figure 6A and B).

The effect distribution ratio RBEQ of effects measured in the
water and SPM extracts, from AS1 and AS2, varied between
1000 and 10 000 (Supplemental Data, Figure S4), indicating that
most of the chemicals responsible for the measured effects were
associated with SPM. The BEF associated with SPM, BEFSPM, was
as large or even larger than the BEF associated with water,
BEFwater, at AS1 and AS2, despite the 1000 times lower mass of
SPM than water (Figure 6C and D). The BEFwater followed the
discharge with a delay of 0.5 h at AS1 (Figure 6C) and 1.5 h at
AS2 (Figure 6D). Both BEFSPM and BEFwater increased during the
storm event at both sampling sites. At AS1, BEFSPM was higher
than BEFwater after 1 to 2 h, and then both went down parallel
with Q. Both BEFSPM and BEFwater increased by 3‐ and 2‐fold at
AS1 and by 26‐ and 8‐fold at AS2 during the storm event (first

sample compared with the sample taken at highest discharge).
At both sampling sites the BEFSPM followed the SPM flux.

In the AhR‐CALUX assay, the BEQs in water and SPM
(Supplemental Data, Table S18) at AS1 followed the water and
SPM discharge during the storm event (Figure 7A). At AS2,
effects in water increased following the discharge, with a 2‐h
delay, similar to that shown by AREc32 (Figure 7B). Most of the
chemicals responsible for the effects in AhR‐CALUX partitioned
onto SPM, as revealed by the distribution ratio RBEQ of effects
measured in the water and SPM extracts from AS1 and AS2,
which varied between 1000 and 100 000 (Supplemental Data,
Figure S4). As a consequence, the BEFSPM was generally higher
than the associated BEFwater, although the SPM mass was ap-
proximately 1000 times smaller than the water. Similar to the
AREc32 assay, the BEFSPM and water BEFwater increased during
the storm event at AS1 and AS2 in the AhR‐CALUX assay
(Figure 7C and D). Both BEFSPM and BEFwater at AS1 were much
higher than at AS2, in line with the SPM flux.

In 29 and 59% of the samples taken during the actual storm
event, the major portion of effects in AREc32 and AhR‐CALUX
were transported via SPM. The distribution ratios RBEQ of ef-
fects measured in the water and SPM extracts in AhR‐CALUX
and AREc32 were similar, being distribution constants between
surface water and sediments, as determined by Bräunig et al.
(2016), who investigated the same endpoints. Bräunig et al.
(2016) measured higher distribution ratios in bed sediments of
larger rivers and estuaries. In the present study, the BEQwater

values measured in water in AhR‐CALUX were approximately
10 times higher than in 2018 (Müller et al. 2020), under dry
weather conditions and in the same river section. In 2018 no or
low effects were detected by AREc32.

FIGURE 6: The time course of the bioanalytical equivalent concentrations (BEQs), specifically dichlorvos‐EQ, in the AREc32 assay of extracted
suspended particulate matter (BEQSPM) and water (BEQwater) at the autosamplers (AS) AS1 (A) and AS2 (B) and bioanalytical effect fluxes (BEFs) in
AREc32 associated with BEFSPM and water (BEFwater) compared with discharge Q and SPM flux on the second vertical axis, at AS1 (C) and AS2 (D).
The effect‐based trigger value (EBT‐EQ) for the oxidative stress response in AREc32, updated by Neale et al. (2020), is visualized by a dotted line.
Error bars indicate standard errors.
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Neale et al. (2020) performed an automated sampling of
water at 44 sites in small German rivers, mostly influenced by
agriculture and/or wastewater, triggered by rain events. They
found a high spatial and temporal variability of the chemical
and effect profile in water. Although the majority of samples
showed lower effects in AhR‐CALUX compared with the
present study, the effects measured in AREc32 were in the
same range in both studies. The bioassay data of the water
extracts from AS1 and AS2 were further compared with tenta-
tive effect‐based trigger values (EBT‐BEQ; Escher et al. 2018a),
which were derived from environmental quality standards of
the European Union and can serve as effect thresholds in-
dicating poor water quality if exceeded. The EBT‐dichlorvos‐
EQ is 140 µgdichlorvos L

–1 for AhR‐CALUX, and the EBT‐EQ for
BaP is 4.3 ngbenzo[a]pyrene L

–1 for AREc32, as updated by Neale
et al. (2020) using newly available single chemical effect data.
The EBT‐EQs were exceeded in AREc32 in all samples, except
for AS1_12 (13.9 h at AS1) when discharge had returned to
base flow after the storm event. Exceedance of EBT‐EQ was
much more pronounced for AhR‐CALUX, pointing toward
overall poor water quality with respect to these mixture effect
endpoints.

In summary, the bioactive pollutants captured by the bio-
assays increased much more during the storm event than the
individual chemicals analyzed. During the storm event, the
BEFs attributed to SPM were as high or even higher than
the BEFs attributed to water.

CONCLUSIONS
Storm events pose hazards to the aquatic environment.

Numbers of micropollutants, concentrations, mass fluxes, and

associated effects and effect fluxes substantially increased
during the investigated storm event. Water and SPM originated
from combined sewer overflow, urban and agricultural areas,
and treated wastewater, with complex contributions that could
not completely be traced back to the sources without detailed
information on their origin. Water and SPM are inextricably
intertwined and exchange organic micropollutants; some neu-
tral compounds appear to occur in concentration ratios close to
thermodynamic equilibrium. The SPM turned out to play a
particularly important role in the transport of bioactive organic
micropollutants, as demonstrated by the dominance of effect
flux on SPM over water. The mixture effects of chemicals as-
sociated with SPM do not mean that these chemicals are bio-
available. We used the bioassays only to capture complex
mixtures, not to form any conclusions with respect to organisms
that ingest particles.

Further research would be necessary on whether these
pollutants were transported into the Ammer River by particles
flushed in during the storm event or whether they originated
from mobilized riverbed sediment. For polycyclic aromatic
hydrocarbons, it was shown that they rather stemmed from
remobilized river sediment during the same event (Glaser
et al. 2020), but the sources could be entirely different for
the pesticides, consumer products, and pharmaceuticals we
investigated.

Despite the much smaller mass contribution of SPM than
water, effects and effect flux equivalents attributed to SPM
were as high as or even higher than in the water phase. Our
study emphasizes that micropollutant inputs triggered by storm
events represent an important portion of the overall chemical
load in a river. Further research should thus focus on eluci-
dating the impact of different hydrological conditions on the

FIGURE 7: Time course of the bioanalytical equivalent concentration (BEQ), specifically benzo[a]pyrene‐EQ, in the aryl hydrocarbon receptor
(AhR–chemical‐activated luciferase gene expression [AhR‐CALUX]) of extracted suspended particulate matter (BEQSPM) and water (BEQwater) at the
autosamplers (AS) AS1 (A) and AS2 (B) and bioanalytical effect fluxes (BEFs) associated with BEFSPM and water (BEFwater) compared with dischargeQ
and SPM flux on the second vertical axis, at AS1 (C) and AS2 (D). The effect‐based trigger value (EBT‐EQ) for AhR‐CALUX, updated by Neale et al.
(2020), is visualized by a dotted line. Error bars indicate standard errors.
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overall chemical load in a river and assessing their long‐term
influence on the aquatic environment. Furthermore, particle‐
facilitated transport of micropollutants, particularly those that
may cause toxicity, cannot be neglected in terms of surface
water quality monitoring and management.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at https://doi.org/10.1002/etc.4910.
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